
1 

 

Title: No such thing as a free meal: organotin transfer across the freshwater-terrestrial 1 

interface 2 

 3 

List of authors: J. Laws1, C.M. Heppell2, D. Sheahan3, C.-F. Liu1 and J. Grey1,4 4 

1 – School of Biological and Chemical Sciences, Queen Mary University of London, Mile 5 

End Road, London E1 4NS, UK 6 

2 – Department of Geography, Queen Mary University of London, Mile End Road, London 7 

E1 4NS, UK 8 

3 – Centre for Environment, Fisheries, and Aquaculture Science, (CEFAS), Lowestoft 9 

Laboratory, Pakefield Road, Lowestoft, Suffolk NR33 0HT, UK 10 

4 – Lancaster Environment Centre, Lancaster University, Lancaster LA1 4YQ, UK 11 

 12 

 13 

Correspondence author: jacoblaws.laws@gmail.com  14 

 15 

Keywords: butyltin, stable isotopes, shallow lake, cross-ecosystem trophic transfer, 16 

ecosystem boundary 17 

 18 

Running head: Butyltin transfer from freshwater to terrestrial consumers 19 

mailto:jacoblaws.laws@gmail.com


2 

 

Summary 20 

1. Emergent aquatic insects can represent an important subsidy to terrestrial ecosystems but 21 

may also transport accumulated contaminants across ecosystem boundaries when larvae 22 

develop in contaminated sediments. 23 

2. We sampled tetragnathid spiders (terrestrial predators), larval chironomids (spider prey of 24 

aquatic origin) and terrestrial insects (terrestrial prey) from two contaminated and two control 25 

sites in the Norfolk Broads (UK) to determine whether the organotin compound tributyltin 26 

(TBT) is transferred by emergent aquatic insects. TBT, a biocide in anti-foulant paints, was 27 

prohibited in the UK in 1987 and globally since 2008 but persists in sediments for decades. 28 

Combining stable-isotope analyses commonly used in ecology with ecotoxicological methods 29 

enabled us to test whether aquatic subsidies could transport organotin to terrestrial predators. 30 

3. Stable isotope mixing models (δ15N and δ13C) indicated that chironomids contributed 31-31 

98% to spider biomass. Subsequent organotin analyses revealed consistent, low-level butyltin 32 

(dibutyltin; DBT) contamination of chironomids from the most contaminated site but not 33 

from the other three sites. Spiders from the most contaminated site had DBT concentrations 34 

similar to those of their chironomid prey.  35 

4. To assess bioaccumulation, we used δ15N values as a proxy for trophic position of 36 

sediments, chironomids and spiders, and correlated these values with the respective DBT 37 

concentrations. Notwithstanding indications of 15N-enrichment along this short food chain, 38 

chironomid and spider DBT concentrations were statistically indistinct. Biota Sediment 39 

Accumulation Factors (sediments to chironomids) and Biomagnification Factors 40 

(chironomids to spiders) were below the thresholds defining the occurrence of 41 

bioaccumulation and biomagnification.   42 
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5. Although biomagnification was not detected, it is of concern that butyltins are still present 43 

in freshwater food webs c.25 years since last known TBT use in the UK, and continue to be 44 

transferred to terrestrial consumers.  45 

46 
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Introduction  47 

Aquatic ecologists have long recognised the importance of terrestrially derived allochthonous 48 

subsidies, and much research has focussed on the flow of material such as senescent 49 

terrestrial plant matter to both lotic and lentic ecosystems (Wallace et al., 1997; Jansson et 50 

al., 2007). A large proportion of productivity in the recipient ecosystem may be supported via 51 

detritus-driven food chains (e.g. Grey, Jones & Sleep, 2001; Tanentzap et al., 2014). With a 52 

broader view of aquatic–terrestrial linkages, ecologists have also identified the reciprocal 53 

transfer of aquatic subsidies to terrestrial systems and begun to examine the complex 54 

interactions which they often support (Nakano & Murakami, 2001; Baxter, Fausch & Carl, 55 

2005; Scharnweber et al., 2014).   56 

Emergent aquatic insects (imagoes) perhaps represent the most conspicuous of freshwater 57 

subsidies as they are typically abundant and the flight period is tightly synchronised 58 

(e.g.10,000-20,000 ind m-2 y-1; Jackson & Fisher, 1986). Productive shallow lakes support 59 

considerable littoral-benthic insect secondary production with chironomids often forming 50-60 

80% of both production and emergence (Lindegaard & Jónasson 1979; Jónasson et al., 1990), 61 

and are important to higher consumers (e.g. Harrod & Grey, 2006). The synchronicity of such 62 

emergences may result in large transfers of aquatic-derived production to adjacent terrestrial 63 

habitats (e.g. 10 Kg N ha-1 yr-1and 1 Kg P ha-1 yr-1; Dryer et al, 2015) and, hence, consumers 64 

including adult odonates (Sukhacheva, 1996), spiders (Collier, Bury & Gibbs, 2002; Kato et 65 

al., 2003), bats (Power & Rainey, 2000), and birds (Murakami & Nakano, 2002). The impact 66 

of the subsidy on receiving food webs is not fully understood. However, an increasing body 67 

of literature (biased toward stream ecosystems, but see Gratton, Donaldson & Vander 68 

Zanden, 2008; Gratton & Vander Zanden 2009 and Scharnweber et al., 2014) documents the 69 
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influence of imagoes on various aspects of consumer ecology revealed primarily by the 70 

application of stable isotope tracers (e.g. Collier, Bury & Gibbs, 2002; Kato et al., 2003; 71 

Paetzold, Schubert & Tockner, 2005).  72 

Aquatic subsidies may affect terrestrial food webs across multiple trophic levels. For 73 

example, Pacific salmon directly subsidise terrestrial predators (Gende et al., 2002) but they 74 

also subsidise terrestrial primary producers and consumers via indirect pathways such as 75 

nutrient recycling as carcasses decompose (Helfield & Naiman, 2001). Aquatic subsidies can 76 

also alter the dynamics of trophic interactions, sometimes with ‘cascading’ effects (Henschel 77 

et al., 2001). However, subsidies may also contain insidious, harmful components such as 78 

anthropogenic contaminants (Paetzold et al., 2011; Morrissey et al., 2013). Sediment, a rich 79 

organic matter source supporting so much secondary production, is often a sink for persistent 80 

anthropogenic contaminants (Burton, 1991). Consequently, any organisms living and feeding 81 

in or on this basal resource potentially experience increased exposure to, and accumulation 82 

of, those contaminants (Menzie, 1980; Runck, 2007). During emergence, imagoes can 83 

transport their accumulated contaminants across ecosystem boundaries, where subsequent 84 

predation transmits the contaminant to the terrestrial food web. Studies of cross-ecosystem, 85 

trophic transfer of contaminants are relatively rare (but see Echols, 2004; Walters, Fritz & 86 

Otter, 2008; Walters et al., 2010; and Paetzold et al., 2011) but essential if we are to correctly 87 

identify contaminant fate and initiate effective management.  88 

One such contaminant, the organotin tributyltin (TBT), was described as one of the most 89 

toxic substances ever deliberately introduced to the aquatic environment (Goldberg, 1986). 90 

Its widespread use as an antifoulant on boat hulls in the 1970-80s led to well documented 91 

examples of immune system toxicity and endocrine disruption in non-target organisms (e.g. 92 
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Bryan et al., 1986; O’Halloran, Ahokas & Wright, 1998; Omura et al., 2001). Restrictions 93 

were eventually imposed on the use of TBT antifoulants in the UK, banning their application 94 

on craft <25m in length in 1987. By 1989 similar legislation was passed in most of Europe, 95 

North America, Australia, New Zealand and Hong Kong (Antizar – Ladislao, 2008), and   96 

globally, the application of TBT-based antifoulants has been totally prohibited on all vessels 97 

since 2008. Studies of TBT have typically been conducted in marine systems, with few from 98 

fresh waters (see Kannan, 1997; Tessier et al., 2007). There has also been a tendency to 99 

simply detail its occurrence or estimate trophic transfer between aquatic consumers only 100 

(Stab et al., 1996; Traas et al., 1996).  Since organotins have been detected in chironomid 101 

imagoes from brackish waters of the Baltic (Lilley et al., 2012), we hypothesised that 102 

chironomids might be an important vector of organotins across ecosystem boundaries from 103 

freshwater to terrestrial ecosystems.  104 

To test this hypothesis, we studied four sites in the Norfolk Broads: two control sites with no 105 

boating access and thus no history of organotin contamination; and two sites which have 106 

previously yielded high sediment-bound concentrations of TBT (Sayer et al., 2006). We used 107 

stable isotope analysis to estimate the contribution of emerging aquatic insects (chironomids) 108 

to terrestrial predators (tetragnathid spiders), coupled with organotin analyses. We also 109 

examined the potential of the contaminant to biomagnify from its source in sediments 110 

through chironomids to terrestrial spiders as predators. We envisaged the aquatic subsidy 111 

could present both an important food resource and a source of toxic contaminants to the 112 

spider.  113 

Methods 114 

Sampling locations and key organisms 115 
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Cromes Broad, situated on the River Ant and connected only by small dykes, has been non-116 

navigable throughout its history.  Cockshoot Broad is isolated from the River Bure and has 117 

been non-navigable for >20 years. These two lakes represent control sites as earlier sampling 118 

of sediments yielded no quantifiable butyltin contamination (Hoare, 2007). Malthouse and 119 

Ranworth Broad are situated adjacent to one another and are connected via a short channel; 120 

both broads are connected to the tidal River Bure via Ranworth Cut but Ranworth Broad is a 121 

designated nature reserve with Site of Special Scientific Interest status and hence boating is 122 

prohibited. Sediments from both these sites had previously yielded quantifiable butyltin 123 

contamination (Hoare, 2007). Key characteristics of the waterbodies are summarised in Table 124 

1 and their location is shown in Fig. 1. Surficial sediments (0-1cm and 1-5cm depth) for 125 

organotin analyses were collected during March 2008 using a 7-cm diameter Glew gravity 126 

corer (Glew, 1991). Larvae of Chironomus plumosus were collected by Ekman grab from 127 

profundal sediments approximately every 3 months for 1 year (Cromes and Cockshoot: 128 

March 2007- March 2008; Malthouse and Ranworth: June 2007 – June 2008) to determine 129 

seasonal variability in isotope values. Seston was collected over the same period by plankton 130 

net (<100 µm mesh). Spiders of the Tetragnathidae (the most common family to be found on 131 

the surrounding Phragmites australis in the littoral-riparian fringe < 2m landward from lake 132 

margins) were collected manually at roughly 2-week intervals from April to early August, 133 

then monthly until early October.  Putative terrestrial insect prey was collected with beating 134 

trays during the same sampling events and from similar habitats as spiders. Following 135 

capture, all organisms were immediately placed into hexane-rinsed glassware to avoid 136 

contamination. 137 

Organotin analyses 138 
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Analyses of the organotin compounds tributyltin (TBT) and triphenyltin (TPhT), and the di-, 139 

and mono-substituted daughter compounds (DBT and MBT, and DPhT and MPhT, 140 

respectively), were carried out according to Waldock et al. (1989).  The presence of the 141 

daughter compounds in water, sediments and biota is a result of the stepwise degradation of 142 

the parent compound which occurs principally as a result of aerobic biological activity 143 

(Dowson et al., 1993). Briefly, samples were homogenised, then organotin compounds were 144 

extracted from the sample matrix by addition of sodium borohydride and methanol, converted 145 

to hydrides, and partitioned into hexane. In the case of sediments and seston, a separate solid 146 

determination was performed in order to express concentrations on a dry mass basis. 147 

Derivatives were then analysed by gas chromatography with flame photometric detection 148 

(GC-FPD). Quality control in each sample batch included an analytical blank, a certified EU 149 

reference material (CRM 477 for biota and CRM 646 for sediments and seston) spiked with 150 

target compounds, and a Response Factor sample (containing known concentrations of all 151 

organotin compounds) analysed prior to every three environmental samples. Relative Percent 152 

Difference (RPD) for CRM 477 and CRM 646 were <15% for butyltin compounds (TBT, 153 

DBT and MBT) in all sample runs (see Appendix S1 in Supporting Information for mean 154 

values and standard deviations). Each sample contained tripropyltin (TPT) as an internal 155 

standard. All quantification was calculated through comparison of the known concentration 156 

of the standard. No contamination was detected in any analytical blank. Limits of detection 157 

for the method were c.2ng g-1 for butyltins and 14ng g-1 for phenyltins. Coefficients of 158 

Variation (CVs) of the Response Factor sample heights were < 15 % for butyltins for all 159 

sample runs. Organotin concentrations are expressed in terms of the cation (TBT+, DBT+ and 160 

MBT+) as ng g-1 dry mass for sediments and seston and ng g-1 wet mass for biota.  One 161 

pooled sample of chironomids (c. 80-120 individuals) was analysed from each of four 162 
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sampling events (each site: n=4). A single pooled sample of terrestrial insects was analysed 163 

from each site (each site: n=1). Single pooled samples of spiders (c. 60-80 individuals) were 164 

analysed from a total of eight sampling events at Malthouse and Cromes and five sampling 165 

events at Ranworth and Cockshoot. Three replicate samples of surficial sediments (0-1cm 166 

depth) from a single sampling event were used for sediment analyses (n=3 at each site). For 167 

seston analyses, a single bulked sample was used from each of four sampling events (n=4 for 168 

each site). For organisms and seston, replication within each sampling event was not possible 169 

due to the large amount of biological material required for organotin analysis (c.3g wet 170 

mass).  171 

Stable isotope analyses  172 

Chironomid larvae and terrestrial insect prey were held for 24 h to ensure gut clearance and 173 

reduce potential sources of error to isotopic values sensu Feuchtmayr & Grey (2003). Since 174 

tetragnathid spiders are suctorial, gut clearance was unnecessary, and so spiders were frozen 175 

immediately on return from the field. All tissues were dried at 65°C for 48 h before 176 

homogenisation using an agate pestle and mortar. Samples were weighed (0.6 ± 0.05 mg) into 177 

tin capsules and analysed by continuous-flow isotope-ratio mass spectrometry (Thermo-178 

Finnigan, Delta Matt Plus, Waltham, USA). Results are given using the standard δ notation:  179 

δ = [(Xsample /Xreference) – 1] × 1000, expressed in per mille (‰), where X = 13C/12C or 15N/14N. 180 

Reference materials were international standards of ammonium for nitrogen, and sucrose for 181 

carbon. A secondary internal standard of a known relation to international standards was run 182 

every 10 samples to provide a measure of instrumental precision (± 0.15‰ for δ13C and 183 

δ15N).  184 

Isotope mixing models and data analyses  185 
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The relative contributions of potential prey sources to spider biomass were estimated using 186 

SIAR Bayesian mixing models (Parnell et al., 2010). Annual mean chironomid δ15N and δ13C 187 

values (see Table S2 in Supporting Information) were used as one source in the model as it 188 

was not logistically possible to sample chironomids and spiders concomitantly. We assumed 189 

no significant change in δ13C or δ15N due to metamorphosis between 4th instar C. plumosus 190 

larvae and adults based upon our own unpublished data for this species and results reported 191 

by Doi et al. (2007). We also assumed that chironomid imagoes dominated aquatic insect 192 

emergence based upon abundance data derived from profundal surveys using an Ekman grab 193 

(C. plumosus larvae were typically 5-6x more abundant, 800 to >1000 individuals m-2, than 194 

any other insect). This was borne out by visual inspection of spider webs. Mean isotope 195 

values of terrestrial insects (four most abundant families; n=14 derived from all sites) was 196 

used as the second source in the model, with spiders assumed to be a mixture of the two. We 197 

used trophic enrichment factors (TEF) of -0.4 ± 0.6‰ for δ15N and 0.2 ± 0.4‰ for δ13C in 198 

our models based on values for fluid feeders from a meta-analysis by McCutchan et al. 199 

(2003). Normality and equality of variances were ascertained for all data by performing 200 

Anderson-Darling and Levene’s tests, respectively. As the isotope data of terrestrial insect 201 

were non-normal and variances were unequal between terrestrial and chironomid isotope 202 

values, non-parametric Kruskal–Wallis tests were used in place of ANOVA. Regression 203 

analysis was used to examine the relationship between chironomid contribution to spider 204 

biomass (using mode values; the most probable solution in the Bayesian context) and the total 205 

butyltin concentration in spiders (e.g. the sum of all quantified butyltin compounds in a 206 

sample); where butyltins were not detected, 50% of the limit of detection for the relevant 207 

sample was assumed for statistical purposes (Murai et al., 2008).  208 
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To assess biomagnification, concentrations of organotins in spiders, chironomids and 209 

sediments were plotted against the corresponding δ15N values as a proxy for trophic position. 210 

The regression analysis approach often used to relate trophic position and contaminant 211 

biomagnification (e.g. Kidd et al., 1995) was not appropriate in this instance (see Jardine et 212 

al., 2006), hence Welch’s t-test, which is robust to small sample sizes and unequal variances, 213 

was used to test for differences between sediment, chironomid and spider butyltin 214 

concentrations. Statistical analyses were conducted using Minitab 15 (Minitab inc. 2007 State 215 

College PA, USA), with a significance level of ≤ 0.05. 216 

Biota Sediment Accumulation Factors (BSAFs) and Biomagnification Factors (BMFs) were 217 

used to test for accumulation of butylins between sediments and chironomids, and 218 

biomagnification between chironomids and spiders, respectively. By definition, 219 

bioaccumulation from sediments occurs when the BSAF value is > 1. Similarly, compounds 220 

are biomagnified between predator and prey when the BMF value is >1 (Strand & Jacobsen, 221 

2005).  BSAFs and BMFs were calculated using the following equations: 222 

BSAF = Cb/Cs                                          (1), 223 

BMF= Cb (predator)/ Cb (prey)               (2), 224 

where Cb is the concentration in the whole body of the organism (ng DBT g-1 dry mass) and 225 

Cs the concentration in sediment (ng DBT g-1 dry mass). Dry mass was estimated for 226 

chironomids and spiders using literature values for moisture content (spiders; Pulz, 1987; 227 

chironomids; Cole & Underhill, 1965; Frouz & Matena, 2015).   228 

Results 229 

Stable isotope data 230 
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Chironomid δ13C was similar across sites although variability at uncontaminated sites was 231 

c.5‰ lower than for conspecifics at contaminated sites (Fig. 2a). Larval chironomid tissue δ15 232 

N was also similar across sites, although variability was slightly higher at Cockshoot Broad 233 

(Fig. 2b). Terrestrial insect δ13C values were isotopically distinct from chironomids (Fig. 2a; 234 

Kruskal-Wallis test, χ 2=21.70, df = 1, p <0.05). Variability of terrestrial insect δ15N values 235 

was greater than for δ13C values (Fig. 2b) but remained isotopically distinct from 236 

chironomids (Kruskal-Wallis test, χ 2=28.75, df = 1, p <0.05). Spider δ13C values spanned 237 

6‰ among sites, tending to increase throughout the study period while the range of spider δ15 238 

N values spanned 7‰ among sites but <3‰ within sites in any month (Table S3 in 239 

Supporting Information). At Malthouse, Cromes and Cockshoot, the contribution of the 240 

aquatic insects to spider biomass was considerable (>50%) and greatest from April to early 241 

July (Fig. 3); thereafter, the contribution generally decreased, particularly at Ranworth and 242 

Cockshoot.  243 

Organotin analyses 244 

No detectable phenyltins were found in any sample. No butyltins were quantified in seston 245 

samples or terrestrial insects from any site, nor in chironomid larvae from Cromes or 246 

Cockshoot. Chironomids from Ranworth exhibited detectable butyltins in one sample only 247 

(3ng g-1 DBT). All chironomid samples from Malthouse yielded detectable of DBT; the mean 248 

(±SD being 7.8 ± 1.3ng g-1 wet mass. Butyltins were not detected in spiders from the control 249 

sites, Cromes and Cockshoot. Spiders around Ranworth yielded detectable MBT (15 ng g-1 250 

wet mass) only in late August. In contrast, both MBT and DBT were detectable in spiders 251 

from Malthouse but not TBT was not. Thus, the total butyltin concentration (∑MBT+DBT) 252 

in spiders from Malthouse in mid-April was 14ng g-1 wet mass (MBT= 8ng g-1; DBT = 6ng g-253 
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1), 23 ng g-1 wet mass in late April (MBT= 16ng g-1, DBT = 7ng g-1), and 19 ng g-1 wet mass 254 

(MBT= 11ng g-1, DBT = 8ng g-1) in May. No butyltins were detected in June, July or 255 

October. Spiders yielded low concentrations of MBT only during August (7ng g-1 wet mass) 256 

and September (4ng g-1 wet mass). The estimated carbon contribution to spider biomass 257 

derived from chironomids and the total butyltin concentration of spiders from Malthouse 258 

Broad were positively correlated (P< 0.05; Fig. 4).  259 

Bioaccumulation and Biomagnification 260 

DBT was used throughout to calculate BSAF and BMF values as it was the only compound 261 

consistently detected in sediments, chironomids and spiders from Malthouse Broad. 262 

Sediments from Malthouse exhibited the lowest δ15N value but the highest DBT 263 

concentrations (Fig. 5). Spider δ15N values from those samples also yielding quantifiable 264 

concentrations of DBT were consistently enriched by at least 1‰ relative to chironomids 265 

(Fig. 5). Concentrations of DBT were significantly greater in chironomids compared to 266 

spiders (Welch’s t-test, t = 3,85 P = < 0.05); sediment DBT concentrations were significantly 267 

greater than those measured in spiders and chironomids (t= 19.41 P = < 0.05). Both BSAF 268 

and BMF values were <1, suggesting no bioaccumulation of DBT from sediments to 269 

chironomids or biomagnification of DBT from chironomids to spiders, respectively (Table S4 270 

in Supporting Information).  271 

Discussion 272 

By combining stable isotope and ecotoxicological analyses, we found that a long-banned 273 

substance, butyltin, is still detectable in lake sediments, and that emergent aquatic insects 274 

transfer the contaminant from aquatic to terrestrial ecosystems. Isotopic signatures of aquatic 275 

and terrestrial prey available to a group of terrestrial predators, the tetragnathid spiders, were 276 
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sufficiently distinct for stable isotopes to be used as tracers. The remarkably invariable δ13C 277 

values of terrestrial prey (-26.3 ±0.7‰) reflect consumption of C3 plant material, typically 278 

around -28 to -26‰ (Peterson & Fry, 1987). In contrast, the greater temporal variability of 279 

chironomid δ13C values at both contaminated and control sites (~10‰ and ~5‰, 280 

respectively) is fairly typical of chironomids, even in relatively shallow lakes that do not 281 

stratify seasonally (Grey et al., 2004). However, larval chironomids were clearly more 13C-282 

depleted than terrestrial insects throughout the study period, which enabled us to distinguish 283 

between aquatic and terrestrial prey in the spider diet. This was further facilitated by more 284 

consistent δ15N values of chironomids over the season, which were also isotopically distinct 285 

from those of terrestrial insects.   286 

Based on the estimates from isotopic mixing models, emergent chironomids were clearly an 287 

important resource to terrestrial spiders. Patterns of chironomid contribution to spider 288 

biomass were similar from June to September at all sites, indicating a temporal decline in the 289 

importance of the subsidy to spiders.  It therefore seems likely that earlier in the season, 290 

spiders from Ranworth and Cockshoot consumed chironomids to a similar degree as 291 

conspecifics from Malthouse and Cromes. Our data (31-98% contribution to spider biomass) 292 

correspond to several other studies that span a range of geographical locations and habitats. 293 

In New Zealand, Collier, Bury & Gibbs (2002) reported that an average of 58% of spider 294 

carbon was obtained from in-stream sources. In an extreme case, spiders from the riparian 295 

zone of a desert stream in Arizona (USA) were supported by up to 100% by aquatic insects 296 

(Sanzone et al., 2003).  Similarly high subsidies to terrestrial habitats have been reported 297 

from lakes. For example, Walters et al. (2009) estimated emergent invertebrate contribution 298 

to spider biomass up to 92% in a lake of the southeastern USA, and Gratton, Donaldson & 299 
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Vander Zanden (2008) reported greater use of carbon derived from aquatic compared to 300 

terrestrial prey by spiders inhabiting the riparian margins of subarctic Icelandic lakes. 301 

The peak of spider dependence upon chironomid biomass at Cromes occurred earlier than at 302 

Malthouse. Given that Cromes is shallower and smaller than Malthouse and temperature is a 303 

key environmental variable affecting chironomid emergence (Pinder et al., 1991), a plausible 304 

explanation for this difference could be that the critical ‘trigger’ temperature was reached 305 

earlier in the season at Cromes. The increases in chironomid contribution to spider biomass 306 

during late summer and early autumn at Malthouse, Ranworth and Cockshoot suggest a 307 

smaller, secondary peak in chironomid emergence, as has been observed from similar shallow 308 

lakes in northern Germany (Jones & Grey, 2010). This bimodal pattern is not surprising as 309 

many chironomid species are bi-voltine in temperate climates. Indeed, Mason (1977) inferred 310 

a similar pattern from the relative abundance of different C. plumosus instars at Alderfen 311 

Broad near our study sites, where an initial peak in abundance of 4th instar larvae recorded 312 

during the summer was followed by a secondary peak during the autumn. Such a secondary 313 

pulse of aquatic subsidy was absent at Cromes. Sampling from this site consistently revealed 314 

not only high densities of homogenously distributed C. plumosus but numerous other 315 

chironomid larvae associated with dense macrophyte stands, largely free-floating 316 

Ceratophyllum demersum in the pelagic habitat.  Macrophytes support high abundances and 317 

diversity of chironomids by providing surface area for epiphyton growth (Balci & Kennedy, 318 

2003) and refugia from predators such as fish (Hershey, 1985). Such factors may increase the 319 

abundance and diversity of aquatic invertebrates, accounting for the consistently higher 320 

dependence of spiders on aquatic prey at this site. In contrast, macrophytes were much less 321 

abundant at Cockshoot and absent from Malthouse and Ranworth, and sampling of profundal 322 



16 

 

sediments yielded a predominance of C. plumosus larvae, suggesting that this particular 323 

chironomid species was the major aquatic contributor to spider biomass.  324 

We had hypothesised that chironomids emerging from organotin contaminated sediments 325 

would carry a contaminant load across the aquatic-terrestrial interface where the trophic 326 

transfer would be reflected in spiders. Results from Malthouse support this hypothesis. The 327 

lack of butyltins in spiders from Ranworth, the other originally contaminated site but now 328 

long disconnected to boating, is perhaps unsurprising, given that butyltins were detected only 329 

once in C. plumosus from this lake and at a concentration close to the limit of detection. 330 

Measured δ15N values from Malthouse were lowest in sediments, intermediate in 331 

chironomids and highest in spiders. Despite this, concentrations of DBT were significantly 332 

higher in chironomids than their spider predators and sediment DBT concentrations 333 

significantly exceeded those measured in the invertebrates. Thus, the data provide no 334 

evidence of biomagnification along the short food chain from sediment organic matter to 335 

chironomids and spiders at Malthouse. The BSAFs and BMFs we calculated indicated little 336 

potential for chironomids to bioaccumulate DBT from sediments, or for DBT to biomagnify 337 

following transfer from chironomids to spiders. This lack of biomagnification or 338 

bioaccumulation may be related to chironomid feeding mode and physiology, and the 339 

prevailing physical, chemical and biotic conditions of water and sediment that control the 340 

distribution of butyltins in the aquatic environment; none of these are mutually exclusive. 341 

The lack of detectable butyltins in seston suggests that seston can be ruled out as a source of 342 

butyltin to chironomid larvae. Therefore, one possible explanation of the low concentrations 343 

of butyltins in chironomids is a higher dietary dependence on uncontaminated seston (e.g. 344 

filter feeding) and/or freshly deposited FPOM on the sediment surface (e.g. deposit feeding) 345 
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than contaminated sediments. Moreover, sediments from the Norfolk Broads contain up to 346 

40% total organic carbon, (TOC; unpubl. data) and butyltin compounds have a log organic 347 

carbon partition coefficient (log Koc) of ~4.2-5.0 (Meador et al., 2002) indicating a high 348 

affinity for organic carbon. Thus, strong binding to the organic carbon in sediments probably 349 

reduces butyltin bioavailability to consumers such as chironomids, limiting the amount of 350 

butyltin assimilated even if it is ingested along with contaminated sediment (Meador et al., 351 

1997; 2002). In line with this interpretation, various authors have demonstrated a negative 352 

relationship between butyltin concentration in benthic organisms and sediment organic matter 353 

(e.g. chironomids - Looser et al., 1998; marine polychaetes - Meador et al., 1997).  354 

Despite high concentrations of TBT in Malthouse sediments at 0-1 cm depth (1368±117.8 ng 355 

g-1 dry mass), chironomids contained no quantifiable concentrations of the parent compound. 356 

However, TBT often undergoes a stepwise biological conversion to DBT and MBT in 357 

organisms. This includes members of the genus Chironomus (e.g. C. riparius) with an 358 

efficient metabolic capacity for TBT degradation (Looser et al., 1998; Looser et al., 2000). 359 

Sediment concentrations at Ranworth were an order of magnitude lower (285.5±31.5) than 360 

those measured at Malthouse. Therefore, one possible explanation for the absence of butyltins 361 

in most chironomids from Ranworth is that the rate of metabolic elimination (e.g. de-362 

butylation) of the contaminant exceeded that at which it was assimilated (see Looser et al., 363 

2000) at the lower exposure concentration of TBT. 364 

Another potential route of butyltin contamination is passive uptake which is virtually sure to 365 

occur in soft-bodied and tubiculous chironomids that are in contact with contaminated 366 

sediment pore water. Attempts to measure butyltins in pore water and quantify the 367 

importance of this uptake route in chironomids yielded no detectable organotins (unpubl. 368 
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data); concentrations were invariably below our LOD of 5ng L-1. This suggests that the 369 

amount of freely dissolved butyltins in porewater (e.g. the fraction that is readily 370 

bioavailable) is very low and other mechanisms also control butyltin uptake. For example, 371 

Arnold et al. (1998) demonstrated that up to 70% of TBT was sorbed to dissolved organic 372 

matter (in the form of humic acids) under similar anion and pH conditions to those found in 373 

the Norfolk Broads (unpubl. data). Similarly, Looser et al. (2000) demonstrated that the 374 

presence of DOM (humic acids) significantly reduced the bioavailability of butyltins to 375 

chironomids. Given the organic character of sediments in our study lakes, the binding of 376 

butyltins to DOM in pore water could be an important mechanism in addition to butyltin 377 

sorption to particulate organic matter (POM) in sediments. Thus, the low concentrations of 378 

butyltins in chironomids we observed even at contaminated sites are likely due to a 379 

combination of sorption of butyltins to sediment POM and DOM in porewater, which limits 380 

bioavailability, an avoidance of butyltin ingestion by selective feeding, and a metabolic 381 

capacity to de-butylate any assimilated TBT.  382 

The positive relationship we observed between spider dietary contribution derived from 383 

chironomids and butyltin concentrations was weak, probably reflecting the mechanisms 384 

above causing variable butyltin concentrations in their prey, as well as some capability for 385 

spiders to de-butylate. To gain a clearer picture of this relationship would require analysis of 386 

both isotopes and butyltins from the same samples, and ideally from individual spiders, but 387 

the biomass required to determine butyltins was prohibitive in this respect, and we had to 388 

resort to samples pooled from many individuals. 389 

Emergent chironomids from contaminated sediments in reed beds in the Baltic Sea contained 390 

organotins (Lilley et al., 2012). Chironomid imagos had up to 1487 ng TBT g-1 body dry 391 



19 

 

mass, compared to the highest recorded sediment concentrations of 527 ng g-1 dry mass. The 392 

TBT concentrations reported in chironomids are around two orders of magnitude greater than 393 

the 96h LC50 reported for C. plumosus (~ 50 ng L-1; Fargasova, 1997).   In contrast, only 394 

DBT was detected in our study and estimated dry mass concentrations in larval chironomids 395 

and their spider predators were an order of magnitude lower than those recorded in 396 

sediments. Concentrations of some lipophilic compounds increase during metamorphosis 397 

when insects lose mass but retain lipids (Bartrons et al. 2007). Accordingly, a meta-analysis 398 

revealed increasing contaminant concentrations between larvae and adults for organic 399 

compounds with a log octanol water partition coefficient (log Kow) > 5.0, but decreasing 400 

concentrations for compounds with log Kow values < 5.0 (Kraus et al., 2014)..  TBT is 401 

moderately lipophilic (log Kow of 3.7 – 4.4; Arnold et al., 1997) and has a higher affinity with 402 

proteins (Strand & Jacobsen, 2005). Therefore, a more likely explanation is that 403 

bioavailability of TBT is higher in the Baltic than in the Norfolk Broads. Fresh inputs of TBT 404 

into the water column in the Baltic could result in the presence of the compound in its freely 405 

dissolved form where it is readily available for biological uptake (Hoch, 2001);  as a result of 406 

high sediment concentrations (up to 8550 ng g-1 dry mass), and/or dredging, and stripping and 407 

painting of large cargo and passenger ships (Lilley et al., 2012). The use of TBT based 408 

antifoulants on vessels of this size has only been prohibited since 2008.  In the Norfolk 409 

Broads, the last legal application of TBT based antifoulants on all vessels was in 1987, and 410 

hence, the presence of freely dissolved TBT in the water column is less likely. 411 

Some organic contaminants biomagnify in food webs. For example, Kidd et al. (2001) and 412 

Power et al. (2002) found increasing DDT and mercury concentrations with increasing 413 

trophic position (measured as δ15N) of freshwater invertebrates and fish. Similarly, 414 

chlorinated bi-phenol (PCB) accumulated in terrestrial spiders relying on aquatic prey at 415 
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contaminated sites (Walters, Fritz & Otter, 2008; Walters et al., 2009).  However, DDT and 416 

PCBs are highly persistent and have a strong affinity for lipids, whereas butyltins are only 417 

moderately lipophilic, relatively unstable and highly persistent only in anoxic conditions, 418 

sediments rich in organic matter (Sun et al., 1999). This, coupled with varying capacities of 419 

butyltin degradation among species (see discussion above), indicates that biomagnification of 420 

butyltins is less predictable than that of DDT and PCBs (see Takahashi et al., 1999).  421 

Over twenty-five years have elapsed since TBT-based antifoulants were last legally applied 422 

to vessels < 25m in length in most of Europe, North America, Australia, New Zealand and 423 

Hong Kong.  In our study system the legacy is still quantifiable not only in sediments, but 424 

also in aquatic invertebrates and terrestrial predators of the surrounding riparian area. 425 

Therefore, redistribution of organotins from aquatic to terrestrial ecosystems by chironomid 426 

(or indeed other) imagoes to could be globally widespread and requires further investigation. 427 

. When combined with a lack of biomagnification (sensu Hu et al., 2006; Murai et al., 2008), 428 

the concentrations we measured in chironomids are probably too low to pose a hazard to 429 

terrestrial predatory invertebrates. Many birds such as swallows (Hirundinidae) prey upon 430 

chironomid imagoes and spiders and target their breeding to coincide with insect mass 431 

emergence. Chicks and juvenile birds are more vulnerable to contaminant exposure due to 432 

their small body size and high ingestion rate (Walters et al., 2009). This risk has been clearly 433 

documented in tree swallows (Tachycineta bicolour), where PCB concentrations were up to 434 

three-fold higher in young than adults, principally as a result of extensive feeding on 435 

emergent Diptera (Echols et al., 2004). It would be prudent to consider this risk potential also 436 

in the case of butyltin contamination legacies.  437 

 438 
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Table 1. Limnological characteristics of the study sites: surface area (SA) and mean annual values (± SE,) for mean depth (Zmean), Secchi depth, 654 

plant richness and concentrations of total phosphorus (TP), total nitrate, sediment TBT and sediment DBT (n=22 at each site except for TBT and 655 

DBT where n = 3); ND - not detected; NA -, data not available. Plant species richness refers to number of species of submerged and floating-656 

leaved macrophytes in the lake according to Sayer et al. (2009) 657 

Site 
 

SA  
(ha) 

Zmean 
(m) 

Secchi depth  
(m) 

Plant  
richness  

TP  
(μg L-1) 

NO3
-  

(mg N L-1) 
TBT  
(ng g-1 dry mass)  

DBT  
(ng g-1 dry mass) 

Cromes Broad  2.3 0.6 ± 0.3 0.6 ± 0.1 5 59.8 ± 7.7 0.2 ± 0.1 ND ND 

Cockshoot Broad 5.1 1.0 ± 0.5 0.9 ± 0.1 4 48.0 ± 5.8 0.1 ± 0.4 ND  

ND 

 

Malthouse Broad 

10.0 1.2 ± 0.8 NA 1 NA NA 1368 ± 6  

266 ± 11 

Ranworth Broad 40.7 1.3 ± 0.7 0.8 ± 0.2 1 72.1 ± 8.1 0.7 ± 0.3 234 ± 3  

78 ± 4 

 658 

 659 
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Figure legends 660 

Fig. 1. Map of the Norfolk Broads, showing main broads and the four study sites. Cockshoot 661 

Broad (River Bure), and Cromes Broad (River Ant), were control sites. Ranworth and 662 

Malthouse Broads (adjacent on River Bure) were contaminated study sites.  663 

Fig. 2.  Box and whisker plots (a) δ13C values and (b) δ15N values for larval C. plumosus 664 

collected during 2007-2008 from four Norfolk broads. Boxes represent inter-quartile ranges, 665 

the solid line represents the median, the whiskers minimum and maximum values, and 666 

outliers are included as open circles. Terrestrial insects from the riparian zone are shown for 667 

comparison. 668 

Fig. 3. Proportional chironomid contribution to spider biomass between April and October 669 

2008 modelled from δ15N and δ13C values. Each plot shows 25%, 75% and 95% high density 670 

ranges of the posterior estimates that chironomids contribute to spider biomass during each 671 

sampling event. Malthouse and Ranworth (top panels) are butyltin-contaminated sites; 672 

Cromes and Cockshoot (bottom panels) are control sites.  673 

Fig. 4. Relationship between total butyltin concentration (MBT + DBT) in spider tissues and 674 

chironomid contribution to spider biomass from Malthouse Broad. The regression line (± 675 

95% CI) was fitted by the equation y = -12.9 + 31.8x (R2 = 0.60; P< 0.05). 676 

Fig. 5. Scatter plot showing δ15N and DBT in sediments (filled circles), chironomids (open 677 

circles) and spiders (filled triangles) from Malthouse Broad. Data are shown only for 678 

chironomid and spider samples that yielded quantifiable concentrations of DBT. 679 
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