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Abstract

In many catchments, lakes and rivers are not isolated from each other but are
hydrologically connected as part of integrated freshwater networks which control the
transport, fate and impacts of elements, matter and energy. These river—lake networks
are potentially important regulators of carbon (C), nitrogen (N) and phosphorus (P)
during transport of these critical elements between terrestrial and marine ecosystems.
However, despite conceptual development of the river-lake network framework, very
little empirical research has examined how natural lakes influence the concentration
and speciation of N, P and C in a network context. The research reported in this thesis
sought to address this key research gap, focussing on how seasonal change through
spring to summer, lake trophic status, and annual average water retention time
influenced the impacts of natural lakes on the concentration and speciation of N, P
and C in river networks. Based on a programme of coupled field and laboratory
research, these questions were explored in exemplar lake-river networks in the
English Lake District. Synoptic sampling of inflow river, lake and outflow river sites was
conducted within two contrasting river-lake networks between March and July 2025.
The resulting data reveal how lakes significantly altered the concentration and
speciation of nutrient elements within river networks. Compared to inflow rivers, lakes
increased DOC concentrations by an average of 78% (0.52 mg C/L) across both river-
lake networks and all sampling dates, whilst also driving changes in
spectrophotometric parameters describing the quality of the dissolved organic matter.
Within the more eutrophic river-lake network, the natural lake switched between a
substantial source (+92% or 0.29 mg N/L) and sink (-78% or 0.34 mg N/L) for nitrate
across the spring-summer period, and consistently acted as a sink for soluble reactive
phosphorus. Importantly, lake effects on the concentration and speciation of N, P and
C persisted for several kilometres in the downstream river of both river-lake networks,
demonstrating the potential for natural lakes to impose extensive impacts on river
biogeochemistry. These findings highlight the key role that river-lake networks play in
the transport of macronutrients through the freshwater interface between terrestrial

and marine ecosystems.
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Chapter 1: Introduction, Aims, Objectives and Thesis

Structure



1.1. Background

Eutrophication is perhaps the most significant water quality issue facing surface waters
worldwide, and is primarily caused by increased loads of the biologically essential
nutrients nitrogen (N) and phosphorus (P) entering receiving waters from surrounding
catchment areas. Increased N and P loads can drive significant changes in the rate of
production and community composition within the autotrophic components of aquatic
food webs, principally algae and macrophytes. In turn, these changes can result in a
wide range of adverse ecological effects including harmful algal blooms (HABS),
reduced water transparency, oxygen depletion or anoxia from organic matter
decomposition, increased frequency of fish mortality events, diminished biodiversity,
and declines in fishery yields (Correll, 1998; Fink et al., 2018; Qin et al., 2012; Smith
& Schindler, 2009). Whilst additional factors such as increasing water temperature
under climate change scenarios may play an important role (Kosten et al., 2012), the
intensification of eutrophication processes observed in surface waters across recent
years has been mainly driven by increased loads of N and P. HABs are one of the
primary social and economic concerns associated with nutrient enrichment and
associated detrimental impacts within lake and river ecosystems, leading to
longstanding and intensive calls for these ecosystems to be actively restored (Gulati
et al., 2012; Spears, 2014). Nitrogen and P are typically the primary limiting nutrients
for the cyanobacterial growth that underpins the risk of HABs, because these nutrients
directly constrain photosynthetic C fixation. Therefore, the sources, cycling and export
to receiving waters of N, P and C within catchments are of significant interest, with
calls being widely made to better incorporate coupled N and P control within future

eutrophication management strategies (Dodds & Smith, 2016).

However, at the same time, C remains much more scarcely studied as a factor
contributing to the control of aquatic communities in lakes and rivers, particularly
organic carbon (OC) (Bai et al., 2023; Kragh & Sand-Jensen, 2018; Schindler et al.,
2016; Seekell et al., 2015; Urban et al., 2005). Organic carbon provides a substrate
for heterotrophic bacteria and fungi, supporting secondary production. These
heterotrophic processes are also central to ecosystem functioning, for example, by
influencing nutrient recycling and oxygen dynamics (Brett et al., 2017). Carbon has
multiple roles in aquatic ecosystems: dissolved inorganic carbon (DIC; CO,/HCO;") is

the immediate substrate for photosynthesis, whilst dissolved organic carbon (DOC)
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mostly affects algae and cyanobacteria indirectly by fuelling heterotrophic microbial
production and nutrient recycling. Additionally, some freshwater cyanobacteria and
marine picocyanobacteria can employ photoautoheterotrophy and assimilate certain
organic substrates (Joset-Espardellier et al., 1978; Partensky et al., 1999; Rippka,
1972). Therefore, the specific control and regulation of C in freshwater also remain
key priority areas in working towards understanding and managing sustainable aquatic
ecosystems (Arp & Baker, 2007; Jarvie et al., 2018).

Nutrient elements are delivered to surface waters from a wide range of sources within
catchments, varying in terms of physical and chemical form and in terms of
bioavailability from source to source (Garzon-Garcia et al., 2018; Mayer et al., 1998).
Nutrient loads from point sources (dominated by wastewater treatment plants, WWTPs,
in many catchments) are typically highly bioavailable and usually contain considerable
loads of readily degradable organic material (Mainstone & Parr, 2002). The diffuse
nutrient loads from arable and livestock agricultural activities generally represent major
nutrient contamination sources in rural catchments, rather than large-scale WWTPs,
where high proportions of soluble P and N can occur when livestock excreta or soluble
inorganic fertilisers are exported from land, particularly when heavy rainfall occurs
soon after application of these materials (Carpenter, 2008; Chen et al., 2008;
Mainstone & Parr, 2002). A diverse range of inorganic fertilisers represents key
pollutants contributing to nutrient enrichment in freshwaters, with the range of
compounds used in fertilisers continually evolving, for example from ammonium
(NH4*)-nitrate (NO3°) to urea in the context of N (Chen et al., 2008; Paerl et al., 2016).
The diffuse, or non-point source, nutrient loads exported from agriculture also
contribute significantly to eutrophication within freshwaters (Kronvang et al., 1995;
Zhang et al., 2014). For example, agricultural runoff is widely recognised as a primary
threat to the quality of water in China (Yang et al., 2013) and as a very significant
challenge for freshwaters across large parts of Europe and North America (Smith &
Schindler, 2009). Nutrient loads identified as responsible for stimulating and
intensifying eutrophication within individual freshwaters on a global-scale, including
through HABs and toxin generation, are also important for N and P loads delivered via
freshwater networks to a range of downstream ecosystems, including rivers, lakes,
wetlands, estuaries and, ultimately, coastal marine ecosystems (Belisle et al., 2016;
Dodds & Smith, 2016; US EPA, 2008). The importance of this network perspective to
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the understanding of the fate and impacts of nutrients in freshwaters underpins a

significant component of the research reported later in this thesis.

1.2. Sources, mobilisation, transformation and fate of C, N and
P

Substantial research in recent decades has characterised lakes and rivers as hot spots
of C cycling in the landscape, acting both as conduits for the transport and cycling of
inorganic C and as locations for mineralisation and other transformations of
terrigenous organic carbon (OC) (Cardille et al., 2007; Cole et al., 2007; Hanson et al.,
2004; Hanson et al., 2011). Atmospheric carbon dioxide (COz2) is absorbed by
terrestrial plants during photosynthesis, with a fraction of this COzreleased back to the
atmosphere through respiration (Field et al., 1998). Carbon incorporated by plants
within lignin and cellulose can ultimately represent as much as 80% of the OC in
forests and 60% in grasslands (Martens et al., 2004; Bose et al., 2009). Litterfall and
root OC exudates subsequently contribute to organic matter within soils which is mixed
with inorganic sedimentary material, and where plant-derived and petrogenic OC are
both stored and transformed by microbial and fungal activity (Ward et al., 2017). As
rainfall travels across forest canopies and down stems, it entrains DOC and DIC
originating from plants and atmospheric aerosols (Qualls & Haines, 1992, Fig. 1). In
the areas without forest cover, such as grassland, DOC and DIC inputs to grassland
could arise from plant litter, root exudates and soil organic matter leaching, and when
above the threshold of grassland water demand further rainfall may replenish ground
water reserves, and subsequently flow into drainage channels and rivers (Ayling et al.,
2021). Infiltration may deliver solute-laden water to soil solutions and groundwater,
whereas overland flow is generated once soils reach saturation or precipitation
exceeds infiltration capacity (Wardetal.,2017), with these surface or subsurface
transport pathways ultimately coalescing into rivers and lakes. Inland and coastal
aquatic systems play a significant role in the global C cycle by processing both
terrestrial and autochthonous OC (Asmala et al., 2018; Liu et al., 2021; McCallister et
al., 2018; Xia et al., 2023). Within river networks, microbial and abiotic processes such
as photo-oxidation drive the decomposition of OC, resulting in substantial CO:2
emissions to the atmosphere, comparable to terrestrial C sequestration

(Raymond et al., 2013). Whilst lakes, reservoirs, and floodplains store large amounts
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of OC, they are typically net heterotrophic and also emit CO2 and methane, albeit at
lower rates than rivers (Tranvik etal., 2009; Raymond etal.,2013). Estuarine and
coastal ecosystems, despite supporting elevated primary production compared to
many upstream ecosystems due to increased nutrient availability, often remain net
sources of atmospheric CO2 (Cai, 2011; Cooley et al., 2007; Subramaniam et al.,
2008). Coastal marshes contribute to both C sequestration and emission, whereas
continental shelves and the open ocean act as COz2 sinks through long-term burial via
the biological pump, a process whereby phytoplankton fix inorganic C (e.g.
atmospheric COz2) into organic matter that is transferred to the deep ocean through
sinking particles and subsequent burial (Cai,2011; Mooreetal.,2011;
Moran et al., 2016; Odum et al., 1979; Wehrli, 2013).

co,

CO,+CH, |
i. Photosynthesis

d., e. Efflux through the
aerenchyma

0, level

‘4

Oxidized
soil and
water
(aerobic)

Sequestration into soil

Reduced
soil and

water layer
(anaerobic)

Fig. 1. Representation of the inland C cycle, adapted from Limpert et al. (2020). Major
pathways of CO2 emissions include respiration during decomposition of organic matter
(a), oxidation of methane (CHa) (b), diffusion (c), and release of greenhouse gases
through plant aerenchyma (d). Major pathways of CHs4 emissions include

methanogenesis via efflux through plant aerenchyma (e), ebullition (f), and diffusion



(9). Major pathways of carbon deposition include entrainment by precipitation (g) and

photosynthesis (i).

Phosphorus (P) is an essential element that controls metabolic processes within all
life, being integral to the structure and function of key biomolecules including DNA,
RNA, adenosine triphosphate and phospholipids (Pasek et al., 2014; White & Metcalf,
2007). With the exception of trace emissions of phosphine from volcanoes, the P
compounds found on the surface of the Earth are not volatile and transport through
the atmosphere is primarily in dust or aerosols (Correll, 1998). Phosphorus only occurs
in the pentavalent form and is delivered to aquatic systems as a mixture of dissolved
and particulate inputs, each of which is a complex mixture of different molecular forms
of pentavalent P. Examples are orthophosphate, pyrophosphate, longer-chain
polyphosphates, organic phosphate esters and phosphodiesters, and organic

phosphonates.

Human society has profoundly altered the global P cycle, primarily by mining
phosphate rock to support the synthesis of inorganic fertilisers and widespread
application to agricultural land, and by significantly changing the pathways of P losses
from land to water (Yuan et al., 2018). Modern agriculture is now heavily dependent
on regular applications of phosphate fertilisers produced from mined phosphate rock,
which replenish the P removed from soils during crop growth and harvesting (Cordell
et al., 2009). This large scale mobilisation of P has led to a dramatic increase in the
availability of reactive P in the environment, with significant quantities ultimately lost
to freshwater ecosystems through diffuse agricultural runoff and wastewater
discharges (Elser & Bennett, 2011).

Urbanisation has further intensified these fluxes, where the global population excretes
around 3 million tonnes of P annually, and with over half of humanity now living in
cities, sewage has become a major source of P to rivers and lakes (FAO, 2007).
Nutrients in human excreta were historically tightly recycled back to agricultural land,
but today are more commonly discharged into waterways or are buried in landfills
(Cordell et al., 2009).

Over-fertilisation of agricultural soils, particularly in the northern hemisphere has also

contributed to widespread increases in P losses, with close to 25% of the 1 billion
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tonnes of P mined since 1950 estimated to have been transferred to aquatic systems
or disposed of in landfills (Cordell et al., 2009; Rosmarin, 2004). In addition, a striking
dual challenge or paradox surrounds P: whilst P scarcity raises concerns about long-
term fertiliser security, excessive P leakage continues to drive eutrophication, HABs,
and water quality deterioration worldwide (Cordell et al., 2009). Surface waters receive
most of their P via surface runoff pathways, rather than via subsurface flow within
deeper groundwater pathways, due to the capacity for many soils and sediments to
bind significant quantities of phosphate (Yuan et al., 2018). Once P is delivered to
rivers, lakes, reservoirs and estuaries, it may be efficiently assimilated by biota or
adsorbed to inorganic sediments, subsequently being deposited within bed sediments
in these aquatic ecosystems and creating a legacy of P enrichment that means these

systems remain sensitive to pollution with excess P over the long-term.

Organic phosphorus (OP) compounds, those containing both C and P atoms, exist in
dissolved and particulate forms in aquatic ecosystems, with multiple hydrolysis
pathways able to transform these compounds into orthophosphate that is bioavailable
to aquatic organisms (Correll, 1998). In aquatic ecosystems, P dynamics are closely
dependent on ecosystem trophic status. For example, in oligotrophic lakes, P stocks
within bed sediments are largely retained due to persistent oxygenation of bottom
waters. However, seasonal or diurnal bottom-water deoxygenation within more
eutrophic lake ecosystems can trigger the release of sediment-bound P back into the
water column, potentially exacerbating nutrient enrichment and eutrophication (Correll,
1998).

In aquatic environments, OP occurs in diverse chemical forms, including nucleic acids,
nucleotides, inositol phosphates, phospholipids and phosphonates (Baldwin, 2013).
Nucleic acids (DNA and RNA), mainly derived from algae and bacteria, may contribute
to relatively stable OP pools through interactions with particles (Bravo et al., 2010;
Shinohara et al., 2012). Nucleotides such as 5'-triphosphate (5’-ATP) and adenosine
5’-monophosphate (5’-AMP), typically present at low concentrations, but can be highly
dynamic and represent a rapidly cycling source of P, particularly in oligotrophic
systems (Azam & Hodson, 1977). These compounds may also participate in microbial
communication processes such as quorum sensing (Bruns et al., 2003). Inositol
phosphates originate largely from plant and agricultural sources (e.g. manure and
plant-derived feed) and may also be produced in situ by aquatic plants including
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Spirodela sp. (Brearley & Hanke, 1996) and Azolla sp. (Benaroya et al., 2004).
However, their bioavailability remains uncertain and varies among organisms (Baldwin,
2013). Phospholipids can be transported with humic materials within lotic systems and
may serve as an important P source, especially in oligotrophic environments (Mills et
al., 1996; Van Mooy, B. A. et al., 2008). Phosphonates remain less well known, though
evidence suggests they could represent an overlooked contributor to aquatic P cycling
(Baldwin, 2013; Benitez-Nelson et al., 2004).

In terrestrial N cycling, N is fixed by biologically mediated processes and released
back to the atmosphere primarily through denitrification with a smaller contribution
from nitrous oxide losses during nitrification (Gruber & Galloway, 2008). Nitrogen is
transferred from land to the oceans primarily via riverine runoff and atmospheric
deposition, where it supports marine productivity and is eventually transformed into
gaseous compounds through denitrification (Field et al., 1998). However, human
activities (i.e. synthetic fertiliser production, fossil fuel combustion, and cultivation)
have significantly altered the N cycle by introducing large inputs of reactive N
compounds to terrestrial ecosystems (Batjes, 1996; Fixen & West, 2002). These
anthropogenic sources amplify N fluxes to aquatic environments, disrupting natural
feedbacks and intensifying downstream effects such as eutrophication and
greenhouse gas emissions. In lakes and rivers, N can be influenced via multiple
processes including fixation, nitrification, denitrification and assimilation by aquatic
organisms (Burgin & Hamilton, 2007). These processes can transform the physical
and/or chemical form of N, for example across multiple inorganic compounds from
ammonia through nitrite to NOs", or between inorganic compounds and the wide range
of N-bearing organic compounds, or between dissolved and gaseous forms of N (Fig.
2).
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Fig. 2. Depiction of the global N cycle (adapted from Gruber and Galloway, 2008).
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Major processes that transform molecular N into reactive N, and back, are shown. Also
shown is the tight coupling between the N cycles on land and in the ocean. Blue fluxes

indicate 'natural’ fluxes; orange fluxes indicate anthropogenic perturbation.

1.3. Nutrients in river-lake networks at the freshwater interface

This thesis is concerned with the role of freshwater ecosystems in the transport of N,
P and C within the Earth system. In this context, freshwater ecosystems are
increasingly recognised as being located at the critical interface between terrestrial
and marine systems (Bouwman et al. 2013; Beusen et al. 2016). Global riverine N and
P transport to the oceans through this interface has increased during the 201" century,
despite increased retention of these nutrient elements along the aquatic continuum
(Beusen et al, 2016). Historically understood to conservatively transport
allochthonous inputs from terrestrial environments towards downstream ecosystems,
more recent research has emphasised the highly biogeochemically reactive nature of
the freshwater interface (e.g. Cheng & Basu 2017; Marcé et al., 2018).

However, although research focussed on eutrophication and nutrient biogeochemistry
in lakes and rivers is pervasive, this work to date has largely viewed lakes and rivers
as separate, disconnected systems. An integrated perspective which seeks to
understand and synthesise the combined effects of lakes and rivers has not been
given nearly enough attention. In many freshwaters, lake and river ecosystems are not

isolated from each other, but are instead hydrologically connected within integrated
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river-lake networks. Lakes potentially introduce environmental changes to the
continuum of the river network, resulting in differences between parameters and
processes upstream and downstream of these discontinuities. However, very little
empirical research has adopted a network perspective to examine how natural lake
discontinuities control the fate of nutrients within interconnected freshwaters. This
thesis seeks to address this issue, by explicitly adopting a river-lake network
perspective to examine key aspects of C, N and P transfer through the freshwater

interface.

The river continuum concept (RCC) was first developed by Vannote et al. (1980)
building on a substantial body of background research (Fig. 3). The RCC provided a
groundbreaking concept through which stream ecosystems could be understood as a
cohesive sequence of physical gradients and corresponding adjustments in the
stream's biotic, physical and chemical composition (Vannote et al., 1980). The RCC
was subsequently further developed by Minshall et al. (1985), and Vannote and
Minshall (1982), integrating broader spatial and temporal dimensions, covering climate
and geology, tributaries, location-specific lithology and geomorphology, and long-term
changes introduced by human activity. However, as a framework the RCC is
constrained to be relevant only in rivers that have a strong longitudinal connection,
such as within lakeless streams in forested catchments that can exhibit continuous
downstream trends. In contrast, the RCC is not appropriate for unconstrained reaches
(Poole, 2002), or river systems that exhibit other discontinuities within the upstream to

downstream network.
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Stream order

Fig. 3. lllustration of the River Continuum Concept (adapted from Doretto et al., 2020).
Headwaters are narrow, shaded, and fuelled by coarse particulate organic matter
(CPOM), supporting heterotrophic food webs (primary production and respiration (P/R)
< 1) with shredders that generate fine particulate organic matter (FPOM) for collectors.
Mid-order streams receive more light, shifting to autotrophy (P/R > 1) with abundant
periphyton grazers (scrapers), whilst FPOM still supports collectors. In large rivers,
depth and turbidity limit primary production, making them heterotrophic again (P/R <

1), with food webs dominated by FPOM collectors and filter feeders.

Subsequently, Stanford and Ward (1983, 1995) discussed the serial discontinuity
concept (SDC) in order to emphasise the need for a perspective on biotic communities
and ecosystem processes within rivers that was less strongly based on a single
continuum that progressed from headwaters to the oceans. Specifically, the SDC
began to consider how discontinuities introduced by human action disturbed the river
continuum, with a particular focus on the role of artificial impoundments along river
networks (Ward & Stanford, 1995). These artificial discontinuities were understood to

be able to ‘reset’ the river continuum, introducing significant change in multiple
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physical, chemical and biological properties within river networks, including to

processes controlling nutrient biogeochemistry (Ward & Stanford, 1995).

However, Jones (2010) was the first to explicitly develop a conceptual framework for
coupling rivers/streams and natural lakes within an integrated stream-lake network
perspective. The stream-lake network can be conceptualised using a schematic figure
(Fig. 4). Lake-effect streams have one or more lakes on their drainage network (for
example Lake 1 receives inputs from two rivers flowing through one inlet; Lake 2
receives input from one inlet, which is also the outflow from Lake 1, etc. Lake 3
receives input not only from the outlet of Lake 2, but also the outlet of Lake 4, which

originates from a tributary. Fig. 4).

Lake effects have the potential to impact multiple physical, chemical or biological
attributes of outlet streams compared to inlet streams. The influences of a lake within
the network will differ depending on drainage patterns. For example, a single lake in
the midreach of a trellis network may alter ecological characteristics for a substantial
distance downstream, because these lake effects are ‘protected’ for a certain distance
downstream from other network branches that may cause dilution of the lake effects
(Jones, 2010). In contrast, the same lake effects located in a dendritic basin will likely
be more rapidly diluted by tributaries compared to the trellis network (Jones, 2010).
The configuration of inlet and outlet streams may also influence the extent to which
lake effects are introduced within the river network (Fig. 5). For example, a lake with
inlets and outlets at positions shown in Fig. 5a may provide greater opportunity for
lake effects to be exerted compared to the situation in Fig. 5c, because the latter
configuration offers the chance for short circuiting of lake effects (Jones, 2010).
Further, more significant lake effects may be expected when a low flux stream
discharges into a large lake, generating a low flushing rate (Fig. 5b), compared to a
large stream discharging into a small lake with a smaller flushing rate (Fig. 5d). Finally,
the extent of lake effects on downstream river ecosystems generally decreases as
water discharge within the downstream river increases, and as distance downstream
of the lake increases, both reflecting the opportunity for groundwater and tributary

inflow to reduce the lake effect signal (Jones, 2010).
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X nlet A

Outlet B

Inlet C

Fig. 4. Stream-lake network schematic image (adapted from Jones, 2010).

Fig. 5. Effects of inlet and outlet stream configuration on lake effects. Arrows indicate

the direction and magnitude of river flow (adapted from Jones, 2010).

Despite the development of conceptual frameworks such as the river—lake network
theory of Jones (2010), empirical research explicitly examining how natural lake
discontinuities regulate the fate of nutrients in connected freshwaters remains scarce.
The limited studies available suggested that nutrient concentrations and limitation
patterns can vary significantly along stream—lake networks. For example, downstream
declines in primary productivity and particulate N, P and C concentrations have been
observed below natural lake discontinuities (Kling et al., 2000), whilst NOs-and NH4*
dynamics indicate only partial satisfaction of inorganic N demand and moderate

uptake rates downstream of natural lakes (Koch, 2005). Further research has
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suggested contrasting patterns of nutrient limitation between inlets, which are often P-
limited, and outlets, which tend to be N-limited, across river-lake networks (Arp &
Baker, 2007). Broader syntheses further emphasise the importance of nutrient
enrichment, with evidence of significant increases in both N and P across river
networks globally (Dodds & Smith, 2016; Jarvie et al., 2018), but organic matter
dynamics within this network context remain comparatively understudied (Jones,
2010). Whilst some past research suggests that river—lake transitions may alter
nutrient availability and patterns of nutrient limitation, most existing work has focussed
narrowly on inorganic N and P. In contrast, scarce attention has been paid to DOC
concentrations, the quality of dissolved organic matter (DOM) as may be characterised
using optical properties such as SUVA2s4 or azs0:0250, or the role of natural lakes in
controlling particulate organic matter cycling rather than cycling of dissolved nutrient
fractions, leaving substantial gaps in understanding. Addressing a number of these
gaps, the present study investigates how these carbon-related parameters, alongside
fractions of N and P, vary across stream—lake discontinuities, thereby providing novel

insights into the biogeochemical functioning of river—lake networks.

Substantial research evidence focussed on nutrient biogeochemistry within
freshwaters has underpinned significant advances in the management of nutrient
elements, including C, P and N, in order to protect and restore freshwaters at risk of
eutrophication. Despite this, significant gaps in understanding N, P and C
biogeochemistry within the reactive freshwater interface remain. In particular, rather
than considering processes within lakes or rivers separately, an integrated river-lake
network framework has not been extensively applied to nutrient biogeochemistry
within freshwaters (Jarvie et al., 2018). In this context, this thesis contributes new
knowledge to the field of nutrient biogeochemistry within coupled river-lake networks,
with particular attention paid to the role of seasonal changes and lake trophic status in
these freshwater networks. It is envisaged that the research reported within this thesis
may contribute to a more comprehensive and integrated understanding of nutrient
cycling within aquatic ecosystems, potentially leading to more sustainable

management of these ecosystems in the future.
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1.4. Thesis Aims and Obijectives

The overall aim of this thesis is to advance understanding of how integrated river-lake
networks control nutrient (C, N and P) cycling at the freshwater interface, with
particular attention paid to the role of lake trophic state and season in determining the

nature of this control. Two specific thesis objectives lead from this aim:

1. Synthesise and review nutrient biogeochemistry literature within lakes and
rivers, as well as the emerging river-lake network literature, to establish key
research questions related to the fate of C, P and N within river-lake networks,

focussed particularly on the role of lake trophic status and of season;

2. Develop and implement a programme of field and laboratory research to
address the key research questions developed under 1. above, evaluating
spatiotemporal patterns in C, N, and P cycling within exemplar river-lake

networks.

1.5. Thesis Structure

This thesis is presented in the form of three chapters. The current chapter (Chapter 1)
provides an introduction to the broader context and background for the research
reported within this thesis, including a summary of the overarching aims, objectives
and structure of the thesis. In Chapter 2, a literature review is presented that examines
the key processes and controlling factors that influence C, N and P cycles within lakes
and rivers. This review focusses particularly on the role of lake trophic status and
season, in order to develop key research questions for the thesis related to the
potential influence of natural lakes on N, P and C cycles within river-lake networks.
These key research questions are reported at the end of Chapter 2, leading into
Chapter 3 which reports a novel programme of coupled field and laboratory research
designed to address these research questions. Working within two exemplar,
contrasting river-lake networks in the English Lake District, Chapter 3 examines the
impact of natural lakes on the concentration and speciation of C, N and P within river

networks through the biologically critical spring-summer period of 2025.
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Chapter 2: Literature Review
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2.1. Introduction

Freshwater ecosystems play a disproportionately large role in the global C cycle
because lakes and reservoirs do not merely passively transmit terrestrial organic

matter, but instead serve as sites where multiple processes including the

transformation, respiration, burial and export of OC operate, with important
consequences for regional C balances and atmospheric CO; exchange (Evans et al.,
2017; Tranvik et al., 2009). The reactivity of DOC, and whether a water body behaves
as a net DOC source or sink, depend strongly on water residence time and trophic
status. For example, short-residence time systems are often dominated by rapid light-
driven removal of DOC, whereas longer-residence time systems are governed more
strongly by slower biotic production and mineralisation of DOC (Hanson et al., 2014).
Despite a potentially critical role for inland waters, C cycling within freshwater networks,
and specifically within natural lake-river networks, remains relatively understudied.
Therefore, the present study addresses gaps in understanding of the C cycle within
river-lake networks by measuring DOC, DOM optical properties and 8'3C across river—
lake networks, to better resolve how lake discontinuities influence C sources,

transformations and fate in river-lake networks.

Total organic carbon (TOC) refers to the total amount of organic C present in a water
sample, encompassing both DOC and particulate organic carbon (POC). DOC is
usually the dominant fraction of organic C in freshwater ecosystems, and can be an
order of magnitude higher than that of POC in some freshwater lakes (Minor & Oyler,
2021). In addition to OC, inorganic C is present either as DIC, including carbon dioxide
(CO») and bicarbonate (HCOs’) or as particulate inorganic carbon (PIC), such as
carbonate minerals. Biotic processes within freshwater networks are important
controls on DIC cycling. For example, the actual concentration of DIC is lowered by
photosynthesis, drawing down CO: to undersaturation, whilst coupled photosynthesis
and respiration alter pH potentially to extents that can vary the principal molecular
hosts of dissolved inorganic carbon (DIC) between CO2 and HCO3™ (Balmer et al.,
2011; Verschoor et al., 2013). Therefore, although this thesis focuses on OC, it is
recognised that inorganic C dynamics are integral to the overall C cycle in freshwaters,
influencing processes such as CO, evasion, buffering capacity, and long-term C

storage.
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2.2. Dissolved organic carbon sources and transport within
freshwater ecosystems

Major DOC sources to freshwaters are generally considered to be allochthonous
inputs from terrestrial catchments and autochthonous production by phytoplankton,
benthic algae, and aquatic macrophytes within lakes or rivers (Bertilsson & Jones,
2003; Qualls & Haines, 1992; Ward et al., 2017). Allochthonous DOC mainly originates
from soils and terrestrial vegetation, which act as large organic matter pools, and can
be mobilised into streams and lakes through surface runoff, groundwater flow, or
atmospheric deposition (Godin et al., 2017; Minor & Olyer, 2021; Sobek et al., 2007).
In addition, wastewater effluents, agricultural runoff, and other human activities may
also serve as important catchment-derived sources of DOC (Wu et al.,, 2023).
Autochthonous DOC is mainly produced within freshwaters by decomposition of
aquatic organisms (e.g. phytoplankton, benthic algae, and aquatic macrophytes) and
can also be released from sediments (Sobek et al., 2007; Wu et al., 2023). DOC from
surrounding catchments is shaped by factors such as land use, geology, climate, and
human activity, which act as significant controls on both DOC concentration and
composition in freshwaters. Therefore, allochthonous DOC represents a critical
linkage in the C cycle between terrestrial and aquatic systems, as subsequently

among aquatic ecosystems themselves.

The transport of allochthonous DOC from terrestrial to aquatic environments is often
enhanced by increases in precipitation and hydrological connectivity, which facilitate
the export of DOC from soils (Mulholland, 2003). Many studies have shown that the
export of DOC from terrestrial soils to freshwaters increases with higher precipitation,
surface, or subsurface runoff (Mulholland, 2003). However, Sobek (2007)
demonstrated the opposite correlation, where higher runoff volume was strongly
negatively related to lake DOC concentration. This has been attributed to reduced
contact time between rapidly transported runoff and soil organic pools, limiting the
dissolution and mobilisation of DOC into receiving waters. Precipitation itself may also
exert variable effects, as it does not consistently influence DOC concentrations in
either net-heterotrophic or net-autotrophic lakes (Kritzberg et al., 2006). In the study
of the budget and cycle for DOC in Lake Superior, precipitation contributed 0.1 Tg C
yr' (10%) inputs, indicating its impact is relatively limited (Urban et al., 2005). Once
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released into aquatic systems, DOC can undergo mineralisation to CO., be
assimilated into microbial biomass (e.g. algae and bacteria), or become incorporated
into more persistent C pools, including long-lived dissolved, particulate, and
sedimentary forms through biological and photochemical processes (Godin et al.,
2017; Minor & Oyler, 2021; Sobek et al., 2007).

2.3. Particulate organic carbon sources

Dissolved and particulate organic carbon are operationally separated by filtration, with
particulate organic carbon (POC) defined as material retained on a filter with a pore
size of 0.45 ym, and DOC as material passing through the filter. POC is a key
component of the lake OC cycle and has a significant regulatory effect on organic and
inorganic C pools. It also plays a crucial role in the transport and cycles of
macronutrients, such as N and P, metal and organic contaminants that are
incorporated within the particulate material (Adams et al., 2015; Foster et al., 2000).
In a similar manner as described above for DOC, POC can be separated into
autochthonous and allochthonous sources. The contribution of autochthonous POC
within lakes is mainly influenced by photosynthesis and respiration from phytoplankton,
benthic algae and macrophytes, with dissolved oxygen concentration, secchi depth
(and therefore light availability), and water temperature acting as key controlling
factors for photosynthesis and therefore autochthonous POC production within the
epilimnion of lakes (Wang et al., 2022). Moving from the epilimnion to the hypolimnion
of lakes, allochthonous POC increasingly dominates in the proportion of POC, as can
be inferred by the diminishing density of phytoplankton cells (Wang et al., 2022). In
eutrophic lakes, phytoplankton-induced primary productivity contributes to the major

allochthonous POC input to the hypolimnion (Jones et al., 2012).

2.4. Organic carbon fate and ecological impacts

Within river networks, terrestrial OC together with OC derived from autochthonous
primary production is decomposed by microbial communities and by abiotic processes
such as photo-oxidation, producing CO2 emissions from rivers to the atmosphere that
are comparable to the annual C uptake of the terrestrial biosphere (Cole et al., 2007;
Raymond etal.,2013). Large terrestrial macromolecules such as lignin, are
progressively cleaved into smaller fractions and monomers, eventually being respired

to CO2, assimilated into microbial biomass, or transformed into metabolic
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intermediates (Myers-Pigg etal., 2015). For example, a recent study elevated
temperature enhanced both lignin/vanillin decomposition and CO2 production (Li et al.,
2025). Although lakes, reservoirs and floodplains store a considerable amount of OC
and sediment, water columns are typically net heterotrophic, yielding atmospheric CO:2
fluxes approximately one order of magnitude lower than those of rivers
(Tranvik etal., 2009; Raymond et al., 2013). The anoxic sediments of these systems
also sustain elevated methane production (Bastviken et al., 2004). Despite enhanced
primary production in river plumes driven by nutrient export, estuarine systems
continue to act as a global source of atmospheric CO2 (Cai, 2011; Cooley et al., 2007;
Subramaniam et al., 2008). Coastal marshes both sequester and export “blue carbon”
and likely emit CO2 at rates comparable to rivers on a global scale (Dittmar et al., 2001;
Moore et al., 2011; Odum et al., 1979; Wehrli, 2013). By contrast, continental shelves
and the open ocean generally play a role as atmospheric CO2 sinks, with a small
fraction of the absorbed C ultimately buried as organic matter in marine sediments via
the biological pump (Cai, 2011; Moran et al., 2016).

Carbon rarely serves as a constraint on primary production in rivers or streams due to
sufficient DIC from carbonate rocks and the weathering of soils (Jarvie et al., 1997,
2017). However, it should be noted that cyanobacteria possess the ability to access
additional inorganic C pools (e.g. HCOz3), if CO2 becomes depleted during blooms
(Miller et al., 1990; Price et al., 2008). Carbon cycling is possibly affected by
cyanobacteria as they constitute a disproportionately large part of the total biomass of
primary producers in eutrophic lakes. Dissolved organic carbon influences several
properties in aquatic ecosystems, such as the heterotrophic production of fungi and
bacteria, affecting epilimnetic and hypolimnetic respiration (Carpenter et al., 1998;
Hanson et al., 2003; Houser et al., 2003). Coloured DOC can protect aquatic plants
and animals from harmful ultraviolet (UV) radiation (Bade et al., 2007; Blanchet et al.,
2022). Moreover, DOC may affect the thermal structure and mixing depth of lakes. For
example, high DOC concentration may reduce radiation penetrating the surface,
influencing primary productivity and heat transfer, due to the dark colour of many DOC
compounds, which affects the concentrations of DOC in turn (Fee et al., 1996; Song
et al., 2018).

Dissolved organic carbon also plays a key role in mediating the fate of heavy metals

(i.e. cadmium, mercury) and persistent organic pollutants (POPs) by constituting
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complexes or participating in redox reactions and photoreactions, thereby affecting the
bioavailability and transport of these elements and compounds in aquatic systems.
Refractory DOC (RDOC) can form multiple complexes with heavy metals by soluble
metal-organic complexes, increasing the solubility, mobility and affecting the
bioavailability, toxicity and fate of metals (Jiang et al., 2017; Li & Zhou, 2010). Essential
amino acids tend to interact with phenolic compounds rich in carbonyl groups, a
process that can enhance the preservation of the amino acids in aquatic environments
(Sammond et al., 2014). Quantification and identification of the DOC, as well as
elucidation of its complex interactions with other organic and inorganic compounds,

are required for further research.

2.5. Labile organic C and stable organic C

The definitions of labile and refractory organic C are somewhat ambiguous, as the
specific timescales associated with "short-term" and "long-term" degradation can vary
across different studies, ranging from hours to centuries (Ostapenia et al., 2009).
Labile OC components in DOC and POC can be degraded in a relatively short time
(days to weeks) by free-living or attached bacteria and protists; the decomposition of
refractory (stable) organic C may take longer (Wetzel, 2001). The overall recalcitrance
of any OC load, especially in terms of the biological availability of the OC, is very
difficult to quantify. Some studies have applied biological oxygen demand (BOD)
determinations in aquatic research to quantify OC lability (Fallon & Brock, 1979; Jonas
& Tuttle, 1990; Ostapenia et al., 2009).

The composition of OC strongly influences its fate and impacts within aquatic
environments (He et al., 2020). Labile compounds with low molecular weight, such as
sugars, peptides, and amino acids can be easily degraded or assimilated by
heterotrophic bacteria and rapidly recycled through microbial pathways within the
aquatic food web (Doney, 2010). Similarly, non-humic organic matter with a high
molecular weight (e.g. polysaccharides and proteins) is also considered relatively
bioavailable and prone to microbial degradation (Benner & Amon, 2014). The
proportion of biodegradable DOC within total DOC pools in aquatic environments
varies widely, ranging from as low as 1% in humic substances to over 50% in labile or
anthropogenically derived DOC (Meyer, 1994). The global average for biodegradable
DOC (BDOC) is approximately 14% of the total DOC in lakes, whilst refractory organic
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carbon (RDOC) constitutes about 86% (Sendergaard & Middelboe, 1995). Despite
anthropogenic urban runoff and wastewater effluent often carrying relatively low
BDOC, they may greatly alter the natural water bodies into which they flow (Lv et al.,
2024). For instance, municipal and industrial discharges contribute a large proportion
of the DOC (and COD) increase in Dianchi Lake, with sewage effluent being a major
source, and much of the input comprising refractory or difficult-to-degrade organic C
(Guo et al., 2017). Both allochthonous DOC derived from catchment soils and from
treated effluent display limited biodegradability, contributing to long-term accumulation
in lacustrine environments (Nguyen & Hur, 2011). The biodegradability of OC in
aquatic systems is influenced not only by the source and composition of the C pool,
but also by environmental context and geographic factors such as latitude. High-
latitude forests typically contain elevated levels of humic substances and lignin,
combined with lower microbial activity due to cooler temperatures, which results in the
water column containing OC with lower biodegradability. Conversely, coastal waters
in low-latitude regions tend to exhibit higher microbial activity driven by warmer
ambient temperatures, thereby enhancing the degradation of organic C (Lv et al.,
2024).

Spectrophotometric indices have been widely adopted to assess the quality of DOC
and its relative lability or recalcitrance. In particular, the specific ultraviolet absorbance
at 254 nm (SUVA254) has been shown to correlate strongly with the aromatic C content
of DOC, thereby serving as a reliable proxy for the refractory and less bioavailable
fractions (Weishaar et al., 2003; Spencer et al., 2009). In addition, absorbance ratios
such as azs4:a365 provide information on average molecular size, with higher ratios
indicating the presence of relatively smaller, more labile organic molecules (Assaad et
al., 2015). These indices enable a rapid, cost-effective characterisation of DOC pools
in aquatic systems. They are employed to infer the quality of C and to link

spectrophotometric properties between labile and stable organic C.

2.6. Isotopes of C applied to the investigation of organic carbon
biogeochemistry

Natural abundance stable ('>C, '3C) and/or radiocarbon ('4C) isotopes have been
applied for investigating organic carbon (OC) sources and C cycling in the oceans

(Bauer et al., 2002), estuaries (Peterson et al., 1994), rivers (Raymond and Bauer,
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2001; Kaiser et al., 2004), and lakes (Bade et al. 2007; Karlsson et al., 2007;
McCallister and del Giorgio, 2008).

Natural-abundance radiocarbon ('4C) has been applied to investigate OC dynamics in
aquatic environments, offering a valuable complement to traditional C budget
assessments and studies on C reactivity through photochemical and microbial
processes (McNichol & Aluwihare, 2007). Radiocarbon’s half-life of 5730 years
generally leads to dating typically being used to trace C cycling over centennial to
millennial timescales (Godwin, 1962). However, the artificial introduction of C into
the global C cycle during the 1950s atmospheric nuclear weapons testing has enabled
the extension of radiocarbon applications to decadal timescales (Minor & Oyler, 2021).
The atmospheric “C has been redistributed into terrestrial and aquatic C reservoirs
such as vegetation, soils, and oceanic DIC, depending on their respective exchange
dynamics with the atmosphere. In aquatic C studies, radiocarbon content is commonly
expressed as A'¥C, a standardised metric that accounts for isotopic fractionation and
is normalised to a reference value set as zero for the year 1950 (Stuiver & Polach,
1977). An increase in positive A'¥C values indicates that recent C exchange with the
atmosphere, whilst negative or zero values reflect older or pre-bomb C sources, with
more negative (or '“C-depleted) values meaning older C pools. (McNichol and
Aluwihare 2007). In addition to constraining DOC sources, isotopic data has also been
used to study DOC reactivity, indicating that apparently refractory DOC (in terms of
radiocarbon age and thermal lability) is consumed on seasonal timescales, perhaps

due to priming effects (Minor & Oyler, 2021).

Stable carbon isotopes (8'3C) provide an important tool for tracing sources and
transformation processes of organic matter in aquatic ecosystems. Unlike radiocarbon
("*C), which constrains carbon age and residence time, 8'3C primarily reflects
fractionation during C fixation and subsequent microbial or abiotic processing. This
makes stable isotope measurements especially valuable for evaluating pathways of
primary production, organic matter degradation, and C cycling within lakes and rivers.
Distinct 3'3C signatures of autochthonous phytoplankton, terrestrial inputs, and
anthropogenic sources allow partitioning of POC and DOC into their respective origins.
Moreover, isotopic fractionation during processes such as respiration,
methanogenesis, and photo-oxidation further modifies 5'3C values, thereby providing
insights into transformation mechanisms and metabolic fluxes. As reviewed by Meyers
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(2003), compound-specific isotope analysis has advanced this field by enabling the
study of individual biomarker molecules, linking isotopic patterns directly to
biochemical pathways and environmental conditions. In the context of this study, §'3C
of POC can thus be used not only to distinguish allochthonous versus autochthonous
carbon sources but also to assess seasonal variability in carbon cycling and its relation

to nutrient dynamics.

2.7. Phosphorus biogeochemistry in river-lake networks

Allochthonous phosphorus (P) inputs, including both organic P and inorganic P
species, are key triggers for eutrophication in river-lake networks and a range of
associated adverse impacts, such as algal blooms. In the absence or minimal
presence of anthropogenic sources of P, natural sources dominate the inputs to
aquatic ecosystems. These natural sources primarily include the weathering of soil
parent materials, atmospheric deposition, input from shoreside vegetation and soil
erosion, and release of P from aquatic organisms during metabolism or following death
and cell lysis (Withers & Jarvie, 2008). Anthropogenic inputs of P to river-lake networks
are primarily derived from wastewater, either within municipal or private infrastructure,
or from runoff from impervious and pervious surfaces in agricultural or urban areas in
which P is present within these surfaces. Transfers of P from anthropogenic sources
to receiving waters in catchments can either be continuous or intermittent in nature. In
contrast to the continuous input of P from final wastewater treatment work effluent,
diffuse urban and agricultural sources of P are largely mobilised during intermittent
rainfall-runoff events. The pattern of runoff generation is dependent on stochastic
patterns of rainfall and represents a semi-continuous supply of mobilised P throughout
the year, because ‘impervious’ surfaces have no, or very limited, infiltration capacity
even in rural areas (Withers et al., 2009). For example, it was reported in Scotland that
storm runoff from farmyards contained very large TP concentrations, with the majority
in soluble reactive phosphorus (SRP) form (Edwards et al., 2008). In forestry,
cultivated land and pasture, as rainwater passes over or through the soil at various
rates, it facilitates the mobilisation and transport of both inorganic and organic P via
surface and subsurface hydrological pathways, ultimately delivering them to receiving
water bodies (Withers & Jarvie, 2008).
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As initially introduced in Chapter 1, phosphorus typically enters aquatic ecosystems in
the form of complex mixtures of physical and chemical form, but with P largely in the
pentavalent form. Phosphorus is not a conservative element within aquatic
ecosystems, and the initial physical and chemical speciation of P can be either
chemically or enzymatically altered within these ecosystems. Many of these processes
yield the orthophosphate ion, the only form of P readily assimilable by organisms.
Once introduced into lakes, reservoirs or estuaries, phosphorus is often assimilated
by biota and incorporated within biomass, or may be sorbed to particulate material and
deposited within bottom sediments. Over recent decades, extensive research led
many ecologists to conclude that P is the key factor limiting primary production in lakes
and rivers (Edmondson, 1970; Peterson et al., 1985), whilst marine environments were
understood to be more strongly limited by the availability of N (Nixon, 1980; Ryther &
Dunstan, 1971). Although both rivers and lakes may demonstrate P limitation, primary
production within lakes is often more responsive to phosphorus input, since rivers
generally do not develop prolonged anoxic conditions necessary for substantial
phosphate release from sediments, other than in cases where they are highly nutrient-
enriched or with a sufficiently long water retention time (Correll, 1998). P uptake,
turnover and regeneration times in streams can be on a shorter scale
(seconds/minutes/hours) than those in lakes (Mulholland et al., 1997). P retention
within rivers not only influences the magnitude and timing of P delivery to downstream
aquatic systems, but can also modify the transported form of P, thereby affecting its
bioavailability and ecological impact (Withers & Jarvie, 2008). P retention within
riverine systems arises from a combination of biogeochemical and physical processes
that act to temporarily remove or transform P during its downstream transport, thereby
creating opportunities for both biotic uptake and abiotic assimilation (e.g. sediment
adsorption or precipitation; Withers & Jarvie, 2008). These retention processes
support ecosystem functioning by sustaining productivity in nutrient-poor headwaters
and buffering anthropogenic P inputs during sensitive periods such as summer low
flows (Triska et al., 1989; Svendsen et al., 1995).
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2.8. The role of organic phosphorus in river-lake P
biogeochemistry

Much past monitoring and research work has focussed on the importance of reactive
P within freshwaters, in which reactive P has often been used as a surrogate for
immediately bioavailable P. Bioavailable P represents those forms of P with the
potential to be transported across a cell membrane and enter the intracellular
environment to meet metabolic demand for P. Predominantly, although not exclusively,
this is the orthophosphate ion. There is now increasing recognition of the potential
importance of non-soluble reactive forms of P within freshwater ecosystems.
Operationally, soluble non-reactive or soluble unreactive P (SUP) represents all forms
of P that are <0.45 pym in size and do not react with the acidic molybdate reagent
commonly used in colourimetric determination of SRP. Soluble unreactive P is
sometimes conflated solely with organic P compounds. However, in the absence of
direct quantification of individual organic P compounds, SUP is a surrogate measure
of organic P concentration and can be prone to error. However, it is the case that a
substantial proportion of SUP will likely be comprised of organic P compounds,

containing C and P atoms alongside a range of other elements in the same molecule.

It is now increasingly recognised that research is required that focuses on the
importance and dynamics of OP in aquatic environments, including evaluation of the
fate and impacts of specific OP compounds or categories of OP compounds. For
example, where the availability of orthophosphate is too low to meet metabolic
demand for P, alternative sources of P may be accessed in order to yield bioavailable
orthophosphate. Particulate forms of P require initial solubilisation in order to produce
forms of P that are able to enter the intracellular environment. However, even after
solubilisation, most organic P compounds are too large for direct diffusion across
cytoplasmic cell membranes (Liang and Blake, 2006). Therefore, organic P must be
hydrolysed through enzyme-mediated reactions involving phosphohydrolases that are
either attached to the outside of a cell membrane or are secreted by organisms into
the extracellular environment (Liang and Blake, 2006). These hydrolysis reactions
cleave P-O bonds and release orthophosphate as a by-product that can subsequently
be transported into a cell via diffusion or via ATP-driven pumps or transport proteins.
Therefore, the role of OP within river-lake networks may be important not only as a

26



component of P fluxes through these freshwater ecosystems, but also in terms of
understanding how metabolic demands for nutrient resources within river-lake

networks can be met.

Phosphorus is an essential component of nucleic acids and many intermediary
metabolites, such as sugar phosphates, phospholipids, nucleic acids, and inositol
phosphates Among these, the major bioavailable organic phosphorus (BOP) is
monoester P and diester P (Copetti et al.,, 2019; Ni et al., 2019). Ni et al. (2019)
concluded that stable DOM structure is responsible for decreasing the degradation
and release of diester P. On the contrary, increasing algal biomass has been reported
as promoting the degradation of diester P, suggesting that increases in algal
production may be a potential contributor to enhanced releases of OP and increased

eutrophication risk in downstream ecosystems.

2.9. Nitrogen cycles in rivers and lakes

The intensification of eutrophication risks in surface waters that has been observed in
recent years is associated not only with increased loads of phosphorus (P), but also
of N entering aquatic ecosystems. In this context, human activity, driven primarily by
increasing global demand for food production, has approximately doubled the input of
reactive N into the Earth’s ecosystems (Gruber & Galloway, 2008). However, much of
this N is ultimately lost, either to the atmosphere as gaseous N or to aquatic
ecosystems via surface or subsurface pathways, via a range of export processes that
are controlled by many environmental factors (Janicka et al., 2022). Similarly to P, a
wide range of sources of reactive N may influence nutrient availability within receiving
waters, including wastewater, diffuse urban and agricultural pollution, and atmospheric
deposition. Despite this, understanding of N transfer through freshwaters remains
perhaps the most poorly constrained among the macronutrients, and there remains an
urgent need to better understand the fate of N during transfer through these freshwater

interfaces (Maranger et al. 2018).

Dissolved N in aquatic ecosystems exists in various forms, primarily as NO3~, but also
as nitrite (NOz27), ammonium (NH4"), and organic nitrogen (ON). Organic nitrogen
typically arises from the decomposition of organic matter and is converted to
ammonium through mineralisation. Ammonium may then undergo nitrification, a
microbial oxidation process that sequentially transforms it into nitrite and then NO3.
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Among these forms, NOs is the most prevalent in freshwater due to its high solubility
and mobility, being commonly derived from both nitrification and the application of
nitrogen-based fertilisers (Causse et al., 2015). Once in aquatic environments, NO3"
can be assimilated by primary producers, reduced to gaseous nitrogen via
denitrification, or converted back into ammonium through dissimilatory reduction to

ammonium under anoxic conditions (Robertson & Groffman, 2007).

2.10. Coupled biogeochemical cycles of C and N under
anthropogenic influence

The acceleration of the reactive N cycle by anthropogenic activity is coupled with
parallel alterations to the cycles of many other elements, most notably those of
phosphorus, sulphur and C (Falkowski et al., 2000). The acceleration of the global C
cycle is in part linked to perturbations of the global N cycle. For example, the
atmosphere plays an efficient role in dispersing N oxides and ammonia generated from
energy and food production, which are subsequently deposited in bioavailable forms
that stimulate plant growth and enhance terrestrial as well as marine C uptake from
the atmosphere (Gruber & Galloway, 2008). The coupled cycles of C and N are a
direct consequence of the presence of metabolic processes supporting life, leading to
fundamental coupling of the elemental cycles of C, N, and other elements at the
molecular level, driven by the biological necessity of organisms to acquire these
elements for tissue formation. This coupling operates through specific elemental
stoichiometries, whose magnitude and variability influence both the rate and degree
of integration among biogeochemical cycles (Sterner & Elser, 2003). For example, the
C/N ratio of the autotrophic phytoplankton remains relatively consistent, whilst the
more variable and generally higher C/N ratios are observed in terrestrial plants (Gruber
& Galloway, 2008).

2.11. Impacts of seasons and trophic states on nutrients cycling
in river-lake networks

Season is a significant factor influencing lake processes such as nutrient cycling,
nutrient limitation, trophic control, productivity, precipitation and water temperature
(Brown et al., 2004; Deng et al., 2019; Griffith & Golder, 2020; McCann et al., 1998).
In dimictic lakes, stratification in summer and winter typically reduces water-column
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mixing, N fixation, and sediment phosphorus release, whereas spring and autumn
turnover promote vertical mixing, sediment—water exchange, and microbial activity
(Selig & Schlungbaum, 2003). These seasonal dynamics generate distinct nutrient
patterns, with higher TN in spring and winter, but elevated TP in summer when
sediment P release is enhanced (Xu et al., 2017; Wang et al., 2019). Such processes
illustrate the importance of internal loading, which often sustains eutrophication and
slows water-quality recovery despite reductions in external nutrient inputs (Janssen et
al., 2019; Tong et al., 2019).

Seasonal variation is also reflected in the composition and transformation of DOC and
POC. Sources of lacustrine POC generally include autochthonous POC, terrestrial
POC, resuspended sediment POC, and bacterial POC (Zigah et al., 2012, 2017).
These sources exhibit distinct seasonal patterns, particularly under regimes of winter
mixing and summer stratification, with autochthonous POC dominating during mixing
and contributing more strongly to the epilimnion than to the hypolimnion (Chen et al.,
2018). Inlets may contain higher concentrations of DOC during snowmelt than their
lakes, as a result of increasing runoff discharge in the catchment and dilution in lakes
(Cory et al., 2007), whereas summer DOC (e.g. nonhumic quinone-like and amino
acid-like fluorophores) can be degraded by UV photolysis, adsorption to sediments,
and heterotrophic uptake (Miller & McKnight, 2010). Different fractions of DOC display
seasonal contrasts, with relatively low concentrations of BDOC during summer and
extremely low labile DOC (LDOC) during spring and summer, whereas semi-labile
DOC (SDOC) and BDOC were considerably enriched during summer and fall (Bai et
al., 2023; Zhou et al., 2021). However, mixing of terrestrial inputs with low lability may
buffer DOC variability, resulting in mild seasonal differences between the dry and wet
seasons (Mao & Li, 2019). Phytoplankton blooms further modulate C cycling,
generating DOC during bloom and post-bloom periods (Begum et al., 2023; Bai et al.,
2023). These studies highlight that external hydrological inputs and internal
biogeochemical processes jointly drive the temporal variability of C pools in lakes.

The ecological consequences of these seasonal cycles differ across lakes of
contrasting trophic status. In summer, increasing denitrification typically results in low
NOs" concentration, whereas P within the sediment positively corresponds with TP
concentration. Seasonal stratification variation influences the interactions among
sediments, water and organisms, driving cycling processes of N and P. However, lake
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water has intensive turnover during spring and autumn, which is fundamental to
impeding stratification. In eutrophic systems such as Lake Taihu and Lake Mendota,
strong internal P release under summer stratification sustains phytoplankton blooms,
whilst high grazing pressure and nutrient enrichment jointly regulate phytoplankton
communities (Vanni & Temte, 1990; Wang et al., 2019). By contrast, in oligotrophic
lakes, where external nutrient supply is low and internal recycling is weaker,
phytoplankton productivity is often nutrient-limited and less responsive to seasonal
stratification. Mesotrophic lakes occupy an intermediate state, with moderate seasonal
variation in nutrient limitation and primary production (Finger et al., 2013; Rogers et
al., 2020; Schulhof et al., 2019). Nutrient concentration and stoichiometry could control
the nutrient limitation of primary producers, thereby affecting the bottom-up effect
(Elser et al., 2000).

Meteorological factors such as precipitation further modulate seasonal nutrient
dynamics by altering hydrological inputs and retention time. It has been demonstrated
that increased runoff in the Maumee River basin enhances P delivery to Lake Erie
during wet periods, intensifying productivity (Stow et al., 2015). Similarly, dissolved
organic matter (e.g. DOC and DON) shows marked seasonal and spatial variation
between inlets and outlets, reflecting hydrological controls on nutrient delivery and
transformation (Kang et al., 2016). Overall, seasonal and trophic status interact to
shape the timing, magnitude, and pathways of C, N, and P cycling in lakes, with
eutrophic systems generally exhibiting stronger internal feedbacks than oligotrophic
systems. These interactions are critical for understanding nutrient dynamics within
river—lake networks and constitute the basis for the research questions explored in this

thesis.

Recent research in Lake Malawi provides a notable example of how internal
phosphorus dynamics can influence C fluxes in large tropical lakes. Based on
observations of pCO2 exchange, chlorophyll concentration, and carbon-to-phosphorus
(C:P) ratios in upwelled waters, Ngochera and Bootsma (2020) concluded that Lake
Malawi behaves as a net autotrophic system, in contrast to other large lakes such as
Lake Superior. This autotrophic tendency appears to stem from the lake’s meromictic
structure and anoxic deep waters, which facilitate P mobilisation whilst limiting OC
remineralisation at depth. The upwelling of P-enriched deep water into P-depleted
surface layers stimulates phytoplankton growth, thereby enhancing atmospheric CO2
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uptake. Such findings highlight the critical role of internal nutrient cycling and vertical

mixing in modulating the metabolic balance of deep tropical lakes.

It is widely recognised that changes in inflow, outflow, water level and resulting water
retention time also directly affect the cycling of nutrient elements within lakes. Soares
et al. (2012) demonstrated that variability in biomass in Funil Reservoir is strongly
correlated with water retention time. Precipitation directly impacts stream discharge,
in turn, it determines the water retention time of the lakes, especially for short retention
time lake systems (Jones & Elliott, 2007). For example, Grasmere is a lake located in
the English Lake District with an approximate 30-day retention time. Reynolds & Lund
(1988) describe how the populations of phytoplankton in Grasmere could be
significantly altered during periods of heavy rainfall, with subsequent consequences
for nutrient cycling within the lake. Further, Talling (1993) hypothesised that the
different chlorophyll-a concentrations between Blelham Tarn and Esthwaite Water,
two lakes with similar mean depth, light penetration and nutrient availability, in winter

could be explained by differences in water retention time between these two systems.

The aim of this chapter has been to synthesise knowledge regarding key factors that
control the cycling of C, N and P across river-lake networks, including those related to
the sources, mobilisation, transport and fate of these elements. Further, the chapter
has introduced the importance of seasonal variation within natural lakes, of the trophic
status of natural lakes, and of water residence time within natural lakes for determining
the influence of natural lakes on C, N and P cycles. However, despite the conceptual
development of the river-lake network framework by Jones (2010), key empirical tests
of this framework remain to be undertaken. In this context, Chapter 3 that follows
describes a programme of empirical field and laboratory research designed to address

the following core research questions within this thesis:

1. How do natural lakes within river-lake networks alter the concentration and
speciation of the coupled macronutrient elements C, N and P during transport
through these freshwater ecosystems?

2. How does the impact of natural lakes on C, N and P cycles within river-lake
networks vary through the ecologically critical spring-summer season?

3. To what extent does the impact of natural lakes on C, N and P cycles within
river-lake networks depend on lake trophic status and/or average annual water

residence time?
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Chapter 3: Influence of Seasonal Variation and Trophic

State on Nutrient Dynamics in River—Lake Networks
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3.1. Methodology

3.1.1. Selection of river-lake networks for field programme of research

Catchments selected for the research reported in this thesis included two contrasting
lakes and four associated rivers located at both the inlets and outlets of these lakes.
The resulting two river-lake networks were located in catchments within the
northwestern and southeastern English Lake District (ELD), Cumbria, UK, hereafter
termed the Ennerdale-network and the Esthwaite-network (Fig. 7, Table 1). These
networks comprised sampling sites located across main inflow and outflow rivers as
well as within two natural lakes, with each river—lake network containing a single
natural lake discontinuity in the network. The research reported in this thesis employed
a synoptic sampling strategy to capture near-instantaneous snapshots of
biogeochemical conditions within each river—lake network. This sampling strategy
allowed the research to address the main objective of the thesis, which was to
investigate how natural lakes influence the biogeochemistry of river-lake networks
across upstream-to-downstream river reaches, focussed on contemporaneous

changes in a network context.

The Ennerdale Water is characterised by steep topographical relief, particularly along
its southern perimeter, which imposes significant logistical constraints on fieldwork.
Consequently, accessible areas for sampling are restricted to the north-western and
northern shores (Fig. 7). The northern reaches of the catchment are partially utilised
for forestry. The catchment is predominantly occupied by acid grassland, followed by
coniferous woodland and heather comprising the secondary and tertiary land cover
types, respectively (Fig. 6). This composition suggests a landscape dominated by

semi-natural vegetation and relatively low nutrient loading from the surrounding terrain.

In contrast, the Esthwaite Water occupies a more subdued landscape with gentle
altitudinal gradients, which facilitated more extensive anthropogenic development,
with dense human settlements concentrated primarily in the north (the primary inflow
passing through) and the south-east. The catchment is dominated by improved
grassland, indicating a higher degree of agricultural intensification compared to the
Ennerdale Water. This is followed by broadleaved woodland and coniferous woodland,

reflecting a more managed and nutrient-enriched terrestrial environment.
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The two study sites are situated in close proximity within the Cumbria (UK), and thus

experience a comparable temperate maritime climate.

Table 1. Lake and associated catchment characteristics for the two river—lake
networks used in the research reported in this thesis (adapted from Maberly et al.,
2016).

Lake Ennerdale Water Esthwaite Water
Lake trophic states Oligotrophic Mesotrophic
Mean total phosphorus (mg m3) 5.6 35.8

Mean chlorophyll-a (mg m-3) 0.9 19.1
Maximum phytoplankton 1.2 32.7
chlorophyll-a (mg m3)

Lake surface area (km?) 3.0 1.0

Mean Depth (m) 17.8 6.9

Volume (m3 x 108) 53.2 6.7

Approx. mean retention time (d) 200 100

Main inflow river River Liza Black Beck
Main outflow river River Ehen Cunsey Beck
Catchment area (ha) 4346.25 1700.75

The two lakes (Ennerdale Water and Esthwaite Water) were selected to span a range
of average water residence times, trophic states, and broader lake and catchment
characteristics (Table 1). Identifying two contrasting river-lake networks was important
in order to address the research questions at the heart of this thesis, particularly how
lake trophic status influences the changes introduced by natural lakes to C, N and P
biogeochemistry in river-lake networks. Both catchments are affected, but to varying

extents, by anthropogenic activity including atmospheric deposition of nutrients,
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agricultural production, and resident/visitor human population (Fig. 6). In particular, the
catchment of Esthwaite Water is associated with a much greater proportion of
improved grassland than the catchment of Ennerdale Water, reflecting increased
intensity of agricultural production within the Esthwaite Water catchment. Whilst still
low in absolute terms, the greater area of urban and suburban land within the
catchment of Esthwaite Water compared to Ennerdale Water reflects the larger
resident and visitor population within the catchment of Esthwaite Water. Increased
agricultural intensity and elevated pressure from higher resident and visitor
populations contribute to greater nutrient enrichment of Esthwaite Water compared to
Ennerdale Water, as reflected in the trophic status, total P and chlorophyll-a data
reported in Table 1. Indeed, Esthwaite Water is widely recognised as one of the most
nutrient-enriched lakes within the ELD, providing a strong contrast with the oligotrophic

status of Ennerdale Water.

6.10 % Broadleaved woodland
17.40 % Coniferous woodland

0.70 % Arable and horticulture
ISG0SMMMM mproved grassiand

2.20 % Rouah arassland
Ennerdale Acid grassland
Water 17.20 % Heather
Heather grassland
Bog
10.60 % Montane habitats

5.70 % Inland rock

720% Freshwater
0.40 % Urban

Broadleaved woodland
Coniferous woodland
Arable and horticulture
Improved grassland

Esthwaite Rough grassland

Water 3.60 % Acid arassland
- Heather

Heather arassland

5.7 Freshwater
0.20 % Urban

1.50 % Suburban

Fig. 6. Land use data within the catchments of Ennerdale Water and the Esthwaite
Water. Contains public sector information licensed under the Open Government

Licence v3.0

Individual sampling sites were selected along river reaches according to their position

relative to the natural lakes within the river-lake networks (Fig. 7). Within the Esthwaite
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network, one sampling site was located on the main inflow river to the lake (Black
Beck), which drains >50% of the lake’s total catchment area (Maberly et al., 2011).
This site was positioned approximately 693 metres upstream of the discharge of the
river into the lake, and upstream of Hawkshead wastewater treatment works that
discharges final treated effluent into Black Beck downstream of the sampling site used
in this thesis and before the beck discharges into Esthwaite Water. Therefore, the
Black Beck sampling site used in the research reported here characterises river
biogeochemical conditions as determined by the upstream catchment, before any
significant impact of effluent from the wastewater treatment work. The configuration
ensures that the baseline hydrochemical signature of the catchment is captured, which
is comparable with the counterpart, facilitating a more nuanced understanding of how
land use governs the nutrients into the lacustrine system. In addition to a sampling site
on the shore of Esthwaite Water itself, three further sampling sites were located on the
outflow river (Cunsey Beck) at approximately 35, 1370, and 2850 metres downstream
of the outflow from Esthwaite Water, respectively. Within the Ennerdale network, one
sampling site was located on the main inflow river to the lake (River Liza),
approximately 681 metres upstream of the point at which the river discharges into the
lake. In addition to a sampling site on the shoreline of Ennerdale Water itself, three
further sampling sites were located on the outflow river (River Ehen) at approximately
47, 1320, and 3760 metres downstream from the outflow of Ennerdale Water. Lake
surface water samples from both Ennerdale Water and Esthwaite Water were
collected at locations near to the lakeshore and away from the influence of major
inflows or the outflow. Within both the Ennerdale and Esthwaite networks, multiple
sampling sites were located on the outflow rivers from each lake. This enabled an
assessment to be made of the extent to which changes in C, N or P biogeochemistry,
driven by the natural lake, persisted within the outflow river, as opposed to being over-
printed by processes within the river or by nutrient inputs from the surrounding
catchment that occurred downstream of the lake.
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Fig. 7. The two river—lake networks and individual sampling sites used in the research

reported in this thesis. (a) Overview of the English Lake District, UK. Sampled river—

lake networks are highlighted in blue. (b) Esthwaite Water network with sampling

locations identified along the main inflow river (Black Beck), on the shoreline of

Esthwaite Water, and along the outflow river (Cunsey Beck). The river flow station is

near the Cunsey Beck 2 sampling site; (c) Ennerdale Water network with sampling

locations identified along the main inflow river (River Liza), on the shoreline of

Ennerdale Water itself, and on the outflow river (River Ehen). The river flow station is

near the Ehen 1 sampling site. This resource is made available under the Open

Government Licence v3 (OGL). Contains OS data Crown Copyright and database right

2025. Contains data from OS Zoomstack. Contains OS data Crown Copyright and
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database right 2023. Contains data from OS Zoomstack. Contains data supplied by
UK Centre for Ecology & Hydrology. Contains Ordnance Survey Data.

Fig. 8. Images providing overview of channel and riparian conditions at sampling sites
used in the research reported in this thesis: (a) River Liza, (b) Ennerdale Water, (c)
Ehen 1, (d) Ehen 2, (e) Ehen 3, (f) Black Beck, (g) Esthwaite Water, (h) Cunsey Beck
1, (i) Cunsey Beck 2, (j) Cunsey Beck 3.
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3.1.2. Field programme of water sample collection

Water samples for a wide range of water quality analyses designed to address the
research questions within this thesis were collected from the individual locations in the
river—lake networks described in Section 3.1.1 on an approximately monthly basis from
March 2025 to August 2025 (25" March, 10" April, 29t April, 51" June, 3™ July and
31st July, respectively). This sampling period was deliberately designed to capture
variation in the impacts of natural lakes on C, N and P biogeochemistry within river
networks as driven by seasonal changes in key controlling factors within lakes,
including phytoplankton community composition, rates of primary production, and
extent of stratification. In particular, sampling across the spring to late summer period
in the Ennerdale and Esthwaite networks was designed to capture spring and summer
increases in diatom and other planktonic algal production, alongside substantial
increases in water temperature and day length. These factors were expected to drive
significant changes in C, N and P cycling within the lakes, with potentially important
consequences for the biogeochemistry of downstream rivers fed by outflow from these

lakes.

On each sampling date, water samples were collected from every river and lake
location within both the Ennerdale and Esthwaite networks on the same day, in order
to minimises any changes across the networks that may have been caused by
fluctuating weather conditions if sampling windows had been extended. River samples
were collected from road bridges or footbridges using a HDPE sample bottle
connected to a rope, enabling water to be collected from well-mixed areas of the flow
without disturbing the river bed sediments. The HDPE sample bottle was rinsed with
water from each site three times to avoid any cross-contamination between sites,
before being filled again for sample collection. Water temperature, electrical
conductivity (EC) and pH were measured on unfiltered samples immediately after
collection in the field using handheld probes and meters (WTW 3420 and WTW 340i;
Xylem, Inc., Washington, DC, USA). Water samples for analysis of DOC, nitrate [NO37],
nitrite [NO2], ammonia [NHs], and SRP concentrations were then immediately filtered
in the field using 0.45 um surfactant free cellulose acetate (SFCA) syringe filters. The
SFCA filters were deliberately selected in order to minimise blank concentrations of
DOC that can be released from other filter materials (Karanfil et al., 2003). Prior to

each sampling event, SFCA syringe filters were cleaned by passing >50 mL of >18.2
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M Ohm milliQ water through each filter to waste. Cleaned filters were then stored in
sealed bags before use. Unfiltered water samples were collected for total organic C
(TOC), particulate organic C (POC), TN and TP analyses. For the method detection
limit (MDL), please see Supplementary Information (SI, Table S2 - S7 and S10 - S13)
All the samples collected in the field were immediately stored and transported in the
dark within cool boxes with ice packs to minimise sample degradation, before being
transferred to storage in the dark at 4 °C within the laboratory before analysis. For
stable isotope analysis of particulate organic matter, unfiltered water samples were
collected directly into pre-combusted 1 L glass bottles and stored prior to laboratory
processing. To ensure data quality, field blanks were taken during each sampling visit
for C, N, and P analyses. Samples designated for DOC analysis were stored in pre-
combusted amber glass vials, in order to minimise potential contamination from
background DOC and to prevent photodegradation during storage and transport. By
contrast, samples intended for N and P analyses were transferred into acid-washed
high-density polyethene (HDPE) centrifuge tubes, which are inert and suitable for

nutrient determinations.

3.1.3. Nutrient concentration and speciation, DOC quality, and

particulate organic C and N isotope measurements

The concentrations of NO27, NOs", NHs, TN, TDN, TP, total dissolved phosphorus
(TDP) and SRP in water samples were analysed colourimetrically on an AQ2 Discrete
Analyser (SEAL Analytical; Mequon, WI, USA). Analysis of NO2" was based on the US
Environmental Protection Agency (USEPA) method 353.2, the reaction of NO2™ with
sulfanilamide. NO3s™ was analysed by the same method after reduction to NO2" using
a copperised cadmium coil. Concentrations were calculated as the difference between
NO2" measurements with and without cadmium reduction. TDN was measured by
acidic persulphate digest to NO3™ followed by cadmium reduction and reaction with

sulfanilamide as described earlier. NHs* was determined following USEPA Method
350.1, in which ammonia reacts with hypochlorite and salicylate at alkaline pH.
Concentrations of TN, TDN, TP and TDP were analysed by the USGS (US Geological
Survey) protocols, with BGC_SOPO008 for TN and TDN, and BGC_SOP012 for TP and
TDP. In both cases, all forms of inorganic and organic N were oxidised to nitrate and

all forms of inorganic and organic phosphorus were hydrolysed to orthophosphate by
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digestion. TN and TP analyses were performed on unfiltered samples, whereas TDN
and TDP analyses were conducted on samples filtered through 0.45 pym syringe
membranes. Finally, analysis of SRP was equivalent to USEPA Method 365.1, in
which phosphate ions react with an acidic molybdate reagent to form an antimony-

phosphomolybdate complex, which is chemically reduced by ascorbic acid.

Dissolved organic carbon (filtered samples) and TOC (unfiltered samples)
concentration measurements were performed on a Sievers InnovOx ES Laboratory
TOC Analyser by oxidising organic compounds to CO2z at high temperatures in a
sealed reactor. Spectrophotometric characterisation of DOC was undertaken by
measuring the absorbance of samples across the UV-Visible light range, using a
Jenway recording spectrophotometer (model 7315). Absorbance measurements were
made at a 1 nm resolution between 200 and 800 nm using a 10 mm quartz cell. All
sample spectra were referenced to a blank spectrum of milli-Q water. To minimise
temperature effects on spectrophotometric measurements, all samples were allowed
to reach laboratory temperature prior to measurement. All absorbance data in this
thesis are expressed as absorption coefficients, a(A), in units of m™'. SUVA2s4 values
were determined by dividing the UV absorbance measured at A = 254 nm by the DOC
concentration and are reported in the units of litre per milligram C per meter (Weishaar
et al., 2003).

Unfiltered samples for stable C and N isotope analysis of particulate organic matter
were filtered in the laboratory through 25 mm diameter, Whatman GF/F glass fibre
filters. These filters had previously been combusted at 450°C for 6 hours to remove
any background contamination. Following sample filtration, filter papers were soaked
overnightin 10% volume:volume HCI solution, in order to remove any inorganic C from
the particulate material retained on the filter papers. Following the HCI treatment, filter
papers were washed with >200 mL of milliQ water to remove any residual HCI, then
dried to constant weight at 60°C. Dried filters were wrapped into tin capsules, which
were combusted in an Elementar Vario MICROcube elemental analyser at 950°C, and
isotopes were measured on an Isoprime100 Isotope Ratio Mass Spectrometer.
Calibration of C and N isotope ratios in samples used international standards
USGS41a and IAEAGOO, alongside a variety of in-house standards that are traceable
to international standards. In this thesis, N isotope data (§'°N) are expressed in per

mil notation (%) relative to the international standard of ‘Air-N2’, whilst C isotope data
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(6'3C) are expressed in per mil notation (%o) relative to the international standard
‘Vienna PeeDee Belemnite (VPDB)'.

To contextualise nutrient and isotope data, flow conditions and general
physicochemical parameters were assessed for each sampling date. Hydrographs
derived from gauging station records (Fig. 9) illustrate that the early part of the
sampling campaign (first three visits) was characterised by relatively low and stable
baseflow conditions, whereas the later part of the period included higher flow events,
most notably on 5" June, when sampling coincided with elevated river discharge

following substantial rainfall.

Spatial patterns of temperature, pH and electrical conductivity (EC) were examined
across inflow, lake, and outflow sites in both study networks. These parameters
provide important context for nutrient and C cycling. For example, consistent
downstream increases in temperature may indicate that lakes acted as thermal buffers,
exporting warmer water to connected rivers. Similarly, systematic shifts in pH or EC
from upstream to downstream may reflect lake-mediated changes in water chemistry,
with potential implications for nutrient solubility, microbial activity and biogeochemical
processing. Where observed, such differences were further evaluated to determine
whether they persisted in the outflow rivers compared to inflowing streams, thereby
highlighting the extent to which lakes influenced physicochemical regimes within the

river—lake networks.
3.2. Results

3.2.1. Changes in DOC pools driven by lake discontinuities within river

networks

In all samples collected from lakes and rivers for the research reported here, the TOC
pool was dominated by DOC, with DOC accounting for between 78 % and 100 % of
the TOC concentration and reaching a maximum of 1.52 and 3.12 mg C/L in the
Ennerdale-network and Esthwaite-network, respectively. The average concentration
of DOC within Black Beck, the main inflow river to Esthwaite Water, was 1.95 mg C/L
across all samples collected as part of the research reported here, substantially higher
than the average DOC concentration of 0.56 mg C/L within the River Liza, the main

inflow river to Ennerdale Water. The concentration of DOC within two river-lake
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networks showed a general tendency to increase from spring to summer, with
maximum concentrations in the lakes of each network observed in samples collected
on the final sampling event (315t July 2025), increasing by 61% and 110% compared
to the first samples collected from Ennerdale Water and Esthwaite Water (25" March)

respectively (Fig. 9).

a [ ]Lizal_]Ennerdale[_]Ehen 1 |Ehen2[_ ]Ehen3 b [ ]B.B[_ ]Esthwaite_ |C.B.1__|CB.2[_|C.B.3

351
1.6
) M ) M
3 8 3.0+ |
Q 1.4 H a M
z - g o w
= 1.2 _ Ml =254 L
1) o L
[=)] Mmoo m o -
E 104 M T E20- s
c c
208+ 2
g S15+
& 0.6 @
2 2 1.0
S 044 8
8 8 os
a 02+ a
0.0 T T T T T T 0.0 T T T T T T
2025/3/25 2025/4/10 2025/4/29 2025/6/5 2025/7/3 2025/7/31 2025/3/25 2025/4/10 2025/4/29 2025/6/5 2025/7/3 2025/7/31
—— Water Discharge —— Water Discharge
c m DOC Concentration d m DOC Concentration
k15 .
12 4 ) )
o 28O
— L14 @ _ Q
@ 10+ = ) =
o — ) -
£ L13 D £ L26 2
o 8- E ) CE
=4 c = c
@ o [ o
< F12 S < =
g o £ g 24 8
e L4118 e g
8 4 . e g g
© Q © o
= (&) = F22 O
2 L1000 I%)
_E 8 8
- .
0 0.9 20
N T 05 b D oqlD 2P T o® oo
022, 190 \4 V4 0% 02" 020 4 190% 0% V4 0% N\
ls.osl‘lwmml ?B,QM'L 06“36.7' 0,5\01\1 3,\‘0111 15.0'3,!‘1’\0\@\1 7,9!0“1 05.0@7— 0,5‘0112 3,\‘0111
e f
80 80 -
50 50 4
£ 40 - £ 40
E £
| = [ =
i=] 10 i=] 30
w® w ]
= =
o o
G S
;Lf 20 4 g 20
10 10 - (\r\
] ﬂ | A A
0 T 0 T

T T T T | T T I
Apr 2025 Mav 2025 Jun 2025 Jul 2025 Aug 2025 Apr 2025 Mav 2025 Jun 2025 Jul 2025 Auag 2025

Fig. 9. Average DOC concentrations in the Ennerdale Water-network (a) and the

Esthwaite Water-network (b) from spring (March and April) to summer (June and July)
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2025; water discharge (Q) hydrograph for the River Ehen and Cunsey Beck sample
sites at the outflow of Ennerdale Water into the River Ehen and Esthwaite Water into
Cunsey Beck for sampling periods versus DOC (c and d). NPOC values are reported
here as equivalent to DOC, since the non-purgeable organic C measured by TOC
analysis corresponds to the DOC fraction after removal of inorganic C. B.B. represents
the sampling site Black Beck, and C.B.1-3 represents the sampling sites Cunsey Beck
1-3. Daily total rainfall (mm) time series for the Ennerdale Water network (e) and for
the Esthwaite Water network (f) from 22" March to 3™ August. Due to the absence of
a rainfall station in close proximity to the Esthwaite Water itself, precipitation records
from the Tower Wood Rainfall Station, located about 5 km away, were employed as a
proxy. Contains public sector information licensed under the Open Government

Licence v3.0.

Table 2. Water residence time (Maberly et al., 2016) and changes in DOC absolute
concentrations as well as percentage changes in lakes compared to main inflow rivers
(DOC changes = [(D0Ciake~DOCinfiow)/DOCinfiow] * 100%).

Lakes Ennerdale Water Esthwaite Water

Average annual water 200 100

residence time (d)

Sampling date Percentage Absolute changes in  Percentage Absolute changes in

changes in DOC
from inflow to

DOC from inflow to
lake (mg C/L)

changes in DOC
from inflow to

DOC from inflow to
lake (mg C/L)

lake (%) lake (%)

25" March 187% 0.60 23% 0.375
10" April 135% 0.54 39% 0.54
29t April 192% 0.67 14% 0.245
5% June 5.8% 0.06 -3.7% 0.1
31 July 68% 0.52 22% 0.5
31st July 192% 1.00 66% 1.24
Average values 130% 0.56 26% 0.47
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Concentrations of DOC within lakes often differed very substantially compared to main
inflow river sites immediately upstream. On average, the magnitude of these changes
was greater for Ennerdale Water compared to Esthwaite Water, when expressed as
both a proportion of the DOC concentration and the absolute concentration changes
within the main inflow river. In the vast majority of sampling events reported here, the
natural lakes acted as sources of DOC to downstream rivers, with concentration
increases on individual sampling events ranging from 6% to 192% of the concentration
within the main inflow rivers (Table 2). However, on 5" June 2025, this pattern was
reversed and Esthwaite Water acted as a sink of DOC that caused a 3.7% decrease
in concentration within the lake compared to Black Beck (Table 2). Whilst
concentrations in Ennerdale Water continued to be higher than in the River Liza on 5t
June, the magnitude of this increase was much reduced compared to other sampling
dates, reaching only 5.8% or 0.06 mg C/L (Fig. 9).

Within outflow rivers immediately downstream of the natural lakes (Ehen 1 and Cunsey
Beck 1), DOC concentrations remained at the same levels as within the lakes
(Ennerdale Water - Ehen 1: p= 0.344, a=0.05; Esthwaite Water - Cunsey Beck 1: p =
0.228, a=0.05). Moving further downstream within the outflow rivers, concentrations
of DOC remained relatively stable, with <10% change compared to the respective
lakes. Therefore, DOC concentrations over approximately 3760 m for the Ennerdale-
network and 2850 m for the Esthwaite network continued to differ significantly

compared to those within the main inflow rivers upstream of the natural lakes.

Both river-lake networks displayed similar seasonal patterns in which the
concentrations of DOC and TOC increased and peaked in early June in the two
upstream river sites, after which concentrations decreased. In contrast, DOC and TOC
concentrations in the lakes and downstream river sites continued to increase
throughout July (Fig. 9). A strong seasonal relationship between DOC concentration
and river discharge (Q) was also observed at sites from both the Ennerdale-network
and the Esthwaite-network, with elevated DOC concentrations in both the River Ehen
and Cunsey Beck observed during the late spring and summer period with increasing
Q after an early spring period of relatively low DOC concentrations at a time of low

and stable Q (Fig. 9c and Fig. 9d). For example, DOC concentrations were
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approximately 0.93 - 1.07 mg C/L (River Ehen) and 1.99 - 2.12 mg C/L (Cunsey Beck)
at low Q in spring, and increased later in the summer at higher Q to 1.17 -1.49 mg C/L
(River Ehen) and 2.40 - 2.91 mg C/L (Cunsey Beck).

SUVA2s4 ranged from 0.09-5.96 Lmg C' m™ (mean =4.03L mg C"' m™; n =60) and
varied with location, discharge and sampling date across the individual data points
(Fig. 10a and Fig. 10b). The Esthwaite Water-network typically exhibited higher
SUVA2s4 values (average across all sites and sample dates = 4.34 L mg C' m™)
compared to the Ennerdale Water-network (average across all sites and sample dates
=3.71 L mg C"' m™. SUVA2s4 values in the main inflow rivers within the two river-lake
networks showed similar seasonal patterns, with decreases in values in March and
April followed by increases in June and July, reaching maximum values of 5.04 L mg
C' m™in Black Beck and 5.96 L mg C”' m™ in the River Liza. SUVA2s4 values didn’t
exhibit a consistent trend related to Q either in the River Ehen or in Cunsey Beck.
Although SUVA254 decreased substantially in both outflow rivers during March and
April, values then remained relatively constant in Cunsey Beck whilst SUVA254

increased in June and July within the River Ehen (Fig. 10c and 10d).

Consistent with the patterns reported for DOC concentrations, SUVA2s4 varied
substantially between the main inflow rivers and the natural lakes in both the
Ennerdale Water-network and the Esthwaite Water-network. In the Ennerdale Water-
network, SUVA2s4 values were lower in the inflow River Liza than in Ennerdale Water
and in the outflow river between March and April, whilst the opposite pattern was
observed during June and July, where SUVA254 values decreased substantially from
the inflow to the lake as well as the outflow (Fig. 10a). The pattern of SUVA2s4 within
the Esthwaite Water-network was different, with SUVA2s4 values in the inflow river
being continuously lower than in the lake and the outflow river (Fig. 10b). Absolute and
proportional differences between the inflow river and the lake regarding the SUVA254
values were greater within the Ennerdale Water-network than the Esthwaite Water-
network (Table 3). Similar to DOC, the lake effect continued to have an impact on both
downstream rivers until at least the sampling sites located at River Ehen 3 and Cunsey
Beck 3.
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Fig. 10. Average SUVA2s4 in Ennerdale Water-network (a) and Esthwaite Water-

network (b) from spring (March and April) to summer (June and July); Water discharge

(Q) hydrograph for the River Ehen and Cunsey Beck sample sites at the outflow of

Ennerdale Water into the River Ehen and Esthwaite Water into Cunsey Beck for

sampling periods versus DOC (c & d). Contains public sector information licensed

under the Open Government Licence v3.0.
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Table 3. Changes in SUVA2s54 absolute values as well as percentage changes in lakes

compared to main

inflow rivers

(SUVA254

[(SUVA254lake-SUVA254inflow)/SUVA254 inflow] x 100%).

changes =

Ennerdale Water

Esthwaite Water

Sampling date Percentage
changes in
SUVA254 from
inflow to lake (%)

25 March 44%

10" April 66%

29" April 2981%

5" June “17%

3rd July -21%

31st July -27%

Average values 8.8%"

Absolute changes in
SUVA2s4 from inflow
to lake (Lmg C' m™)
1.38

1.66

2.57

0.68

0.96

1.62

0.39

Percentage
changes in
SUVA254 from
inflow to lake (%)

6.3%
15%
25%
-22%
-19%
-15%

-1.6%

Absolute changes in
SUVA2s54 from inflow
to lake (Lmg C'm™)

0.29
0.64
0.82
1.02
0.96
0.67

0.15

N.B.: * indicates the average value was calculated after excluding the 2981% value.

Average values of the a250 to a365 ratio were generally higher within the Ennerdale

Water-network (average across all samples = 6.11) compared to the Esthwaite Water-

network (average across all samples = 5.06). The 0250:0365 ratio didn’t show a strong,

consistent seasonal pattern in either river-lake network. Within the Ennerdale Water-

network, the mean a250:a365 ratio was 6.15 (minimum-maximum range = 3.62—10.0)

during spring, before decreasing somewhat during the summer to a mean value of

6.05 (minimum-maximum range = 3.78-13.67). In the Esthwaite Water-network, the

mean 0250:a0365 ratio was 5.02 (minimum-maximum range = 4.27-6.07) during spring,

before increasing to a mean value of 5.11 (minimum-maximum range = 4.14-5.83) in
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summer. There was also no clear relationship between 0250:a365 and discharge

within either the Ennerdale Water or Esthwaite Water networks (Figs 11c and 11d).

During five of the six sampling events, the a250 to a365 ratio was higher in the River

Liza compared to Ennerdale Water and in the River Ehen downstream of Ennerdale

Water (Fig. 11a, Table 4). In contrast, across all six sampling events within the

Esthwaite Water-network, the a250 to a365 ratio increased between the main inflow

of Black Beck and the lake, by an average of 0.68 across these events (Table 4). The

higher a250 to a365 ratio created by Esthwaite Water also generally persisted within

Cunsey Beck over the entire reach between sampling sites Cunsey Beck 1 and

Cunsey Beck 3.
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Fig. 11. Average a250/a365 in Ennerdale Water-network (a) and Esthwaite Water-

network (b) from spring (March and April) to summer (June and July); Water discharge

(Q) hydrograph for the River Ehen and Cunsey Beck sample sites at the mouth of the

River Ehen and Cunsey Beck for sampling periods versus a250/a365 (c and d).

Contains public sector information licensed under the Open Government Licence v3.0.
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Table 4. Changes in a250:0365 absolute concentrations as well as percentage
changes in lakes compared to main inflow rivers (a250:0365 changes=
[(a250:a3651ake=0250:0365inflow)/0250:0365inflow] X 100%).

Ennerdale Water Esthwaite Water

Sampling date Percentage Absolute changes in  Percentage Absolute changes in
changes in a250:a365 from changes in a250:a365 from
a250:a365 from inflow to lake a250:a365 from inflow to lake
inflow to lake (%) inflow to lake (%)

251 March -2.3% 0.12 5.6% 0.26

10" April -43% 4.29 21% 0.10

29 April -56% 5.36 25% 1.09

5% June -53% 4.60 27% 1.14

31 July 1% 0.40 31% 1.29

31st July -24% 1.84 3.8% 0.18

Average values -28% 2.63 16% 0.688

Further to the characterisation of DOC concentration and quality reported above,
elemental and stable isotope analyses were used to establish if signatures of natural
lake biogeochemistry were transferred to particulate organic matter within river-lake
networks. Across both the Ennerdale Water- and Esthwaite Water-networks, clear and
consistent changes in 8'3C within particulate organic matter were observed between
the major inflow rivers and natural lakes. Specifically, and other than one exception on
5% June in the Esthwaite Water-network, particulate organic matter became
substantially more depleted in §'3C (more negative values of §'3C) within the lakes
compared to the main inflow rivers (Fig. 12a and 12c). This effect was more
pronounced within the Esthwaite Water-network (average change in 8'3C between

Black Beck and Esthwaite Water = 3.19%0) compared to the Ennerdale Water-network
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(average change in 8'°C between River Liza and Ennerdale Water = 1.44%o).
Particulate organic matter with low &'3C continued to affect outflow rivers throughout
the sampled reaches downstream of both Ennerdale Water and Esthwaite Water,
although this pattern was more consistently observed within Cunsey Beck compared
to the River Ehen. Somewhat more elevated §'°N was observed within the Esthwaite
Water-network (average = 3.68%o0, maximum to minimum range = -1.61%o - 6.49%o)
compared to the Ennerdale Water-network (average = -1.06, maximum to minimum
range = -5.41%o - 5.89%0). In contrast to patterns for 8'3C, no clear or consistent
changes in 8'°N of particulate organic matter were observed between main inflow
rivers and the natural lakes (Fig. 12c and 12d).
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Fig. 12. Carbon isotope (3'3C) data for (a) Ennerdale Water network and (b) Esthwaite
Water network; N isotope (8'°N) data for (c) Ennerdale Water network and (d)
Esthwaite Water network. Carbon isotope data are expressed as per mil (%o) against
VPDE, N isotope data as per mil (%o0) again N2 in air. One standard deviation = ¢.1 %o
for 35N and ¢.0.3 %o for 5'3C.
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3.2.2. Changes in N pools driven by lake discontinuities within river

networks

In rivers immediately upstream of lake discontinuities, TN and TDN pools were
dominated by NOs" throughout the spring and summer, with NOs" responsible for
between 77% (River Liza) and 61% (Black Beck) of the TN concentrations and 82%

(River Liza) and 62% (Black Beck) of the TDN concentrations across all samples from

the main inflow rivers. The concentration of NO3 reached a maximum of 0.320 and
0.439 mg N/L in the River Liza and in Black Beck, respectively. The concentrations of
NOs in the River Liza tended to decline across the spring to summer period covered
by the sampling reported here, from a maximum of 0.320 mg N/L on 25" March to a
minimum of 0.179 mg N/L on 3™ July. In contrast, no consistent change in NO3z

concentration was observed within Black Beck.

Concentrations of NOs within lakes often differed very substantially compared to main
river sites immediately upstream (Fig. 13a and 13b), although these changes were
much more pronounced within the Esthwaite Water-network compared to the
Ennerdale Water-network (Table 5). Within the Ennerdale Water-network,
concentrations of NO3s™ within the lake were always within -16% or 0.043 mg N/L of
those within the River Liza. However, across the sampling events between 25" March
and 5" June 2025, concentrations of NO3~ within Esthwaite Water were consistently
above those within Black Beck, reaching a maximum difference of 92% or 0.289 mg
N/L on 25" March. These increases in NO3™ concentration were exported downstream
into Cunsey Beck, with elevated concentrations compared to Black Beck observed
along the entire sampling reach to site Cunsey Beck 3. During the final two sampling
events on 3 and 31t July, Esthwaite Water switched to become a substantial sink for
NOs. Concentrations within the lake decreased compared to the inflow river by a
maximum of 78% or 0.344 mg N/L across these two events. These lower NO3
concentrations were subsequently exported from Esthwaite Water into Cunsey Beck,
with concentrations in the outflow river never recovering to more than 53% of those
within Black Beck across the 2850m of the outflow river covered by sample sites

Cunsey Beck 1 to 3.
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Fig. 13. NOs concentrations within (a) Ennerdale Water-network and (b) Esthwaite

Water-network from spring (March and April) to summer (June and July).

Table 5. Changes in NOs™ absolute concentrations as well as percentage changes in

lakes compared to main inflow rivers (NOs™ changes = [(NO3™ lake"NO3 inflow)/NO3™ inflow]

x 100%).

Ennerdale Water Esthwaite Water

Sampling date Percentage Absolute changes in  Percentage Absolute changes in
changes in NOs=  NOgs  concentrations  changes in NOs®  NOs™ concentrations
concgntrations from inflow to lake concgntrations from inflow to lake
}‘;(i(r: (l(r)}jl)ow to (mg N/L) :‘;?(rg (l(r)z‘l)ow to (mg N/L)

25" March -4.1% 0.013 92% 0.289

10" April -6.9% 0.022 43% 0.166

29" April 8.7% 0.022 66% 0.166

5% June 16% 0.043 13% 0.044

31 July 2.2% 0.004 -55% 0.187

31st July -16% 0.032 -78% 0.344

Average values 0.07% 0.0003 13% 0.022

Concentrations of NH4* in the vast majority of samples analysed in the research

reported here were below the limit of detection and are not discussed further in this
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thesis. Concentrations of NO2" within the Ennerdale Water-network (Fig. 14a) were
low in all samples and showed no clear patterns within the river-lake network. However,
clearer patterns were observed within the Esthwaite Water-network (Fig. 14b).
Concentrations of NOz in the main inflow river Black Beck were generally low
(minimum to maximum range = 0.0009 to 0.0029 mg N/L, mean value = 0.0018 mg
N/L). However, concentrations increased substantially within Esthwaite Water on each
of the six sampling dates, ranging between 0.0039 and 0.0105 mg N/L (mean
concentration = 0.0069 mg N/L). Maximum concentrations were observed within
Esthwaite Water in March 2025, with a consistent pattern of decreasing NO2
concentrations in the lake across the spring-summer period. Within the outflow river
Cunsey Beck, NO,™ concentrations did not remain constant but instead decreased
consistently across sites Cunsey Beck 1 to Cunsey Beck 3, returning to or even falling

below concentrations observed within Black Beck.
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Fig. 14. NOz2 concentrations within (a) Ennerdale Water-network and (b) Esthwaite

Water-network from spring (March and April) to summer (June and July).

Dissolved organic nitrogen (DON) concentrations were calculated by subtracting NO3

concentrations from total dissolved nitrogen (TDN) concentrations.
Concentrations of DON within the Ennerdale Water-network were generally low
(Fig. 15a). Whilst concentrations of DON did appear to increase within the
lake compared to the main inflow River Liza, the concentrations of DON from
the lake shore site were not always observed at the first sampling site on
the River Ehen (River Ehen 1), making interpretation of the downstream
impacts of DON from Ennerdale Water difficult. Within the Esthwaite Water-
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network, the lake appeared to shift from a sink of DON during spring and
early summer to a substantial source of DON to the downstream river in samples
collected on 3 and 31" July. During these final two sampling events,
concentrations of DON in Esthwaite Water reached 188% of those in Black Beck.
These elevated concentrations of DON persisted throughout all three sampling
sites within Cunsey Beck, not returning to the concentrations observed in
Black Beck on either sampling date. No clear or consistent patterns within
either the Esthwaite Water-network or the Ennerdale Water-network were

observed in terms of TPN concentrations.
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Fig. 15. DON and TPN concentrations within (a and c) Ennerdale Water-network and
(b and d) Esthwaite Water-network from spring (March and April) to summer (June

and July).
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3.2.3. Changes in phosphorus pools driven by lake discontinuities within
river networks

Concentrations of SRP within the two river-lake networks analysed for the research
reported here were generally low (Fig. 16). Concentrations within the Ennerdale
Water-network were often below detection and no clear patterns were observed
through this river-lake network (Fig. 16a). In contrast, Esthwaite Water generally acted
as a SRP sink compared to Black Beck, with decreases in concentration ranging
between 0.001 mg P/L and 14% or 0.013 mg P/L and 93% (Fig. 16b). These lower
concentrations of SRP were exported from Esthwaite Water into Cunsey Beck, and
remained below concentrations within Black Beck throughout the reach to site Cunsey
Beck 3.
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Fig. 16. SRP concentrations within (a) Ennerdale Water network and (b) Esthwaite

Water network from spring (March and April) to summer (June and July).

Dissolved organic phosphorus (DOP) was calculated as the difference between total
dissolved phosphorus (TDP) and SRP ([DOP] = [TDP] - [SRP]). Across the two river-
lake networks, DOP concentrations maintained relatively stable levels both upstream
of the lakes and within the lakes themselves (Fig. 17a and 17b). Total particulate
phosphorus (TPP) was derived by subtracting TDP concentrations from TP, referring
to the phosphorus fraction associated with particles larger than 0.45 pm that are
captured on the filter. The majority of TPP concentrations were below the detection
limit in the Ennerdale Water network (Fig. 17c). Despite the availability of most data in
the Esthwaite Water network, no discernible patterns could be identified through either

river-lake network (Fig. 17d).
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Fig. 17. DOP and TPP concentrations within (a and c) Ennerdale Water network and

(b and d) Esthwaite Water network from spring (March and April) to summer (June

and July).
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Chapter 4: Discussion

59



The results reported in this thesis provide new insights into the changes introduced by
natural lakes, within a river-lake network context, to the concentration, quality and
speciation of C, N and P. The research has also considered the impacts of lake trophic
status and of time through the critical spring-summer seasons on the role of lakes in
the nutrient biogeochemistry of river-lake networks. The results reported here have
potentially important implications for understanding both the nutrient conditions within
river-lake networks, but also for the role of the freshwater interface in controlling the

fluxes of nutrient elements moving between terrestrial and marine ecosystems.

It is recognised that only the major inflow river for each of the two natural lakes could
be sampled within the research reported here: the River Liza for Ennerdale Water and
Black Beck for Esthwaite Water. This sampling design inevitably introduces limitations,
as it does not capture the full heterogeneity of all possible inflows to the lakes.
However, two main factors suggest that the selected inflow river sites are likely to
reflect the main upstream biogeochemical processes driving river-lake network
interactions. Firstly, the main inflow rivers that were sampled are the major contributors
to lake inflows, and thus provide representative upstream conditions. For example,
Black Beck alone drains ¢.55% of the total catchment area of Esthwaite Water
(Maberly et al., 2011). Secondly, minor inflows to each lake are believed likely to drain
sub-catchments with broadly similar C, N and P sources and inputs compared to the
major inflow rivers that were sampled, due to similar land use patterns and climate
conditions within what remain relatively small total catchment areas for both the

Ennerdale Water and Esthwaite Water networks.

As a preliminary point, the observation of temperature and pH indicates a consistent
trend where values at the inflows were predominantly lower than those within the lakes
and their outflows (Table S1). However, EC values were usually higher in the inflow
rivers. Data from three successive downstream sampling highlight the pronounced
regulatory influence of the lake, which effectively precludes the recovery to the inflow
conditions. These findings establish a foundation context for the subsequent analysis

of the primary parameters.
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4.1 Biogeochemical processes driving changes in C concentrations and

the quality of organic C in lake discontinuities

The DOC concentrations within Esthwaite Water and Ennerdale Water were relatively
low compared to the mean concentrations in other fresh waters in the UK and to the
European average DOC concentration of lakes (Lloyd et al., 2019; Toming et al., 2020).
In this broader context, the results reported in this thesis demonstrate that significant
changes in the concentration and speciation of C occur within lake discontinuities,
which are subsequently exported to downstream river networks (Figs. 9-11). The
natural lakes examined in the research reported here exerted a critical influence on
the DOC concentration and DOC quality within both the wider Esthwaite Water and
Ennerdale Water river-lake networks. Notably, across all three downstream sampling
sites within the outflow rivers fed by both lakes, DOC concentrations remained
relatively consistent with in-lake concentrations and never recovered to the same
concentrations as observed within the inflow rivers immediately upstream of each lake.
In contrast, within a river continuum without natural lake disruptions, abiotic and biotic
parameters and processes can display predictable longitudinal continuity, with
upstream conditions exerting significant control on those downstream given this linear
perspective (Jones, 2010). However, rather than simply transmitting upstream signals,
each lake established a new DOC concentration baseline that was exported and
persisted for a significant distance within the downstream river network. The patterns
revealed in Fig. 9 highlight the important role of lakes in biogeochemical processes
influencing the DOC cycle. Both lakes considered in the research reported here acted
as sources of increased DOC concentration across the spring-summer period, and
these increased concentrations were subsequently exported via outflows to the
downstream river network. These lake effects persisted within the downstream river
network over substantial distances, being detectable for at least 3.8 km within the
River Ehen downstream of Ennerdale Water and at least 2.8 km for Cunsey Beck

downstream of Esthwaite Water.

Despite substantial differences in both lake and wider catchment characteristics
between the Esthwaite Water and Ennerdale Water networks, a similar direction of
DOC change was imposed on the river networks by both natural lakes, resulting in
greater DOC concentrations within the river network downstream compared to

upstream of the lakes. However, these changes were more pronounced in the
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Ennerdale Water network, with a larger proportional change in DOC concentrations
between the lake and the inflow river immediately upstream of the lake, alongside
more stable DOC concentrations within the downstream river, compared to the
patterns observed within the Esthwaite Water network. Several processes could
account for these observations, including water residence time, optical conditions
within the lakes, and external inputs of C (Cardille et al., 2007). Ennerdale Water is an
oligotrophic lake but with a water retention time twice as long, a volume nearly eight
times greater, and a depth more than twice that of Esthwaite Water (Table 1).
Therefore, a longer hydraulic residence time within Ennerdale Water potentially
provides greater opportunity for photochemical and microbial transformations of
particulate organic matter to DOC, whilst lower light penetration across the entire water
column of Ennerdale Water focusses both photochemical reactions and
autochthonous DOC production within the near-surface water column, which is
subsequently exported to the River Ehen (Hanson et al., 2011; Reche et al., 2000).
However, these interpretations are not entirely consistent with research suggesting
that microbial and abiotic processes, such as photo-oxidation, drive the decomposition
of DOC, resulting in substantial CO2 emissions to the atmosphere which possibly
decreases DOC concentrations within lakes (Raymond etal., 2013). However, the
depth of Ennerdale Water could prevent radiation from reaching deep areas of the
water column, with this being an important determinant of the extent of DOC dynamics.
In contrast, despite Esthwaite Water being a mesotrophic lake with more intensive
biotic processes influencing the C cycle, the relatively small water volume and shorter
hydraulic residence time compared to Ennerdale Water likely supports more efficient
export of DOC from the upstream to the downstream river network, with smaller
proportional changes in DOC concentration, which aligns with the observations of
Toming et al. (2020).

Further, differences in the catchment characteristics and resulting infow DOC
concentrations may explain the varying magnitude of relative lake effects between
Ennerdale Water and Esthwaite Water. The Ennerdale Water-network is located in the
far northwest ELD, within a relatively remote catchment that is less strongly influenced
by human activity and associated external inputs to the freshwater network (Worrall et
al., 2017). In contrast, the catchment of Esthwaite Water encompasses higher-density

settlements, more intensive agricultural and forestry industries. These contrasting
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catchment characteristics result in clear differences in the concentrations of DOC
within the inflow rivers to both lakes (Fig. 9), consistent with a range of other research
(Carpenter, 2008; Chen et al., 2008; Mainstone & Parr, 2002; Worrall et al., 2018),
including research showing that the presence of forests consistently promotes DOC
export, with this effect being particularly pronounced when plantations are established
on drained peat soils to facilitate conifer growth (Williamson et al., 2021). Specifically,
concentrations of DOC within the Black Beck inflow to Esthwaite Water were
significantly higher than those within the River Liza inflow to Ennerdale Water.
Therefore, in proportional terms, processes within Esthwaite Water produced a smaller

change in DOC concentration compared to those within Ennerdale Water.

There was also a clear seasonal pattern in DOC concentrations within both Ennerdale
Water and Esthwaite Water, in which concentrations increased between March and
July in both lakes (Fig. 9). This seasonal change likely reflects the combined effect of
increased primary production and DOC release from the resulting biomass within the
lakes themselves during the summer months, alongside increased degradation of
POC and production of DOC by heterotrophic communities and by photo-oxidation
under warmer water conditions and high incident radiation as the summer progressed
(Godin et al., 2017; Minor & Olyer, 2021). Importantly, the seasonal changes in DOC
concentration observed within the lakes were also imposed on the downstream river
network in both catchments, leading to a disconnected temporal pattern of DOC
concentration in river reaches upstream versus downstream of the natural lakes in
these river-lake networks. However, although similar patterns of seasonality in DOC
concentrations were observed within Ennerdale Water and Esthwaite Water, the
absolute concentrations reached within these seasonal patterns varied. Within the
oligotrophic Ennerdale Water, with lower levels of primary production and of
heterotrophic activity, DOC concentrations only reached a maximum <1.6 mg C/L,
substantially below the maximum in the mesotrophic, more productive system of

Esthwaite Water where maximum concentrations reached >3.0 mg C/L in July 2025.

In addition to autochthonous generation of DOC within lakes via release from
autotrophic biomass or particulate organic C, allochthonous inputs also contribute to
DOC pools. Allochthonous DOC may enter river-lake networks via multiple pathways,
including groundwater and catchment runoff as driven by rainfall, with rainfall
recognised as being positively related to, and in many cases the best predictor of,
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DOC yields (Williamson et al., 2021). Rainfall events contribute to DOC inputs both
through direct deposition into the water bodies and by intensifying catchment
processes including surface runoff and leaching, which mobilise terrestrial organic C
and elevate DOC concentrations in the inflows (Bai et al., 2023). For example, rainfall
moving through vegetation canopies and along vegetation stems is able to mobilise
DOC derived from vegetation and atmospheric aerosols (Qualls & Haines, 1992). In
the research reported in this thesis, the impact of rainfall and catchment sources of
DOC are clearly evident. The sampling event on 5" June 2025 coincided with a period
of heavy rainfall in both the Esthwaite Water and Ennerdale Water catchments, during
which pronounced increases in DOC concentrations were observed in both inflow
rivers compared to all other sampling events (Fig. 9), consistent with patterns that have
been observed in other reaches of the Rivers Wylye and Ebble in the UK (Lloyd et al.,
2019). However, this sharp increase in DOC concentrations within both Black Beck
and the River Liza was not reflected within either the lakes or their outflow rivers,
indicating that natural lakes within river-lake networks have the potential to buffer
short-term increases in DOC concentrations within inflow rivers as driven by rainfall-
runoff processes within upstream catchments. This may partly reflect a dilution effect,
as water discharge from inflow rivers is mixed with a much larger lake water volume,
limiting any increase in DOC concentration within outflow river. However, beyond
dilution, active consumption of high DOC concentrations by heterotrophic processes
and photo-degradation within the lakes may also have limited any transmission of
elevated DOC concentrations to downstream rivers. Further research would be
needed to examine how pulsed inputs of nutrients, such as DOC, are processed within

lake systems before release to outflow rivers.

Beyond the event-driven increases in DOC concentration within both Black Beck and
the River Liza on 5" June 2025, there was no clear and consistent change in DOC
concentration within these inflow rivers when examined across the entire sampling
period March — July 2025. This contrasts strongly with the consistent increases in DOC
concentration observed across March — July within the outflow rivers of both
catchments, as driven by the natural lake in both river-lake networks. Concentrations
of DOC in both the River Liza and Black Beck did appear somewhat higher in the July
samples compared to those in March and April. This likely reflects the fact that the

inflow rivers mainly deliver terrestrially-derived DOC from the catchment to
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downstream ecosystems (Spencer et al., 2008), and that rainfall, runoff, and therefore
delivery of catchment-derived DOC to the inflow rivers, was higher in the wetter
summer period compared to the drier spring period (Fig. 9c, 9d, 9e and 9f). These
observations suggest that not only do natural lakes within river-lake networks alter
seasonal patterns of DOC concentration within river networks, but that lakes may also
increasingly disconnect downstream river reaches from the influence of wider

catchment runoff and catchment-derived sources of DOC.

Alongside the analysis of DOC concentrations, the research reported in this thesis also
considered how natural lakes within river-lake networks influence the quality of DOM
and thereby of DOC. The quality of DOM was characterised using two metrics derived
from spectrophotometric analysis of water samples, SUVA2s4 and a250:0365.
SUVA254 has been related to the percent aromaticity of DOM (Weishaar et al., 2003).
For the majority of the sampling period, SUVA254 was higher in samples collected from
the inflow to Esthwaite Water than the inflow to Ennerdale Water (Fig. 10), indicating
that the catchment of Esthwaite Water provided not only greater inputs of DOC to
Black Beck but also that this DOC was associated with more aromatic compounds
likely derived from terrestrial sources of DOM within the catchment (Aufdenkampe et
al., 2001; Hernes et al., 2007). Across the spring months of March, April, May and
June, SUVA2s4 tended to increase between the main inflow rivers and both Ennerdale
Water and Esthwaite Water. Whilst production of autochthonous DOC by
phytoplankton in the lakes would be expected to yield less aromatic DOC within a
lower SUVA254 value (Weishaar et al., 2003), this was not observed in the research
reported here when comparing inflow river to lake samples in terms of SUVA2s4. It is
possible that DOC within both lakes during these spring and early summer months
was associated with residual DOM that had remained within the lakes over the winter
period, and that this residual DOM was comprised of more aromatic compounds with
relatively high SUVA2s4 (Spencer et al., 2009). Later in the summer, within samples
collected in July, the direction of change in SUVA2s4 between inflow river and lake
samples switched, with decreases observed in both Esthwaite Water and Ennerdale
Water compared to their respective inflow rivers (Fig. 10). SUVA2s4 within the lake
samples themselves were somewhat lower in July than during the earlier sampling
events, potentially suggesting a greater influence of new, phytoplankton-derived DOC

within the lakes as primary production increased in the summer months (Weishaar et
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al., 2003). However, SUVA2s4 within both inflow rivers also increased to the highest
values observed in this research during the July sampling events, consistent with
increased inputs of more aromatic DOM from terrestrial environments during the
wetter period of July compared to the drier spring period (Fig. 10). Further research
would be needed to examine in more detail how SUVA2s4 within the inflow rivers and
lakes of these networks related to allochthonous versus autochthonous sources of
DOC. As described above for DOC concentration, the changes in SUVA2s4 introduced
by both Esthwaite Water and Ennerdale Water were exported to the outflow rivers and
continued to influence both Cunsey Beck and the River Ehen across all three sample

sites in the research reported here.

Previous interpretations of the ratio a250 to a365 have suggested that this metric
should mirror the trends in SUVA2s4, with lower values of a250:a365 interpreted as
representing DOM with higher aromaticity and larger molecular size (Peuravuori &
Pihlaja, 1997). However, this relationship was not observed clearly in the river-lake
networks examined for the research reported here (Fig. 11). Within the Esthwaite
Water network, a250:a365 on each sampling date appeared to increase slightly within
the lake compared to Black Beck, a pattern that appeared to grow in magnitude
throughout the spring-summer period apart from the final sampling event at the end of
July 2025. In contrast, 0250:0365 decreased within Ennerdale Water compared to the
River Liza on all but one of the six sampling dates. The lack of a consistent inverse
relationship between a250:a365 and SUVA2s4 suggests that these metrics could be
controlled by different processes that influence the pools of DOM in these freshwaters.
Inconsistencies in the patterns of change across multiple spectrophometric-derived
descriptions of DOM quality have been reported in previous research (e.g. Minor et al.,
2006), although further research would be required to understand which processes
and controlling factors give rise to contrasting patterns in a250:0365 and SUVA254

across the Ennerdale Water and Esthwaite Water networks.

The isotopic analysis of particulate organic matter reported in this thesis reveals that
signatures of natural lake processing of particulate nutrient fractions may also be
exported into the downstream river network (Fig. 12). Specifically, in both river-lake
networks, 8'3C values of particulate organic matter within inflow rivers were generally
higher (less negative, and therefore less depleted in '3C) than those measured in
samples collected from the lakes and from the outflow rivers. This pattern was
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particularly pronounced for the Esthwaite Water network, in which 3'3C within Cunsey
Beck remained much more depleted in 3C (more negative 8'3C) compared to
conditions within the Black Beck inflow across the entire 2.8 km reach of the
downstream river that was sampled in the research reported here. These observations
likely reflect phytoplankton production of organic matter within Esthwaite Water, and
export of this particulate organic matter into the downstream river network. In the
absence of DIC limitation given plentiful CO2 and/or HCOs", phytoplankton are known
to produce organic matter by preferentially utilising '2C over '3C during photosynthesis,
thereby yielding &'3C in biomass that is isotopically ‘light’ compared to the source
dissolved inorganic C (e.g. O’Leary, 1988; Wolfe et al., 2001). The data reported in
this thesis indicate that this signature of isotopically depleted particulate organic matter
is present throughout the reaches of the downstream rivers that were sampled,
suggesting that lake-derived particulate organic matter continues to influence river
networks for a significant distance downstream of lakes. The geochemical and
biological impacts of this lake-derived particulate organic matter should be the focus
for future research, for example to determine if limiting nutrients may be liberated from
the particulate organic matter to support primary production within the downstream
river network. In comparison to the Esthwaite Water-network, the impact of Ennerdale
Water on 8'3*C within particulate organic matter was much less pronounced, likely
reflecting the much more oligotrophic nature and reduced rates of phytoplankton

primary production within Ennerdale Water compared to Esthwiate Water.

Somewhat more enriched values of 3N were observed in particulate organic matter
from samples collected from the Esthwaite Water network (Fig. 12, mean = 3.68 %o)
compared to the Ennerdale Water network (mean = -1.06 %o). This likely reflects the
greater influence of sources of N including livestock manure, slurry and human
wastewater in the catchment of Esthwiate Water compared to Ennerdale Water. These
sources of N are known to have elevated 3'°N compared to the atmospheric sources
that are likely to dominate N inputs to the Ennerdale catchment (Kendall, 1998), and
elevated 8'5N in sources of N are likely to be transferred to organic matter during
uptake and synthesis of new biomass within the catchments. In addition to a source
signature, elevated &'SN within particulate material in the Esthwaite catchment may
also reflect greater opportunities for denitrification in the soils and sediments due to

the prevalence of anoxic environments and high organic carbon availability. Slow
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transport of groundwater through the soil matrix and sediment-water interface within
these substrates leaves a residual pool of N for biotic uptake that is enriched in 5N
(e.g. Tao et al., 2018). However, unlike 8'*C, '°N within particulate matter did not
exhibit consistent patterns of change within the river-lake networks studied as part of
the research reported here (Fig. 12). There was no clear seasonal pattern in 8'°N
across either network, nor any consistent change when comparing sites upstream and

downstream of the lakes in each network.

4.2. Changes in N and P pools driven by lake discontinuities within river-

lake networks

Nitrate was the dominant form of inorganic N in the inflow rivers and lakes sampled as
part of the research reported here, consistent with research reported from other fresh

waters in the UK (Lloyd et al. 2019; Yates et al., 2019; Fig. 13). Average concentrations
of NOs™ within the Black Beck inflow to Esthwaite Water (average = 0.344 mg
N/L) were somewhat higher than within the River Liza inflow to Ennerdale
Water (average = 0.257 mg N/L), consistent with greater anthropogenic impacts
and associated inputs of N to the catchment of Esthwaite Water compared to
Ennerdale Water, inputs which reach freshwater ecosystems via multiple
surface and sub-surface pathways (Di & Cameron, 2002; Huebsch et al., 2014;
Lloyd et al., 2019). The two lakes examined in the research reported here
alternated between sinks and sources of NO3~ to downstream rivers, depending
on the sampling date. However, perhaps most notably, the impacts of Esthwaite Water
and of Ennerdale Water on NO3™ within their respective river-lake networks differed
significantly. For the Ennerdale Water-network, generally only small relative and
absolute changes in NOs™ concentration were observed within the lake compared to
the main inflow river, averaging 0.07% or 0.0003 mg N/L over the six sampling dates.
Whilst NO3™ concentrations within the network as a whole tended to decrease through
the spring-summer period, there were no clear or consistent changes in the impact of
Ennerdale Water on NO3™ concentrations from the River Liza before export into the

River Ehen.
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However, very different patterns of change in NO3s™ concentration were imposed by
Esthwaite Water on its downstream river network compared to Ennerdale Water.
Across March, April, May and June sampling events, Esthwaite Water provided a
subsidy of NO3™ to Cunsey Beck, within increases in NO3™ concentration in the lake
compared to the Black Beck inflow that averaged 40% or 0.126 mg N/L. These
subsidies continued to maintain significantly higher concentrations of NO3s™ throughout
the 2.8 km reach of Cunsey Beck that was sampled for the research reported here,
compared to the inflow of Black Beck. Increased NO3™ concentration within Esthwaite
Water likely reflects a legacy of higher NOs™ inputs to the lake from Black Beck over
the winter months, before sampling for the research reported here began, combined
with autochthonous generation of NOs™ within the lake via ammonification and
nitrification. However, by July 2025, NOs™ concentrations had decreased significantly
in Esthwaite Water, reaching <0.2 mg N/L and substantially below the concentrations
within Black Beck. During the final two sampling events in July 2025 that are reported
in this thesis, the lake acted as a significant sink of NO3", decreasing concentrations
by up to 78% or 0.344 mg N/L compared to the Black Beck inflow. Importantly, on both
these sampling dates, NOs™ concentrations within Cunsey Beck did not recover to
those recorded within the inflow of Black Beck at any point along the 2.8 km reach that
was sampled. These observations of Esthwaite Water acting as a significant sink for
NOs™ in the summer months are consistent with recent research reported by Grefe et
al. (2024) that described an annual average reduction in NOs™ concentration for
Esthwaite water of 44% compared to concentrations within Black Beck. Based on

stable isotope analysis of N and oxygen in NOs’, Grefe et al suggest that a combination
of assimilation and of nitrification controls NOs™ dynamics within Esthwaite Water, and
are likely to explain the summer decreases in NOs™ concentration reported here. In
comparison, Cheng & Basu (2017) report an estimate of average NO3s™ removal by
lakes of 59% * 28% based on a global dataset, whilst annual average removal of NO3”

by reservoirs has been reported to range between 4 and 58% (David et al., 2006).

Whilst Grefe et al. (2024) reported that average NOs~ drawdown across five lakes
in the ELD, including Esthwaite Water, appeared to increase with increasing
average annual water residence time, the greater residence time associated
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with Ennerdale Water compared to Esthwaite Water did not appear significant
in controlling NOs™ concentrations in the research reported in this thesis.
Instead, the more eutrophic conditions within Esthwaite Water, and the
associated greater biological demand for N during the summer months when
phytoplankton production in the lake is maximal, appear to have been
responsible for the substantial drawdown of NOs™ concentrations reported
here. This may have been compounded by decomposition and assimilation of organic
matter within Esthwaite Water, particularly in the hypolimnion under summer
stratification, thereby promoting anaerobic conditions conducive to denitrification and
further reductions in NO3™ concentrations within the lake (Bennion & Smith, 2000;
Fairchild & Velinsky, 2006). Regardless of the exact mechanism responsible for NOs"
drawdown within Esthwaite Water during the summer months, this pattern has

important consequences for NOs availability in the downstream river network.

In addition to NO3", DON dynamics contrasted between the two river-lake networks
in the research reported here (Fig. 15a and 15b). In the Ennerdale Water-network, the
lake consistently acted as a source of elevated DON concentrations compared to the
River Liza. However, concentrations were highly variable with the River Ehen
downstream of Ennerdale Water, suggesting that in-river processes and/or inputs of
DON from allochthonous sources downstream of the lake were important controls on
DON concentrations within the river and seemed to over-print any control exerted by
Ennerdale Water. In contrast, Esthwaite Water shifted from an apparent sink of DON
in March, April, May and June, to act as a net source of DON in July, providing a
subsidy of DON to Cunsey Beck downstream. This pattern was not entirely consistent
with the changes observed in DOC concentration within Esthwaite Water (Fig. 9),
particularly in March, April, May and June, suggesting differences in the pathways of
organic matter processing and highlighting the selective mineralisation and
transformation of nitrogenous versus carbonaceous compounds within this lake, at

least in the spring and early summer months.

In contrast to DOC concentrations within the main inflow rivers of Black Beck and the
River Liza, during the rainfall-runoff event on 5" June 2025 the concentrations of DON

did not appear to change significantly, although some increase was observed in Black
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Beck but not in the River Liza. These observations are in contrast to some other
research, such as results from clay-dominated catchments of the River Sem, UK,
where consistent peaks in both NO3™ and DON were shown with storm events (Lloyd
et al., 2019). This discrepancy could stem from the abundant DON sources within the
intensively farmed dairy catchment of the River Sem, with livestock sources of DON
activated by rainfall-runoff events, a process that was not significant in either the

Esthwaite Water or, particularly, the Ennerdale Water networks.

Concentrations of SRP were generally extremely low or below the limit of detection for
the Ennerdale Water network (Fig. 16), consistent with the oligotrophic nature of this
catchment, limited anthropogenic inputs of P to the catchment, and rapid assimilation
of any available SRP by biota within the catchment. In contrast, within the more
nutrient-enriched Esthwaite Water network, higher concentrations of SRP were
observed. Further, the lake acted relatively consistently as a sink for SRP delivered
from Black Beck, with concentrations delivered downstream to Cunsey Beck
decreasing substantially and often towards the detection limit. This pattern was
maintained throughout the sampling events across March to July, with no evidence of

a seasonal switch between the lake acting as a source and a sink to the downstream

river network, as was described above for NO3".

Other parameters including DOP and TPP showed no discernible patterns in the data

that are above the limits of detection.
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Chapter 5: Conclusion
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This thesis has investigated the biogeochemical dynamics of carbon, nitrogen and
phosphorus across two contrasting river—lake networks, with a focus on how lakes
regulate nutrient concentration, fluxes and speciation under varying hydrological and
seasonal conditions. Overall, the findings highlight the central role of lakes in
modulating downstream nutrient transport and transformation, demonstrating that
lakes act as key regulators of downstream biogeochemistry. In the oligotrophic
Ennerdale Water network, dissolved nutrient concentrations were consistently low,
whilst in the mesotrophic Esthwaite Water system, higher concentrations and stronger
seasonal dynamics were observed, especially in respect of N and P biogeochemistry.
Stable isotope analyses further revealed distinct patterns in the sources and
processing of particulate organic matter, highlighting the role of lakes in altering the
quality and isotopic signatures of particulate as well as dissolved material that is
exported downstream. These findings confirm that lakes are not passive conduits but

exert active controls on nutrient fluxes at the network scale.

5.1. Recommendations for future research

The implications of these findings are significant for understanding and managing
river—lake networks. The contrasting behaviours of oligotrophic and mesotrophic
systems emphasise that the lake trophic state should be considered in water
management strategies. Future research should build on these results by examining
the biological availability of lake-derived organic matter in receiving rivers on a longer
timescale, and by extending isotope, concentration and speciation analyses to a wider
range of catchments that provide more complete gradients of lake average water
residence time and trophic status. This understanding will improve our capacity to
predict and manage the functioning of river—lake networks under future environmental

change.
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Supplementary Information (Sl)

Table S1 Data of temperature, electrical conductivity (EC) and pH

ID Time Temperature (°C) EC (um/cm) pH
25/Mar/2025
Liza 10.40 a.m. 8.3 43.5 6.453
Ennerdale 11.00 a.m. 8.1 38.6 6.610
Ehen 1 11.30 a.m. 8.5 38.1 6.618
Ehen 2 12.02 p.m. 8.7 38.5 6.667
Ehen 3 12.26 p.m. 9.4 39.5 6.721
Black Beck (B.B.) 2.03 p.m. 12.0 124.8 7.023
Esthwaite Water (E.W.) 2.34 p.m. 10.4 95.9 7.618
Cunsey Beck (C.B.) 1 2.53 p.m. 11.8 97.2 7.503
Cunsey Beck (C.B.) 2 3.12 p.m. 11.0 102.1 7.216
Cunsey Beck (C.B.) 3 3.41 p.m. 11.9 101.5 7.465
10/Apr/2025
Liza 10.30 a.m. 8.9 41.5 6.231
Ennerdale 11.10 a.m. 11.2 37.5 6.308
Ehen 1 12.20 a.m. 10.2 371 6.385
Ehen 2 1.03 p.m. 10.8 36.8 6.365
Ehen 3 1.30 p.m. 11.7 37.4 6.312
Black Beck (B.B.) 3.45 p.m. 13.2 119.0 7.130
Esthwaite Water (E.W.) 4.20 p.m. 12.5 93.4 7.700
Cunsey Beck (C.B.) 1 5.00 p.m. 14.4 93.4 7.458
Cunsey Beck (C.B.) 2 5.30 p.m. 12.6 97.7 7.000
Cunsey Beck (C.B.) 3 6.07 p.m. 13.5 98.2 7.310
29/Apr/2025
Liza 9.17 a.m. 10.9 40.8 6.148
Ennerdale 10.00 a.m. 11.8 36.7 6.303
Ehen 1 10.32 a.m. 11.9 36.8 6.476
Ehen 2 11.00 a.m. 11.9 36.8 6.476
Ehen 3 11.20 a.m. 12.2 36.8 6.481
Black Beck (B.B.) 13.10 p.m. 15.5 118.7 7.212
Esthwaite Water (E.W.) 13.30 p.m. 14.8 94.0 7.336
Cunsey Beck (C.B.) 1 13.50 p.m. 15.6 94.6 7.205
Cunsey Beck (C.B.) 2 14.00 p.m. 14.3 99.0 6.966
Cunsey Beck (C.B.) 3 14.30 p.m. 16.0 97.6 7.638
5/Jun/2025
Liza 10.20 a.m. 10.3 36.9 5.907
Ennerdale 10.50 a.m. 13.5 38.7 6.137
Ehen 1 11.40 a.m. 13.1 36.6 6.311
Ehen 2 12.10 p.m. 13.3 37.1 6.308
Ehen 3 12.42 p.m. 13.3 38.2 6.396
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ID Time Temperature (°C) EC (um/cm) pH
Black Beck (B.B.) 2.30 p.m. 12.6 88.0 6.429
Esthwaite Water (E.W.) 3.12 p.m. 15.9 94.9 7.109
Cunsey Beck (C.B.) 1 3.30 p.m. 15.9 941 6.990
Cunsey Beck (C.B.) 2 4.00 p.m. 15.3 95.4 6.840
Cunsey Beck (C.B.) 3 4.30 p.m. 15.1 94.7 6.929
3/Jul/2025
Liza 10.06 a.m. 12.7 34.9 5.966
Ennerdale 10.45 a.m. 16.8 36.4 6.356
Ehen 1 11.30 a.m. 16.4 35.2 6.431
Ehen 2 11.57 a.m. 16.4 35.5 6.413
Ehen 3 12.40 p.m. 16.1 36.5 6.305
Black Beck (B.B.) 2.35 p.m. 14.6 103.4 6.531
Esthwaite Water (E.W.) 3.10 p.m. 20.0 91.7 7.514
Cunsey Beck (C.B.) 1 3.30 p.m. 19.8 90.9 7.504
Cunsey Beck (C.B.) 2 4.00 p.m. 18.8 93.0 6.839
Cunsey Beck (C.B.) 3 4.30 p.m. 18.4 92.7 7.105
31/Jul/2025
Liza 10.23 a.m. 14.2 35.9 6.114
Ennerdale 10.55 a.m. 17.8 34.3 6.715
Ehen 1 11.41 a.m. 17.7 35.1 6.778
Ehen 2 12.13 p.m. 17.6 354 6.629
Ehen 3 12.40 p.m. 17.6 36.2 6.606
Black Beck (B.B.) 2.35 p.m. 17.2 123.4 6.793
Esthwaite Water (E.W.) 3.17 p.m. 20.2 90.4 7.606
Cunsey Beck (C.B.) 1 3.43 p.m. 20.6 90.9 7.135
Cunsey Beck (C.B.) 2 4.03 p.m. 19.8 95.6 6.666
Cunsey Beck (C.B.) 3 4.34 p.m. 19.6 94.7 7.289
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Table S2 Data of ammonia

Ammonia (mg N/L) MDL = 0.005 mg N/L

Field Blank 0.0002 -0.0073 0.0141 -0.0129 -0.0049 -0.0021
Liza 0.0021 -0.0041 -0.0052 -0.0165 -0.0048 -0.0048
Ennerdale 0.0061 -0.0012 -0.0002 -0.0103 -0.0063 -0.0016
Ehen 1 0.0087 -0.0029 -0.0022 -0.0114 -0.0052 0.0011
Ehen 2 0.0052 -0.0027 -0.0032 -0.0091 -0.0044 -0.0025
Ehen 3 25-Mar 0.007  10-Apr -0.0041  29-Apr -0.0006  5-Jun -0.0101 3-Jul -0.0049  31-Jul 0.0007
Black Beck 0.0145 0.0004 0.0086 -0.0086 0.0072 0.0112
Esthwaite Water 0.0041 -0.003 0.0121 0.0026 0.0001 0.0059
Cunsey Beck 1 0.0062 -0.0013 0.0109 -0.0056 -0.0044 0.0131
Cunsey Beck 2 0.0046 -0.0026 0.0028 -0.0013 0.0111 0.0228
Cunsey Beck 3 0.0057 -0.0007 -0.0001 -0.0077 0.0033 0.0009

Table S3 Data of SRP

SRP (mg P/L) MDL = 0.002 mg P/L

Field Blank 0.001 0.007 0.001 0.002 0.005 0.002
Liza 0 0.009 -0.001 0.002 0.004 0.001
Ennerdale 0 0.009 0.001 0.001 0.004 0
Ehen 1 0 0.009 -0.002 0.002 0.003 0.001
Ehen 2 0 0.009 -0.001 0.006 0.004 0
Ehen 3 25-Mar 0 10-Apr 0.008  29-Apr -0.001 5-Jun 0.001 3-Jul 0.004  31-Jul 0
Black Beck 0.006 0.013 0.005 0.007 0.012 0.014
Esthwaite Water 0.003 0.009 0 0.008 0.004 0.001
Cunsey Beck 1 0.002 0.009 0 0.003 0.003 0
Cunsey Beck 2 0.003 0.009 0.001 0.003 0.001 0.006

Cunsey Beck 3 0.002 0.009 0.001 0.003 0.003 0.007
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Table S4 Data of nitrate

Nitrate (mg N/L) MDL = 0.0006 mg N/L

Field Blank -0.004 0.012 0.019 0.001 -0.001 -0.002
Liza 0.32 0.317 0.253 0.268 0.179 0.206
Ennerdale 0.307 0.295 0.275 0.311 0.183 0.174
Ehen 1 0.329 0.319 0.266 0.306 0.219 0.182
Ehen 2 0.305 0.347 0.271 0.31 0.184 0.183
Ehen 3 25-Mar 0.336  10-Apr 0.395  29-Apr 0.286  9-Jun 0.297 3-Jul 0.219  31-Jul 0.177
Black Beck 0.315 0.386 0.252 0.332 0.342 0.439
Esthwaite Water 0.604 0.552 0.418 0.376 0.155 0.095
Cunsey Beck 1 0.552 0.508 0.375 0.41 0.158 0.085
Cunsey Beck 2 0.53 0.516 0.423 0.425 0.168 0.177
Cunsey Beck 3 0.469 0.499 0.381 0.399 0.183 0.196

Table S5 Data of nitrite

Nitrite (mg N/L) MDL = 0.0006 mg N/L

Field Blank -0.0006 -0.0011 -0.0008 0.0017 -0.0005 -0.0006
Liza -0.0003 -0.0008 -0.0006 0.0019 0.0104 -0.0003
Ennerdale 0 -0.0002 0 0.0026 0.0008 0.0009
Ehen 1 0.0001 -0.0003 0.0001 0.0029 0.0007 0.0009
Ehen 2 -0.0003 -0.0001 0.0003 0.0027 0.0006 0.0008
Ehen 3 25-Mar 0 10-Apr  -0.0001 29-Apr 0.0001  5-Jun 0.0026  3-Jul 0.001  31-Jul 0.0008
Black Beck 0.0009 0.0022 0.0018 0.0029 0.0012 0.0019
Esthwaite Water 0.0105 0.0086 0.006 0.0078 0.0048 0.0039
Cunsey Beck 1 0.0093 0.007 0.0053 0.0086 0.0047 0.0039
Cunsey Beck 2 0.006 0.004 0.0035 0.0067 0.0032 0.0022

Cunsey Beck 3 0.0019 0.0014 0.0012 0.0056 0.0026 0.0017
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Table S6 Data of TOC

TOC (NPOC(ppm)) MDL = 0.05 ppm

Field Blank 0.01 0.06 0.1075 0.11 0.21 0.09
Liza 0.2675 0.31 0.4175 0.95 0.91 0.58
Ennerdale 0.8775 0.92 1.0525 1.21 1.52 1.51
Ehen 1 0.9075 0.87 1.05 1.27 1.49 1.51
Ehen 2 0.88 0.92 1.1025 1.32 1.47 1.55
Ehen 3 25-Mar  0.9775 10-Apr 0.93  29-Apr 1.115  5-Jun 14 3-Jul 149  31-Jul 1.55
Black Beck 1.52 1.34 1.88 2.69 2.44 1.87
Esthwaite Water 2.0025 1.96 2.3925 2.53 2.95 3.16
Cunsey Beck 1 1.9725 2.06 2.1375 2.42 3.03 3.22
Cunsey Beck 2 2.0325 2.01 2.0825 2.51 3.04 3.11
Cunsey Beck 3 2.0025 1.9 2.0525 2.49 2.96 2.78

Table S7 Data of DOC

DOC (NPOC(ppm)) MDL = 0.05 ppm

Field Blank 0.0625 0.17 0.125 0.07 0.08 0.1
Liza 0.3175 0.4 0.3475 1.02 0.76 0.52
Ennerdale 0.91 0.94 1.015 1.08 1.28 1.52
Ehen 1 0.965 0.93 1.0725 1.17 1.25 1.49
Ehen 2 0.95 0.89 0.98 1.07 1.25 1.38
Ehen 3 25-Mar 0.91  10-Apr 0.99 29-Apr 1.0325  5-Jun 1.09 3-Jul 1.29  31-Jul 1.51
Black Beck 1.6375 1.39 1.795 2.68 2.32 1.88
Esthwaite Water 2.0125 1.93 2.04 2.58 2.82 3.12
Cunsey Beck 1 1.945 2.01 2.045 2.35 2.72 3.08
Cunsey Beck 2 2125 2.03 1.9925 24 2.72 2.91

Cunsey Beck 3 1.9575 1.92 1.9675 242 2.76 2.89
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Table S8 Data of particulate organic C and N isotope

C and N isotope (%o)

Liza

Ennerdale

Ehen 1

Ehen 2

Ehen 3

Black Beck
Esthwaite Water
Cunsey Beck 1
Cunsey Beck 2
Cunsey Beck 3

10-Apr

15N

1.18
-1.51
-0.46
0.69
-3.18
3.43
4.88
3.8
4.92
5.47

13C
-26.79
-27.86
-27.44
-27.81
-26.86
-27.48
-33
-32.43
-32.81
-31.68

29-Apr

15N
-2.8

23
-5.41
-4
26
1.84
2.1
0.76
2.7
4.99

13C
-27.64

-27.76
-26.99
-26.9

-26.86
-26.69
-32.03
-30.99
-31.09
-30.71

5-Jun

15N
0.41
5.89
-1.57
2.21
-2.23
2.27
-1.61
6.49
4.09
5.24

13C
-27.260
-30.060
-27.830
-27.560
-27.47
-28.94
-27.960
-31.490
-31.97
-31.57

3-Jul

15N

0.53
-1.9
-1.83
-1.22
-1.14
4.7
4.2
4.55
4.61
4.23

13C
-26.09
-27.85
-28.01
-27.87
-28.08
-27.61
-30.48
-30.96
-31.18
-31.49
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Table S9 Data of 0250:0365 and SUVA2s4

26/03
A=250 A=365 0250:0365 A=254 [DOC)/(mg/L) SUVA2s4
Liza 0.011  0.002 5.500 0.010 0.32 3.125
Ennerdale 0.043 0.008 5.375 0.041 0.91 4.505495
Ehen 1 0.043  0.008 5.375 0.042 0.96 4.375
Ehen 2 0.043 0.008 5.375 0.042 0.95 4.421053
Ehen 3 0.043  0.008 5.375 0.042 0.91 4.615385
Black Beck 0.079 0.017 4647 0.076 1.64 4.634146
Esthwaite 0.103  0.021 4905 0.099 2.01 4.925373
Cunsey
Beck 1 0.102 0.021 4.857 0.098 1.94 5.051546
Cunsey
Beck 2 0.103  0.022 4.682 0.100 212 4.716981
Cunsey
Beck 3 0.096 0.020 4800 0.093 1.96 4.744898
Field Blank 0.000  0.000 N.A. 0.000 0.06 0
10/04
Liza 0.010  0.001 10.000 0.010 04 25
Ennerdale 0.040 0.007 5.714  0.039 0.94 4.148936
Ehen 1 0.041  0.006 6.833 0.039 0.93 4.193548
Ehen 2 0.041  0.007 5.857 0.040 0.89 4.494382
Ehen 3 0.041  0.007 5.857 0.040 0.99 4.040404
Black Beck 0.060 0.012 5.000 0.058 1.39 4.172662
Esthwaite 0.097 0.019 5.105 0.093 1.93 4.818653
Cunsey
Beck 1 0.098 0.019 5.158 0.094 2.01 4.676617
Cunsey
Beck 2 0.095 0.018 5.278 0.092 2.03 4.53202
Cunsey
Beck 3 0.090 0.018 5.000 0.087 1.92 4.53125
Field Blank 0.000  0.000 N.A. 0.000 0.17 0
29/04
Liza 0.019  0.002 9.5 0.000 0.3475 0.086331
Ennerdale 0.029 0.007 4.142857 0.027 1.015 2.660099
Ehen 1 0.029 0.008 3.625 0.031 1.0725 2.890443
Ehen 2 0.032 0.004 8 0.031 0.98 3.163265
Ehen 3 0.029 0.005 5.8 0.024 1.0325 2.324455
Black Beck 0.064 0.015 4.266667 0.060 1.795 3.342618
Esthwaite 0.091 0.017 5.352941 0.085 2.04 4.166667
Cunsey
Beck 1 0.089 0.018 4.944444 0.088 2.045 4.303178
Cunsey
Beck 2 0.085 0.014 6.071429 0.085 1.9925 4.265997
Cunsey
Beck 3 0.083 0.016 5.1875 0.082 1.9675 4.167726
Field Blank 0.007  0.002 3.5 0.008 0.125 6.4

05/06

103



A=250 A=365 0250:0365 A=254 [DOC]J/(mg/L) SUVA2s4
Liza 0.043  0.005 8.600 0.040 1.02 3.921569
Ennerdale 0.036  0.009 4.000 0.035 1.08 3.240741
Ehen 1 0.042 0.010 4200 0.039 1.17 3.333333
Ehen 2 0.039  0.007 5.571 0.036 1.07 3.364486
Ehen 3 0.041  0.003 13.667  0.039 1.09 3.577982
Black Beck 0.129 0.030 4300 0.126 2.68 4.701493
Esthwaite 0.098 0.018 5.444  0.095 2.58 3.682171
Cunsey
Beck 1 0.106  0.019 5579 0.103 2.35 4.382979
Cunsey
Beck 2 0.105 0.018 5.833 0.100 2.4 4.166667
Cunsey
Beck 3 0.108 0.021 5.143 0.104 242 4.297521
Field Blank  0.0006  0.001 -0.600 0.004 0.07 5.714286

03/07
Liza 0.034 0.009 3.778 0.034 0.76 4.473684
Ennerdale 0.046  0.011 4182 0.045 1.28 3.515625
Ehen 1 0.047 0.010 4700 0.045 1.25 3.6
Ehen 2 0.050 0.008 6.250 0.051 1.25 4.08
Ehen 3 0.055 0.014 3.929 0.052 1.29 4.031008
Black Beck 0.116  0.028 4143  0.117 2.32 5.043103
Esthwaite 0.114  0.021 5.429 0.115 2.82 4.078014
Cunsey
Beck 1 0.114  0.020 5.700 0.112 2.72 4117647
Cunsey
Beck 2 0.124 0.024 5.167 0.120 2.72 4.411765
Cunsey
Beck 3 0.119 0.025 4760 0.114 2.76 4.130435
Field Blank  0.0030 0.0010 -3.000 0.0010 0.08 -1.25
31/07

Liza 0.031  0.004 7.750 0.031 0.52 5.961538
Ennerdale 0.065 0.011 5909 0.066 1.52 4.342105
Ehen 1 0.062 0.011 5.636  0.062 1.49 4.161074
Ehen 2 0.062 0.009 6.889 0.063 1.38 4.565217
Ehen 3 0.058 0.010 5.800 0.054 1.51 3.576159
Black Beck 0.088 0.019 4632 0.084 1.88 4.468085
Esthwaite 0.125 0.026 4808 0.118 3.12 3.782051
Cunsey
Beck 1 0.117  0.024 4875 0.112 3.08 3.636364
Cunsey
Beck 2 0.130 0.023 5.652 0.126 2.91 4.329897
Cunsey
Beck 3 0.119  0.023 5.174 0.118 2.89 4.083045
Field Blank  0.002 0.0005 4.000 0.0014
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Table S10 Data of TP

TP (mg P/L) MDL = 0.003 mg P/L

Field Blank 0.007 0.005 0.002 0.003 0.009 0.01
Liza 0.008 0.008 0.003 0.004 0.01 0.016
Ennerdale 0.011 0.007 0.005 0.004 0.01 0.012
Ehen 1 0.006 0.007 0.004 0.005 0.013 0.014
Ehen 2 0.007 0.007 0.003 0.005 0.017 0.012
Ehen 3 25-Mar 0.008  10-Apr 0.008  29-Apr 0.004  5-Jun 0.005 3-Jul 0.014  31-Jul 0.014
Black Beck 0.015 0.018 0.013 0.015 0.021 0.03
Esthwaite Water 0.021 0.012 0.013 0.024 0.016 0.026
Cunsey Beck 1 0.021 0.017 0.014 0.021 0.025 0.032
Cunsey Beck 2 0.024 0.02 0.018 0.019 0.027 0.029
Cunsey Beck 3 0.022 0.013 0.014 0.021 0.024 0.034

Table S11 Data of TN

TN (mg N/L) MDL = 0.003 mg N/L

Field Blank 0.018 0.032 0.03 0.109 0 0.136
Liza 0.432 0.365 0.353 0.323 0.259 0.261
Ennerdale 0.438 0.401 0.388 0.418 0.461 0.254
Ehen 1 0.449 0.349 0.403 0.428 0.373 0.302
Ehen 2 0.387 0.381 0.319 0.411 0.346 0.355
Ehen 3 25-Mar 0.405 10-Apr 0.404  29-Apr 0.466  5-Jun 0.383 3-Jul 0.361  31-Jul 0.322
Black Beck 0.509 0.509 0.491 0.588 0.564 0.707
Esthwaite Water 0.755 0.701 0.718 0.675 0.429 0.489
Cunsey Beck 1 0.761 0.664 0.576 0.638 0.52 0.51
Cunsey Beck 2 0.771 0.712 0.648 0.703 0.6 0.473

Cunsey Beck 3 0.734 0.609 0.61 0.661 0.495 0.546
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Table S12 Data of TDP

TDP (mg P/L) MDL = 0.003 mg P/L

Field Blank 0.005 0.004 0.003 0.004 0.016 0.013
Liza 0.006 0.009 0.003 0.004 0.009 0.01
Ennerdale 0.012 0.009 0.004 0.003 0.014 0.014
Ehen 1 0.005 0.007 0.001 0.003 0.016 0.01
Ehen 2 0.006 0.006 0.003 0.004 0.015 0.016
Ehen 3 25-Mar 0.01  10-Apr 0.006  29-Apr 0.004  5-Jun 0.003 3-Jul 0.023  31-Jul 0.012
Black Beck 0.016 0.016 0.014 0.013 0.026 0.03
Esthwaite Water 0.013 0.012 0.01 0.016 0.016 0.017
Cunsey Beck 1 0.014 0.013 0.009 0.01 0.015 0.015
Cunsey Beck 2 0.015 0.013 0.011 0.011 0.017 0.024
Cunsey Beck 3 0.013 0.013 0.01 0.01 0.014 0.028

Table S13 Data of TDN

TDN (mg N/L) MDL = 0.003 mg N/L

Field Blank 0.036 0.014 0.063 0.067 0.026 -0.004
Liza 0.365 0.38 0.323 0.324 0.292 0.205
Ennerdale 0.433 0.428 0.356 0.417 0.29 0.255
Ehen 1 0.34 0.397 0.374 0.372 0.29 0.279
Ehen 2 0.46 0.387 0.329 0.419 0.294 0.299
Ehen 3 25-Mar 0.354  10-Apr 0.455  29-Apr 0.382  5-Jun 0.384 3-Jul 0.367  31-Jul 0.323
Black Beck 0.488 0.556 0.502 0.625 0.533 0.621
Esthwaite Water 0.687 0.751 0.624 0.578 0.514 0.385
Cunsey Beck 1 0.658 0.728 0.514 0.649 0.417 0.368
Cunsey Beck 2 0.677 0.776 0.618 0.57 0.447 0.501

Cunsey Beck 3 0.619 0.693 0.57 0.513 0.438 0.404
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