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ABSTRACT

Exposure to particulate air pollution poses a threat to pulmonary, cardiovascular and
neurological health, being associated significantly with increased morbidity and premature
mortality worldwide. Ultrafine, metal-rich particles (UFPs; < 0.1 pum) are especially hazardous
to humans as they can reach major organs in the human body, including the heart and brain,
and are highly bioreactive, leading to increased oxidative stress and inflammatory response in
the human tissues. Fe-bearing (and especially Fe**-bearing) UFPs might be especially
important. They are reportedly associated with neurodegeneration and Alzheimer’s disease
(AD). Moreover, they are usually co-associated with other toxic metals and organic species. It
is thus both timely and important to identify and quantify the sources of Fe-rich UFPs in the

urban environment.

Here, the current knowledge regarding the sources of vehicle-derived Fe-bearing UFPs,
their composition, particle size distribution and potential hazard to human health is first
reviewed (Paper I). This chapter focuses on the data reported for the following sources of
Fe-bearing UFPs: brake-wear emissions, engine-exhaust emissions (both diesel and petrol),
tyre and road surface wear, resuspension of roadside dust, underground, train and tram
emissions, and aircraft and shipping emissions. Brake-wear emissions were identified as one

of the major sources of Fe-bearing UFPs in urban environments.

While magnetite (FesOs4 = FeO-Fe3Os) is known to be one of the most common
Fe?*-bearing minerals in urban particulate matter (PM), its sources have not so far been
precisely quantified. Here, a set of roadside dust samples (from roadside and urban background
sites in Birmingham and Lancaster, U.K.), engine-exhaust emissions (both petrol and diesel),
and dynamometer-generated brake-wear PM emissions were collected, to quantify the
contributions made by specific traffic-related sources to the total airborne magnetite at the

roadside (Paper II).

The concentration of magnetic grains, as measured by magnetic remanence (SIRM), is
notably higher (i.e. ~100 — 10,000 times higher) for brake-wear emissions, compared to other
types of PM pollutants in most urban environments. A detailed AF demagnetisation of SIRM
and magnetic component analysis allowed the separation of the magnetite signal from other
contributing magnetic components, and the subsequent quantification of magnetite in the

roadside dust and engine-exhaust PM samples.



The mass concentration of magnetite in petrol-engine exhaust emissions is
~0.06 — 0.12 wt.%; in diesel-engine exhaust emissions ~0.08 — 0.18 wt.%; in background dust
~0.05 — 0.20 wt.%; and in roadside dust ~0.18 — 0.95 wt.%. In contrast, magnetite constitutes
as much as ~20.2 wt.% of brake-derived PMio (PM with aerodynamic diameter < 10 pm). Based
on these calculations and reported source apportionment of PMjy at the roadside, I show that
vehicle brake-wear is by far the most dominant source of airborne magnetite at the roadside of
two U.K. cities (Lancaster and Birmingham), contributing ~77% and ~85% of total airborne
magnetite at the Lancaster and Birmingham roadside sites, respectively. In comparison,
petrol-engine exhaust emissions account for ~2 — 4%, diesel-engine exhaust emissions

~7 —12%, and background dust ~6 — 10%.

Paper III examines morphological, structural, chemical and magnetic properties of
size-resolved brake-wear PM emissions. A set of dynamometer-generated brake-wear
particulate emissions was collected, in a wide size range, from 16 nm up to 10 um (in 14 size
fractions). Using magnetic component analysis, low- and high-temperature magnetic
measurements, and electron microscopy, the mass concentration of metallic Fe (a-Fe) was
estimated to be ~1.6 wt.% in brake-derived PMio. Magnetite content reached levels of
~20 wt.% for particles > 0.600 um and decreased to 2 — 15 wt.% for particles < 0.380 pm.
Most brake-derived airborne particles are smaller than 200 nm (> 99% of particle number
concentration). Moreover, even larger fractions (e.g. ~2.5 pm) are dominated by agglomerated

UFPs ~10 — 50 nm in size, as demonstrated by electron microscopy.

Overall, my thesis demonstrates that vehicle brake systems are one of the major sources
of Fe-bearing UFPs in urban environments. Such UFPs (especially Fe?"-bearing magnetite,
often co-associated with other potentially toxic metals and organic species) might pose
a particular threat to neuronal and cardiovascular health. The observed abundance of magnetite
in the ultrafine size fraction of brake-wear PM (estimated to be ~7.6 wt.% of PM < 200 nm)
might be especially hazardous to the human brain, where ultrafine magnetite particles have
been reported to have a causal link with neurodegeneration and Alzheimer’s disease (through
generation of excess oxidative stress). Prospectively, given the potential risk to human health,
the high concentrations of magnetite, specifically, in brake-wear PM might need to be reduced

in order to mitigate such risk, especially for vulnerable population groups.
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Aims and Thesis Structure

Aims and objectives

The aim of the thesis is to identify and characterise airborne particulate emissions
originating from car brake systems. The research papers arising from the study examine the
particle size distribution, structure, morphology, chemical and magnetic properties of
brake-wear emissions, with a special focus on ultrafine (< 0.1 um in size) particles of magnetite
(highly magnetic, mixed Fe**/Fe*" oxide), reportedly causally linked with neurodegenerative

diseases.

Thesis Structure

Chapter one reviews the sources of vehicle-derived Fe-bearing ultrafine particles, their
composition, particle size distribution and potential hazard to human health. It identifies
vehicular brake systems as one of the major sources of Fe-bearing ultrafine particles in urban
environments. Chapter two discusses current knowledge regarding brake-wear emissions,
including friction materials, experiments and studies, chemical composition, particle size
distribution, tracers and health hazard of PM emitted by car brake systems. Chapter three
describes the methodology applied in the three research papers presented in chapters four, five
and Appendix B. Chapter six discusses the main findings of the research papers. Finally,

chapter seven presents conclusions and prospects for future work.
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Chapter One (Paper I): Airborne, vehicle-derived Fe-bearing nanoparticles

in the urban environment — A review

1.1. Abstract

Airborne particulate matter (PM) poses a serious threat to human health. Exposure to
nano-sized (<0.1 um), vehicle-derived particulates may be hazardous due to their bioreactivity,
their ability to penetrate every organ, including the brain, and their abundance in the urban
atmosphere. Fe-bearing nanoparticles (NPs; < 0.1 pum) in urban environments may be
especially important because of their pathogenicity and possible association with
neurodegenerative diseases, such as Alzheimer’s and Parkinson’s diseases. This review
examines current knowledge regarding the sources of vehicle-derived Fe-bearing
nanoparticles, their chemical and mineralogical compositions, grain size distribution, and
potential hazard to human health. We focus on data reported for the following sources of Fe-
bearing nanoparticles: exhaust emissions (both diesel and gasoline), brake-wear, tire and road
surface wear, resuspension of roadside dust, underground, train and tram emissions, and
aircraft and shipping emissions. We identify limitations and gaps in existing knowledge as well

as future challenges and perspectives for studies of airborne Fe-bearing nanoparticles.

Published:

Gonet, T.; Maher, B. A. Airborne, vehicle-derived Fe-bearing nanoparticles in the urban

environment — A review. Environmental Science and Technology 2019, 53, 9970-9991.



1.2. Introduction

Exposure to airborne particulate matter (PM) is known to pose a serious threat to human
health, linked with damage not only to respiratory and cardiovascular health, but also to
neurodevelopment and cognitive function. Metal-bearing, nano-sized (< 0.1 pm) particles may
be especially hazardous to human health (Ferin ef al., 1992; Seaton et al., 1995; Gilmour et al.,
1996, 1997; Stone et al., 1998; Donaldson et al., 2002; Brook et al., 2010) because of their
abundance in the urban atmosphere (Ntziachristos et al., 2007; Hays et al., 2011; Sanderson et
al., 2014, 2016; Mabher et al., 2016; Yang et al., 2016), bioreactivity (Ferin et al., 1991;
Donaldson et al., 2001; Nel et al., 2006; Maher et al., 2016), and their ability to reach all major
organs of the human body by inhalation (Oberddrster et al., 1992, 1994, 1995, 2005; Elder et
al., 2006; Maher et al., 2016) and by circulation in the bloodstream (Miller et al., 2017).

As evident from Figure 1, metal-bearing (e.g. Au-, Ba-, Cd-, Fe-, Mn-, Ti-bearing)
particles may be translocated from the lungs to sites of vascular inflammation (Miller ef al.,
2017), the central nervous system (Tjélve et al., 1996; Oberddrster et al., 2004; Geiser &
Kreyling, 2010), liver (Oberdorster et al., 2002; Miller et al., 2017) and amniotic fluid
(BaroSova et al., 2015). Particles < 200 nm can access the brain directly, bypassing the
blood-brain barrier, via transport through the neuronal axons of the olfactory and/or trigeminal
nerves (Oberdorster et al., 2004; Maher et al., 2016). Exposure to particulate air pollution may
thus cause damage to neurodevelopment and cognitive functions (Calderén-Garciduenas et al.,
2002, 2004, 2008a; Block & Calderon-Garciduetias, 2009; Guxens & Sunyer, 2012; Jung et
al.,2015; Mabher et al., 2016). Large population-scale epidemiological studies show that living
close to heavy traffic is associated with a higher incidence of dementia (Jung et al., 2015; Wu
et al.,2015; Oudin et al., 2016; Chen et al., 2017a). Other epidemiological studies in the USA
and Mexico indicate that young and old subjects living in areas with high airborne PM
concentrations have cognitive deficits (Suglia et al., 2007; Calderon-Garciduenas et al., 2008b,
2012; Ailshire & Crimmins, 2014). In an MRI analysis of elderly women (age from 71 to 89
years; the Women’s Health Initiative Memory Study cohort), white matter loss was increased
by 1% per 3 pg/m* of PM,s (Chen et al., 2015). Post-mortem brain samples from clinically
healthy subjects (and dogs) exposed to lifetime high pollution, while living in Mexico City
(Calderon-Garciduedias et al., 2002, 2008a; Maher et al., 2016) or Manchester, U.K. (Maher et
al., 2016) display: (i) typical hallmarks of Alzheimer’s disease (AD) pathogenesis (e.g. tau-P,
B-amyloid deposition), (i) inflammation, oxidative stress and DNA signaling damage

(Calderén-Garciduedias et al., 2008a); and (ii1) the abundant presence of metal-bearing NPs,



including mixed Fe?"/Fe** (magnetite) NPs, as determined by electron microscopy (EM) and
magnetic analyses (Maher et al., 2016). Mouse models for urban nanoparticulate air pollution
show consistent induction of inflammatory responses in major brain regions (Cheng et al.,

2016) (see also Appendix A: Table AS5).

Due to their large surface area and potentially high reactivity with biomolecules and
tissues, metal-bearing nanoparticles may generate adverse health impacts related to oxidative
stress, inflammation (Morrow et al., 1988; Ferin ef al., 1991; Oberdorster et al., 1994, 1995;
Donaldson et al., 1998; Brown et al., 2000; Kreyling et al., 2004) and generation of reactive
oxygen species (ROS) (Gilmour et al., 1996; Li et al., 1996; Shuster-Meiseles et al., 2016;
Zhang et al., 2019). Exposure to bioreactive airborne NPs can occur at every life stage; in the
womb (Pinkerton et al., 2006; Barosova et al., 2015), as developing infants and children
(Calderén-Garciduetias et al., 2008b, 2013, 2016; Mohai et al., 2011; Sunyer et al., 2015,
2017), and through adulthood to terminal decline. Both the young and the elderly are
particularly vulnerable to air pollution (Bateson et al., 2007; Burtscher et al., 2012; Pieters et
al., 2015; Cacciottolo et al., 2017; Li et al., 2017). Pre-birth exposures to both PM19 and PM> 5
are associated with low birth weight (e.g. Wang et al., 1997, Lee et al., 2003; Bell et al., 2007,
Li et al., 2017). Childhood exposures to traffic-derived PM (elemental carbon — EC, nitrogen
dioxide — NO; and PM < 700 nm) impair lung growth (Gauderman et al., 2007) and cognitive
development (Sunyer ef al., 2015; 2017). These early life exposures to airborne PM can thus
set in train a sequence of health problems which progressively develop through later life.
Children spend more time outdoors, are more physically active, and they have an increased
breathing rate and immature immune system, all of which result in a higher dosage in the
respiratory tract of children compared to adults, especially in the case of NPs (Ginsberg et al.,
2005). Compared to children living with clean air, those in polluted areas (e.g. Mexico City)
display health problems, including systemic inflammation, and even Alzheimer’s and

Parkinson’s hallmarks (Calderén-Garciduenas et al., 2008a; 2008b; 2012; 2013).

Exposure specifically to Fe-bearing airborne NPs may be especially hazardous to
human health. Fe is an essential biometal, as a component of diverse metalloproteins, from
cytochromes to haemoglobin, and playing key roles in neuronal function, ranging from nerve
impulse transduction to neurotransmitter synthesis and mitochondrial energy production. Fe is
mobilized and stored via changes in valence, controlled by sophisticated regulatory
homeostasis processes. Such processes are vital, since labile Fe?’, i.e. in the unbound,

redox-active state, can be toxic to living cells. In humans, non-haem Fe is stored in
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a redox-inactive, oxidized (Fe*") form as ~8 nm spherical cores of ferrihydrite (5Fe203-9H,0)
within the ~12 nm-diameter Fe-storage protein, ferritin. However, if redox-active, ferrous Fe**
remains unbound and freely available, it can catalyze the formation of reactive oxygen species
(ROS), including the damaging hydroxyl radical, through the Fenton reaction (Smith ez al.,
1997).

Problems with transportation and storage of Fe have been linked with a variety of
diseases, including Alzheimer’s, Parkinson’s, Huntington’s, multiple sclerosis, amyotrophic
lateral sclerosis and Hallervorden-Spatz disease (Swaiman, 1991; Beard ef al., 1993; Smith et
al., 1997; Rouault, 2001; Dobson, 2004; Zecca et al., 2004; Castellani et al., 2007). Some of
the excess Fe found in the neurodegenerative brain occurs in the form of magnetite, a strongly
magnetic, mixed Fe?'/Fe’* oxide (see Section 1.13. Specific toxicity of iron-bearing

nanoparticles for more details).

Given the potential risks to human health posed by airborne Fe-bearing NPs, it is timely
to examine information regarding their sources, abundance and composition, in order to
identify major routes of exposure, and potential pathways to removing or reducing their particle

number concentrations.

1.3. Iron-bearing nanoparticles in the environment

Fe-bearing NPs occur both abundantly and widely in the urban atmosphere
(Ntziachristos et al., 2007; Hays et al., 2011; Sanderson ef al., 2014; 2016; Maher et al., 2016;
Yang et al., 2016). Fe, in oxide, hydroxide and metallic forms, is a major contributor not only
to the aerosol mass in urban environments but also, because of its abundant occurrence within

primary, emitted NPs, to the particle number concentrations in urban air.

Fe has been found in high concentrations (11,000 — 94,000 ppm) in the sub-micrometer
fraction of roadside PM (Yang et al., 2016). Fe-bearing NPs are frequently associated both
with transition and heavy metals, including Cr, Ni, Cu, Zn, Pb and Mn (Chen et al., 2006;
Maher et al., 2016; Yang et al., 2016). Most of the Fe-bearing particles emitted from vehicles
are ferromagnetic (sensu lato) Fe oxides, comprising mixtures of strongly magnetic magnetite
(Fe304), its oxidized counterpart, maghemite (y-Fe2O3), and hematite (a-Fe2O3), with some
metallic Fe (a-Fe) also reported (Muxworthy et al., 2002; Halsall et al., 2008; Maher et al.,
2008; Mitchell & Maher, 2009; Hansard et al., 2011; Sanderson et al., 2016). The magnetic



ordering shown by these airborne Fe-oxide particles enables their measurement and

quantification using a range of concentration- and particle size-dependent magnetic analyses

(see Section 1.12. Magnetic measurements of vehicle-derived, Fe-bearing nanoparticles).
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Figure 1. Metal-bearing particles found in the human body: (A) PM in the liver of a 32

year-old male (adapted from Calderon-Garciduenas et al. (2008a)); (B) PM spherules in a lung

capillary, RBC =red blood cell; EC = endothelial cell (adapted from Calderon-Garcidueiias et
al. (2008a)); (C) SEM image of Ba-bearing particles in the amniotic fluid with (D) the

corresponding EDS spectrum (adapted from BaroSova et al. (2015); (E) TEM image of

magnetite NPs in frontal cortex brain tissue with (F) corresponding EELS spectra (in black) for

the rounded particle shown in E and for standard Fe oxide species (adapted from Maher et al.

(2016)).



Magnetic particles in indoor and outdoor airborne PM can originate from a range of
domestic (e.g. wood/coal burning, cigarette smoking, printer emissions), workplace, transport
and industry sources (see also Appendix A: Section A3) (Buseck & Adachi, 2008; Maher et
al., 2008; Maher, 2009; Mitchell & Maher, 2009; Morawska et al., 2009; Zhang et al., 2012;
Kumar et al., 2013; Zajzon et al., 2013; Jelenska et al., 2017). Such particles can occur over a
great range of sizes, from several nm up to several hundred pm. Moreover, NPs < 100 nm can
agglomerate with each other and/or surround bigger particles. However, until recently, most

magnetic studies have focused on PM fractions > 1 um.

Vehicles are a major source of Fe-bearing NPs in the environment (Shi et al., 1999;
Cass et al., 2000; Harrison et al., 2000; Popovicheva et al., 2009; Hansard et al., 2011; 2012;
Mazaheri et al., 2011; Zajzon et al., 2013; Moreno et al., 2015; Peikertova et al., 2016;
Sanderson et al., 2016; Yang et al., 2016; Kukutschova & Filip, 2018). Figure 2 shows
Fe-bearing NPs in street dust, variously composed of magnetite, hematite, goethite and
ferrihydrite (Yang et al., 2016). Vehicle-derived, Fe-bearing NPs originate from: exhaust
emissions, both diesel (Abdul-Razzaq & Gautam, 2001; Lee et al., 2006) and gasoline (Zajzon
et al., 2013); brake-wear (Kukutschova & Filip, 2018); tire wear (Gustafsson et al., 2008);
resuspension of roadside dust (Ntziachristos et al., 2007); underground, rail and tram systems
(Moreno et al., 2015); aircraft (Demirdjian ef al., 2006); and shipping emissions (Popovicheva
et al.,2009).

1.4. Exhaust emissions

Exhaust emissions constitute a substantial source of Fe-bearing NPs in urban
environments (Harris & Maricq, 2001; Lombaert et al., 2004; Ntziachristos et al., 2007; Kam
et al., 2012; Keuken et al., 2012). Although about 90 wt.% of tailpipe emissions is
carbonaceous material, exhaust emissions contain up to 10 wt.% of trace metals (Brook et al.,
2007; Robert et al., 2007; Fulper et al., 2010; Peltier et al., 2011; Pant & Harrison, 2013),
n-alkanes and polycyclic aromatic hydrocarbons (PAHs) (e.g. Rogge et al., 1993; Lough et al.,
2005; Alam et al., 2016). Diesel engines also generate soot nanospheres, of between ~10 and
60 nm (Su et al., 2004; Liati et al., 2012), which are often associated with Mg, Fe, Cu, Ca and
Zn (Lombaert et al., 2004). Trace metals emitted by engines include Fe, Zn, Cr, Mo, Ti, Mg,
Ni, Pb, Ca, Cu, Ba, Sb, Co, Cd, V, Pt and Pd (e.g. Wang et al., 2003; Sharma et al., 2005;
Maricq, 2007; Liati et al., 2012; Prichard et al., 2012).
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Figure 2. Fe-bearing NPs found in street dust: (A) aggregate of spherical magnetite particles,
(B) Fe-rich fly ash, (C) magnetite particle with an octahedral shape, (D) hematite,
(E) ferrihydrite, (F) goethite (adapted from Yang et al. (2006)).



Particle size distributions (PSD) can be measured in terms of mass and number.
Number-normalized PSDs are more sensitive to the presence of nanoparticles (< 100 nm),
which contribute most to the particle number concentrations while contributing very little to
the PM mass. Number-normalized PSDs of exhaust emissions are typically bimodal, with
peaks at ~20 — 40 nm and ~50 — 90 nm (Kumar et al., 2008; Ondracek et al., 2011) or
unimodal, with a peak at ~10 — 70 nm (Bagley et al., 1996; Harris & Maricq, 2001; El Haddad
et al., 2009; Karjalainen et al., 2014) (Figure 3). Number-normalized PSDs often depend on
nucleation processes and atmospheric conditions (e.g. Imhof et al., 2006; Reche et al., 2011).
NP numbers are also heavily influenced by the proximity of traffic (or other emission sources),
especially in the case of particles of diameter < 30 nm (Zhu et al., 2002; Rose et al., 2006;
Puustinen et al., 2007; Cyrys et al., 2008; Beddows et al., 2009; Keuken et al., 2012); a point
of vital importance from the epidemiological point of view as the key exposure zone for traffic
is reported to be within 500 meters (Gauderman et al., 2007; HEIL, 2010), and more specifically,
within 50 meters (Ranft ez al., 2009) of major roadways.

Ntziachristos et al. (2007) studied traffic-derived PM in Los Angeles, USA and
reported that Fe was a predominant metal in the < 0.18 um fraction, accounting for 10 — 25%
of PMy.1s mass. Magnetite particles in car (diesel) exhaust emissions were first observed by
Abdul-Razzaq & Gautam (2001). Later studies (Lee et al., 2006; Liati et al., 2013; 2015; 2018)
found Fe oxide NPs in diesel emissions, and superparamagnetic (SP) NPs of magnetite and
hematite (Zajzon et al., 2013) in gasoline emissions (cf. Figure 2A, B, D). Fe-bearing NPs often
occur as rounded or even spherical particles — ‘nanospheres’ — of magnetite and/or hematite,
depending on combustion/heating conditions (Figure 2A, B, D) (Abdul-Razzaq & Gautam,
2001; Zajzon et al., 2013; Yang et al., 2016). Miller et al. (2007) identified 4 groups of NPs
containing Fe: homogeneously nucleated primary NPs of Fe; carbon agglomerates decorated
with primary Fe NPs; agglomerates of Fe primary particles; and combined Fe/carbon
agglomerates (Figure 4). Fe-bearing particles emitted from tailpipes often comprise a mixture

of all these particle types.
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Figure 3. Examples of particle-size distributions for non-exhaust (brake and tire wear debris)
and exhaust (diesel and gasoline) emissions. Brake-wear was collected using a pin-on-disc
machine (sliding speed of 13 m/s, contact pressure of 1.39 MPa, for 3 h) (Verma et al., 2016).
Tire wear was collected using a tire test bench (inner diameter of 3.8 m, speed of 0, 30, 50 and
70 km/h) (Foitzik et al., 2018). Diesel emissions were collected using an AC electric
dynamometer and the U.S. UDDS (urban dynamometer drive schedule) test cycle (Harris &
Maricq, 2001). Gasoline emissions were collected using a test vehicle (acceleration

from 30 to 90 km/h; hot start) (Karjalainen et al., 2014).

Fe-bearing NPs in exhaust emissions might originate from several sources. Magnetite
was found in exhaust emissions when fuel additives (e.g. ferrocene) had been used (e.g. Braun
et al., 2006). Magnetic NPs may form due to Fe impurities in fuel which can convert to Fe
oxides, such as magnetite and/or hematite, depending on combustion conditions
(Abdul-Razzaq & Gautam, 2001; Maher et al., 2008; Zajzon et al., 2013; Yang et al., 2016).
Ferromagnetic NPs might also originate from aging of steel in the engine (Filippelli et al.,
2005) and/or melting of engine fragments in the combustion chamber and subsequent

crystallization during cooling (Liati ef al., 2015). In modern engines, however, various coatings



(mainly Al, Cr, Mo, Ti, Zr alloy) reportedly reduce the wear rate by up to 94% (Mehran ef al.,
2018).

Studies on animals showed that exposure to exhaust emissions might be associated with
developmental impairment in various ways, including changes in growth, sexual development,
hormone levels, weight of the reproductive and accessory organs, expression of immune-
related genes and susceptibility to allergies (e.g. Sugamata et al., 2006; Ema et al., 2013; Li et
al., 2013). The exposure to diesel and biodiesel emissions might also lead to cardiovascular
alterations as well as pulmonary and systemic inflammation in mice (Brito et al., 2010).
Gasoline-derived PM has also been associated with health problems, e.g. impairment of
epithelial defence mechanisms (Kiinzi et al., 2015). Moreover, a study by Cheung et al. (2010),
evaluating the oxidative potential of gasoline, diesel and biodiesel emissions, showed that
soluble Fe is strongly associated (R = 0.99) with particulate ROS activity (see Appendix A:
Table A5 for more details).

1.5. Brake-wear emissions

Brake-wear debris comprises primarily carbonaceous and metal-bearing components
(Garg et al.,2000). In contrast to tailpipe emissions, Fe often dominates, constituting > 50 wt.%
of all brake-wear emissions (Sanders et al., 2003; Adachi & Tainosho, 2004; Kukutschova et
al., 2011; Osterle et al., 2014). Besides Fe, brake dust emissions can also contain a wide range
of elements, including Cu, C, Ba, Sb, Si, Al, Mo, S, Sn, Cd, Cr, Pb, Zr, Ti and Zn (Mosleh et
al., 2004; Thorpe & Harrison, 2008; Kukutschova et al., 2010; 2011; Peikertova et al., 2013;
Verma et al., 2016; Kukutschova & Filip, 2018).

Appendix A: Table A6 shows total dust emissions during a pin-on-disc test of a
commercial, low-metallic brake pad (Verma et al., 2016). The NP fraction (< 100 nm)
constitutes > 90% of total particle number. Similarly, Garg et al. (2000) reported that most

particles were < 30 nm (cf. Figure 3).

Although Fe-rich particles have been widely reported in brake-wear studies (Sanders et
al., 2003; Kukutschova et al., 2010; 2011; Hagino et al., 2016; Sanderson et al., 2016; Verma
et al., 2016), little attention has yet been paid to identification of their properties
(phase/mineralogical composition, concentrations of particular phases, size distribution) or

potential health impact. Figure 5 shows an agglomerate of NPs ~20 — 100 nm in size, derived
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from brake-wear collected during a dynamometer test of a widely-available brake pad. These

brake-wear NPs contain mostly magnetite and elemental Fe (Kukutschova et al., 2010). Other

authors have reported other Fe oxides, mainly hematite, wiistite (FeO) and maghemite in the

NP fraction (Peikertova et al., 2013; Sanderson et al., 2016; Verma et al., 2016).

Figure 4. Examples of Fe-bearing NPs in diesel emissions: (A) and (B) carbon agglomerates
decorated with primary Fe NPs, (C) nucleated primary particles of Fe and (D) combined
carbon/iron agglomerates (adapted from Miller ef al. (2007)).
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Brake-wear debris results from friction between a brake pad, of diverse chemical
compositions, and the cast iron brake disc. Both members of this friction couple can be a source
of Fe-bearing NPs. Moreover, nano- and sub-micrometer-sized Fe powder, as magnetite, is
often added (in concentrations up to 50 wt.%) to brake pads (Jang, 2013), as a solid lubricant.
At brake pad temperatures below ~200°C, abrasive processes dominate, and wear particles
> 1 um are mostly generated. But at higher temperatures (> ~190°C), the concentration of
nano-sized grains (< 100 nm) increases due to evaporation, condensation and aggregation

processes (Garg ef al., 2000; Kukutschova et al., 2010; 2011; Verma et al., 2016). As a result,

high numbers (~10!! particles/stop/brake) of Fe-rich NPs are emitted (Garg et al., 2000;
Kukutschova ef al., 2010; 2011; Verma et al., 2016; Nosko & Olofsson, 2017a; Perricone et
al., 2017; Kukutschova & Filip, 2018). The NP emission rate increases by 4 — 6 orders of
magnitude at a critical temperature, usually ~160°C to 190°C (Nosko et al., 2015; 2017;
Alemani et al., 2016; Perricone et al., 2018).
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Figure 5. (A) TEM image of NP wear particles collected during a dynamometer test and (B)
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electron diffraction (EDX) intensity profile (adapted from Kukutschova et al. (2010)).

In vitro and in vivo studies (see Appendix A: Table A5) show that brake-wear emissions
can induce oxidative stress and chromosomal damage, invoke pro-inflammatory response and
cause increased ROS production (Gasser et al., 2009; Kukutschova et al., 2009; Zhao et al.,
2015; Kazimirova et al., 2016; Malachova et al., 2016; Barosova et al., 2018; Puisney et al.,

2018; Rajhelova et al., 2019). The effects were more severe for the emissions originating from
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non-asbestos organic brake pads, compared to low-metallic ones (Puisney et al., 2018;

Gerlofs-Nijland et al., 2019).

Since NPs constitute the great majority of brake-wear particle numbers, and Fe is the
dominant component of those NPs, brake-wear dust thus comprises a major source of airborne
Fe-bearing NPs (see also Section 1.12. Magnetic measurements of vehicle-derived, iron-

bearing nanoparticles).

1.6. Tire and road surface wear emissions

Other types of traffic-related NPs, from tire and road surface wear, contain lower
concentrations of Fe-bearing NPs, but still display high genotoxicity and potential hazard to

human health (Gualtieri et al., 2005; Lindbom et al., 2006; 2007; Wik & Dave, 2009).

Tire wear debris typically comprises ~47% rubber, 21.5% carbon black and as much
as 16.5% metals (Milani ef al., 2004). Dominant components of tire wear include n-alkanes,
n-alkanoic acids, PAHs, benzothiazoles (Rogge et al., 1993; Reddy & Quinn, 1997; Camatini
et al., 2001; Kumata et al., 2002; Adachi & Tainosho, 2004; Allen et al., 2006, Hjortenkrans
et al.,2007; Thorpe & Harrison, 2008; Wik & Dave, 2009; Ondracek et al., 2011) and elements
such as Al, Si, Zn, Fe, S, K, Ca, Ti and Mg (Figure 6) (Lindbom et al., 2006; Gustafsson et al.,
2008; Thorpe & Harrison, 2008). Notably, studies showed that Fe occurs in all size fractions
< 10 pm of tire wear emissions, with concentrations up to 37 wt.% in the fractions <460 nm

(Figure 6) (Gustafsson et al., 2008).

The PM (mass and number) emitted from tire/road surface wear depends on several
factors; i.e. speed, slip angle, load and longitudinal force (Dahl et al., 2006; Gustafsson et al.,
2008; Foitzik et al., 2018). Tire/road surface wear particles > 10 um constitute ~60 — 70%,
PMio ~30% and PM> 5 ~4.5% of total tire emission mass (Kupiainen ef al., 2005). However,
tire wear accounts for a negligible portion (< 5%) of road dust mass, contributing mainly to the
NP (< 100 nm) fraction (Dahl et al., 2006; Foitzik et al., 2018) (cf. Figure 3 and Figure 7),
whereas road surface wear is responsible for emission of the larger grains (Kupiainen et al.,
2005; Gustafsson et al., 2008). Foitzik et al. (2018) found that the PSD of tire NP emissions is
bimodal (with peaks at ~10 nm and ~25 nm) or unimodal (peak at ~10 — 15 nm) (cf. Figure

3). Other authors report number PSDs with slightly larger grains (main peak ~25 — 45 nm)
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(Dahl et al., 2006; Gustafsson et al., 2008; Dall’Osto et al., 2014). Some authors, however,

dispute NP generation during real-world conditions (Mathissen et al., 2011).
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Figure 6. Relative mass concentration of Zn, Fe, Ca, K and S in tire wear, excluding

dominating mineral elements Al and Si (adapted from Gustafsson et al. (2008)).

The interaction between tires, road surface and traction sanding (sand introduced on the
road surface to improve vehicle traction) results in emission of substantial particle numbers,
especially in, for example, Nordic countries and Japan where studded tires are used regularly
during winter (Hosiokangas et al., 1999). NPs from tires might derive from the evaporation of
semi-volatile softening oils at temperatures > 100°C (Dahl ef al., 2006), or inclusions of zinc
oxides and sulfates (Dahl et al., 2006; Lindbom et al., 2006; Gustasson et al., 2008). Moreover,
steel (and other metals) is often added (up to 25 wt.%) as reinforcement material (Evans &

Evans, 2006) so is likely to be an additional source of tire-derived Fe-bearing NPs.

Toxicological studies (see Appendix A: Table AS) suggest that tire/road surface wear
poses a threat to human health via damage to epithelial cells and ROS formation (Gualtieri et

al., 2005; Lindbom et al., 2006; 2007; Wik & Dave, 2009).
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Figure 7. TEM images of tire wear NP generated by a road simulator (adapted from Dahl
et al. (2006)). No compositional data were provided by the authors.

1.7. Resuspension of the roadside dust

Resuspension of road dust is one of the major sources (27 — 38 wt.%) of airborne PM
in urban environments (e.g. Bukowiecki et al., 2009a; Martuzevicius ef al., 2011; Chen et al.,
2012; Lawrence et al., 2013; Pant & Harrison, 2013). PM fractions > 1 um are predominant in
resuspended dust (Kupiainen et al., 2005; Chen et al., 2006; Tanner et al., 2008; Duong
& Lee, 2011; Pant & Harrison, 2013), with sub-micrometer particles constituting ~10 — 15
wt.% (Kupiainen et al., 2005).

High Fe concentrations (11,000 — 94,000 ppm) have been observed in the
sub-micrometer fraction of roadside PM (Yang et al., 2013) in several different forms:
magnetite, hematite, metallic Fe, ferrihydrite and goethite (Figure 2) (Xie ef al., 1999; 2001;
Goddu et al., 2004; Bucko et al., 2011; 2013; Wawer et al., 2015; Yang et al., 2010; 2016;
Dyttow & Goérka-Kostrubiec et al., 2019).
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Roadside dust can be a complex mixture of natural, soil-derived particles, and of traffic-
(both exhaust and non-exhaust) and industry-derived emissions. Hence, exposure to

resuspended dust may also be hazardous to human health.

1.8. Underground, train and tram emissions

Underground transport systems are used daily by approximately 4 million people in
London (Transport for London Website), 4.5 million in New York (The New York City
Subway System Website) and 7 million in Tokyo (Tokyo’s Metro Advertising Media Website).
Although commuting typically constitutes only ~10% of the day (e.g. Klepeis et al., 2001;
Saksena et al., 2008), subway commuters are exposed to high levels of pollutants (Knibbs et
al.,2011), especially Fe-bearing NPs (Moreno et al., 2015; 2017b). Daily average PM; 5 levels
in subway environments reach 480 pg/m® and particle number concentrations (PNCs) up to
31,000 particles/cm® (Aarnio et al., 2005; Seaton et al., 2005; Abbasi et al., 2013; Moreno et
al., 2015), greatly (up to 30 times) exceeding nearby above-ground PM levels, e.g. in Helsinki
(Aarnio et al., 2005), Rome (Ripanucci et al., 2006), Seoul (Kim et al., 2008), Buenos Aires
(Murruni ef al., 2009), Paris (Raut et al., 2009) or Mexico City (Mugica-Alvarez et al., 2012).

Fe is a dominant element in subway, train and tram emissions, in coarse (10 — 2.5 um),
fine (< 2.5 um) and NP (< 100 nm) fractions (Bukowiecki et al., 2007; Gehrig et al., 2007,
Murruni et al., 2009; Salma et al., 2009; Kam et al., 2011; Zhang et al., 2011; Abbasi et al.,
2012; Gustafsson et al., 2012; Jung et al., 2012; Midander ef al., 2012; Mugica-Alvarez etal.,
2012; Abbasi et al., 2013; Loxham et al., 2013; Moreno et al., 2015), constituting usually
~65 wt.% of PMio and PM> 5 (e.g. Seaton et al., 2005; Abbasi et al., 2012; Jung et al., 2012),
sometimes reaching levels as high as 86 wt.% of PMio (Gustafsson ef al., 2012), 88 wt.% of
PM3s.1.0 (Moreno et al., 2017b) and 95% of PNC (Moreno et al., 2017b). Fe is usually
accompanied by other metals, including Cu, Ba, Zn, Si, Al, Ca, Ni, Ti, Sb, V, Co, Cr, Mn
(Abbasi et al., 2012; 2013; Moreno ef al., 2015; Namgung et al., 2016; 2017).

The PSD of subway emissions is dominated by NPs < 100 nm (Salma et al., 2009;
Gustafsson et al., 2012; Midander et al., 2012; Lee et al., 2018b). Airborne PM at subway
stations contains a mixture of magnetite, maghemite, and hematite, with some additional
evidence of the presence of metallic Fe, wiistite and Fe oxyhydroxides (goethite and/or
lepidocrocite) (Karlsson et al., 2005; Kang et al., 2008; Salma et al., 2009; Zhang et al., 2011;
Midander et al., 2012; Mugica-AlvareZ et al., 2012; Querol et al., 2012; Eom et al., 2013;

16



Moreno et al., 2015). Fe-bearing NPs of 5 — 50 nm usually occur in the form of spherical,
agglomerated grains of metallic Fe with oxidized rims of magnetite and/or hematite (Figure
8A) (Salma et al., 2009; Zhang et al., 2011; Midander et al., 2012; Querol et al., 2012; Moreno
et al.,2015). Some studies identify hematite as the dominant Fe phase in subway airborne NPs
(Salma et al., 2009; Querol et al., 2012); others find magnetite in the highest concentrations
(Karlsson et al., 2005; Zhang et al., 2011). It is evident that the composition of particulate air
pollution is variable with location, and hence, that impacts on human health may also differ by
location. The Fe oxidation level is important in terms of health hazard (see Section 1.13.
Specific toxicity of iron-bearing nanoparticles); thus more data are needed to quantify the
magnetite/hematite contributions to total subway PM and if necessary, to identify and introduce
mitigation measures limiting subway PM emissions (Tokarek & Bernis, 2006; Moreno & de

Miguel, 2018).

Subway-derived Fe-bearing NPs may form from braking (Moreno et al., 2015; 2017b;
Namgung et al., 2016; 2017), wheel/rail track interactions (Querol et al., 2012; Lee et al.,
2018a; 2018b) or sparking between a third-rail and collectors (Salma et al., 2009). The presence
of co-existing metallic Fe (often with oxidized rims), magnetite, maghemite and hematite

suggests that particular Fe oxides reflect increasing stages of oxidation (Moreno ef al., 2015).

Fe-rich subway particles have been found to be toxic (see Appendix A: Table AS),
causing mitochondrial depolarization, inflammatory responses and generation of ROS
(Karlsson et al., 2005; 2006; 2008; Nieuwenhuijsen et al., 2007; Loxham et al., 2013; 2015;
Janssen et al., 2014; Moreno et al., 2017a), especially in the case of fractions < 2.5 um and
<0.18 um (Loxham et al., 2015). Karlsson et al. (2005) found that subway particles are 8 times
more genotoxic than roadside PM collected nearby a very busy street. The high genotoxicity
of subway-derived PM probably results from synergistic effects of Fe-, Cu- and Zn-bearing,
subway-derived pollution, possibly in the fraction < 0.1 um (Karlsson ef al., 2008; Loxham et

al., 2015).

Trams and trains generate similar Fe-bearing NPs (e.g. Muxworthy et al., 2002;
Bukowiecki et al., 2007; Gehrig et al., 2007; Kardel et al., 2012), which may be particularly
hazardous at subway stations and/or tunnels due to confined spaces, poor ventilation and high
congestion. Hence, commuters using underground systems are exposed to high levels of

metal-rich, potentially hazardous airborne particulates (Knibbs et al., 2011).
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Figure 8. TEM images of (A) magnetite NPs found in subway PM (adapted from Moreno et

al. (2015)) and (B) aircraft-derived NPs containing mainly Fe, Cr and Ni (adapted from
Mazaheri et al. (2013)), (C) ship-derived soot particles with V-, Fe- and Ni-bearing speckles
of 5-10 nm (adapted from Streibel et al. (2017)).

1.9. Aircraft emissions

Masiol & Harrison (2014) have reviewed aircraft emissions and other airport-related
contributions to ambient air pollution. Airports, and their associated road traffic, are a source

of Fe-bearing NPs.

Nanoparticulate aircraft emissions are dominated by soot particles, accompanied by
smaller amounts (4 — 6 wt.%) of Fe (Popovicheva et al., 2004; Demirdjian et al., 2006; Leli¢vre
et al., 2006; Amato et al., 2010; Fine et al., 2010; Mazaheri et al., 2013) and other metals,
including Cr, Ni, Ca and K (Leliévre et al., 2006; Mazaheri et al., 2013).

Number-normalized PSDs of aircraft emissions are dominated by NPs (< 100 nm), with
a main peak at ~10 — 20 nm (Petzold et al., 1999; Biswas et al., 2005; Westerdahl et al., 2008;
Hu et al., 2009; Mazaheri et al., 2013; Masiol et al., 2016; 2017).

From TEM and EDX, aircraft-derived Fe-bearing NPs occur in the form of magnetite
and/or maghemite (Figure 8B) (Demirdjian et al., 2006). The presence of Fe in soot
agglomerates might arise from chemical/mechanical corrosion of the liquid fuel atomizer
(Demirdjian et al., 2006). Fe-bearing NPs in aircraft emissions might also originate from

impurities in the kerosene fuel (Popovicheva et al., 2004).

Aircraft emissions are reported to have deleterious health impacts both globally and

locally (Unal et al., 2005; Barrett et al., 2010). Aircraft-generated NPs, at Santa Monica
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Airport, Southern California, USA, occurred at concentrations 11, 10, 5 and 2.5 times the
background value for sites at distances from the airport of 80 m, 100 m, 380 m and 660 m,
respectively (Hu et al., 2009). Enhanced, aircraft-derived levels of NPs (up to 20 x background
concentrations) persisted up to 900 m from a take-off area (Biswas et al., 2005; Westerdahl et
al.,2008; Hu et al., 2009), thus likely exerting an adverse influence on adjacent neighborhoods
(see Appendix A: Table AS). Furthermore, there have recently been several lawsuits related to
‘aerotoxic syndrome’, linked to occupational exposure to polluted cabin air and associated with
severe headaches, mental confusion, sight problems, insomnia, digestive and respiratory
problems, and even death (Ramsden, 2016). The impacts of aircraft emissions on human health
are poorly understood, but some evidence indicates that occupational exposure of airport
personnel and aircraft crew has detrimental effects (Cavallo ef al., 2006; Schindler et al., 2013;

Masiol & Harrison, 2014; Harrison et al., 2015; Ramsden, 2016; He et al., 2018).

1.10. Shipping emissions

Shipping emissions, derived from combustion of so-called ‘bunker fuel’, affect air
quality both locally (Saxe & Larsen, 2004; Healy et al., 2010; Pandolfi ef al., 2011; Zhang et
al., 2014; 2017) and globally (Corbett & Koehler, 2003; Endresen et al., 2003; Eyring et al.,
2010).

Most studies to date have focused on NOx, SOz, CO and CO: as they constitute the
majority of ship-derived emissions (Isakson et al., 2001; Endresen et al., 2003; Saxe & Larsen,
2004; Chen et al., 2005; Gonzalez et al., 2011; 2013; Juwono et al., 2013). Fe-bearing particles
occur in the PM> s fraction in concentrations up to 10 ug/m® (Agrawal et al., 2008; Healy et
al., 2009; Moldanova et al., 2009; 2013; Popovicheva et al., 2009; 2012; Zhang et al., 2014;
Oeder et al., 2015; Streibel et al., 2017; Corbin et al., 2018), usually accompanied by other
metals, including V, Ni, Zn, Ca, Na, P (Moldanova et al., 2009; 2013; Popovicheva et al., 2009;
2012; Oeder et al., 2015). Using cluster analysis of elemental composition and electron
microscopy observations, Popovicheva et al. (2012) distinguished 5 groups of particles in
shipping emissions. The Fe-rich group, constituting ~3 — 4% of all PM mass, comprised ~50%

Fe, with smaller portions of Si, S and Ca.

Shipping-derived Fe-bearing particles occur usually in the fraction < 100 nm, in the

form of ~5 — 10 nm inclusions in soot particles (Figure 8C) (Streibel et al., 2017; Corbin et al.,
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2018). The NPs have been observed in the forms of Fe>O3, FexS, NixFe, NisFe, NizFeoO3 and
NiFe2O4 (Popovicheva et al., 2009; 2012).

Those inclusions are formed as a result of the decomposition or oxidation of Fe-bearing

minerals in heavy fuel oil, and/or corrosion of the engine (Popovicheva et al., 2012).

Exposure to shipping-derived particles (see Appendix A: Table AS5) results in acute
cytotoxic effects in cell cultures in vitro (Oeder et al., 2015; Sapcariu et al., 2016) and oxidative
stress (Mousavi et al., 2019). Shipping emissions are related to ~60,000 cardiopulmonary and
lung cancer deaths annually (Corbett et al., 2007). In busy ports, the health impacts of
shipping-derived Fe-bearing NPs are additive to the NP loadings from associated road/freight
traffic.

1.11. Source apportionment of roadside-derived PM

Estimation of the contributions made by specific sources to total airborne PM or PNC
is often difficult, and variable between different studies (Figure 9) (Ketzel et al., 2007;
Bukowiecki et al., 2009a; Harrison et al., 2011; 2012; Lawrence et al., 2013; Vu et al., 2015;
Squizzato et al., 2016; Crilley et al., 2017). For a street canyon in Zurich, and using elemental
data and positive matrix factorization (PMF) to distinguish between sources, Bukowiecki et al.
(2009a) found that brake-wear, exhaust emissions and resuspension contributed 21%, 41% and
38% of total traffic-derived PMo mass, respectively (Figure 9B). Lawrence et al. (2013)
studied PM in a tunnel in Hatfield, UK, relying on principal component analysis (PCA) and
multiple linear regression analysis, and reported that resuspension was responsible for 27% of
PM;o mass, diesel emissions for 21%, gasoline emissions for 12%, brake-wear for 11%, road
surface wear for 11%, with 18% of PMio mass not attributed to any source. Harrison et al.
(2012) studied roadside PM at a busy London street, assessing the contribution of non-exhaust
emission sources using specific elemental tracers, i.e. Ba for brake emissions and Zn for tire
emissions. They found that the mass of brake-wear (0.9 — 11.5 um) was higher than that of
resuspended dust (55.3 £ 7.0 % versus 38.1 + 9.7 % of non-exhaust emissions). In this study,
10.7 + 2.3 % of non-exhaust PM (0.9 — 11.5 um) was attributed to tire wear (Figure 9A).

Some source apportionment studies have considered particle number and volume of
PMj (e.g. Harrison et al., 2011; Vu et al., 2015). The authors found that exhaust emissions
accounted for 22.4% of total volume and 65.4% of total number, brake dust — 13.7% of total
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volume and 1.7% of total number, and resuspension — 4.4% of total volume and 4.8% of total

number. Tire wear emissions were not identified in this study (Harrison et al., 2011).

Discrepancies between these estimates probably reflect the differing methodologies,
instruments and characteristics of the sampling sites. There is presently no unambiguous tracer
of resuspended dust, which makes estimation of the resuspension contribution challenging
(Pant & Harrison, 2013). Pant & Harrison (2013) provide a detailed description of

methodologies for the assessment of source apportionment of urban PM.

RESUSPENSION
(38%)

RESUSPENSION
BRAKE WEAR (38.1%)

(35.3%) EXHAUST

%‘;ﬁf EMISSIONS
(41%)

(21%)

Figure 9. Source apportionment of (A) non-exhaust PM emissions (adapted from Harrison et

al. (2012)) and (B) total traffic-derived PM (adapted from Bukowiecki ef al. (2009a)).

Around the world, there are numerous emission standards limiting exhaust emissions,
e.g. European Emission Standard (EURO) in European Union (EU), Tier motor vehicle
emission and fuel standards in USA, WLTC-based (Worldwide Harmonized Light Vehicles
Test Cycle) regulation in Japan, or Bharat Stage regulation in India (DieselNet. Engine &
Emission Technology Website). In response to increasing regulation, the automotive industry
has sought, with varying measures and outcomes, to reduce exhaust emissions. Non-tailpipe
emissions are currently unregulated; yet constitute a similar proportion of total mass
traffic-derived PM as exhaust emissions (Figure 9B) (Harrison et al., 2001; Querol et al., 2004;

Bukowiecki et al., 2009a). Resuspension may become a more substantial source of roadside
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PM, as electrification (both electric engines and regenerative braking systems) of the vehicle
fleet will decrease both exhaust and brake-wear emissions (Timmers & Achten, 2016). Further

research is needed to quantify the resuspension contribution to roadside PM.

1.12. Magnetic measurements of vehicle-derived, Fe-bearing nanoparticles

The majority of the Fe-bearing particles emitted by vehicles occur as ferromagnetic
(sensu lato) — i.e. magnetically ordered minerals, especially as magnetite (Fe;O4), maghemite
(v-Fe203), hematite (a-Fe>O3) and metallic a-Fe (Muxworthy et al., 2002; 2003; Halsall et al.,
2008; Maher ef al., 2008; Mitchell & Maher, 2009; Hansard et a/., 2011; 2012; Sanderson et
al., 2016; Jelenska et al., 2017). Thus, magnetic analyses, based on concentration- and
magnetic grain size-dependent parameters, enable characterization and quantification of
vehicle-derived PM (e.g. Matzka & Maher, 1999; Muxworthy et al., 2002; 2003; Spassov et
al., 2004; Mitchell & Maher, 2009).

Magnetic methods have enabled mapping of heavy metal contaminations in soils
(e.g. Hoffmann et al., 1999; Hanesch & Scholger, 2002; Magiera et al., 2006), as well as PM
concentrations in the urban atmosphere (e.g. Hanesch et al., 2003, Moreno et al., 2003; Davila
et al., 2006; Hansard et al., 2011; 2012; Kardel et al., 2012). Hofman et al. (2017) review data

from biomagnetic monitoring studies of air pollution (see also Appendix A: Table AS).

Significant correlation has frequently been found between PMio, NOx, heavy metal
content and concentration-dependent magnetic properties (e.g. magnetic susceptibility,
saturation isothermal remanent magnetization) of PM (Figure 10) (Matzka & Maher, 1999;
Muxworthy et al., 2003; Spassov et al., 2004; Maher et al., 2008; Mitchell & Maher, 2009;
Hansard et al., 2011; Jordanova et al., 2012; Kardel et al., 2012). The magnetite content of
roadside PMo appears greater than PMio from a power generation emissions stack (Figure
10C) (Hansard et al., 2011). An early study identified strong correlation (n = 55; R? = 0.79)
between magnetic susceptibility of airborne PM and mutagenicity (Morris et al., 1995).
Moreover, other composition- and magnetic grain size-dependent magnetic parameters
(e.g. hysteresis properties, first-order reversal curves) have often been helpful in the distinction
between different sources of vehicle-derived pollutants (e.g. Sagnotti et al., 2006; 2009;
Sagnotti & Winkler, 2012). For example, Sagnotti et al. (2006) and Sagnotti & Winkler (2012)
showed that exhaust emissions have distinctive magnetic hysteresis properties compared to

brake-wear emissions.
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Figure 10. Correlation between: (A) air filter SIRM and roadside PMiomass in Lancaster, U.K.
(adapted from Mitchell & Maher (2009)); (B) air filter SIRM at 77K (SIRM77x) and
concentration of total nitrogen oxides (NOx) at the roadside, in Turin, Italy (adapted from
Saragnese et al. (2011)); (C) leaf SIRM and ambient PMo concentrations, derived from vehicle
pollution and industrial stack point source pollution (adapted from Mitchell ef al. (2010) and
Hansard et al. (2011)).

Magnetic NPs < 30 nm in size display distinctive magnetic behavior; they are
‘superparamagnetic’ (SP), unable to hold a magnetic remanence at room temperature, due to
thermal agitation of their magnetic moments. Several magnetic studies have reported on the
ultrafine, SP fraction of airborne roadside pollution (Muxworthy et al., 2002; 2003; Sagnotti et
al., 2006; 2009; Sagnotti & Winkler, 2012; Saragnese ef al., 2011; Szonyi et al., 2007; 2008).
In Munich, Germany, SP ferrites contributed ~22% to the total saturation isothermal remanent

magnetization (SIRM) of roadside PM and the SP fraction was dominated by 10 — 16 nm grains
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of maghemite and 5 — 8 nm grains of a-Fe (Muxworthy et al., 2002). Higher SP contributions
to the SIRM of roadside PM, even up to 88%, have since been reported (Sagnotti ef al., 2006;
Saragnese et al., 2011), possibly reflecting different measurement temperatures. Muxworthy et
al. (Muxworthy et al., 2002) measured SIRM at 77 K, Sagnotti et al. (2006) at 4 K and
Saragnese et al. (2011) at 15 K. Due to thermal agitation, grains of magnetite < 16 nm,
maghemite < 22 nm and hematite < 11 nm are unable to retain magnetic remanence at 77K
(Dunlop, 1973; Ozdemir et al., 1993; Bodker & Merup, 2000; Pankhurst et al., 2008) and
therefore are magnetically ‘invisible’ at this temperature. It should be noted that the SP fraction
might occur not only as discrete magnetic grains < 30 nm in size but also as oxidized rims

around larger particles (Ozdemir et al., 1993).

Magnetic PM, containing redox-active Fe, might not only be harmful to human health
on its own; it is also usually associated with other toxic components, including Ba, Br, Cr, Cu,
Mn, Mo, Ni, Pb, Zn (Spassov et al., 2004; Chen et al., 2006; Kim et al., 2007; Maher et al.,
2016; Yang et al., 2016) and PAHs (Lehndorff & Schwark, 2004; Jordanova et al., 2012).

Critically, although Fe-bearing fine (< 2.5 pum) and nano-sized (< 0.1 um) particles are
present in almost all types of traffic-derived emissions (see previous sections), the magnetic
signatures of specific particle sources appear to be distinctive (Figure 11; see also Appendix
A: Table A8). For example, the ferrimagnetic content of brake-wear PM greatly exceeds that
of many other PM sources (Figure 11). Furthermore, the SP fraction of brake-wear emissions
contributes ~35% of SIRM, compared to 20% SP contribution in gasoline tailpipe emissions
(Sagnotti et al., 2009; Sagnotti & Winkler, 2012). Component analysis of magnetic coercivity
distributions of roadside PMio in Switzerland enabled identification of two magnetic
components/PM sources: the first (Cl), resuspended dust (a mixture of natural and
anthropogenic street dust); the second (C2), traffic exhaust emissions (Figure 12) (Spassov et

al., 2004).
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Figure 11. Saturation magnetic remanence (SIRM) for indoor and outdoor PM (adapted from
Halsall et al. (2008) and Hansard et al. (2012)), exhaust and brake-wear emissions (Gonet ef
al.,2021b): 1, wood fired boiler; 2, coal fired boiler; 3, gas/oil boiler; 4, oil fired boiler; 5, gas
kettle incinerator; 6, coal fired power station; 7, gas/oil power station; 8, graphite plant;
9, smelting plant; 10, coke; 11, sinter; 12, BOS slag; 13, iron ore pellets; 14, roadside filters
from Halsall et al. (2008); 15, indoor filters from Halsall et al. (2008); 16, printer dust;
17, diesel emissions from Gonet et al. (2021b); 18, gasoline emissions from Gonet et al.
(2021b); 19, airborne brake-wear emissions, from Gonet et al. (2021a); and 20, non-airborne

brake emissions, from Gonet et al. (2021a).

Conventional, elemental analysis of Fe, which is present in high concentrations at urban
roadsides (see previous sections) cannot differentiate between its different vehicular sources.
In contrast, magnetic methods of PM analysis can distinguish between different Fe minerals
and oxidation states (Fe’" vs Fe’'), information of particular potential value regarding
Fe-bearing NP toxicity and human health impacts (see Section 1.13. Specific toxicity of iron-
bearing nanoparticles). Moreover, given distinctive magnetic fingerprints from different PM
sources, combining elemental and magnetic analyses may enable more accurate and precise

source apportionment (cf. Figure 12).
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Figure 12. Absolute and relative contributions of exhaust emissions to PMjg at several sites
in Switzerland. Open circles and dashed best-fit line refer to the receptor model (chemically
estimated PM 1o mass contribution of exhaust emissions). Solid dots and the solid best-fit line
refer to the magnetic model, where component C2 (identified using magnetic component

analysis) corresponded to exhaust emissions (adapted from Spassov et al. (2004)).

1.13. Specific toxicity of Fe-bearing nanoparticles

Exposure to airborne Fe-bearing NPs may be particularly hazardous to human health
due to their high bioreactivity and potential toxicity, combined with their abundance in the
urban environment. Numerous studies have shown that Fe plays an important role in the
generation and pathogenicity of ROS (Ghio et al., 1992; Dusseldorp et al., 1995; Gilmour et
al., 1996; Donaldson et al., 1997; Valavanidis et al., 2000; Aust et al., 2002; Ghio & Cohen,
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2005; Li & Reichmann, 2016; Pelclova et al., 2016; Moretti et al., 2019). Dusseldorp et al.
(1995) found that airborne Fe was associated with exacerbation of some respiratory symptoms.
Fe-rich particles have been shown to generate ROS and provoke an inflammatory response
(Aust et al., 2002). These findings are supported by the results obtained by Pelclova et al.
(2016) who found elevated oxidative stress markers in exhaled breath condensate of workers

exposed to NPs during Fe oxide pigment production (see also Appendix A: Table AS).

The presence in the human brain specifically of magnetite, a strongly magnetic, mixed
Fe?*/Fe*" oxide, is important because it has been causally linked with neurodegenerative
diseases. Magnetite in brain tissue has been observed to be directly associated with AD plaques
(e.g. Collingwood & Dobson, 2006; Quintana et al., 2006; Plascencia-Villa et al., 2016) and
correlated (albeit with rather small sample size) with the incidence of AD (Hautot et al., 2003;
Pankhurst et al., 2008). Neuropathological changes associated with AD include the formation
of senile plaques, containing amyloid-# fibrils. When associated with redox-active transition
metal ions, such as the Fe** ions contained within magnetite, amyloid-f can generate damaging
ROS, directly contributing to oxidative brain damage, a key early feature of AD (e.g. Castellani
et al., 2007; Allsop et al., 2008; Tabner et al., 2010). In vitro experimental data additionally
show that magnetite acts synergistically to enhance the toxicity of amyloid-£ (Allsop et al.,
2008; Teller et al., 2015). Moreover, higher concentrations of magnetite have been also
detected in brain tumor tissue, in meningioma (Kobayashi et al., 1997; Brem et al., 2006) and

in diseased hippocampal tissues (Dobson & Grassi, 1996), compared to healthy brain tissue.

In vitro studies on A549 human epithelial cells have shown that exposure to magnetite
(Fe304) leads to acute cytotoxic effects and generation of ROS (Kdnczol et al., 2011). In the
case of the NP fraction (< 0.1 pm), the health response (DNA damage) was more severe than
with larger particles (0.2 — 10 um) (K6nczdl et al., 2013). Assessment of the ‘theranostic’ use
of SP iron oxide nanoparticles (SPIONs) has also shown that exposure to these particles can
lead to toxic effects, including DNA damage, ROS generation, chromosome condensation,
formation of apoptotic bodies, inflammation, impaired mitochondrial function and membrane
leakage of lactate dehydrogenase (e.g. Apopa et al., 2009; Naqvi et al., 2010; Singh et al.,
2010; Feng et al., 2018; see also Appendix A: Table AS).
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Fe?" is toxic as it may cause the generation of ROS via the Fenton reaction (Smith et

al., 1997):
H,0, + Fe** > OH + OH™ + Fe3* (1)

The hydroxyl radical (OH") is especially dangerous in brain tissue as it might cause
oxidative stress, which is a hallmark of neurodegenerative diseases like AD (e.g. Castellani et
al.,2007; Allsop et al., 2008; Tabner et al., 2010). Until recently, the magnetite particles found
in the human brain were assumed to be entirely of in sifu, biogenic origin (Kirschvink et al.,
1992; Schultheiss-Grassi et al., 1999). It has been suggested that the normal processes for safe
storage (within ferritin cores) and transport of the brain Fe become dysfunctional as a result of
neurodegeneration (e.g. Castellani et al., 2007). However, Maher et al. (2016) identified, for
the first time, the abundant presence in the human brain of externally-derived, magnetite
pollution NPs. These magnetite NPs displayed a range of particles sizes (from ~10 to 150 nm),
were frequently rounded or even spherical, and often associated with other ‘exotic’ transition
metal NPs, containing Pt, Ni, Co, and Cu. Some have fused surface crystallites that would be
very difficult to reconcile with in situ, low temperature growth or dissolution formation

processes.

Thus, airborne magnetic pollution NPs may pose a threat to human health due to their
bioreactivity, their ability to penetrate every organ, including the brain, their link with

neurodegenerative diseases and their abundance in the urban atmosphere.

1.14. Perspectives and outlook

Many studies have identified adverse health effects associated with exposure to
particulate air pollution (e.g. Calderon-Garciduenias et al., 2002; Beelen et al., 2014).
Traffic-derived emissions are a major source of urban PM, constituting up to 80% of airborne
concentrations of PM in the urban environment (Pant & Harrison, 2013). Hence, improved
understanding of the biological interactions induced in the human body by traffic-derived PM
is of critical importance for identifying their specific pathways of impact, and relative priority

in terms of their abatement and/or mitigation.

Metal-bearing NPs may be especially hazardous to human health. Studies on mouse
models and human epithelial cells have demonstrated the detrimental impact of NPs

(e.g. Donaldson et al., 2005; Oberdorster et al., 2005), with Fe-bearing NPs of particular
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potential hazard (e.g. Gilmour et al., 1996; Valavanidis et al., 2000). Combustion- and friction
heating-derived, Fe-bearing NPs found in human brain (Maher et al., 2016) are especially
worrisome, due to the high redox activity of magnetite and its potential association with
neurodegenerative diseases, such as Alzheimer’s or Parkinson’s diseases (Smith et al., 1997;
Maher et al., 2016; Plascencia-Villa et al., 2016). Given the abundant occurrence of Fe-bearing
NPs in the environment (indoor and outdoor), workplace, and in biomedical applications, and
the inconsistency of the data reporting their effects on biological systems, more systematic

studies on nano-sized, Fe-bearing particles are needed in order to define their toxic potential.

Traffic-related air pollution has been shown to be associated with respiratory,
cardiovascular and neurological problems (e.g. Calderon-Garcidueiias et al., 2002; Hoek et al.,
2013). However, little is known about long-term health effects of ambient NPs. Recently,
studies have examined regression models of health outcomes and the spatial distribution of
NPs (e.g. Hoek et al., 2011; Weichenthal et al., 2016a; 2016b; 2017a; 2017b; Van Nunen et
al.,2017). These models can be useful in the assessment of chronic health effects of NPs using
population-based cohorts. Ostro et al. (2015) observed statistically significant associations
between ischemic heart disease (IHD) mortality and both PM> 5 and PMo 1 fractions. Moreover,
some specific components were observed to be independently associated with IHD mortality,
including gasoline/diesel emissions and metals (Fe and Cu) (Ostro et al., 2015). The results of
Weichenthal et al. (2017b) suggest that exposure to ambient NPs is directly associated with the
incidence of prostate cancer. Bai ef al. (2018) found that chronic exposure to NPs may increase
the incidence of hypertension and diabetes. Land use regression models can potentially be used,
along with actual NP concentration measurements, as a basis for an assessment of human
chronic exposures to NPs. Interestingly, Weichenthal et al. (2017a) did not observe evidence
of positive associations between modelled long-term NP exposure and the incidence of

respiratory disease.

It is worth emphasizing that humans are variably exposed not to a single, individual
traffic-related source of particulates, but to a complex mixture of them. Some of the deleterious
effects of particular particles/compounds can be accelerated by the presence of others. For
example, adverse effects (for instance, lipid peroxidation in brain tissue) of Fe-bearing particles
(for instance, from brake-wear) are promoted by the presence of Al (for instance, from tire
wear or natural, soil dust) (Campbell ef al., 2004). Although increasing numbers of

epidemiological studies have identified associations between exposure to traffic-derived air

29



pollution and detrimental health impacts, the specific mechanisms of these associations remain

imperfectly understood.

Furthermore, PM composition is variable not only from city to city but also within
cities, such that different populations are exposed to different pollution mixes. Hence, the

impacts of exposure to PM on human health likely also differ by location.

Exhaust emissions have been legally regulated for over 25 years (e.g. in EU since 1992,
in USA since 1994, in India since 1991) (DieselNet. Engine & Emission Technology Website).
Initially, only the mass of CO (carbon monoxide), HC (hydrocarbons; in USA), NOx (nitrogen
oxides; in EU and USA), PM (in EU and USA), and NMHC (non-methane hydrocarbons; in
USA) was limited. Subsequently, more parameters have been covered by these regulations,
e.g. mass of VOC (volatile organic compounds) and PN (particle number) (DieselNet. Engine
& Emission Technology Website). It seems highly probable that legal regulation concerning
brake-wear emissions will be introduced in the near future, especially given their increasing
importance as exhaust emissions decline with electrification of vehicle fleets. Given the
growing evidence that Fe-bearing NPs may constitute a particular hazard to human health,
regulation to limit these Fe-rich, strongly magnetic emissions may also become important and

urgent, on an international scale.
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Chapter Two: Brake-wear emissions — literature review

2.1. Traffic-derived PM emissions in the urban environment

Urban airborne PM is a complex mixture of emissions originated from a wide variety
of natural (e.g. soil-derived or marine dust) and anthropogenic (e.g. traffic, biomass burning,
train, aircraft or shipping emissions) sources. Traffic-derived emissions are often a dominant
source of urban PM, especially at the roadside, constituting up to 80% of airborne
concentrations of ambient PMo (e.g. Thorpe & Harrison, 2008; Belis et al., 2013; Pant &
Harrison, 2013). Traffic-related PM includes engine exhaust emissions, i.e. diesel- and
petrol-engine tailpipe emissions; and non-exhaust emissions, i.e. brake, tyre and road wear
emissions, and resuspension of the roadside dust. Although the concentrations of exhaust
emissions have decreased significantly in the last 20 years due to the more and more stringent
legislation, non-exhaust emissions are currently unregulated. Yet non-exhaust emissions
presently constitute a similar or even higher proportion of urban PMi¢ concentrations,
compared to exhaust emissions (Figure 13) (e.g. Bukowiecki et al., 2009a; Lawrence et al.,

2013; Denier van der Gon et al., 2018; Piscitello et al., 2021).

Legal regulations regarding harmful levels of air pollutants usually concern mass-based
metrics, e.g. WHO outdoor air quality 24-hour mean limit values of 50 pg/m* for PMio
(particles with aerodynamic diameter smaller than 10 um), or 25 pg/m? for PM, s (particles
with aerodynamic diameter smaller than 2.5 pm) (WHO, 2016). Such metrics are often
dominated by larger particles (< 1 um) because UFPs contribute very little to the total particle
mass. Conversely, UFPs often predominate number-normalised PSDs and they are usually
monitored as particle number concentrations (PNCs). In urban environments, UFPs are
ubiquitous, albeit in spatially and temporally variable concentrations, depending on the
proximity to major roads, traffic characteristics, local road structure and topography, time of
the day, weather conditions and season (e.g. Rakowska et al., 2014; Jeong et al., 2015; Pasquier
& André, 2017; Agudelo-Castaneda et al., 2019). Although higher UFP levels (PNC > 30,000
#/cm?) are usually found in the close proximity to major roads (usually within 50 — 100 m of
the road), UFPs are also present in residential areas, usually in lower concentrations
(PNC < 15,000 #/cm?) (e.g. Kumar et al., 2012; Jeong et al., 2015; Hama et al., 2017; Simon
etal., 2017).
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Estimation of source apportionment of urban PM is challenging and variable between
different studies (see also Section 1.11. Source apportionment of roadside-derived PM).
Brake-wear PM has been reported to contribute ~11% —21% to total PM o mass (Bukowiecki
et al., 2009a; Lawrence et al., 2013) and ~1.7% to PNC (Harrison et al., 2011) in roadside

environments.
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Figure 13. PM o emissions from vehicle exhaust and non-exhaust sources for EU15, Norway

and Switzerland (adapted from Denier van der Gon et al., 2018).

2.2. Friction materials

PSD and chemical composition of brake-wear dust are complex and depend on
temperature and other environmental conditions, the shape of brake pad, sliding speed,
pressure, and chemical and physical properties of the friction couple (brake disc and brake
pad). Currently, brake discs in passenger cars are usually made of cast iron. Brake pads
typically consist of the following components (Eriksson et al., 1999; Wang & Chung, 2013;
JRC, 2014):

a) Fibres — providing mechanical stability. They usually contain various metals, carbon,
glass or/and Kevlar.
b) Fillers — reducing the cost and improving manufacturability. Barite, calcite, magnetite

and/or mica are commonly used.
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c) Binders — maintaining structural integrity under mechanical and thermal stresses.
Phenolic resins are widely used.

d) Additives — determining the frictional properties of brake pads. They comprise a
mixture of lubricants (such as graphite) for decreasing the friction coefficient, and
abrasives (such as Al oxide or Fe oxides), for increasing the friction coefficient and

maintaining cleanliness between contact surfaces.

Figure 14. Particle injection and distribution (laser illuminated plane) in a vehicle braking

system (adapted from Augsburg & Hesse, 2020).

Several thousand different raw materials have been used to produce brake pads by
automotive manufacturers (Hulskotte et al., 2014). Brake pads are typically categorised into
three main types: semi-metallic (SM), low-metallic (LM) and non-asbestos organic (NAO)
(Table 1). NAO brake pads are widely used in the Japanese market (a 2005-2010 survey;
Hagino et al., 2016) and in North America, while LM pads are more common in Europe. During
braking, pad and disc materials are subjected to various chemical and mechanical processes
and consequently, the structure and composition of the brake-wear dust are different from those
of the original braking materials (Osterle et al., 2001; Kukutschova et al., 2009; Kukutschova
& Filip, 2018).
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Table 1. Characteristics of main types of brake pads (Chan & Stachowiak, 2004).

Type of brake pad Ingredients Characteristics
Semi-metallic Predominantly metallic — steel Highest durability,
(SM) fibres higher wear of disc than NAO
Low-metallic Mixture of organic Higher friction performance
(LM) and metallic components than NAO, high durability

Relatively softer than LM and

Non-asbestos Predominantly organic o
. . SM, lower friction performance
organic compounds, mineral fibres, than LM and SM. sensitive to
(NAO) graphite ’

elevated temperature

2.3. Experiments and studies

Studies of brake-wear emissions are usually done in one of three ways. Firstly,
pin-on-disc machines are used (e.g. Mosleh et al., 2004; Wahlstrom et al., 2010a; Nosko &
Olofsson, 2017a; Tarasiuk et al., 2020). These are small-scale laboratory tests where pin
samples of brake pads are pressed against the rotating disc. The second method is to use
full-scale dynamometer testing (e.g. Sanders et al., 2003; Kukutschova et al., 2009; 2010;
2011; Aranganathan et al., 2016; Mamakos et al., 2019), which is more expensive but simulates
the braking system and real-world conditions in a more robust and realistic manner. Finally,
some researchers (e.g. Wahlstrom et al., 2010b; Harrison ef al., 2012; Wahlstrém & Olofsson,
2014) have conducted field studies addressing the indirect detection of brake-wear emissions.
Laboratory tests do not imitate real-world conditions perfectly but have the advantage of full
control over experimental braking conditions. However, the variability of dynamometer testing
procedures used worldwide represents a confounding factor in such tests (Table 2). Mass,
number and composition of brake-wear emissions vary notably, depending on several
dynamometer cycle parameters, e.g. temperature, speed, rate of deceleration (see also Section
2.7. Quantification of brake-wear emissions). On the other hand, the interpretation of field
studies is more complicated due to numerous sources of roadside PM and the lack of a
compelling and unambiguous method of assessing the contribution of brake-wear emissions to
total atmospheric PM. For these reasons, the combination of laboratory dynamometer tests and
field studies may be the most reliable approach to quantify airborne particle emission from

brake-wear.
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Table 2. Examples of the parameters used during various dynamometer cycles.

Reference Temll):glature Slid[izlng1 /slgeed Dec[eli:e;:zl]tion
Garg et al. (2000) 100, 200, 300, 400 <65 2.9
Sanders et al. (2003) <200 <89 0.6-1.6
Kukutschova et al. (2009) 121 — 426 <96 1.5-9.1
Hagino et al. (2015) <100 20, 40, 60 0.5-3.0
Hagino et al. (2016) <100 <88 02-1.2
Perricone et al. (2017) 100 — 200 50, 80, 100 25-39

2.4. Chemical composition of brake-wear emissions

Garg et al. (2000) reported that brake-wear debris contains primarily carbonaceous and
metal-bearing components. Fe is usually observed to be a dominant metal, sometimes
constituting even more than 50 wt.% of all emissions (Sanders et al., 2003; Adachi and
Tainosho, 2004; Kukutschova & Filip, 2018). Figure 5 shows a TEM image and electron
diffraction intensity data for ultrafine brake-wear particles collected during a dynamometer
test. These data show that the brake-wear UFPs contain magnetite and elemental Fe
(Kukutschova et al., 2010). The coarse fraction of brake-wear emissions (Figure 15) also
contains Ba, Cu, Sb, Mg, Si and S. Other Fe oxides, including haematite, wiistite and
maghemite, have also been observed in the ultrafine fraction of brake-wear emissions
(e.g. Hinrichs et al., 2011a, 2011b; Peikertova et al., 2013; Verma et al. 2016). Although
Fe-rich particles have been found in brake-wear particles in several studies (e.g. Sanders et al.,
2003; Kukutschova et al., 2010; 2011; Hinrichs et al., 2011a; 2011b; Hagino et al., 2016;
Sanderson et al., 2016; Verma et al., 2016), little attention has yet been devoted to the
identification of their properties (phase/mineralogical composition, concentrations of particular
phases) or their potential health impact. In terms of elemental composition, besides Fe, brake
dust emissions also contain a wide range of other elements, including Cu, C, Ba, Sb, Si, Al,
Mo, S, Sn, Cd, Cr, Pb, Zr, Ti and Zn (e.g. Mosleh et al., 2004; Kukutschova et al., 2011;
Peikertova et al., 2013; Kazimirova et al., 2016; Verma et al., 2016; Nosko & Olofsson, 2017b).
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Some authors also emphasise the importance of organic brake-wear products (Gadd &
Kennedy, 2000; Garg et al., 2000; Malachova et al., 2016; Placha et al., 2017). Garg et al.
(2000) suggested that hydrocarbon emissions could account for a significant amount of the
post-braking mass loss, especially at higher (300 — 400°C) temperatures. Malachova et al.
(2016) studied non-airborne brake-wear originating from a friction couple of cast iron disc and
LM brake pad, and found a great variety of organic compounds, with some of them being toxic,
mutagenic and carcinogenic (e.g. fluoranthene, ethanone, benzophenone). Placha et al. (2017)
tested low-metallic brake pads in a dynamometer and found a number of organic compounds
(including phenolic, aromatic aldehydes, S- and N-containing organic substances) in
brake-wear debris. In that work, only one model of a LM brake pad was analysed. Further
studies of various types of brake pads are needed in order to achieve greater understanding of

the environmental and health hazards of organic brake-wear emissions.
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Figure 15. SEM image of coarse fraction of brake-wear debris (A) and SEM-EDX

spectrograph of total area of coarse fraction of debris (B) (Kukutschova et al., 2009).

2.5. Particle size distribution of brake-wear emissions

Generally, brake-wear mass increases with increasing temperature of brake pad/disc
(Figure 16; Garg et al., 2000; Filip et al., 2002; Nisko & Olofsson, 2017; Niemann et al., 2020).
Below 200°C, the abrasive processes dominate and larger (> 1 pm) wear particles are mostly
generated. At higher temperatures (> 160 — 190°C), the concentration of smaller particles
(< 0.1 um) increases considerably due to evaporation, condensation and aggregation processes
(Garg et al., 2000; Kukutschova et al., 2010; 2011; Verma et al. 2016; Piscitello et al., 2021).

Several studies observed that there is a critical temperature at which the ultrafine particle
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emission rate increases by 4 — 6 orders of magnitude, probably due to the decomposition of
organic/inorganic binders (Ramousse et al., 2001; Kukutschova et al., 2011). It usually lies in
the range between 160°C and 240°C (Nosko et al., 2015; 2017; Alemani et al., 2016; 2018;
Perricone et al., 2018; Farwick zum Hagen et al., 2019b; Mathissen et al., 2019; Niemann et
al., 2020). This critical temperature is lower than the decomposition temperature of the raw
binder materials (~250 — 300°C). Although the integral disc temperature is usually lower than
~130 — 155°C in real-world conditions (Mathissen et al., 2018; Farwick zum Hagen et al,
2019a), the local surface temperature in so-called ‘hot spots’ might be notably higher, resulting

in the prolific generation of UFPs (Niemann et al., 2020).
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Figure 16. Particle number concentrations Crine (0.1 — 10 um), Cuitrafine (< 0.1 pm) and

temperature (T) vs. time during the dynamometer test (Nosko & Olofsson, 2017a).



In terms of mass-based metrics (e.g. PMio), larger grains (> ~1 um) dominate in total
brake-wear emissions, usually with a unimodal mass-normalised PSD and peak ~2 pm — 6 um
(Sanders et al., 2003; lijima et al., 2007; 2008; Kukutschova et al., 2011; Harrison et al., 2012;
Grigoratos & Martini, 2015). Conversely, as shown by several studies, the number
concentration of UFPs emitted is usually higher (by several orders of magnitude) compared to
larger (> 0.1 um) particles (e.g. Kukutschova et al., 2011; Sanderson et al., 2016; Verma et al.,
2016; Nosko & Olofsson 2017a). Appendix A: Table A6 shows total particle number and mass
of brake dust emissions obtained with the ELPI+ impactor (DEKATI, Finland) during a
dynamometer test (Verma et al. 2016). Each stage corresponds to different mean aerodynamic
diameter (D;). The ultrafine fraction (< 0.1 um) constitutes > 90% of total particle number.
Similar results were obtained by Garg et al. (2000); they reported that most particles emitted

were smaller than 30 nm (see also Figure 3).

2.6. Tracers of brake-wear emissions

Quantification of brake-wear emissions in the environment presents serious challenges
due not only to variability of braking conditions, but also the great diversity of friction materials
used for manufacturing brake pads. Sternbeck et al. (2002) proposed a Cu:Sb mass ratio of
4.6 £+ 2.3 in airborne PM as a diagnostic criterion for brake-wear emissions. However, further
studies (Figure 17; Table 3) reported substantial differences in the ratio (from 1.3 up to 10.0)
probably due to various compositions of the friction couple and contributions of metals from
other sources. Moreover, Sb has been found in diesel exhaust emissions (Wang et al., 2003);
another confounding factor in source apportionment analysis. It is also important to note that
modern brake pads often do not contain Sb (due to health concerns) so the value of the Cu:Sb

ratio as a brake-wear indicator will increasingly decline.

Other studies (Adachi & Tainosho, 2004; Schauer et al., 2006; Hjortenkrans et al.,
2007; Tanner et al., 2008; Dongarra et al., 2009; Gietl et al., 2010; Keuken et al., 2010; Amato
et al., 2011; Harrison et al., 2012; Lawrence et al., 2013) have suggested that Ba and Cu can
be used as tracers of brake-wear debris. Ba seems especially promising because barite (BaSO4)
is usually added to brake pads both as a filler and stabiliser of the friction layer and this usage
is unlikely to be changed in the near future. Beddows et al. (2016) used aerosol time-of-flight
mass spectrometry (ATOFMS) to detect brake-wear emissions and showed that the presence
of the [*Fe0s], ['**Ba] and ['**Ba] peaks can be used as a proxy for brake-wear debris. It

should, however, be emphasised that brake-wear compositions both vary between individual
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countries, and are likely to change in the future. Hence, local conditions need to be taken into
account in attempting to achieve quantification of brake-wear emissions (Beddows et al.,

2016).
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Figure 17. Cu:Sb mass ratio of brake-wear particles in ambient PM reported in the literature.

2.7. Quantification of brake-wear emissions

Several authors have attempted to quantify brake-wear emissions (Table 3). This task
has proved challenging and therefore reported emission factors (EFs) are highly variable
between different studies, depending on the friction materials (see Section 2.2. Friction

materials), measurement method, laboratory/field equipment and braking conditions (see
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Section 2.3. Experiments and studies), local road structure and topography (e.g. proximity to

traffic lights), and normalisation method (Table 3).

From dynamometer studies, reported EFs for PMio emitted by vehicle brake systems
varied from 7 mg/stop/brake (Sanders et al., 2003) to 46.4 mg/stop/brake (Perricone et al.,
2017) for LM brake pads, and from 1.5 mg/stop/brake (Sanders et al., 2003) to 9.2
mg/stop/brake (Perricone et al., 2017) for NAO brake pads. Normalised by the mileage, it
ranged from 5.6 mg/km/car (field study; Farwick zum Hagen et al., 2019a) to 21 mg/km/car
for LM brake pads (dynamometer, Park et al., 2021), and from 0.04 mg/km/car (dynamometer;
Hagino et al., 2016) to 8.8 mg/km/car (dynamometer; Garg et al., 2000) for NAO brake pads
(Table 3). The discrepancies between different studies are probably a consequence of different
braking conditions applied in the dynamometer tests (or field studies). For example, Perricone
et al. (2017) used higher deceleration rates (up to 0.40 g) compared to Sanders et al. (2003)
(up to 0.16 g). Moreover, Perricone et al. (2017) used slightly higher sliding speed (up to
100 km/h) and temperature (up to 200°C) compared to Sanders et al. (2003) (up to 89 km/h
and 177°C) (Table 2).

It is important to note that brake systems with NAO pads have been reported
consistently to generate lower mass of PMio (Table 3). In terms of particle number, however,
Perricone et al. (2017) observed that the NAO brake pad emitted much higher particle numbers
than the LM pad (153 x 10'° particles/stop/brake and up to 91 x 10'° particles/stop/brake,
respectively). Similar results were obtained by Alemani et al. (2016) who observed that a NAO
brake pad emitted higher number of brake-wear particles than the LM pad, even at temperatures
below the transition temperature (160 — 190°C) (see also discussion in Section 2.5. Particle size
distribution of brake-wear emissions). However, in a recent dynamometer study, Park et al.
(2021) reported that LM brake pads emitted somewhat higher particle number, compared to
NAO, i.e. ~2.3 x 10!° — 4.7 x 10'° particles/km/car for LM, and ~0.8 x 10! — 3.1x 10'°
particles/km/car for NAO. Since particle number and/or surface area (rather than particle mass)
might be relevant regarding pulmonary, cardiovascular and neurological health (e.g.
Oberdorster, 2001; Oberddrster et al., 2005; Nel et al., 2006; Maher, 2019), the particle number
emitted from brake systems should be taken into consideration in each study of brake-wear

emissions.
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Table 3. Overview of studies quantifying brake-wear emissions. Brake pads:
NAO — non-asbestos organic, LM — low-metallic; SM -semi-metallic.
Reference Brake pad PMio PM:s PMo.1
type
Garg et al. NAO 32-8.8 2.7-175 1.0-2.9
(2000) [dynamometer] mg/km/car mg/km/car  mg/km/car
Hagino et al. NAO 0.04 - 1.20 i i
(2016) [dynamometer] mg/km/car
LM 11-21 26-53
Park ef al [dynamometer] mg/km/car mg/km/car
(2021) NAO 1-5 0424
[dynamometer] mg/km/car mg/km/car
Abu-Allaban ef al. Various 0-280 0-5 i
(2003) [field study] mg/km/car mg/km/car
Bukowiecki et al. Various ~15 i i
(2010) [field study] mg/km/car
%‘gvgvéflkef‘;ln LM 5.6—8.4 ) )
(2019a) [field study] mg/km/car
lijima et al. NAO 5.8 3.9
(2008) [dynamometer] mg/braking/car mg/braking/car
Hagino et al. NAO 0.024 —0.056 i i
(2015) [dynamometer] mg/braking/car
LM 7.0
[dynamometer] mg/stop/brake
Sanders et al. SM 1.7 i i
(2003) [dynamometer] mg/stop/brake
NAO 1.5
[dynamometer] mg/stop/brake
LM 14.5-46.4
Perricone ef dl. [dynamometer] mg/stop/brake ) ]
(2017) NAO 85-92
[dynamometer] mg/stop/brake
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The quantification of brake-wear emissions in urban environments presents many
challenges, one issue comprising the varied measurement set-ups used in different studies. The
large discrepancies in EFs show the difficulty inherent to selection of appropriate braking
cycles for dynamometer studies. Over the last few years, the JRC (Joint Research Centre,
European Commission) has been working on establishing a dynamometer braking cycle which
better reflects real-world conditions. They proposed a dynamometer cycle based on Worldwide
Harmonised Light-Duty Vehicles Test Procedure (WLTP), a large database consisting of in-
use driving data from five different regions (EU, USA, India, Korea and Japan) with a total
mileage of almost 750,000 km (Mathissen et al., 2018). Although the concentrations of
brake-wear emissions in urban air are expected to be highly variable depending on the road
proximity, weather conditions, local topography, and frequency of braking events (e.g. due to
traffic-control lights), the dynamometer cycle proposed by the JRC group was designed to
represent average braking conditions and it is expected to be used by European Union in
legislation concerning the limitation of brake-wear emissions, likely to be introduced in the

near future.

2.8. Health impact of brake-wear emissions

Brake systems release large amounts of brake-wear particles to the atmosphere each
year. It was estimated that in Stockholm, Sweden passenger cars emit ~45 t/year of brake-wear
particles (Westerlund, 2001). Several studies have assessed the toxicity of brake-wear
emissions in vitro and in vivo. It has been observed that the exposure to brake dust results in
toxic and mutagenic effects, including generation of ROS, chromosomal damage, heightened
proinflammatory response, reduced cell viability, cell morphology alterations and damage to
tight junctions (Gasser ef al., 2009; Kukutschova et al., 2009; Denier van der Gon et al., 2013;
Zhao et al., 2015; Malachova et al., 2016; Kazimirova et al., 2016; Barosova et al., 2018;
Puisney et al., 2018; Rajhelova et al., 2019; Selley et al., 2020).

It is interesting to note that particulate matter derived from events leading to a complete
stop provoke more adverse effects than less severe braking events (Gasser et al., 2009).
Barosova et al. (2018) found that brake-wear particles originated from an LM pad did not
activate a biological response while a sample from an NAO formula invoked an inflammatory
response, reduced cell viability and altered cell morphology in a human 3D multicellular model

consisting of human A549 epithelial cells and human primary immune cells. These studies
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showed that biological responses depend both on the friction couple formulation and braking
conditions. Another problematic issue is the assessment of realistic dose of exposure to brake
emissions (Barosova et al., 2018; Gerlofs-Nijland et al., 2019) as the estimations of the
brake-wear contribution to roadside PM vary across such a wide range (cf. Section 1.11. Source
apportionment of roadside-derived PM and Section 2.7. Quantification of brake-wear

emissions).

At the roadside, various metals (e.g. Fe, Cu, Ba, Al, Sb, Mn, Ni and Zn) (Gao et al.,
2020) are emitted abundantly from car brake systems (Thorpe & Harrison, 2008; Kukutschova
et al., 2010; 2011; Peikertova et al., 2013; Straffelini et al., 2015; Peikertova & Filip, 2016;
Verma et al., 2016; Kukutschova & Filip, 2018). These high concentrations of various metals
(e.g. up to ~50 wt.% Fe, ~18 wt.% Cu, and ~13 wt.% Ba) (Iijjima ef al., 2007; Kukutschova
& Filip, 2018) in brake-wear emissions might be of significance regarding potential health
impacts. Transition metals, such as Cu, Fe or Mn, can catalyse ROS production (Smith et al.,
1997; Allsop et al., 2008; Charrier & Anastasio, 2011; Tabner et al., 2010; Li & Reichmann,
2016; Gao et al., 2020). Moreover, mixture of metals (e.g. Fe and Cu) can act synergistically

to promote damage caused by excess oxidative stress (Charrier & Anastasio, 2011).

Exogeneous, rounded/spherical UFPs (< ~150 nm) of metal-rich composition
(especially Fe-rich) have been reported in frontal cortex and brainstem tissues (Maher ef al.,
2016; Calderon-Garciduenas et al., 2020), heart (Calderon-Garciduenas et al., 2019b; Maher
et al., 2020), human serum and pleural effusions (Lu ef al., 2020), placenta (Bové et al., 2019;
Liu et al., 2021) and amniotic fluid (BaroSova et al, 2015). These UFPs have been associated
with biological dysfunction, including misfolded proteins, neurites and mitochondrial damage
in the brainstem (Calderon-Garciduenas et al., 2020), and mitochondrial damage and

ventricular up-regulation in the heart (Calderén-Garciduenas et al., 2019b; Maher et al., 2020).

Most brake-wear-based toxicological studies have so far been carried out on human
bronchial/lung epithelial cells. Given the abundant presence of brake-wear particles in the
environment, predominance of UFPs (99% of PNC <200 nm; cf. Figure 3), high concentrations
of Fe and its reported association with neurodegenerative (see Section 1.13. Specific toxicity
of Fe-bearing nanoparticles) and cardiovascular diseases (Maher et al., 2020), investigations
of the potential impacts of human exposure to brake emissions on cardiovascular and

neurological health are both an important and timely task.
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Chapter Three: Methodology

In total, 166 particulate samples have been measured and analysed within this thesis,

including:

a) 13 total (swept or vacuumed from the pavement/road surfaces) dust samples, from
roadside and urban background locations in Lancaster and Birmingham, U.K.;

b) 11 engine-exhaust PM samples (7 diesel-engine tailpipe emissions and 4 petrol-engine
tailpipe emissions samples);

c) 140 samples of size-fractionated brake-wear PM, emitted from a low-metallic brake
pads worn against a cast iron disc;

d) 2 samples of non-airborne (swept from the floor of the dynamometer) brake-wear PM,

emitted from a low-metallic brake pad worn against a cast iron disc.

All 140 size-fractionated brake-wear PM samples were collected using a full-scale
brake dynamometer (Link M2800) at VSB — Technical University of Ostrava, Czech Republic.
The dynamometer was equipped with an environmental chamber, with cooling airflow of
2500 m’/h around the brake system. A Dekati ELPI+ impactor was used to collect
brake-derived primary particles directly in the dynamometer chamber, on Al foils, in 14 size
fractions, from 0.016 pm up to 10 um. Additionally, the non-airborne fraction was also

collected (swept from the floor of the dynamometer chamber after the test cycle).

A wide variety of analytical procedures and methods have been used to evaluate
magnetic properties, chemical composition, morphology, structure and particle size
distribution of PM emissions and urban dust. Room-temperature, remanence-based magnetic
measurements (i.e., IRM, ARM, AF demagnetisation) were conducted at the Centre for
Environmental Magnetism and Palacomagnetism, Lancaster University, U.K.
Low-temperature (room temperature down to 77 K) magnetic measurements were carried out
at the Centre for Science at Extreme Conditions, University of Edinburgh, U.K. Electron
microscopy (SEM and TEM) was used to image and analyse the brake-wear PM at the Research
Institute of Biomolecular and Chemical Engineering, University of Pannonia, Veszprém,

Hungary.

Details of sample collection, preparation and analytical procedures are provided in the
research papers presented in chapters four and five, and Appendix A: Section Al: Analytical

techniques and methods used in this thesis.
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Chapter Four (Paper II): Source apportionment of magnetite particles in

roadside airborne particulate matter

4.1. Abstract

Exposure to airborne particulate matter (PM) is associated with pulmonary,
cardiovascular and neurological problems. Magnetite, a mixed Fe?"/Fe*" oxide, is ubiquitous
and abundant in PM in urban environments, and might play a specific role in both
neurodegeneration and cardiovascular diseases. We collected samples of vehicle exhaust
emissions, and of heavily-trafficked roadside and urban background dusts from Lancaster and
Birmingham, U.K. Then, we measured their saturation magnetic remanence and used magnetic
component analysis to separate the magnetite signal from other contributing magnetic
components. Lastly, we estimated the contributions made by specific traffic-related sources of
magnetite to the total airborne magnetite in the roadside environment. The concentration of
magnetite in exhaust emissions is much lower (3 — 14 x lower) than that in heavily-trafficked
roadside PM. The magnetite concentration in petrol-engine exhaust emissions is between ~0.06
and 0.12 wt.%; in diesel-engine exhaust emissions ~0.08 — 0.18 wt.%; in background dust
~0.05 — 0.20 wt.% and in roadside dust ~0.18 — 0.95 wt.%. Here, we show that vehicle
brake-wear is responsible for between ~68 and 85% of the total airborne magnetite at the two
U.K. roadside sites. In comparison, diesel-engine exhaust emissions account for ~7% — 12%,
petrol-engine exhaust emissions for ~2% — 4%, and background dust for 6% — 10%. Thus,
vehicle brake-wear is by far the most dominant source of airborne magnetite in the roadside
environment at the two sites examined. Given the potential risk posed, post-inhalation, by
ultrafine magnetite and co-associated transition metal-rich particles to human cardiovascular
and neurological health, the high magnetite content of vehicle brake-wear might need to be

reduced in order to mitigate such risk, especially for vulnerable population groups.

Published:

Gonet, T.; Maher, B. A.; Kukutschova, J. Source apportionment of magnetite particles in

roadside airborne particulate matter. Science of the Total Environment 2021, 752, 141828.
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4.2. Introduction

Exposure to increased concentrations of particulate air pollution has been associated
with increased morbidity and mortality worldwide (e.g. Dockery et al., 1993; Laden et al.,
2000; Zanobetti et al., 2002; Brook et al., 2010; Ostro et al., 2015; Burnett et al., 2018; Ho et
al., 2018; WHO, 2018; Malik et al, 2019; Miller & Newby, 2019). Both acute and chronic
exposure to coarse (CP; 2.5 pum — 10 pm), fine (FP; 0.1 pm — 2.5 pm) and ultrafine (UFP;
< 0.1 pum) particulate matter is associated with various pulmonary, cardiovascular and
neurological problems (Calderén-Garciduenas et al., 2002; Pope & Dockery, 2006; Hoek et
al., 2013; Beelen et al., 2014; Costa et al., 2014; Weichenthal ef al., 2017a; Liu et al., 2018;
Malik et al., 2019; Mabher et al., 2020). For example, epidemiological data have shown that
living in proximity to heavy traffic is associated with cognitive and behavioural impairments
(Suglia et al., 2007; Chen & Schwartz, 2009; Power et al., 2011; Ailshire & Crimmins, 2014;
Sunyer et al., 2015; Kilian & Kitazawa, 2018; Zhang et al., 2018a), and higher incidence of
dementia, Alzheimer’s disease, Parkinson’s disease and multiple sclerosis (Jung et al., 2015;
Wu et al., 2015; Oudin et al., 2016; Chen et al., 2017a; Kilian & Kitazawa, 2018; Peters et al.,
2019; Yuchi et al., 2020).

Metal-bearing FPs and UFPs might be especially hazardous to human health (Ferin et
al., 1992; Seaton et al., 1995; Gilmour et al., 1996; 1997; Stone et al., 1998; Donaldson et al.,
2002; Brook et al., 2010; Maher, 2019; Weichenthal ef al., 2020) due to their abundance in
urban environments, bioreactivity, small size and ability to reach all major organs of the human
body (e.g. Nel et al., 2006; Sanderson ef al., 2014; 2016; Maher et al., 2016; Bové et al., 2019;
Calderon-Garciduenas et al., 2019b; Maher et al., 2020). Of the potentially bioreactive,
transition metals, Fe present in FPs and UFPs might play a particularly important role in the
adverse impacts of airborne PM on human health (Donaldson et al., 1997; Dusseldorp et al.,
1995; Valavanidis et al., 2000; Ghio & Cohen, 2005; Maher et al., 2016; Gonzalez-Maciel et
al., 2017; Gonet & Maher, 2019; Maher, 2019). Those Fe-bearing particles which are smaller
than ~200 nm can enter both the heart (Calderén-Garcidueiias et al., 2019b; Maher et al., 2020)
via the circulation, and the brain, directly, via olfactory and/or trigeminal nerves, bypassing the

blood-brain barrier (Oberdorster et al., 2004; Maher et al., 2016) (Figure 18).

When inside the brain, Fe in its reduced form (Fe?*) is toxic to cells, catalysing the
formation of reactive oxygen species (ROS) via the Fenton reaction (Smith et al., 1997).
Magnetite, a mixed Fe?"/Fe*" oxide ((Fe*')w[Fe?'+Fe*JoctO4) has been found directly

associated with senile plaques and amyloid-f fibrils in an AD brain (Collingwood & Dobson,
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2006; Quintana et al., 2006; Plascencia-Villa ef al., 2016). Dissolution of magnetite (and other
co-associated Fe-rich UFPs) in the brain might be a source of labile, unregulated Fe** (Maher,
2019; Van de Walle et al., 2019), inducing oxidative stress and contributing directly to
Alzheimer-like neurodegeneration changes (Smith ef al., 1997; Castellani ef al., 2007; Allsop
et al., 2008; Tabner et al., 2010; Wu et al., 2013; Coccini et al., 2017; Maher, 2019). Not only
may magnetite UFPs be toxic on their own, but they are also often co-associated with other
bioreactive metals, including Cr, Cu, Mn, Ni, Pb, Ti, Al and Zn (Spassov et al., 2004; Chen et
al., 2006; Kim et al., 2007; Mabher et al., 2016; Yang et al., 2016; Hofman et al., 2020), and
surface-adsorbed organic species, including polycyclic aromatic hydrocarbons (PAHs)

(Lehndorff & Schwark, 2004; Halsall et al., 2008).

In the urban environment, Fe-bearing (and specifically magnetite-rich) FPs and UFPs
are emitted by a wide variety of vehicle-derived sources, including exhaust emissions (both
petrol and diesel), brake-wear, tyre/road surface wear emissions and resuspension of roadside
dust (Thorpe & Harrison, 2008; Gonet & Mabher, 2019). Although there have been several
studies focusing on the source apportionment of CPs, FPs and UFPs (e.g. Bukowiecki et al.,
2009a; Harrison et al., 2012; Lawrence et al., 2013; Hama et al., 2017), relatively little attention
has yet been paid to the magnetic properties of exhaust and brake-wear emissions, and there

has been no source apportionment of potentially toxic magnetite particles in airborne PM.

The aim of this study is to quantify the contributions from different traffic-derived
sources to total airborne magnetite particles at the roadside and to identify the major source(s)
of magnetite in the roadside environment. Firstly, we measured the saturation magnetic
remanence (SIRM) of petrol- and diesel-engine exhaust emissions, and of urban background
and urban roadside dust in two contrasting U.K. cities, Lancaster, northwest England
(population ~148,000) and Birmingham, central England (population ~2.6 million). Then, we
used magnetic methods to deconvolve the contributing magnetic components in order to
separate the signal from magnetite, and finally, estimated the contributions made by specific
traffic-related sources of magnetite to the total airborne magnetite in the roadside environment

in Lancaster and Birmingham, U.K.
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Figure 18. Transmission electron microscopy (TEM) images of metal-bearing UFPs found in
the human brain and heart: (A) and (D) magnetite UFPs in frontal cortex brain tissue (Maher
et al., 2016); (B) magnification of magnetite particle shown in (A) (Maher et al., 2016);
(C) electron energy loss spectra (in black) for the rounded particle shown in (D) and for
standard Fe oxide species (Maher et al., 2016); (E) magnetite UFPs (yellow arrows) in AD
amyloid plaques in the human brain (Plascencia-Villa et al., 2016); (F) electron-dense UFPs in
the left ventricle from a 37 years old male (Calderén-Garciduefias et al, 2019b);
(G) electron-dense UFPs inside caveolae (arrowhead), and in the red blood cells (black and
white arrows) in the human heart (Calderon-Garciduenas et al., 2019b); (H) aggregated UFPs
of magnetite/maghemite in the human heart, with the lattice spacing of 2.5 A
(Calderén-Garciduetias et al., 2019b); (I) magnification of the magnetite/maghemite particle

shown in (H) (Calderon-Garciduenas ef al., 2019b).
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4.3. Methods

4.3.1. Collection of petrol and diesel exhaust emissions, and roadside and background
dust

Exhaust PM samples were collected by attaching a PTFE filter to the tailpipe of an
idling vehicle. The diesel exhaust samples D1 — D3 were collected from a Volkswagen
Transporter tailpipe, and D4 — D7 from a Mercedes-Benz Sprinter. The petrol-derived exhaust
samples P1 and P2 were collected from a Saab 9-3 tailpipe; samples P3 and P4 from a BMW
E39. In total, 4 petrol and 7 diesel exhaust emission samples were collected. The samples were

collected for either 30 min or, to increase magnetic signal-to-noise ratio, for 60 min.

Five sites were selected for the sampling of the roadside and background dust in two
contrasting U.K. cities: 1 background and 2 roadside sites in Lancaster, and 1 background and
1 roadside site in Birmingham (Table 4). A map with the sites’ locations is shown Appendix
A: Figure A12. In total, 13 dust samples were collected at heavily-trafficked roadside and urban
background sites in Lancaster and Birmingham, U.K. (Table 4; see also Appendix A: Figure
A12). Eight roadside dust samples were collected at two heavily-trafficked roadside sites
(Cable Street and Dalton Square; Appendix A: Figure A12) in Lancaster, U.K., by using a
vacuum cleaner on the pavement surface or by sweeping. All samples were collected as close
to the street as possible (i.e. < 0.5 m). Additionally, an urban ‘background’ dust sample was
collected from the suburban area, close to Bailrigg House at Lancaster University campus
(Table 4; Appendix A: Figure A12). Hereafter, the bulk roadside dust samples collected in
Lancaster and Birmingham are called ‘total roadside dust’. Sweeping is a commonly used
method of collecting total urban dust (e.g. Marié et al., 2010; Yang et al., 2016; Dytlow et al.,
2019).

Four dust samples were collected in Birmingham, U.K. (Table 4), Two samples
(R1 and R2) were collected in close proximity (i.e. < 0.5 m) to the heavily-trafficked A38 road
(Appendix A: Figure A12), close to the Bristol Road Observation Site and entrance of the
University of Birmingham. Two urban ‘background’ samples (B1 and B2) were collected in
the vicinity of the Birmingham Air Quality Site (previously known as Birmingham

Observatory Super Site), close to Elms Road (Table 4; Appendix A: Figure A12).

Background dust samples (BG in Lancaster, and B1 — B2 in Birmingham; Table 4) were
collected from sites located far (> 300 m) from major roads. These samples represent a mixture

of local, soil-derived dust and regional, anthropogenic and natural PM, without a significant
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contribution from traffic-related sources. Conversely, the roadside dust samples (A1 — A6 and
C1-C2 in Lancaster, and R1 — R2 in Birmingham; Table 4) were collected from the very close
proximity of major roads (< 0.5 m) and consist of a mixture of both traffic- and

non-traffic-derived PM.

Table 4. Details on the collected dust samples at heavily trafficked roadside and urban

background sites in Lancaster and Birmingham, U.K.

. . Sample Collection
City Sample type Site name method
Al Sweeping
A2 Sweeping
(road A6)
A 1
Cable Street 3 Vacuum cleaner
~12,000 A4 Sweeping
heavily vehicles/day
trafficked A5 Sweeping
roadside
Lancaster
A6 Vacuum cleaner
(road A6) C1 Sweeping
Dalton Square
~12,000 C2 Vacuum cleaner
vehicles/day
urban Bailrigg House BG Vacuum cleaner
background g8
(road A38) R1 Sweeping
heavily Bristol Road
trafficked Observation site
o roadside 32,000 R2 Vacuum cleaner
Birmingham vehicles/day
B1 S i
urban Birmingham Air Weeping
background Quality Site
B2 Vacuum cleaner
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No metal tools were used throughout the field and laboratory work, to avoid potential
contamination of the samples. For sweeping, a nylon brush and plastic scoop were used. For
vacuuming, an Evertop cordless handheld mini vacuum cleaner (with a plastic trash bin) was
used. Brush, scoop and vacuum cleaner were thoroughly cleaned before each use, to preclude
any potential contamination. All samples were first dried for 24h in a room with controlled
temperature (20°C) and humidity (50%), and subsequently weighed, with a Mettler AT250

balance (accuracy of 0.00001 g). Each measurement was repeated 3 times.

4.3.2. Magnetic measurements

Magnetic remanence measurements were made at the Centre for Environmental
Magnetism and Palacomagnetism, Lancaster University, U.K. Saturation isothermal remanent
magnetisation (SIRM), was imparted at room temperature to all samples at 1 Tesla (T)
(Newport Instruments electromagnet), and measured with a 2G RAPID cryogenic

magnetometer (noise level ~10'! Am?).

For the purpose of magnetic component analysis, detailed alternating field (AF)
demagnetisation of SIRM was conducted (in 69 steps, up to 240 milliTesla, mT), following
Egli (2003, 2004a, 2004b, 2004c). Whereas this author proposed AF demagnetisation of
anhysteretic remanent magnetisation (ARM), we measured and AF demagnetised SIRMs due
to a weak ARM signal in the finer size-fractions (< ~0.3 um) of brake-wear and exhaust
emissions, and to avoid any potential influence of magnetic interactions (Maher, 1988). For
weaker samples (SIRM < 10 Am?), we repeated the measurements up to 6 times to increase
the signal-to-noise ratio. In order to identify the magnetic components contributing to the
sample SIRMs, we used the CODICA & GECA software (Egli, 2003), kindly provided by
Dr. R. Egli. Each SIRM component is characterised by three parameters: i) the median
destructive field of SIRM (MDFrm) — i.e. the field required to demagnetise 50% of SIRM;
i1) the dispersion parameter (s), a parameter related to the standard deviation of the coercivity
distribution; and iii) the magnetic concentration (cm), the contribution of a specific component

to the total SIRM.

Magnetite concentrations in the samples were estimated based on SIRM values for
sized, synthetic magnetite powders spanning from < 0.1 pm to 10 pm (Mabher, 1988). To cover
all particle size possibilities, we have made these estimates based on 3 possible magnetite grain

size ranges: (i) < 0.1 pm (average SIRM ~7.5 Am?%/kg), (ii) 0.1 — 1 um (average SIRM ~5.0

51



Am?%/kg) and (iii) 5 — 10 um (average SIRM ~11.0 Am?/kg). Haematite concentrations were
also estimated based on data for synthetic haematite particles (Maher et al., 2004), using an

SIRM value for haematite powders ~100 nm in size (0.18 Am*/kg).

4.3.3. Source apportionment of airborne magnetite at the roadside

We assumed that total concentration of airborne magnetite in PM at the roadside
(mg, in wWt.%) is a sum of magnetite contributions from background dust (representing
soil- and regional industry-derived PM), from diesel- and petrol-engine exhaust emissions, and

from brake-wear emissions:
Mmg = Mpg + Mp + mp + mpp (1)
where:
mp; — magnetite contribution of background dust (in wt.%),
mp — magnetite contribution of diesel-engine exhaust emissions (in wt.%),
mp — magnetite contribution of petrol-engine exhaust emissions (in wt.%),
mpgr — magnetite contribution of brake-wear emissions (in wt.%).

Magnetite contributions of background dust (mpg;), diesel- (mp) and petrol-engine
(mp) exhaust emissions can be estimated based on their measured concentrations of magnetite
(see Section 4.3.2. Magnetic measurements) multiplied by the reported contributions of these
PM sources to total PMjo at the roadside. We consider 2 options: the first based on the
PMF-based source apportionment of PM1o by Bukowiecki ef al. (2009a); the second based on
the PCA-based source apportionment of PMio by Lawrence et al. (2013) (Table 5). As
Bukowiecki et al. (2009a) did not distinguish between diesel- and petrol-engine exhaust
emissions, we additionally consider 2 other scenarios: (a) all exhaust emissions are
diesel-derived, and (b) all exhaust emissions are petrol-derived. It is obvious that the real

situation in cities is within the range between these two scenarios.
The contribution of brake-wear to total magnetite (mgsr) can be estimated as:

mpgr = Mg — (Mg + mp + mp) (2)
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Finally, the contributions of background dust (mp), brake-wear (mgg), and diesel-
(mp) and petrol-engine (mp) exhaust emissions are expressed as a percentage of the total

measured magnetite concentration in PM at the roadside (mg).

Table 5. Contributions of traffic-derived PM sources to total PM at the roadside.

Source Bukowiecki ez al. (2009a) Lawrence et al. (2013)
Resuspension 38% 27%
Diesel exhaust emissions 21%
41%
Petrol exhaust emissions 12%

4.4. Results
4.4.1. Concentration of ferromagnetic grains in PM emissions at the roadside

For the vehicle-sourced PM, SIRM values for exhaust-emitted PM range from
~5.1-10° Am?/kg (petrol-fuelled car) to ~8.6-10 Am?/kg (diesel-fuelled car). In contrast, the
roadside dust at densely trafficked sites in Lancaster and Birmingham displays SIRM values
of 23107 Am?/kg — 55-10 Am?/kg for Lancaster and 37-10° Am*kg — 71-10° Am?*/kg for
Birmingham. These roadside dust SIRM values are 3 — 14 times higher than those for exhaust
emissions, suggesting that, in addition to any tailpipe emissions, roadside dust contains a

significant portion of strongly-magnetic particles from non-exhaust sources.

4.4.2. Magnetic component analysis for vehicle exhaust emissions

Measured SIRM values and subsequent AF demagnetisation of the samples enabled the
separation of the signal from magnetite (using magnetic component analysis) and estimation
of its mass concentrations in exhaust (both diesel and petrol), and in roadside and background
dust. Magnetic component analysis revealed the presence of 2 components (CE; and CE) in
the petrol-derived exhaust emissions and 3 components (CE;, CE> and CE3) in the
diesel-vehicle exhaust emissions (Figure 19; Table 6; see Section 4.3.2. Magnetic

measurements for a detailed description of the methodology of magnetic component analysis).
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Figure 19. Examples of coercivity distributions for petrol- (A) and diesel- (B) exhaust

emissions, with 3 deconvolved magnetic components (CE;, CE; and CEz3).
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Figure 20. Magnetic concentration (contribution to total SIRM) of 3 magnetic components for

4 petrol- and 7 diesel-engine exhaust samples.

Components CE; and CE; have low MDFrm values of 19 mT and 24 mT for the petrol
vehicles, and 17 mT and 20 mT for the diesel, respectively. Both components thus reflect the
presence of magnetically ‘soft’ (i.e. easily demagnetised) minerals, probably magnetite and/or
maghemite. Additionally, a magnetically ‘hard’ component (CE3) was observed for the diesel
exhaust emissions (Figure 19B; Table 6), with an MDFrm of 92 mT, probably corresponding
to haematite (Mabher et al., 2004). The magnetic concentration (cm; contribution to total SIRM)
of component CE3 is ~1.3%, which indicates haematite mass concentrations of ~0.09 wt.%
(Mabher et al., 2004). This haematite-like component was not observed in the petrol-derived

exhaust emissions.

Both components CE; and CE», found in the exhaust (both petrol and diesel) emissions,
reflect magnetically-soft phases, and have similar MDFrm and distribution parameters (s)
(Table 6). They probably reflect similar mixtures of magnetite of different grain sizes and/or a
mixture of magnetite/maghemite. Considering both magnetically-soft components (CE; and
CE») as magnetite and as 3 potential size ranges (< 0.1 pm, 0.1 — 1.0 pum and 5 — 10 um) of
magnetite (see Section 4.3.2. Magnetic measurements), we estimate the magnetite
concentration to be between 0.06 and 0.12 wt.% (average of 0.09 wt.%) for petrol-derived
exhaust emissions, and 0.08 to 0.18 wt.% (average of 0.13 wt.%) for diesel-derived exhaust

emissions.
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Table 6. Average parameters of the magnetic components identified in exhaust (petrol and diesel) emissions, roadside and ‘background’ dust

in Lancaster and Birmingham. MDFrm — median destructive field of SIRM; s — distribution parameter; cm — magnetic concentration

(contribution to total SIRM).

Exhaust emissions

Number Component CE; Component CE, Component CE3
Samples of MDFirm S Cm MDFirm S Cm MDFirm S ©m
samples [mT] [-] [Ye] [mT] [-] [Yo] [mT] [-] [%o]
Petrol 4 19+£2 0.57+0.17 438+169 | 24+4 043+0.12 562+169 - - -
Diesel 7 17+4 0.59+£0.13 51.6+22.0 | 205 047+022 47.1+£214 | 92+14 0.16+0.03 1.3+0.8
Roadside dust
Number Component CD, Component CD, Component CD3
Samples of MDFirm S Cm MDFirm S Cm MDFirm S Cm
samples [mT] [-] [Yo] [mT] [-] [Yo] [mT] [-] [Yo]
Roadside dust
. 8 5+£3 046+0.10 353+188 | 21+3 029+0.04 549=+185 | 70+£14 021+0.09 9.8+5.2
in Lancaster
Roadside dust
o 2 4+1 046006 258+11.6 | 19+1 026+0.01 624+99 | 57+14 025+0.05 11.8+1.8
in Birmingham
Background dust 1 2 0.42 124 22 0.32 73.9 79 0.19 13.7
in Lancaster
Background dust
SRS 2 7+1 043+£0.04 342+0.6 23+1 026001 46.7+x1.2 83+1 029+0.02 19.1+1.8
in Birmingham
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4.4.3. Magnetic component analysis for roadside and background dust

For both heavily-trafficked roadside and urban background dust in Lancaster and
Birmingham, 3 magnetic components (CD;, CD> and CDs) were identified from their SIRM
demagnetisation behaviour (Figure 21, Figure 22; Table 6). Component CD; has the lowest
MDFrMm: 5 mT (Lancaster) and 4 mT (Birmingham) for the roadside dust; and 2 mT
(Lancaster) and 7 mT (Birmingham) for the background dust (Table 6). Component CD; has
higher MDFrm values, ranging from 19 mT to 23 mT. This component appears magnetically
similar to the magnetic component CE; identified in the petrol- and diesel-derived exhaust
emissions (Figure 19; Figure 21; Table 6). Hence, in both the exhaust emissions and roadside
dust, two components (CE; and CE: in exhaust emissions, and CD; and CD; in roadside dust)
reflect the presence of magnetically-soft phases, probably magnetite, maghemite, a mixture of

these two minerals, or metallic Fe.

In order to estimate the magnetite-like concentrations in the roadside dust, we consider
the full range of possible scenarios: (a) that component CD; corresponds to magnetite and
component CD; corresponds to maghemite (it is unlikely for component CD»> to reflect metallic
Fe due to its relatively high MDFirwm); (b) that component CD» corresponds to magnetite and
component CD; corresponds to maghemite or metallic Fe; and (c¢) that both components CD;
and CD; correspond to magnetite. Based on these 3 possible mineralogical scenarios, and in
combination with the 3 possible average SIRM values (7.5 Am?kg, 5.0 Am?/kg and
11.0 Am?/kg) which encompass all 3 potential magnetite particle size ranges (< 0.1 um,
0.1 — 1.0 um and 5 — 10 um) of magnetite (see Section 4.3.2. Magnetic measurements), we
estimate the magnetite concentration to be between 0.18 and 0.63 wt.% in the roadside dust
from Lancaster and between 0.32 and 0.95 wt.% from Birmingham. The estimated magnetite
concentration in the background dust varies between 0.05 and 0.18 wt.% in Lancaster, and
between 0.05 and 0.20 wt.% in Birmingham. The concentrations of metallic Fe in the roadside

dust are relatively low in both Lancaster (~0.015 wt.%) and Birmingham (~0.016 wt.%).

Component CDs in the roadside and background dusts, characterised by notably higher
MDFrm values of between 57 mT and 83 mT (Table 6), probably corresponds to haematite
(Mabher et al., 2004). The magnetic concentration (cm) of component CD3 varies from 9.8% to
13.7% in Lancaster and from 11.8% to 19.1% in Birmingham (Figure 22; Table 6), which
corresponds to haematite concentrations of between 0.1 and 3.8 wt.% in Lancaster and 1.2 to

5.1 wt.% in Birmingham (Maher et al., 2004). The higher haematite concentrations in
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Birmingham might reflect the haematite contribution from the local Triassic sandstone in

windblown dust.
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Figure 21. Examples of magnetic coercivity distribution for roadside dust samples from
Lancaster (A) and Birmingham (B), with 3 identified magnetic components (CD;, CD> and
CDs).
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Figure 22. Magnetic concentration (contribution to total SIRM) of 3 magnetic components for
total roadside dust from Lancaster (A1-A6 and C1-C2 — heavily-trafficked roadside,
BG — urban background) and Birmingham (R1 and R2 — heavily-trafficked roadside, B1 and
B2 — urban background).

4.4.4. Source apportionment of magnetite in roadside airborne PM

Magnetic component analysis of the SIRM demagnetisation behaviour of these
traffic-related PM samples enables identification and quantification of the presence in each
sample of 2 components dominated by magnetically-soft minerals (magnetite/maghemite) and
1 magnetically-hard, haematite-like component. By subtracting the haematite signal from the
total SIRM, we can estimate the magnetite concentrations in these exhaust (petrol and diesel)
emissions, and the heavily trafficked roadside and urban background dusts, taking into account
3 possible scenarios (see Section 4.4.3. Magnetic component analysis for roadside and
background dust). The magnetite concentration in the petrol-engine exhaust emissions is
between ~0.06 and 0.12 wt.%, and in diesel emissions between ~0.08 and 0.18 wt.%. In urban
background dust, the magnetite concentration is estimated as ~0.05 — 0.18 wt.% (in Lancaster)
and ~0.05 — 0.20 wt.% (in Birmingham). In heavily trafficked roadside dust, the estimated
magnetite concentration is between ~0.18 and 0.63 wt.% (in Lancaster) and ~0.32— 0.95 wt.%

(in Birmingham).

Quantification of the contributions made by different traffic-related sources to total PM

mass is challenging, and estimates are notably variable between different studies (Ketzel et al.,
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2007; Viana et al., 2008; Bukowiecki et al., 2009a; Harrison et al., 2011; 2012; Lawrence et
al.,2013; Vuet al., 2015; Squizzato et al., 2016; Crilley et al., 2017). For a tunnel in Hatfield,
U.K., Lawrence et al. (2013) used principal component analysis (PCA) and multiple linear
regression analysis, and estimated that petrol-engine exhaust emissions contributed 12%,
diesel-engine exhaust emissions 21%, road surface 11%, resuspension of roadside dust 27%
and brake-wear 11% of total PM1o mass. Another traffic source-specific study, of roadside PM
in a street canyon in Zurich, Switzerland, indicated that exhaust emissions (petrol + diesel),
resuspension and brake-wear are responsible for 41%, 38% and 21% of total traffic-derived
PM o mass, respectively (Bukowiecki et al., 2009a). The latter source apportionment was based

on elemental composition of PMio and positive matrix factorization (PMF).

Based on these two source apportionment studies (Bukowiecki et al., 2009a; Lawrence
et al., 2013) and our estimations of the magnetite concentrations, it is possible to quantify the
contributions of specific, traffic-derived PM sources to the total magnetite content in airborne
roadside airborne PM mass (see Section 4.3.3. Source apportionment of airborne magnetite at
the roadside). We selected these 2 source apportionment studies because they both
distinguished between different exhaust and non-exhaust (brake-wear, tyre-wear, road-wear

and resuspension) PM sources.

Based on the PMio source apportionment provided by Lawrence et al. (2013), we
estimate that in Lancaster, the average contributions of background dust, petrol-fuelled and
diesel-fuelled exhaust emissions to magnetite PM concentrations are 7%, 4% and 12%,
respectively (Figure 23; Table 7). Thus, the great majority (~77%) of the roadside magnetite
particles in Lancaster, U.K. can be attributed to brake-wear. In Birmingham, the average
contributions are 6% for background dust, 2% for petrol-fuelled exhaust emissions, 7% for
diesel exhaust emissions and 85% for brake-wear (Figure 23; Table 7). Based on the PMio
source apportionment made by Bukowiecki et al. (2009a), similar contributions are estimated:
10% from background dust; 22% from exhaust emissions (i.e. petrol + diesel); and 68% for
brake-wear in Lancaster; and, in Birmingham, 7% from background dust, 13% from exhaust

(petrol + diesel) and 80% from brake-wear (Table 7).
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Table 7. Average contributions of background dust, diesel- and petrol-engine exhaust, and
brake-wear emissions to the total airborne magnetite in the roadside environment in Lancaster
and Birmingham, U.K. (based on PMi source apportionment by Lawrence et al. (2013) and
Bukowiecki et al. (2009a)).

Based on PMio source apportionment by Lawrence et al. (2013)

Lancaster Birmingham
PM emissions
average (min — max) average (min — max)
Brake-wear 77% (63% — 90%) 85% (79% — 91%)
Diesel 12% (3% —21%) 7% (2% — 12%)
Petrol 4% (1% — 8%) 2% (1% —4%)
Background dust 7% (6% — 8%) 6% (5% — 6%)

Based on PMio source apportionment by Bukowiecki et al. (20092a)

Lancaster Birmingham
PM emissions
average (min — max) average (min — max)
Brake-wear 68% (48% — 88%) 80% (71% — 89%)
Exhaust (petrol and diesel) 22% (4% — 41%) 13% (2% —23%)
Background dust 10% (8% — 11%) 7% (6% — 8%)

4.5. Discussion

Globally, air pollution is responsible for approximately 7 million deaths annually
(WHO, 2018). Exposure to urban PM causes a variety of health problems, including
respiratory, cardiovascular and neurological impairments (e.g. Calderon-Garciduenas et al.,
2008a; 2019b; Riickerl et al., 2011; Guxens & Sunyer, 2012; Liu et al., 2018; Maher et al.,
2020).

Air pollution is a complex mixture of natural and anthropogenic components, including
both industry- and traffic-derived emissions. Chemical mass balance (CMB), principal

component analysis (PCA) and positive matrix factorization (PMF) are most commonly used
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methods in the studies of source apportionment of PMjo in urban environments (e.g. Viana et
al., 2008; Harrison et al., 2011; Lawrence et al., 2013). Because Fe-bearing FPs and UFPs
might be especially hazardous to neurological health and magnetite, as a mixed Fe**/Fe** oxide,
might play a specific role in Alzheimer-like pathology (Maher, 2019), we have focused here
on magnetite concentrations in urban airborne PM, rather than on source apportionment of

urban PM in general.

Airborne Fe-bearing PM usually occurs as complex mixtures of magnetite (FezO4),
haematite (a-Fe>O3) and maghemite (y-Fe>O3), with some metallic Fe (a-Fe) also reported
(Muxworthy et al., 2002; Halsall et al., 2008; Maher et al., 2008; Mitchell & Maher, 2009;
Hansard et al., 2011; Sanderson et al., 2016; Dytlow et al., 2019; Goérka-Kostrubiec et al.,
2019). Conventional, elemental analysis of PM is unable to distinguish between the different
Fe-bearing minerals/phases contained in urban PM. Conversely, magnetic methods have
proved effective in distinguishing between different Fe forms (e.g. Muxworthy et al., 2002;
Hansard et al., 2012; Gorka-Kostrubiec et al., 2019). Hence, we used a combination of reported
PMio source apportionment studies and magnetic methods to estimate the contributions of
specific, traffic-related sources to the total airborne magnetite in the roadside environment in

Lancaster and Birmingham, U K.

The saturation magnetic remanence (SIRM) represents the total ferromagnetic content
of a sample. SIRM values for the total roadside dust collected at heavily-trafficked sites varied
between 23-10° Am?/kg and 55-10° Am?/kg in Lancaster, and 37-10 Am?/kg and 71-1073
Am?/kg in Birmingham. These values fall within the range of SIRM values obtained for urban
and suburban airborne PM collected on filters in Lancaster (7-:10° Am?/kg — 16710 Am?/kg)
(Halsall et al., 2008). The high variability of SIRMs shows that the concentration of
ferromagnetic grains can significantly vary at the local scale in city environments, being
heavily influenced by emissions source(s), its proximity, weather conditions and dominant

transport directions.

Similar SIRM values have been reported for roadside PM in other cities in Europe,
e.g. in Antwerp, Belgium (34-10° Am*kg — 95-10° Am*/kg for roadside PM1o) (Hofman et
al., 2020) and Munich, Germany (32-10 Am?*/kg —44-10 Am?*/kg for airborne roadside PM)
(Muxworthy et al., 2003). Some authors obtained somewhat higher SIRMs for roadside dust
(total suspended particles), e.g. up to 549-10° Am?/kg in Shanghai, China (Shu et al., 2001) or
even up to 700-10° Am?/kg in Tamil Nadu State, India (Gargiulo et al., 2016), indicating
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greater contributions of highly magnetic industrial-, domestic- and traffic-related PM

emissions to total roadside PM in these latter areas.

Emissions of magnetite particles from both diesel- (Abdul-Razzaq & Gautam, 2001;
Liati et al., 2015) and petrol-engine (Zajzon et al., 2013) exhaust emissions have been reported
previously. Here, for the first time, we have quantified the concentration of magnetite in
exhaust emissions. The SIRM values measured here for both petrol- (~5.1-10° Am?*/kg) and
diesel-engine (~8.6-10° Am?*/kg) exhaust emissions indicate that the magnetite concentrations
in diesel- and petrol-derived exhaust emissions are similar, ~0.08 — 0.18 wt.% and 0.06 — 0.12
wt.%, respectively. It is notable that these estimated magnetite concentrations are markedly

lower than those of our roadside dust samples.
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Figure 23. Average contributions of background dust, diesel, petrol and brake-wear emissions
to the total airborne magnetite in the roadside environment in Lancaster and Birmingham

(based on Lawrence et al. (2013)).

In terms of the magnetic mineralogy of the exhaust-derived PM, our magnetic
component analysis reveals a difference between diesel- and petrol-fuelled emissions. While

2 magnetite-like phases were evident in both petrol and diesel emissions, a haematite-like phase
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appeared present only in the diesel exhaust emissions (Figure 19; Figure 20). At room
temperature, haematite particles > ~30 nm can contribute to the measured remanence.
Haematite nanoparticles of 10 — 60 nm in size were previously reported in petrol-engine
exhaust by Zajzon et al. (2013). Due to thermal agitation of their magnetic moments, haematite
grains < ~30 nm are unable to retain magnetic remanence at room temperature (Maher ef al.,
2004). It is probable that most haematite particles in petrol-engine exhaust emissions are
smaller than ~30 nm, and consequently, they are magnetically ‘invisible’ to remanence analysis
at room temperature. Addition of low temperature-measuring capability in the RAPID 2G
cryogenic magnetometry system would be valuable in providing such data for future PM source

apportionment.

Here, magnetic component analysis also enabled differentiation between different
Fe-bearing minerals and quantification of the magnetite concentrations in each of the studied
samples. Magnetite constitutes an estimated content of between ~0.06 and 0.12 wt.% of
petrol-engine exhaust emissions, ~0.08 and 0.18 wt.% of diesel-engine exhaust emissions,
~0.05 and 0.20 wt.% of background dust, and ~0.18 and 0.95 wt.% of roadside dust

(in Lancaster and Birmingham).

Based on published PMio source apportionment studies (Bukowiecki et al., 2009a;
Lawrence et al., 2013) and our magnetite concentration estimates, we quantified the
contributions made by specific sources to total magnetite mass in roadside airborne PM. The
source apportionment of magnetite is similar for Lancaster and Birmingham (Figure 23; Table
7). Brake-wear-derived magnetite predominates, constituting 68% — 77% of total magnetite in
roadside airborne PM in Lancaster, and 80% — 85% in Birmingham. Petrol-engine exhaust
emissions account for ~4% of total magnetite in Lancaster and ~2% in Birmingham.
Diesel-engine exhaust emissions contribute ~12% of total magnetite in Lancaster and ~7% in
Birmingham. Background dust is responsible for 7% — 10% of total magnetite in the roadside
environment in Lancaster and 6% — 7% in Birmingham (Figure 23; Table 7). The contribution
of brake-wear emissions is higher in Birmingham, compared to Lancaster, which is probably
related to the specificity of the sampling sites, i.e. the Birmingham site is located in close
proximity (10 — 15 m) to traffic lights, while the Lancaster site is further away from traffic
lights, and very often affected by traffic jams, which generate more exhaust emissions. It is
especially noteworthy that vehicle brake systems appear to be by far the most dominant source
of airborne magnetite in all the considered scenarios, i.e. different grain sizes of magnetite,

possibility of the presence of other magnetic phases (maghemite and/or metallic Fe), and in
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two different cities in the U.K. These results are in line with laboratory measurements of
brake-wear emissions (collected using a dynamometer) showing that SIRM values for
brake-derived PM is 100 — 10,000 times higher, compared to other outdoor PM sources (Gonet
& Mabher, 2019).

These results independently accord with a recent study by Winkler et al. (2020), who
used a combination of magnetic and microscopic methods to study airborne PM accumulated
by lichens exposed to air pollution in Milan, Italy. The authors observed a correlation (R? of
0.36 — 0.76) between magnetic susceptibility and concentrations of Fe, Cu and Sb in the lichen
samples, and a close resemblance between magnetic properties of the lichen samples and
brake-wear emissions; and thus concluded that brake-wear emissions might be the main source

of the airborne particles accumulated by lichens.

PM emissions from tyre/road surface wear were not considered in this study. The
magnetic contribution from these sources is unlikely to be more than a few percent at most
since Fe-bearing FPs and UFPs constitute less than ~2.5 wt.% of tyre/road surface wear
emissions (Gonet & Maher, 2019 and references therein). Even with addition of tyre-derived
magnetite to the source apportionment, brake-wear will still constitute by far the most

important source of airborne magnetite at the roadside at these two U.K. sites.

The number of samples used in this study is not very high (in total, 24 samples). Yet
our SIRM values for urban PM in Lancaster fall within the SIRM range previously reported
(Halsall et al., 2008), although the latter range is broader than the one obtained in this study,
ie. 7103 Am*kg — 167-10° Am*kg in Halsall et al. (2008) vs 23-107° Am?kg —
55-10° Am?/kg in this study. If we used the highest reported SIRM value (167-10° Am?/kg)
as the SIRM for Lancaster’s roadside dust, and the lowest value (7-10 Am?/kg) as the SIRM
for its background dust, we would obtain an even higher contribution from brake systems

(> 90%) to the total magnetite in roadside PM in Lancaster.

So far, there have been no studies reporting SIRM for urban dust in Birmingham.
However, Shilton et al. (2005) studied magnetic properties of urban street dust in
Wolverhampton and Dudley, U.K., cities located near (15 — 20 km) to our sampling sites in
Birmingham. The authors reported SIRMs of ~12-10"* Am?/kg for background dust (residential
area in Dudley), and ~47-10 Am*/kg (maximum of ~100-10~ Am?/kg for a site with a high
proportion of bus traffic) for roadside PM collected by a heavily-trafficked street in

Wolverhampton. Here, for our Birmingham dusts, we obtained very similar SIRM values for
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both the background (~12-10"* Am?/kg) and the roadside (~54-10 Am?/kg) samples. As in the
Lancaster case (above), if we used Shilton ef al.’s (2005) SIRM values (i.e., 47-10° Am*kg
for all Wolverhampton roads; 100-10°> Am*/kg for the Lichfield Road bus route) in our source
apportionment estimations, we would obtain similar or even higher contributions of
brake-derived magnetite to total magnetite in roadside airborne PM, compared to our 2019

sampling and analysis.

Millions of people spend hours commuting and moving through urban environments
every day, experiencing both acute and chronic exposures to damaging levels of air pollutants,
including FPs and UFPs of magnetite and other reactive metal compounds. For UFPs of
~20 nm in size, the olfactory deposition rate in humans has been modelled as ~0.1% (Garcia et
al., 2015). Given our estimated magnetite concentration in roadside dust of between
~0.18 wt.% and 0.95 wt.%, we can then estimate the exposure to which an urban commuter is
exposed every year. Assuming: 1 hour of commuting every day, 5 days/week, 12 months/year;
PMo level of 50 pg/m?; breathing rate of 0.54 m*h (Zhou & Levy, 2008); grain size of
20 — 30 nm (the mean diameter of magnetite UFPs found at the Birmingham roadside
(Sanderson et al., 2016)); an urban-dweller could be exposed to olfactory deposition of
174 million — 3.1 billion magnetite UFPs every year. Given the potential link between exposure
to magnetite and other Fe-rich UFPs and neurodegenerative disease (including Alzheimer’s
disease) (Maher, 2019), and the fact that > 70% of airborne roadside magnetite originates from
vehicle brake systems (Figure 23; Table 7), it seems prudent to consider this information in
designing any future legislation limiting brake-wear emissions. Specifically, the number of
magnetite and other Fe-rich particles emitted by friction processes occurring in vehicle brake
systems should be reduced, especially, for example, by limiting or banning the use of magnetite

powders as fillers in brake pads.

This source apportionment of magnetite in roadside airborne PM has important
implications for magnetic biomonitoring studies. Our estimates show that brake-derived
magnetite constitutes > 70% of total airborne magnetite at the roadside of Lancaster and
Birmingham, U.K. Brake emissions might thus dominate the magnetic properties of roadside
dust and consequently hinder information about other vehicle- and industry-derived pollutants.
Consequently, caution may be necessary when interpreting magnetic data for PM collected on
filters, tree leaves or other sensors because they might reflect predominantly the properties of

brake-wear emissions.
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4.6. Conclusions

The concentration of magnetite in vehicle exhaust emissions was found to be
consistently low compared with the magnetite concentration in heavily-trafficked urban
roadside PM. The magnetite concentration is between ~0.06 and 0.12 wt.% in petrol-engine
exhaust emissions; ~0.08 — 0.18 wt.% in diesel-engine exhaust emissions; ~0.05 — 0.20 wt.%

in background dust, and 0.18 — 0.95 wt.% in roadside dust.

Rather than exhaust emissions, vehicle brake-wear is the major source of airborne
magnetite at the present day at the roadside in two contrasting U.K. cities (Lancaster and
Birmingham); contributing between ~68% and 85% of the total airborne magnetite in the
roadside environment, followed by diesel exhaust emissions (~7% — 12%), petrol exhaust

emissions (~2% — 4%) and background dust (~6% — 10%).

Caution appears necessary when interpreting magnetic biomonitoring data because
magnetic properties of roadside PM might often be dominated by magnetic properties of brake
emissions and information regarding other vehicle- and/or industry-derived pollutants might

thus be obscured.

Finally, particulate pollution levels (especially FP and UFP numbers) vary enormously
at the local scale in city environments, being heavily influenced by particulate source, source
proximity, weather conditions and dominant transport directions. At the individual level,
careful selection of time and route of commuting, avoiding highly polluted areas, can reduce
personal exposure to potentially toxic particles rich in Fe and other co-associated transition
metals, capable of inducing high oxidative potential and resultant oxidative stress. In terms of
toxicity, human health outcomes can be dominated even by metal species of moderate oxidative
potential if, like Fe, they are the species emitted in the greatest abundance and, critically, in the

case of UFPs, number concentrations.
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Chapter Five (Paper III): Size-resolved quantitative evaluation of the

magnetic mineralogy of airborne brake-wear particulate emissions

5.1. Abstract

Exposure to particulate air pollution has been associated with a variety of respiratory,
cardiovascular, and neurological problems, resulting in increased morbidity and mortality
worldwide. Brake-wear emissions are one of the major sources of metal-rich airborne
particulate pollution in roadside environments. Of potentially bioreactive metals, Fe (especially
in its ferrous form, Fe*") might play a specific role in both neurological and cardiovascular
impairments. Here, we collected brake-wear particulate emissions using a full-scale brake
dynamometer, and used a combination of magnetic measurements and electron microscopy to
make quantitative evaluation of the magnetic composition and particle size of airborne
emissions originating from passenger car brake systems. Our results show that the
concentrations of Fe-rich magnetic grains in airborne brake-wear emissions are very high
(i.e. ~100 — 10,000 x higher), compared to other types of particulate pollutants produced in
most urban environments. From magnetic component analysis, the average magnetite mass
concentration in total PMo of brake emissions is ~20.2 wt.% and metallic Fe ~1.6 wt.%. Most
brake-wear airborne particles (> 99% of particle number concentration) are smaller than
200 nm. Using low-temperature magnetic measurements, we observed a strong
superparamagnetic signal (indicative of ultrafine magnetic particles, < ~30 nm) for all of the
analysed size fractions of airborne brake-wear particles. Transmission electron microscopy
independently shows that even the larger size fractions of airborne brake-wear emissions
dominantly comprise agglomerates of UFPs (< 100 nm). Such UFPs likely pose a threat to
neuronal and cardiovascular health after inhalation and/or ingestion. The observed abundance
of ultrafine magnetite particles (estimated to constitute ~7.6 wt.% of PMo.2) might be especially
hazardous to the brain, contributing both to microglial inflammatory action and excess

generation of reactive oxygen species.

Published:
Gonet, T.; Maher, B. A.; Nyir6-Kosa, 1.; Pésfai, M.; Vaculik, M.; Kukutschova, J.
Size-resolved, quantitative evaluation of the magnetic mineralogy of airborne brake-wear

particulate emissions. Environmental Pollution 2021, 288, 117808.

68



5.2. Introduction

Exposure to airborne particulate matter (PM) has been associated with both acute and
chronic health problems. Coarse (10 — 2.5 um), fine (2.5 — 0.1 pm) and ultrafine (< 0.1 um)
particles have been linked to impairment of pulmonary, cardiovascular and neurological health
(Calderén-Garciduedias et al., 2002; Pope & Dockery, 2006; Hoek et al., 2013; Beelen et al.,
2014; Weichenthal et al., 2017a; Peters et al., 2019; Mabher et al., 2020, Shi et al., 2020). For
example, epidemiological studies have shown a link between living close to heavy traffic (and
consequently, chronic exposure to raised airborne PM concentrations) with higher incidence of
dementia (Jung et al., 2015; Wu et al., 2015; Oudin et al, 2016; Chen et al., 2017a), and
cognitive and behavioural deficits (Suglia et al., 2007; Chen & Schwartz, 2009; Sunyer et al.,
2015; Zhang et al., 2018a; Calderén-Garciduenas et al., 2019a; laccarino et al., 2020).
Exposure to PM is also linked to pre-term birth and low birth weight (e.g. Stieb et al., 2012;
Lamichhane et al., 2015; Li et al., 2017).

UFPs might be especially hazardous to human health for several reasons. They (i) are
abundant in the urban air (Putaud et al., 2010; Sanderson et al., 2014; Yang et al., 2016);
(i1) can be suspended in the atmosphere for longer and consequently, transported over greater
distances, compared to coarse particles; (iii) are able to penetrate easily into the indoor
environment; (iv) have the ability to reach almost all organs in the human body, including the
liver (Oberdorster et al., 2002; Miller et al., 2017), placenta (Bové et al., 2019; Liu et al., 2021)
and amniotic fluid (BaroSova et al., 2015), heart (Calderén-Garciduenas et al., 2019b; Maher
et al., 2020), and central nervous system (Tjélve et al., 1996; Oberdorster et al., 2004; Elder et
al., 2006; Geiser & Kreyling, 2010; Maher et al., 2016); (v) have a larger surface area per unit
mass, compared to coarse particles; and (vi) can be highly bioreactive (Donaldson et al., 2001;

Nel et al., 2006; Mabher et al., 2016).

Exposure to Fe-bearing UFPs might play a specific role in adverse health effects (Maher
et al., 2016; 2020). Labile, bioreactive Fe?" (a specific component within magnetite
(Fe;04 = FeO-Fex03, a mixed Fe?**/Fe** oxide), for example), can be toxic to living cells; it can
catalyse excess production of reactive oxygen species and has been linked with
neurodegenerative changes similar to those occurring in Alzheimer’s disease (Smith et al.,
1997; Wu et al., 2013; Coccini et al., 2017; Maher, 2019). Fe-bearing UFPs may be toxic on
their own but also often co-associate with other transition and heavy metals, including Cr, Cu,

Mn, Ni, Pb, Zn (Spassov et al., 2004; Chen et al., 2006; Kim et al., 2007; Maher et al., 2016;
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Yang et al., 2016; Hofman et al., 2020) and organic species, including PAHs (Lehndorff &
Schwark, 2004; Halsall et al., 2008).

In the urban environment, a great variety of both vehicular and non-vehicular sources
of Fe-bearing UFPs has been identified, including exhaust emissions, brake-wear, tyre-wear,
resuspension of roadside dust, underground, rail and tram systems, aircraft and shipping
emissions, welding fumes, waste incineration, biomass burning, construction, demolition,
power plants and cigarette smoking (e.g. Thorpe & Harrison, 2008; Salma et al., 2009; Kumar
et al., 2013; Gonet & Maher, 2019). However, estimation of the contributions made by specific
sources to total airborne PM or PNC (particle number concentration) has proved challenging,
and variable between different studies (e.g. Viana et al., 2008; Bukowiecki et al., 2009a;
Harrison et al., 2011; 2012; Lawrence ef al., 2013; Beddows et al., 2015; Crilley et al., 2017,
Conte & Contini, 2019). Although the concentrations of gaseous and particulate engine exhaust
emissions have been decreasing notably in the last 20 years, due to increasingly stringent
legislation, non-exhaust emissions are currently unregulated and presently constitute a similar
or even higher proportion of urban PMjo (PM with an aerodynamic diameter < 10 pm)
concentrations, compared to exhaust emissions (e.g. Lawrence et al., 2013; Denier van der Gon

et al., 2018; Conte & Contini, 2019).

One of the major sources of airborne, Fe-bearing UFPs in the roadside environment is
brake emissions (Gonet & Maher, 2019). Although source apportionment estimates differ,
brake-wear PM has been reported to contribute more to total PMjo mass (~11% — 21%;
Bukowiecki et al., 2009a; Lawrence et al., 2013) than to particle number (~1.7%; Harrison et

al., 2011) at the roadside.

The emission of solid (non-volatile) brake-derived components depends on the braking
conditions but in real-world conditions, they usually exceed 75 wt.% of total brake emissions
(Sanders et al., 2002; Roubicek et al, 2008). Fe is frequently the dominant metal in
non-volatile brake-wear PM (arising from conventional low-metallic brake pads and cast iron
discs), often constituting ~50% of the total mass of particles emitted from brake systems
(Sanders et al, 2003; Adachi & Tainosho, 2004; Kukutschova et al, 2011). The
number-normalised PSD of brake emissions is usually dominated by fine and ultrafine
fractions, with UFPs (< 0.1 pm) constituting up to 95% of total particle number (Garg et al.,
2000; Sanders et al., 2003; Verma et al., 2016). Since UFPs constitute the vast majority of
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brake-wear particle numbers, and Fe is the dominant metal of those emissions, brake-derived

dust might thus be a major source of urban airborne Fe-bearing UFPs (Gonet & Mabher, 2019).

Fe in brake emissions has been found in various forms: magnetite (Fe3O4), maghemite
(y-Fe203), haematite (a-Fe2O3), wiistite (FeO) and metallic Fe (a-Fe) (e.g. Kukutschova &
Filip, 2018). Little attention has yet been paid to the mass concentrations of specific magnetic
phases/minerals. In terms of potential association with neurodegeneration and Alzheimer’s
disease, the oxidation state of Fe (e.g. metallic Fe, Fe’; ferrous Fe, Fe?'; ferric Fe, Fe*) may
be critical (Smith ez al., 1997; Collingwood & Dobson, 2006; Castellani et al., 2007; Pankhurst
etal., 2008; Plascencia-Villa et al., 2016; Maher et al., 2016; Maher, 2019). Hence, quantitative
evaluation of the magnetic mineralogy of roadside, traffic-derived UFPs, and especially, of the
concentration and particle size distribution of Fe?*-bearing magnetite, may be particularly

important in the context of human health hazard.

Here, we use a combination of magnetic component analysis of room- and
low-temperature magnetic measurements, and scanning and transmission electron microscopy
to obtain quantitative evaluation of the mineralogy and particle size of magnetically-ordered

particles within airborne PM emissions originating from automotive brake systems.

5.3. Methods

5.3.1. Brake-wear generation, braking cycle and particulate matter sampling

Brake-wear emission tests were performed using a full-scale brake dynamometer (Link
M2800) at VSB — Technical University of Ostrava, Czech Republic. The dynamometer was
equipped with an environmental chamber, with cooling airflow of 2500 m*/h around the brake
system. Commercially available low-metallic brake pads, a cast iron brake disc and hardware
of a mid-size passenger car were used, during the ISO26867 brake cycle simulating friction
behaviour at different speeds and brake pressures. The composition of the brake pad was
analysed using X-ray diffraction (XRD). The dynamometer test was conducted 4 times and
results for the 4 sets of collected samples were averaged, i.e. the particle size distributions
(Figure 24A), IRMs (Figure 25), magnetic component analysis, and estimated mass
concentrations of magnetite, metallic Fe and haematite. The same brake pad/disc system was

used 4 times (each time a new set of brake pads was used).
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A Dekati ELPI+ impactor was used to collect brake-derived primary particles directly
in the dynamometer chamber, on Al foils, in 14 stages (size fractions), from 0.016 pum
to 10 um (Appendix A: Table A9). Additionally, the non-airborne fraction, swept from the
floor of the dynamometer chamber after the test cycle, was also collected (hereafter called ‘non-

airborne brake emissions’).

All Al foils were weighed before and after the dynamometer tests, and the difference
treated as the mass of the collected brake-derived particles. The mass measurements were made

using a Mettler Toledo XP6U/M ultra-micro balance with accuracy of 0.1 pg.

Number-normalised PSD was estimated based on the masses of particles collected on
each foil and average effective density of airborne brake-derived particles emitted by

a low-metallic brake pad (0.75 g/cm?), from Nosko & Olofsson (2017a).

5.3.2. Magnetic measurements and electron microscopy

Brake-wear emissions were analysed by magnetic remanence measurements conducted
at room temperature at the Centre for Environmental Magnetism and Palacomagnetism,
Lancaster University, U.K.; and at low temperature (down to 77 K) at the Centre for Science

at Extreme Conditions, University of Edinburgh, U.K.

To obtain independent information on the composition, structure, morphology and
particle size of the brake-wear particles, we used scanning (SEM) and transmission (TEM)
electron microscopy to image and analyse the particles directly at the Research Institute of
Biomolecular and Chemical Engineering, University of Pannonia, Veszprém, Hungary. Two
units of the aluminium foil with the deposited particles (stage 10 with nominal particle size of
1.6 um and stage 11 with nominal particle size of 2.5 um) were analysed with SEM and TEM.
The particle size given by the manufacturer (DEKATI) is an average size of particles collected
by a certain stage (size fraction). The actual size distribution of the particles collected by each
stage can vary across a wide range (e.g. Pagels et al., 2005; Noél et al., 2013), e.g. for the
nominal size fraction of 3.0 um, the particle size ranges from 0.2 um up to even >10 um (Pagels

et al., 2005).

Details of all of the sample preparation and analytical procedures are provided in the

Appendix A: Sections A4 — A6).
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5.4. Results

5.4.1. Particle size distribution

The PSD of the airborne brake-wear emissions is shown in Figure 24A in terms of both
mass and number. UFPs (< 0.1 um) contribute very little to the mass-based metrics, but account
for > 99% of the total number of emitted brake-derived particles. Conversely, the
mass-normalised PSD is dominated (> 90%) by particles bigger than 1 um (Figure 24A).
Similar results have been obtained elsewhere (Garg et al., 2000; Verma et al., 2016; Nosko &
Olofsson, 2017b).
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Figure 24. (A) Average mass- and number-normalised particle size distributions for the
analysed brake emissions. M — particle mass; N — particle number; D; — average grain size; the
shaded areas represent the minimum and maximum levels of particle mass/number observed
in the 4 dynamometer experiments. (B) IRM imparted at 1 T at room temperature at the Centre
for Environmental Magnetism & Palacomagnetism, Lancaster University, for (1) outdoor PM
sources (Hansard ef al., 2012), (2) roadside PM in Lancaster (Halsall ez al., 2008; Gonet et al.,
2021b), (3) indoor PM (Halsall ef al., 2008), (4) engine exhaust PM (Gonet et al., 2021b) and

(5) airborne brake-wear PM (low-metallic brake pad/cast iron disc; this study).
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5.4.2. Magnetic content of brake emissions

Figure 24B shows the room-temperature magnetic remanence (IRM, acquired at 1T)
for various types of PM emissions measured in our laboratory, including indoor and outdoor
PM, exhaust emissions and brake-wear (Gonet & Maher, 2019; Gonet ef al., 2021b). The IRM
of a material depends on the concentration of magnetic grains, and their magnetic mineralogy
and/or grain size distribution. Here, our analysed range of airborne particles display IRM values
of between ~0.01:10° Am*kg and ~95.8:10° Am%*kg for outdoor PM sources; between
~0.06-10° Am?/kg and ~8.32-103 Am*/kg for indoor PM sources; and for engine exhaust
emissions between ~5.1:10° Am?%kg (gasoline emissions) and ~8.6-10° Am?/kg (diesel

emissions).

In stark contrast, the IRM values for our brake-wear particles are 100 — 10,000 times
higher; reaching average values of ~3,383-10 Am?*/kg for the airborne fraction (PMi¢) and
~8,891-10° Am?/kg for the non-airborne fraction. IRM values for airborne brake emissions
were similar for all 4 sampling cycles, varying between 2,963-10° Am?kg and

3,800-10° Am?/kg.

In comparison, IRMs for roadside PM, both the airborne fraction (pumped air samples,
Lancaster, U.K.; Halsall et al, 2008) and total roadside dust (dust swept from roadside
surfaces), fall in the lower range between exhaust emissions (and other PM sources) and brake
emissions (low-metallic brake pad/cast iron disc), reaching levels of ~66.5-10° Am*/kg and

~34.8-10 Am?/kg for airborne and total roadside PM, respectively (cf. Figure 24B).

For the size-fractionated brake emissions (Figure 25), IRM decreases with decreasing
particle size from > 3,000-10° Am?/kg for particle sizes ~1.6 — 10 pm (stages 10 — 14) to
<500-10"° Am?*/kg for particle sizes ~0.016 —0.054 um (stages 1 —3). This trend most probably
reflects lower concentrations of both magnetite and magnetic Fe (cf. Appendix A: Figure A5
and discussion on the mass concentrations of magnetite and metallic Fe with particle size in

Section 5.5. Discussion (Paper III)).
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Figure 25. Average isothermal remanent magnetisation (IRM), imparted at 1 T at room
temperature, for size-fractionated brake-wear emissions from low-metallic brake pads

collected in 4 dynamometer sampling cycles.

5.4.3. Magnetic component unmixing

Each magnetic phase is characterised by several parameters, including the median
destructive field of the IRM (MDFirm, indicating how easily a sample can be demagnetised);
and a dispersion parameter (describing the level of scattering around the mean MDFrm).
Detailed AF demagnetisation of IRM allowed identification of 3 magnetic components (C1,
C2 and C3) in the brake emissions (Appendix A: Section AS5). Two of these identified
components are magnetically ‘soft’, i.e., they demagnetise at low AF values (MDFirm of
12 mT and 28 mT for C1 and C3, respectively), and one (C2) is magnetically ‘hard’, having
distinctly higher MDFrm (81 mT). The dispersion parameter is lowest for C2 (~0.16), higher
for C3 (~0.31) and highest for C1 (~0.40). On average, magnetic component C1 contributes
~37.6% to total IRM, component C2 accounts for ~5.6%, and C3 for ~56.8% of total IRM
(Appendix A: Table Al). These ‘magnetic’ contributions can be used for estimation of mass
concentrations of specific magnetic minerals/phases, i.e. magnetite, haematite and metallic Fe

(see Section 5.5. Discussion (Paper III)).
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5.4.4. Low-temperature magnetic measurements

Our low-temperature magnetic remanence measurements identify, first, magnetic
transitions diagnostic of different minerals and particle sizes (see also Appendix A: Section
A9). Specifically, the Morin transition, a first order magnetic transition in haematite, is visible
at ~210—220 K, and the Verwey transition, diagnostic of the presence of magnetite, is seen at
~100 — 150 K (Figure 26A). The Verwey transition for the measured brake-wear samples is
not sharp, reflecting either very small grain size (close to the stable single
domain/superparamagnetic boundary, ~30 nm), non-stoichiometry of magnetite, and/or
substitutions of Fe by other metals (e.g. Ozdemir et al, 1993). A relatively low Verwey
transition temperature (Tv < 100 K) also suggests the presence of ultrafine grains of

magnetite/maghemite (Ozdemir & Dunlop, 2010; Ozdemir et al., 1993).

The low-temperature measurements also show sharp increase in magnetic remanence
with cooling (Figure 26B), reflecting the magnetic ‘blocking in’ of ultrafine (< ~30 nm),
superparamagnetic (SP) grains, which were magnetically unstable at room temperature through
thermal agitation. To quantify the SP contribution, we estimated AM (Figure 26B), compared
to the total IRM (at 5 T and 77 K), for the selected samples. Counter-intuitively, AM seems to
decrease with decreasing particle size, reaching 44% — 46% for stages 13, 11 and 7 (~5.3 pm,
~2.5 pm and ~0.380 pum, respectively), and declining to 32% for stage 3 (~0.054 pm) and
28% for stage 1 (~0.016 um). This behaviour might reflect: (1) agglomeration of SP grains
and/or their adherence to bigger particles, and hence their effective assignment as larger
particles (i.e. collected in the larger particle stages) by the impactor, and/or (2) the presence of
SP, oxidised rims around larger magnetic grains. The latter has been suggested by Ozdemir et

al. (1993), Sagnotti et al. (2009) and Sagnotti & Winkler (2012).
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Figure 26. Low-temperature measurements for stage 11 (~2.5 pm) brake-wear emissions:
(A) zero-field changes in IRM during cooling, after acquisition of IRM (at 5 T) at room
temperature; and (B) the same cooling changes (blue curve) and zero-field changes of IRM
while heating after acquisition of IRM (at 5 T) at 77K (red curve). AM reflects the contribution

of superparamagnetic grains.

5.4.5. Scanning (SEM) and transmission (TEM) electron microscopy

Two brake-wear samples (stage 10 with particle size of ~1.6 um and stage 11 with
particle size of ~2.5 um) were analysed using SEM and TEM. Figure 27 shows an overview
SEM image of brake-wear particulate emissions (stage 11, ~2.5 pm). The sample is dominated
by agglomerates of UFPs (one of which is marked ‘1”), with smaller numbers of larger grains
with smooth surfaces and sharp edges (marked ‘2”). The larger, sharp-edged particles were also
observed in our previous study (Kukutschova et al., 2011). The size of the UFP agglomerates
and the smooth, larger grains ranges between ~0.8 pm and 9 pm. Both agglomerates and larger
grains have similar elemental composition, typical of brake emissions, with Fe, C and O being
dominant, and with smaller amounts of Cu, Al Si, S, Sn, Mg, P and Cr (EDS spectra in Figure
27).

Sb has sometimes been reported in brake-wear emissions and even suggested as
a brake-wear tracer (e.g. Sternbeck ef al., 2002; Bukowiecki et al., 2009b). In our brake-wear
PM, we did not detect Sb (unsurprisingly, given its trace concentrations in the commercial

brake pad used here, see Appendix A: Figure A2).
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The TEM images show that the agglomerates comprise prolific numbers of UFPs
~10 nm — 50 nm in size (Figure 28 and Figure 29; see also Appendix A: Section A10).
Elemental analysis using EDS in STEM mode showed the presence of C, O and Fe, with
variable but typically lower concentrations of various other elements, including Mg, Al, Si, S,
Ti, Cr, Cu, Zn and Sn (Figure 28). The distributions of these minor elements are not uniform
over entire agglomerates; for example, Ti, Cr and Cu occur in specific nanoparticles within the
agglomerate shown in Figure 28C. In terms of mineralogy, the agglomerates are dominantly
composed of magnetite (Figure 28 A and Figure 29) and haematite (Figure 29A), often covered
with a thin shell composed of layers of graphitic/amorphous carbon (Figure 29A). Although it

is challenging to quantify the concentration of haematite using TEM, it appears to be present

in lower concentration than magnetite.
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Figure 27. An overview SEM image of the stage 11 (~2.5 um) size fraction of brake-wear
emissions; EDS spectra for (1) an UFP agglomerate and (2) a large grain with smooth surface

and sharp edges.
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Figure 28. (A) TEM image of an UFP agglomerate with associated selected-area electron
diffraction (SAED) pattern corresponding to an ensemble of randomly oriented magnetite
nanocrystals; (B) high-angle annular dark-field (HAADF) image of an UFP agglomerate found
in the sample of stage 10 (~1.6 um), (C) its EDS elemental map obtained in scanning
transmission mode (STEM), showing the distributions of Cr, Fe, Cu and Ti, and EDS spectra

showing elemental composition.
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Figure 29. Structural analysis of iron oxide nanoparticles using TEM. (A) high-resolution
(HRTEM) image of an UFP agglomerate found in the stage 11 (~2.5 um) sample, with
associated fast Fourier transforms (FFTs) of the indicated particle regions, containing
reflections corresponding to periodicities in magnetite (FFT1) and haematite (FFT2); the arrow
marks several layers of graphite/amorphous carbon with periodicity of 3.6 A, similar to typical
periodicities observed in atmospheric soot; (B) HRTEM image of an UFP agglomerate with
associated FFTs obtained from specific particle regions, showing reflections consistent with
lattice spacings in magnetite (stage 10, ~1.6 pm).
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5.5. Discussion

Our results show that the concentrations of Fe-rich magnetic grains in airborne
brake-wear emissions are very high (~100 — 10,000 times higher), compared to other types of
particulate pollutants produced in most urban environments (Figure 24B). Chronic exposure at
the roadside or in-cabin to such high magnetite concentrations is especially worrisome because
of the association of Fe-bearing (and especially magnetite) UFPs with the excess production of
ROS in the brain, neurodegeneration and Alzheimer’s disease (e.g. Plascencia-Villa et al.,
2016; Coccini et al., 2017; Maher, 2019). In addition to roadside environments with frequent
braking (e.g. close to traffic-control lights or speed bumps), Fe-rich UFPs occur in high
concentrations in other environments, including underground subway/train stations (Moreno et

al., 2015) and areas affected by airborne emissions from iron-/steelworks (Li et al., 2021).

The oxidation state of Fe in airborne PM appears important in terms of its health hazard
(e.g. Smith et al., 1997; Maher, 2019). Surface coatings (e.g. graphite/amorphous carbon)
(Figure 29A) of UFPs might also change the uptake, distribution, clearance and toxicity of
Fe-rich UFPs (e.g. Singh et al., 2010; Feng et al., 2018). Most brake-wear studies, however,
have so far focused on mass and/or number concentrations of brake-wear emissions
(e.g. Perricone et al., 2017; Alemani et al., 2018; Matcjka et al., 2020); few have analysed the
elemental composition of the emitted particles (e.g. Menapace ef al., 2020), and almost none
have studied the phase composition of the released particles. Given that magnetite contains
Fe?*, reportedly toxic to human cells through its catalysis of the Fenton reaction (e.g. Smith et
al., 1997), and that UFPs constitute the majority of brake-wear particles (both as discrete
particles (collected by ultrafine size fractions of the impactor; Figure 24A) and agglomerates
(collected by larger size fractions of the impactor; Figures 27 — 29)), a thorough, size-resolved
evaluation of elemental, mineralogical and structural composition of airborne brake-wear

emissions may be critical for further assessment of potential health impact.

Several different magnetic phases have been reported previously in brake emissions:
haematite, magnetite, maghemite, wiistite and metallic Fe (e.g. Kukutschova & Filip, 2018).
Here, we identified 3 magnetic components in brake emissions (cf. Appendix A: Section AS).
No component can correspond to wiistite as its Neél temperature is 200 — 210 K (Cornell &
Schwertman, 2003) so it does not carry magnetic remanence at room temperature (~290 K).
Moreover, the Neél temperature of wiistite was not observed on the heating curve from 77 K

to room temperature (Figure 26B), excluding its presence in our analysed brake-wear samples.
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The magnetic ‘hardness’ (high MDFrm of 81 mT) of component C2 suggests that it
represents haematite. Haematite has previously been observed in other brake-wear studies
(using Raman microspectroscopy, TEM/EDS and XRD) (review in Kukutschovd & Filip
(2018)). The presence of haematite in our dynamometer-generated brake-wear samples from
low-metallic brake pads is evident from the Morin transition in the cooling curves (Figure
26A). Based on MDFrm data for synthetic haematite and our measured MDFrm of ~81 mT,
C2 corresponds to haematite grains of ~120 nm in diameter (cf. Appendix A: Section AS5).
Based on IRM data for pure, synthetic haematite powders (see Appendix A: Section AS5)
(Mabher et al., 2004), it is possible to estimate mass concentrations (wt.%) of this mineral in the
analysed samples. Hence, we estimate the average haematite mass concentration to be ~54.6
wt.% in the PMj¢ of airborne brake-wear emissions. However, due to haematite’s low IRM
(~25 — 60 times lower than that of magnetite, and ~450 times lower than of metallic Fe; cf.
Appendix A: Table A2) and very low contribution to total IRM (~5.6%; Appendix A: Table
Al), the inherent uncertainty of this estimated haematite mass concentration is very high,
reaching levels up to +£32.8 wt.% (see Appendix A: Section A8 for more details). Although
haematite was observed in TEM analysis (Figure 29A), its concentration appears much less
than the 50 wt.% estimated using magnetic component analysis. It is, therefore, highly likely

that the haematite mass concentration is magnetically over-estimated here.

Since the Verwey transition was observed in the cooling curve (Figure 26A), at least
one of the ‘soft” magnetic components (with relatively low MDFrm of 12 mT (C1) or 28 mT
(C3)) comprises magnetite. Component C3 probably represents magnetite due to its higher
MDFRrMm (28 mT for C3 vs 12 mT for C1; Appendix A: Table Al). Based on magnetic
contributions from magnetic component analysis and average IRMs for sized magnetite
particles (Maher, 1988), we can estimate the mass concentration of magnetite (see Appendix
A: Section AS for more details on the estimation). On average, the mass concentration of
magnetite is ~20.2 wt.% of the total PM¢ of brake emissions (~18.5 wt.% in PM» 5 and ~7.6
wt.% in PMo2) (see Appendix A: Section A8 for details on the error estimations). It is likely
that component C3 reflects a partially oxidised (maghemitised) magnetite, with a high
contribution of SP grains, as indicated by the low-temperature magnetic properties (Figure 26).
Magnetite has been observed, but not quantified, previously in brake-wear emissions (from
low-metallic brake pad/cast iron disc) (Kukutschova et al., 2010, 2011; Peikertova et al., 2013;
Verma et al., 2016; Kukutschova & Filip, 2018).
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The remaining component, C1, probably corresponds to metallic Fe, as indicated by
high-temperature changes in magnetic susceptibility (Appendix A: Section A7). Its
concentration is ~1.6 wt.% (see also Appendix A: Section A8 for the estimation uncertainties

and Appendix A: Section A5 for details on the estimation).

The mass concentrations of all three magnetic phases generally decline with decreasing
particle size (Appendix A: Figure AS). Magnetite concentrations reach levels ~20 wt.% for
particles > 0.600 um and decrease to 2 — 15 wt.% for particles < 0.380 pm. Metallic Fe content
ranges between ~2.0 wt.% for size fractions > 1.6 pm and < 0.5 wt.% for particles <0.400 pm.
The physical and chemical processes occurring within brake systems while braking are
complex, abrupt, and irregular (e.g. Kukutschova et al., 2009; Lee & Filip, 2013; Nosko et al.,
2015; Kukutschova & Filip, 2018). Magnetic particles can be released from the magnetite filler
that is often added to brake pads as solid lubricant, Fe/steel fibres used as reinforcing
constituents (Jang, 2013; Kukutschova & Filip, 2018), and/or the cast iron brake disc. The
XRD spectrum for the brake pad used in this study showed the presence of various phases of
Fe, including metallic Fe (a-Fe), Fe oxides (magnetite/maghemite) and Fe oxide-hydroxides
(Appendix A: Figure A2). The 3-component magnetic composition of Fe-bearing particles we
identify in our brake-wear emissions may reflect either or both the release of abraded particles
from the brake pad and friction-derived modification of particles through increasing stages of
oxidation, from metallic Fe (in both brake pad and disc), through magnetite (potentially

partially oxidised/mixed with maghemite), and finally to haematite.

Although brake systems are designed to abrade friction materials of brake pads and
discs, our data show that high-temperature oxidation, evaporation and condensation processes
are also important, creating very high numbers of discrete, rounded/spherical UFPs, which can
subsequently be released to the atmosphere both as discrete UFPs (> 99% of PNC; Figure 24)
and as agglomerates of UFPs (dominating larger size fractions; Figures 27 — 29). Interestingly,
some authors have observed PM emissions (both solid and semi-volatile) from braking systems
even without applying brakes, presumably due to similar evaporation/condensation processes
(Wahlstrom & Olofsson, 2014; Hagino et al., 2015; 2016; Ma et al., 2020). These processes
depend on the friction materials, braking conditions (e.g. braking frequency, applied pressure,
air humidity), and even the age of the friction materials (due to rust). In general, below ~200°C,
the abrasive processes usually dominate and larger (> 1 pm) wear particles are mostly emitted.
At higher temperatures (> 160°C — 190°C), the concentration of UFPs (< 0.1 pm) increases

considerably due to high-temperature oxidation, evaporation and condensation processes (e.g.
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Garg et al., 2000, Kukutschova et al., 2010; 2011; Verma et al., 2016; Piscitello et al., 2021).
These ultrafine particles subsequently agglomerate and form larger aggregates, such as these
observed in our SEM/TEM images (Figures 27 — 29 and Appendix A: Section A10).
Importantly, only impactors/particle sizers (e.g. ELPI+, OPS and/or SMPS) are conventionally
used to evaluate particle size distributions of brake-wear emissions. Without further analysis
(e.g. using SEM and/or TEM)), it is impossible to distinguish between discrete larger grains and
agglomerates of UFPs, since both of these are classified as ‘large’ particles by an
impactor/particle sizer. Hence, in many studies the presence of agglomerated ultrafine particles

in coarse fractions is not analysed or discussed whatsoever.

The magnetic properties of brake-wear emissions deposited on vehicle wheel rims have
been investigated in several studies (Sagnotti et al., 2009; Chaparro et al., 2010; Marié et al.,
2010; Sagnotti & Winkler, 2012). Chaparro et al. (2010), for example, observed IRM of these
wheel deposits to be between 57010 Am*/kg and 1,201-10 Am?/kg, substantially lower than
the IRMs of the non-airborne brake-wear we obtained here (~8,891-10° Am?/kg). These
previous studies suggested that brake-wear PM is dominated by magnetic grains > 0.1 um or
even > 1 um (albeit with uncertainty regarding any SP fraction) (Sagnotti et al., 2009; Chaparro
et al., 2010; Mari¢ et al., 2010; Sagnotti & Winkler, 2012). However, our results, based on
size-fractionated airborne brake emissions, show high IRMs for all collected size fractions,
including those smaller than 0.1 pm (Figure 25). This discrepancy probably reflects different
methods of sample collection. Here, we collected particles which had originated from the
friction couple (brake pad/cast iron disc), during braking, using a full-scale dynamometer and
one formulation of brake pads; and analysed the magnetic properties of this size-fractionated
brake-wear. Most UFPs emitted from car braking systems probably do not settle on the wheel
rim, but are released to the roadside air. It is also likely that PM samples settled on wheel rims,
contain, besides highly magnetic brake-wear particles, some portion of tyre-wear, roadside and
soil-derived resuspended PM, which display lower IRMs (cf. Figure 24B and Paper II). Thus,
the wheel-deposited PM mixture has lower magnetic content than our ‘pure’ brake-wear
particles. The age of brake pads might also be important. In the dynamometer experiments, we
used a new set of brake pads and discs, whereas car brake pads often rust as they age. As rust
is a mixture of hydrous Fe oxides and Fe oxide-hydroxides (rather than ‘pure’, well-crystalline
Fe oxides, e.g. highly magnetic magnetite), the measured IRM of such ‘aged’ brake emissions
will be lower compared to ‘new’ friction materials from dynamometer experiments.

Vehicle-derived rust might contribute to the ferrihydrite reported by Pattammattel ef al. (2021)
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in roadside PM analysed in Los Angeles, USA. Moreover, wheel rim-deposited PM might
oxidise with residence time in the urban air (metallic Fe oxidising to magnetite/maghemite,
and then into haematite). Each oxidation stage will decrease the final, measured IRM value of

such deposited material.

Various studies show the abundant presence of Fe-bearing UFPs in roadside PM
(e.g. Ntziachristos et al., 2007; Sanderson et al., 2014; 2016; Yang et al., 2016; Gonet & Mabher,
2019; Long et al., 2020; Zhang et al., 2020). Magnetic data for roadside PM have also shown
the presence of ultrafine, SP grains (< ~30 nm) in roadside air pollution (e.g. Muxworthy et al.,
2002; 2003; Sagnotti et al., 2006; 2009). However, SP grains could occur as discrete ultrafine
grains and/or as oxidized rims around larger particles, arising from cracking of cation-deficient
coatings of the unoxidised core (Ozdemir et al., 1993; Muxworthy et al., 2002; 2003; Sagnotti
et al., 2009, Sagnotti & Winkler, 2012; Rea-Downing et al., 2020). Indeed, specifically for
particulate brake-wear emissions, magnetic studies have provided contradictory data on the
presence of discrete ultrafine SP grains versus SP oxidised rims around larger magnetic grains
(Sagnotti et al., 2009; Sagnotti & Winkler, 2012). Our low-temperature (77 K) magnetic
measurements identify that the SP contribution to total magnetic remanence of brake emissions
varies from ~25% to 45%. In contrast, Marié et al. (2010) obtained very low values
(0.0 — 0.8%) of frequency dependence of magnetic susceptibility (k) for brake-wear. This
parameter is sensitive to the presence of SP grains and is usually higher than ~5 — 6% in the
presence of SP grains (Dearing ef al., 1996). Here, we also obtained low kfq4%, ranging between
0.5% and 3.4% (data not shown). To resolve these apparently contradictory magnetic data, we
used, besides low-temperature magnetic measurements, an independent analytical approach,

TEM.

Our TEM analysis shows that agglomerated UFPs dominate even the larger size
fractions (~1.6 — 2.5 um) of brake-wear emissions, consistent with our previous study
(Kukutschova et al., 2011). These aggregates comprise rounded/spherical particles
~10 nm — 50 nm in size, abundant in Fe oxides, with smaller concentrations of Al, Cu, Si, Sn,
Mg, Cr, Mn and Zn, in places surrounded by or embedded in C (Figures 27 — 29 and Appendix
A: Section A10). The presence of C is probably a product of the oxidative wear of phenolic
resin, used in brake pads as a binder (Filip et al., 2002; Kukutschova & Filip, 2018). Liati et
al. (2019) found brake-derived agglomerates of UFPs, with similar rounded/spherical
morphology and elemental composition to our agglomerates (Figures 27 — 29 and Appendix

A: Section A10). We did not observe SP oxidised rims using TEM, and the presence of such
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prolific numbers of agglomerated, magnetic UFPs can readily account for the observed SP

behaviour, i.e. the large increase in IRM at 77 K (Figure 26B).

Interestingly, we observed measurable magnetic remanence for all size fractions,
including those smaller than 30 nm (stages 1 and 2 in Figure 25). Theoretically, magnetite
grains < 30 nm, haematite < 27 nm and metallic Fe < 8 nm should not hold any magnetic
remanence at room temperature due to thermal agitation of their moments, hence resulting in
SP behaviour (Dunlop, 1973; Ozdemir ef al., 1993; Bedker & Merup, 2000; Pankhurst et al.,
2008). Magnetic component analysis suggests that metallic Fe is responsible for only ~36% of
IRM for stages 1 and 2 (< 30 nm; Appendix A: Figure A3); hence, the measurable IRM of
these ultrafine particle size fractions likely reflects magnetic interactions of SP grains of
magnetite, resulting in collective SD-like behaviour. Similar effects were observed by
Radhakrishnamurty et al. (1973) and Maher (1988). This collective, SD-like behaviour might
also explain the low values of frequency dependent magnetic susceptibility for brake-wear

emissions obtained in our study, and by Marié et al. (2010).

The very strongly magnetic nature of brake-derived PM also has important
consequences for interpreting magnetic monitoring studies, regarding the properties and
sources of the magnetic PM deposited on biological surfaces (e.g. see review by Hofman et al.
(2017)). Sagnotti et al. (2009) and Sagnotti & Winkler (2012) compared the magnetic
properties of roadside PM, petrol, diesel, and brake emissions. They noted close resemblance
between the magnetic properties of brake emissions and the roadside PM accumulated on air
filters and roadside leaves. This now appears unsurprising, given that brake-derived magnetite
might constitute 68 — 85% of total airborne magnetite in the roadside environment, as estimated
in our recent study (Gonet et al., 2021b). Moreover, the presence of brake-derived metallic Fe

might be another confounding factor.

Air pollution in urban environments occurs in spatially and temporally variable
concentrations, changing from country to country, town to town, even from one side of the
street to another (Matzka & Maher, 1999). Locally, air pollution levels depend on the proximity
to major roads, traffic characteristics, local road structure and topography, time of the day,
weather conditions and season (e.g. Jeong et al., 2015; Pasquier & André, 2017). Specifically,
high concentrations of brake-wear emissions are expected in proximity to traffic-control lights
(or speed bumps), or where traffic jams are frequent, and braking (and accelerating) is

repetitive. At such sites, co-association between brake-derived PM and engine exhaust
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emissions might explain the correlation between concentration-dependent magnetic parameters
(e.g. IRM) and exhaust-related metals (e.g. Pb) (Maher et al., 2008), even though the magnetic
properties of roadside PM might be dominated by brake-wear emissions, rather than by
engine-exhaust PM (Gonet et al., 2021b). However, at other heavily polluted urban sites
(e.g. close to highways where engine exhaust emissions dominate), brake-derived PM is likely

to occur in low (or sometimes negligible) concentrations due to rather sporadic braking.

Indeed, this inter-correlation between the concentrations of different traffic-related
sources of PM in some sites (e.g. close to traffic lights) and lack of such correlation at other
sites (e.g. close to freeways) might be a key reason why source apportionment of different
traffic-derived sources of PM in urban environments is challenging and variable between
different studies and sampling sites (e.g. Bukowiecki et al., 2009a; Harrison et al., 2011; 2012;
Lawrence et al., 2013). Thus, careful selection of different types of roadside sampling sites is
essential for characterising and quantifying different roadside PM sources, and resultant human

exposure levels to those different sources.

Notably, over 99% of the PNC of our solid (non-volatile) brake-wear particles is
smaller than ~200 nm (Figure 24). Moreover, even larger particle collection stages are
dominated by agglomerates of UFPs ~10 nm — 50 nm in diameter (Figures 27 — 29), which,
depending on particle/cell interactions, have the potential to release millions of discrete UFPs
inside the human body. Such small particles have been shown to reach almost all major organs,
including the brain; the latter accessible directly by inhalation via the olfactory bulb
(Oberdorster et al., 2004; Mabher et al., 2016), and/or indirectly through ingestion/swallowing
and transfer via the gut wall and neuroenteric system (Calderon-Garciduenas et al., 2020),
and/or via the systemic circulation. The presence of magnetite, Fe- and other metal-rich air
pollution UFPs has been demonstrated recently in the blood serum, and pleural effusions, of

residents living in Beijing, China (Lu et al., 2020).

Maher et al. (2016) and Calderon-Garciduenas et al. (2020) observed exogenous,
rounded/spherical UFPs (usually < 150 nm) of Fe-rich composition, including magnetite, in
frontal cortex and brainstem tissues, similar to those found in the brake emissions in this
(Figure 28 and Figure 29) and previous studies (Kukutschova et al., 2010). Exogenous, carbon-
and Fe-rich UFPs have also been found in other human tissues, including heart
(Calderon-Garcidueiias et al., 2019b; Maher et al., 2020), human serum and pleural effusions

(Lu et al., 2020), placenta (Bové et al., 2019; Liu et al., 2021) and amniotic fluid (BaroSova et
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al., 2015). These UFPs are usually associated both with other metals (e.g., Al, Ca, Ce, Co, Cr,
Cu, Mn, Ni, Pt, Ti, Sn and Zn) (BaroSova et al., 2015; Mabher et al., 2016; Bové¢ et al., 2019;
Calderon-Garciduenias et al., 2019b; 2020; Lu et al., 2020; Liu et al., 2021) and with evidence
of biological dysfunction, e.g. misfolded proteins, neurites and mitochondrial damage in the
brainstem (Calderén-Garciduefias et al., 2020), and mitochondrial damage and ventricular

up-regulation in the heart (Calderén-Garciduefias et al., 2019b; Maher et al., 2020).

In the roadside environment, various toxic metals (e.g. Al, Ba, Cu, Fe or Mn) (Gao et
al., 2020), and especially potentially neurotoxic magnetite, originate abundantly from
brake-wear (Thorpe & Harrison, 2008; Kukutschova et al., 2010; 2011; Peikertova et al., 2013;
Straffelini et al., 2015; Peikertova & Filip, 2016; Verma et al.,, 2016; Kukutschova & Filip,
2018; Gonet et al., 2021b). Both Fe and Cu might catalyse ROS production (Smith et al., 1997,
Allsop et al., 2008; Charrier & Anastasio, 2011; Tabner et al., 2010; Li & Reichmann, 2016;
Gao et al., 2020). Further, mixtures of metals (e.g. Fe and Cu) can act synergistically to promote
oxidative cell damage (Charrier & Anastasio, 2011). Exposure to Ba, found in human amniotic
fluid (BaroSova et al., 2015), might additionally lead to cardiovascular, renal, metabolic,
neurological and mental disorders (e.g. Kravchenko et al., 2014). Hence, brake-wear
particulate emissions, rich in potentially toxic metals and organic matter, might exert adverse

impacts on various human organs, including the brain, at every life stage, from foetal to adult.

In vitro and in vivo studies of the pulmonary and cardiovascular toxicity of brake-wear
PM (both ‘airborne’ and ‘non-airborne’ fractions) show that brake emissions can cause
oxidative stress and chromosomal damage, invoke pro-inflammatory responses and increase
ROS production (Gasser et al., 2009; Kukutschova et al., 2009; Zhao et al., 2015; Kazimirova
et al., 2016; Malachova et al., 2016; Barosova et al., 2018; Puisney et al., 2018; Rajhelova et
al.,2019; Selley et al.,2019). Given the predominance of UFPs (99% of PNC <200 nm; Figure
24) in brake-wear emissions, our identification of high concentrations of magnetite in PMo.2
(~7.6 wt.%) and its reported association with neurodegenerative diseases, it seems both timely
and important for the neurotoxic potential of the specific components of brake-wear emissions
to be investigated in detail. Indeed, the impacts of Fe and other transition metals in airborne
PM are likely under-estimated in such studies at present, due to assay-induced metal

precipitation/immobilization, e.g. in phosphate-buffered systems (Reed et al., 2021).

The ISO26867 dynamometer cycle, used in this study, is an established and commonly

used brake dynamometer cycle in mechanical and tribological studies of brake systems. It
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covers a wide variety of driving and braking conditions, including, among others, harsh braking
events which likely happen only episodically in urban areas. This cycle might thus not be fully
representative for urban driving. Brake pad/disc temperature is a critical parameter in terms of
the release of ultrafine particles. During the ISO26867 cycle, this temperature can reach levels
higher than these usually occurring when driving in cities (e.g. Nosko et al., 2015; 2017,
Perricone et al., 2017; Alemani et al, 2018). Follow-up magnetic, elemental and
morphological analyses of brake-wear emissions, using a less severe brake cycle (e.g. the
WLTP-based cycle proposed by Mathissen et al. (2018)) would be valuable for further

characterising and understanding the generation and concentration of brake-derived UFPs.

In this study, we tested and analysed PM emissions from an example of a brake system
for a middle-size passenger car, commercially-available and widely-used on the European
market. Although the range of friction materials used on the global market is very wide
(e.g. Hulskotte et al., 2014), our magnetic and compositional data are generally in line with
other studies of brake-wear emissions. The three magnetic phases observed in this study
(i.e. magnetite, haematite and metallic Fe) have been reported (but not quantified) by other
authors (e.g. Peikertova et al., 2013; Verma et al., 2016; Kukutschova & Filip, 2018). Our
SEM/TEM analyses showed the presence of Fe, C and O, with lower concentrations of Cu, Al,
Si, S, Sn, Mg, P and Cr (cf. Figure 27 and Figure 28). All these elements have been commonly
observed in brake-wear emissions (e.g. review in Kukutschova & Filip (2018)). Hence, our

results seem to be representative for commonly used friction materials.

5.6. Conclusions

Combining magnetic component analysis (based on magnetic remanence),
low-temperature and high-field magnetic measurements, and electron microscopy enabled, for
the first time, size-resolved quantitative evaluation of the magnetic mineralogy of airborne

brake-wear emissions.

We observed three magnetic phases: haematite, magnetite, and metallic Fe. From the
magnetic component analysis, the average magnetite concentration in total PMio of brake
emissions is ~20.2 wt.%, metallic Fe ~1.6 wt.%, and haematite ~54.6 wt.%. The haematite
concentration is likely magnetically over-estimated (high uncertainty being associated with its

much lower IRM compared with magnetite and metallic Fe).
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Most brake-wear particles (> 99% of PNC) are smaller than 200 nm. Brake-wear
emissions exhibit a strong superparamagnetic signal, reflecting the presence of very high
numbers of UFPs < ~30 nm in size. Even the larger brake-wear PM size fractions are
dominated by agglomerates of ultrafine, superparamagnetic grains, which explains their
low-temperature increase in IRM. Depending on interactions between these agglomerates and
potential biological targets, release of discrete UFPs might result in chronic supply of toxic
metal-bearing UFPs to all major organs of the body. Such UFPs likely pose a threat to neuronal
and cardiovascular health after inhalation and/or ingestion. The concentration of magnetite in
brake-wear particle sizes smaller than 200 nm (PMy.) is estimated to be ~7.6 wt.%. Magnetite
particles < 200 nm might be especially hazardous to the brain and the heart, contributing both
to microglial inflammatory action, and catalysis of the Fenton reaction, leading to excess ROS

production and cell damage due to oxidative stress.

Given this predominance of UFPs in non-volatile brake-wear emissions, high
concentrations of magnetite in PMo», and the reported association between excess Fe and
neurodegenerative diseases, the neurotoxic potential of brake-wear emissions warrants detailed
investigation. We hypothesise that chronic exposure to such particles can plausibly account for
the observed PM dose/response relationships reported for cardiovascular disease, and for

neurodegenerative diseases, including Alzheimer’s and Parkinson’s disease.

Finally, based on current knowledge, it is evident that particulate emissions generated
by wear of brake pads/discs can be controlled by modification of brake pad formulation and/or
brake pads/disc coatings. However, great care is required in order to avoid the risk of
exchanging one health hazard (e.g. asbestos used in brake formulations before ~1990) for
another (e.g. cytotoxic metal-rich UFPs). Another potentially effective strategy to limit brake
emissions is the replacement of standard, friction brakes by regenerative brake systems,

increasingly implemented by manufacturers of electric vehicles.
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Chapter Six: General discussion

6.1. Paper I: Airborne, vehicle-derived Fe-bearing nanoparticles in the urban

environment — A review

Air pollution is currently the largest environmental cause of mortality worldwide, being
responsible for an estimated 9 million premature deaths yearly (cf. Figure 30) (Landrigan et
al., 2018; HEI, 2020). The consequent economic burden of air pollution is thus very high.
Pollution-related worldwide welfare losses have been estimated to amount US$4.6 trillion
every year (Landrigan et al., 2018). In urban environments, population exposure to PM is
inevitable. Over the last few decades, the proportion of people living in cities has been rising
consistently, and it is expected to keep increasing in the foreseeable future (e.g. Our World in
Data, 2017; UN, 2018). It is thus increasingly important to identify the sources of urban air

pollution and mitigate its negative health effects.

UFPs (< 0.1 um) might pose a specific hazard to human health. They are abundant and
pervasive in urban environments and, due to their small size, they are able to penetrate deeply
into human body and access all major organs, including the heart (Calderon-Garciduenas et al.,
2019b; Maher et al., 2020) and brain (Oberdorster et al., 2004; Maher et al., 2016;
Calderon-Garcidueiias et al., 2020). These UFPs are usually rich in potentially cytotoxic metals
(e.g. Fe, Al, Ca, Ce, Co, Cr, Cu, Mn, Ni, Pt, Ti, Sn and Zn) (BaroSova et al., 2015; Maher et
al., 2016; Bové et al., 2019; Calderén-Garcidueiias et al., 2019b; 2020; Lu et al., 2020; Liu et

al., 2021) and might pose a threat to respiratory, cardiovascular and neurological health.

Such metal-rich (especially Fe-rich) UFPs have been found in the human heart and
associated with ventricular up-regulation (Calderon-Garciduefias et al., 2019b; Maher et al.,
2020). They have also been reported to reach the brain (Oberdorster et al., 2004; Maher et al.,
2016; Calderon-Garciduenas et al., 2020), either via systemic circulation (Lu et al., 2020)
and/or axonal pathways (Maher et al., 2016; Calderén-Garciduefias et al., 2020). Magnetite
(FesO4 = FeO-Fe»03) UFPs might pose a specific hazard to neurological health (e.g. Maher,
2019). The presence of this highly magnetic, mixed Fe?'/Fe*" oxide in the brain has been
directly associated with senile plaques and amyloid-£ fibrils, the hallmarks of Alzheimer’s
disease (Collingwood & Dobson, 2006; Quintana et al., 2006; Plascencia-Villa et al., 2016).
Moreover, magnetite UFPs present in urban environments are usually co-associated with other

potentially cytotoxic metals, including Cr, Cu, Mn, Ni, Pb, Ti, Al and Zn (e.g. Spassov et al.,
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2004; Yang et al., 2016; Hofman et al., 2020), and surface-adsorbed organic species, including
PAHs (Lehndorff and Schwark, 2004; Halsall et al., 2008).
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Figure 30. Distribution of global deaths in 2019 attributable to PM> s, ozone, and household

air pollution by age (years, except early neonatal [0 to 6 days] and late neonatal [7 to 27 days])
(adapted from HEI, 2020).

Paper I examines the current knowledge regarding vehicle-derived Fe-bearing UFPs in
urban environments, and identifies 7 such sources, including engine exhaust emissions (both
petrol and diesel), brake-wear, tire and road-wear, resuspension of the roadside dust,
underground, train and tram emissions, aircraft and shipping emissions. This review paper is
focused on the chemical and mineralogical composition of Fe-bearing UFPs, their particle size

distribution, and potential hazard to human health.

Car brake systems were identified as one of the main sources of Fe-bearing UFPs in
urban environments, especially at the roadside, and in the proximity to traffic-control lights (or

speed bumps), where braking is frequent and repetitive. In Europe, so-called ‘low-metallic’
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brake pads (and cast iron discs) are predominantly used (see also Section 2.2. Friction
materials). The term ‘low-metallic’ is a commonly used name for brake pads comprising a
mixture of organic and metallic components, as opposed to non-asbestos organic (NAO) brake
pads (used more commonly on the Asian and American markets) consisting of minor or trace
amounts of metals (e.g. Chan & Stachowiak, 2004; Hulskotte et al., 2014). Given the relatively
high concentrations of metals in brake pads (~50 wt.%) and discs (> 90 wt.%) in Europe (Chan
& Stachowiak, 2004; Hulskotte et al., 2014), brake systems might be one of the main sources
of metal-rich (and specifically Fe-rich) UFPs at the roadside (see also Paper II and the next

section).

6.2. Paper II: Source apportionment of magnetite particles in roadside airborne

particulate matter

In Paper I, brake-wear PM emissions were identified as one of the major sources of
airborne magnetite particles in the urban environment. The main goal of the Paper Il was to
quantify the contribution of brake-wear (and other traffic sources) to total airborne magnetite
in the roadside environment. For this purpose, magnetic properties of roadside PM at both
roadside and urban background sites in Lancaster and Birmingham, U.K. (Appendix A: Figure
A12) were evaluated. Additionally, petrol- and diesel-engine exhaust PM samples were

collected and analysed.

The concentrations of magnetic grains (as measured by SIRM) in engine exhaust
emissions (from both patrol- and diesel-fuelled cars) are 3 — 14 times lower than these in
roadside PM in Lancaster and Birmingham, U.K. Magnetic component analysis enabled the
identification of magnetite, and estimation of its mass concentrations in the collected samples.
In engine exhaust emissions, magnetite mass concentrations varied between ~0.09 wt.% for
petrol-derived PM and ~0.13 wt.% for diesel-derived PM. These values are significantly lower
than those for roadside PM (0.18 — 0.63 wt.% in Lancaster, and 0.32 — 0.95 wt.% in
Birmingham), suggesting that, in addition to engine exhaust emissions, there is another notable

traffic-derived source of airborne magnetite at the roadside.

Based on these estimations and source apportionment of PMjo at the roadside
(Bukowiecki et al., 2009; Lawrence et al., 2013), the contributions made by specific sources
to the total airborne magnetite are estimated. Brake-wear was found to be the dominant source,

contributing between ~68% and ~85% of the total magnetite at the two U.K. roadside sites. In
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contrast, diesel-engine exhaust emissions are responsible for ~7% — 12%, petrol-engine
exhaust emissions for ~2% — 4%, and background dust for ~6% — 10% of the total airborne

magnetite (Figure 23).

The strongly magnetic signature of brake-wear emissions has important implications
for magnetic biomonitoring studies. At many roadside sites (especially close to traffic-control
lights and speed bumps, or where traffic jams are frequent), brake-derived (rather than
exhaust-derived) magnetite might dominate magnetic properties of roadside PM, and
consequently hinder information about other sources of particulate pollution. Caution appears

necessary when selecting sampling sites and interpreting magnetic biomonitoring data.

6.3. Paper III: Size-resolved quantitative evaluation of the magnetic mineralogy of

airborne brake-wear particulate emissions

Paper II showed that brake-wear is responsible for ~68% — 85% of total airborne
magnetite at the roadside at the two U.K. roadside sites. Paper III examines morphological,
elemental, and magnetic properties of dynamometer-generated, size-resolved brake-wear
emissions, with a special focus on quantitative evaluation of magnetic mineralogy of

brake-derived PM.

During braking, pads are pressed against the disc, and this process inevitably results in
the emission of worn particles. As conventional low-metallic brake pads used in Europe usually
contain 20 — 50 wt.% of Fe and brake discs (usually made of cast iron) > 90 wt.% of Fe
(Hulskotte et al., 2014), it comes as no surprise that the resultant brake-wear PM is Fe-rich and
highly magnetic. The concentration of magnetic grains (as measured by SIRM) in
brake-derived PMig is ~100 — 10,000 times higher, compared to other outdoor and indoor PM
sources (cf. Figure 11 and Figure 24B). The combination of magnetic component analysis,
high- and low-temperature magnetic measurements, and TEM allowed the identification and

quantification of magnetite (~20.2 wt.%) and metallic Fe (~1.6 wt.%) in brake-derived PMo.

Most of the brake-wear PM (> 99% of PNC) was found to be smaller than 200 nm, and
importantly, even larger fractions were dominated by agglomerated rounded/spherical UFPs
~10 — 50 nm in size, rich in Fe**-bearing magnetite and potentially cytotoxic elements,
including Al, Cr, Cu, S, Si, Sn, Ti and Zn. After the release from car brake systems, such

particles can be easily inhaled/ingested by humans, and access all major organs, including heart
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and brain. Depending on the particle-cell interactions, the abundant brake-derived
agglomerates might provide a chronic supply of potentially toxic metal-rich UFPs to major

organs in the human body.

The presence of prolific numbers of agglomerated UFPs in larger size fractions
(e.g. ~2.5 um) demonstrates that conventional analysis of brake-wear PM emissions using
impactors/particle sizers should be complemented by additional analytical tools (e.g. electron
microscopy) in order to evaluate the presence of agglomerated UFPs classified as ‘large’ by an

impactor/particle sizer.

Although there have been several in vitro and in vivo studies on toxicity of brake-wear
emissions (e.g. Gasser et al., 2009; Puisney et al., 2018; Selley et al., 2020), none of them
evaluated potential cardiac or neurological impairments associated with the exposure to
brake-derived PM. Given the predominance of UFPs (both as discrete particles and
agglomerates) and high concentrations of metals in brake-derived UFPs, it seems both timely
and important for the cardio- and neurotoxic potential of brake-wear emissions to be explored

in detail.
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Chapter Seven: Conclusions and Prospects for Future Work

Conclusions

There is a growing body of evidence that urban UFPs can pose a specific threat to
human health. Due to their small size, they can reach not only the lungs, but also almost all
major organs in the human body, including brain, heart, human serum and pleural effusions,

placenta and amniotic fluid.

Although UFPs are pervasive in urban environments, their concentrations very spatially
and temporally, depending on local topographic and traffic conditions. Hence, the individual
selection of commuting routes and times, potentially avoiding heavy traffic, might significantly

reduce personal exposure to UFPs.

Given abundance of various cytotoxic metals (and organic species) in urban UFPs and
inevitable human exposure to such particles, it is increasingly important to identify and
quantify the sources of metal-rich UFPs, and to mitigate their potential impact on pulmonary,

cardiovascular and neuronal health.

The abundant presence of magnetite UFPs in urban environments might be of
importance due to their reported association with neurodegeneration and Alzheimer’s disease.
As reviewed in Paper I, there is a wide variety of urban sources of Fe-bearing UFPs, including
vehicle- (including engine-exhaust emissions, brake-wear, tyre-wear, road surface-wear,
resuspension of the roadside dust, aircraft, shipping, underground, tram, and rail emissions)
and non-vehicle-derived (including welding fumes, laser printers, biomass burning,

construction, demolition, power plants and cigarette smoking) sources.

In roadside environments, brake-wear might be the dominant source of potentially
neurotoxic magnetite, constituting ~68% — 85% of total airborne magnetite. Consequently,
caution seems necessary when interpreting magnetic biomonitoring studies because magnetic
properties might be often dominated by brake-derived magnetite, and the information regarding

other PM sources might be hindered.

Most of the brake-derived PM is smaller than 100 nm, both as discrete particles and
agglomerates. Depending on the particle-cell interactions, these agglomerates might provide a

chronic supply of cytotoxic metals to human body.
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On average, the mass concentration of magnetite was found to be ~20.2 wt.% in PM,
~18.5 wt.% in PMzs, and ~7.6 wt.% in PMy> of dynamometer-generated brake-wear PM
emissions. Given the abundance of magnetite in brake-derived PM, and the predominance of
UFPs in brake-wear emissions (both as discrete particles and agglomerates), exposure to
brake-derived PM might be hazardous to major organs in the human body, including brain and

heart.

Prospectively, the legislation, likely to be introduced in the future to limit brake-wear
emissions in Europe, should encompass not only general mass- (e.g. PMi¢) and number-based
(e.g. PNC) metrics, but also potentially cytotoxic components within brake emissions,

e.g. magnetite, Cu and/or Sb.

Such legal emission limits will most likely force the manufacturers to seek new
solutions and friction materials to reduce the emissions from car brake systems. Great care is
required to avoid replacing one health hazard (e.g. asbestos-based brake pads used before

~1990) for another (e.g. cytotoxic metal-rich UFPs).

Prospects for future work

In paper III, a set of low-metallic brake pads and cast iron discs (a friction couple
predominantly used in Europe) were tested. For full understanding of the brake-derived PM
generation, a further analysis would be needed, including more low-metallic and non-asbestos
organic brake pads (more commonly utilised on American and Asian markets). Ideally, these
dynamometer experiments would encompass a very wide spectrum of braking conditions, both
mild and harsh. It could be carried out, for example, by testing a dynamometer braking cycles
such as ISO26867 or SAE J2522, and dividing them into several sections, separating mild
braking events (e.g. with applied pressure < 20 bar) from severe ones (e.g. with applied pressure
> 20 bar). Given the predominance of UFPs in brake-wear PM, both as discrete particles and
agglomerates (cf. Paper III), these future studies of brake-wear PM emissions should include
not only impactors/particle sizers, but also electron microscopy, for full understanding of the
particle size distribution, concentrations, and generation processes of brake-derived PM,

especially in the ultrafine range.

From the perspective of the automotive industry, it would be desirable to test various

friction materials in a dynamometer, using the WLTP-based brake cycle proposed by
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Mathissen et al. (2018), for the optimal estimation of emission factors for brake-derived PM.
This dynamometer cycle will probably be used in the legislation regarding the limitation of

brake-derived particulate pollution, likely to be introduced in the near future.

In dynamometer studies, new sets of brake pads and discs are conventionally used.
However, car brake pads often rust as they age, and this process might have important
implications regarding the mineralogical composition of the brake-wear PM occurring in urban
environments (cf. Section 5.5. Discussion (Paper III)). Additional dynamometer studies,
comparing ‘aged’ and ‘new’ brake-derived PM would shed some light on that issue,
particularly in the context of the oxidation state of brake-derived, Fe-rich UFPs and their health

relevance.

In another study (Hammond et al., in prep.), we analysed toxicity (cell viability, ROS
generation, and inflammatory response) of roadside UFPs (from Lancaster, Birmingham and
Mexico City) in human lung cells, and found that the UFPs induce oxidative and inflammatory
responses in in vitro lung cells. Urban UFPs are a complex mixture of multiple traffic- and
non-traffic-derived components. Further toxicity assays, analysing biological effects of
specific exhaust (diesel- and petrol-engine) and non-exhaust (i.e. brake-wear, tyre-wear, and
road surface-wear) UFP sources might provide more definite answers which UFP
sources/compounds are the most hazardous to human health. It would be also desirable to

assess the potential synergistic effects of these traffic-derived UFP sources.

Most toxicological studies of brake-wear PM have been so far carried out on
lung/bronchial epithelial cells (or animals). Given that brake-derived PM might be dominated
by UFPs < 100 nm (cf. Paper III) and that they can reach all major organs in the human body
(including the heart and brain), potential cardiotoxic and neurotoxic effects of brake-wear UFPs

warrant thorough investigation.

In vitro toxicity assays usually evaluate the effects of acute exposure to potential
toxicants. There have been multiple epidemiological studies assessing the impact of chronic
exposure to, for example, PMio, PM2 5, UFPs, NOx or noise, yet none of them have considered
magnetite particles, especially in the ultrafine fraction. The addition of magnetite
concentrations in such epidemiological analyses might shed some light on the potential
neurological (and cardiovascular) problems associated with chronic exposure to Fe*'-bearing

UFPs.
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This thesis is focused on outdoor sources of Fe-rich PM. However, highly magnetic PM
also occurs in the indoor environment. In another study (Maher et al., 2021), we found a
negative association between open fire usage (and hence the exposure to the emitted PM) and
cognitive function, using individual-level data of nearly seven thousand older people from The
Irish Longitudinal Study on Aging (TILDA). It would be desirable to widen the scope of this
research, by both follow-up epidemiological and toxicological studies, focusing on potential
health hazard posed by particulate pollution emitted by various indoor sources, e.g. cooking

and/or cleaning.

There is growing body of evidence that UFPs can reach not only lungs, but also all
major organs in the human body, including heart and brain. In the latter case, it has become
evident that there are multiple pathways of entry. UFPs can cross the gas-blood barrier in lungs,
enter the bloodstream, and access the brain via systemic circulation. Moreover, UFPs can be
translocated via axonal pathways by inhalation via the olfactory bulb, and through
ingestion/swallowing and transfer via the gut wall and neuroenteric system. In Appendix B:
Paper 1V, we hypothesise that metal-rich (and specifically Fe-rich) UFPs can also enter the
brain via the taste nerve pathway (VII and IX cranial nerves), and this process might plausibly
account for the reported elevated incidence of neurodegeneration-related deaths among bank
tellers (in a cohort who died between 1992 and 1998). Detailed investigations, potentially
including electron microscopy imaging of the human tongue and brain tissue, might aid
understanding this axonal pathway of UFPs, and evaluate the efficiency of the UFP transfer to
different parts of the human brain. Furthermore, given the scale and costs of neurodegenerative
disease on the international scale, detailed studies of newly-developing occupational groups

being potentially at risk of high exposure to Fe-rich UFPs seem both important and timely.
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Appendix A: Supplementary material

Al: Analytical techniques and methods used in this thesis.

In this thesis, multiple different analytical techniques and methods were used for

generation, collection and analysis of PM samples. These included:

1) Brake-derived PM sample generation and collection — a full-scale brake dynamometer
(Link M2800; VSB — Technical University of Ostrava, Czech Republic) was used to
generate brake-derived PM (Figure Al). Non-volatile emissions were collected using
a Dekati ELPI+ impactor, on Al foils, in 14 size fractions, from 0.016 um up to 10 pum.
The details of the dynamometer setup, brake cycle and sample collection are provided
in Section 5.3.1. Brake-wear generation, braking cycle and particulate matter sampling

(Paper III).

Figure Al. Full-scale brake dynamometer, LINK M2800 at VSB — Technical University of

Ostrava, Czech Republic (private collection).

131



2) Magnetic measurements

a)

b)

Room-temperature isothermal remanence magnetisation (IRM) — a general
magnetic parameter dependent on the concentrations of magnetically-ordered
grains, their grain size distribution and mineralogy. IRM and its detailed AF
demagnetisation curves were used for magnetic component analysis in Papers
IT and III. IRM was imposed to all samples at 1 T, using a Newport Instruments
electromagnet, and measured with a 2G RAPID cryogenic magnetometer at the
Centre for Environmental Magnetism and Palacomagnetism (CEMP),
Lancaster University, U.K (see also Section 4.3.2. Magnetic measurements
(Paper II) and Appendix A: Sections A5 and A9 for more details).

Low- and high-temperature magnetic measurements — thermal changes in
magnetic parameters (e.g. IRM or magnetic susceptibility) allows the
identification of magnetic minerals present in a sample, as indicated by
Curie/Néel temperatures and/or first order magnetic transitions (e.g. Verwey
transition). Here, high-temperature (from room temperature to 700°C) changes
in magnetic susceptibility were measured at the CEMP laboratory, with an
AGICO KLY-3 kappabridge with a CS-3 high-temperature furnace.
Low-temperature (from -196°C to room temperature) changes in IRM were
conducted with an MPMS XL SQUID magnetometer (Quantum Design) at the
Centre for Science at Extreme Conditions, University of Edinburgh, U.K.
(Figure 26). See also Appendix A: Sections A5, A7 and A9 for more details.
Susceptibility of anhysteretic remanent magnetisation (xarm) — a parameter
especially sensitive to the presence of magnetic grains ~30 — 50 nm in diameter.
Here, ARM was imparted to the banknote and ink pigment samples (Paper IV)
at 80 mT in 4 different DC biasing fields: 0.06 mT, 0.08 mT, 0.10 mT and
0.12 mT, and subsequently measured with a 2G RAPID cryogenic
magnetometer, at the CEMP laboratory. xarm was estimated as the slope of the
ARM(DC field) linear function (see Appendix B: Materials and Methods (Paper
IV)).

3) Electron microscopy — both scanning and transmission electron microscopy imaging

was carried out in the Nanolab at University of Pannonia, Veszprém, Hungary (see

Appendix A: Section A6 for more details on sample preparation and microscope

operation settings).
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d) Scanning electron microscopy (SEM) — a microscope which uses a focused

beam of electrons to scan a sample surface. The electrons penetrate the sample
to a depth of several micrometres, depending on the accelerating voltage and
the sample density. The interaction between the electron beam and the sample
surface generates various signals, providing information on the surface
morphology and composition (e.g. Hawkes & Spence, 2019). Typically, the
resolution of SEMs is ~20 nm but some microscopes can achieve resolutions
below 1 nm (e.g. Goldstein et al., 2014; Nanotechnology Now Website). Here,
secondary electrons (emitted by atoms excited by the electron beam) were
detected and analysed (cf. Figure 27).

1. Energy dispersive X-ray spectroscopy (EDS or EDX) — a technique
which, used together with SEM/TEM, provides information on
elemental composition of a sample. After a secondary electron is emitted
from a sample, the resulting electron vacancy is filled by an electron
from a higher state and a photon (X-ray) is emitted (to balance the
energy between the two electron’s states). Each element has a
characteristic X-ray energy and this can be used for the assessment of
the chemical composition of a sample (c.f. Figure 27).

Transmission electron microscopy (TEM) — a high-resolution microscope
technique in which a beam of high-energy electrons passes through a thin
sample to generate an image. The interaction between the electron beam and the
sample provides information on sample density, composition and crystallinity.
High resolution TEMs can achieve the atomic resolution (e.g. Zhang et al.,
2018b) (cf. Figures 28, 29, A10 and A11).

i. High-angle annular dark-field (HAADF) mode — a TEM method,
analysing inelastically scattered electrons or thermal diffuse scattering
at high angles (~50 — 200 mrad), using an annular dark-field detector.
As the HAADF image intensity increases with the increasing atomic
number, heavy atoms are observed brighter (cf. Figure 28 and Figure
A10).

ii. Selected-area electron diffraction (SAED) — a technique for qualitative
analysis of crystal structures present in a sample. In the SAED method,
a specimen is illuminated by a parallel electron beam. The electrons are

diffracted (the specimen atoms act as a diffraction grating) at particular
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1il.

1v.

angles, characteristic of the crystal structure of the sample. Here, this
method was used to analyse the crystalline phases (here detecting
magnetite and metallic-Fe (Figure 28A and Figure A11).

Scanning transmission electron microscopy (STEM) — a technique of
TEM, using electron optics to form a small illuminating probe which is
raster-scanning across the sample. A wide variety of detectors that can
be implemented in the STEM mode, including EDS (Figure 28C and
Figure A10) or HAADF (Figure 28B).

High resolution transmission electron microscopy (HRTEM) — an
imaging mode in TEM, that allows the atomic scale study of the
samples. Here, HRTEM images taken from samples were used for
obtaining Fast Fourier Transforms (FFTs), basically equivalent to
digitally created diffractograms identifying crystalline phases (here

magnetite and haematite (Figure 29).
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A2: Search strategy for literature review in Paper I: Airborne, vehicle-derived Fe-bearing

nanoparticles in the urban environment.

We conducted a literature search using Web of Science and Google Scholar. Emphasis
was placed on key words (including ‘pollution’, ‘pollutant’, ‘particulate matter’, ‘PM’, ‘metal’,
‘nanoparticles’, ‘ultrafine’, ‘fine’, ‘health impact’, etc.) in various combinations with ‘exhaust’,
‘tailpipe’, ‘diesel’, ‘gasoline’, ‘petrol’, ‘brake’, ‘aircraft’, ‘aeroplane’, ‘airport’; and reference

lists followed from each of these topics. No time restriction for publication dates was used.
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A3: Non-vehicle sources of Fe-bearing nanoparticles in the urban environment (Paper I).

Vehicles are often the major source of Fe-bearing NPs in outdoor urban environments.
Although detailed discussion of non-vehicle-derived Fe-bearing NPs is beyond our scope here,
some notable sources exist.

Fe is a dominant element in welding fumes (Sowards et al., 2008) and associated with
pulmonary problems (Antonini et al., 2003b; Sowards et al., 2008). Exposure to welding fumes
might also be associated with Parkinson’s disease (Racette et al., 2001) and lung cancer (Siew
et al., 2008).

Fe-bearing NPs occur in stack emissions from waste incineration (Funari et al., 2018).
Grains smaller than 100 nm constitute > 90% of total particle number (Jones & Harrison, 2016),
with Fe concentrations up to 11 wt.% (Cernuschi et al., 2012). Waste incineration emissions
contain a complex magnetic mixture; magnetite-like phases dominate, with smaller fractions
of hematite, maghemite, wiistite and iron sulphides (Funari et al., 2018). The contribution of
NPs < 30 nm was observed to be ~30% of total emitted mass, which corresponds to
1000 — 7700 tonnes of Fe-bearing NPs emitted by a single municipal solid waste incineration
plant yearly (Funari et al., 2018). Given such high amounts of emitted Fe-bearing NPs, waste
incineration should be considered as a source of hazardous air pollution.

Indoor sources of Fe-bearing NPs include laser printers (Morawska et al., 2009). Printer
emissions contain primarily volatile organic compounds (VOCs) with trace quantities of
nano-sized Fe oxides (magnetite) and PAHs (Gminski et al., 2011). Toxicological studies of
the potential health effects (in cultured human epithelial lung cells in vitro) of black toner
powders have shown high genotoxicity of those particles, probably associated with the
presence of magnetite and carbon black (Gminski et al., 2011). Recent study also showed that
metal oxides play a critical role in the generation of short-lived ROS, which can lead to
oxidative stress and inflammation in humans (Zhang et al., 2019).

Biomass burning is a source of Fe-bearing NPs (indoors and outdoors). Chen et al.
(2017b) reviewed emissions from biomass burning in China, both regionally (open field
burning) and locally (indoor biomass combustion as fuel). Number PSD was unimodal (peak
between 50 and 100 nm), or bimodal (both peaks < 100 nm) (Tissari et al., 2008; Hosseini et
al.,2010; Lamberg et al., 2011; Zhang et al., 2012). Fe in PM2 5 of wood combustion emissions
occurs in concentrations ~0.04 wt.% (Zhang et al., 2012), with evidence of Fe additionally in
the ultrafine (< 100 nm) fraction (Tissari et al., 2008; Lamberg et al., 2011). Toxicological

studies (in vitro and in vivo) show that exposure to biomass combustion emissions might cause
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inflammatory and cytotoxic effects (Barregard et al., 2006; Jalava et al., 2010; Chen et al.,
2017b). A recent epidemiological study showed that PM> s from residential wood burning was
associated with dementia incidence in Northern Sweden (Oudin et al., 2018).

Summarizing available data on NP emissions from 11 non-vehicle exhaust sources,
Kumar et al. (2013) report that construction, demolition, power plants and cigarette smoking

are other sources of Fe-bearing NPs.
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A4: Analytical procedures and methodology used in Paper III. Friction materials, and

mass- and number-normalised PSDs.

In this study, we used low-metallic brake pads and cast iron brake disc. The term
‘low-metallic’ is a commonly used name for brake pads predominantly used on the European
market (as opposed to non-asbestos organic brake pads used more commonly on the Asian and
American markets). Low-metallic brake pads consist of a mixture or organic and metallic
components (e.g. Chan & Stachowiak, 2004). They usually have higher friction performance
and durability, but also higher emission rates, compared to the non-asbestos organic (NAO)
brake pads. NAO brake pads are made of mainly organic compounds (Chan & Stachowiak,
2004).

Figure 24 shows our experimentally-obtained mass- and number-normalised PSDs.
The brake-wear samples were collected with a Dekati ELPI+ impactor, on Al foils, in 14 size
fractions, from 16 nm up to 10 um. All Al foils were weighed before and after the dynamometer
tests, and the difference was treated as the mass of the collected brake-derived particles. These
masses were used to construct mass-normalised PSD.

Number-normalised PSD was estimated based on the masses of particles collected on
each foil and average effective density of airborne brake-derived particles, calculated by Nosko
& Olofsson (2017a). The authors did not show exact values of effective density for each of the
size fractions in the ELPI+ Dekati impactor. However, they estimated the effective density as
0.75 + 0.2 g/cm?® for 6 different friction materials. They also estimated the effective density for
the ultrafine (< 0.1 pm) fraction to be 0.76 = 0.1 g/cm?® for the same friction materials. Because
these 2 effective density values are very similar, we used one density value (0.75 g/cm?) for
the whole size range analysed in our study (0.016 ym — 10 pm).

X-ray diffraction analysis for the low-metallic brake pad used in this study shows the
presence of 4 dominating phases, o-Fe, Fe oxides (magnetite/maghemite), Fe
oxide-hydroxides, and graphite, with minor or trace concentrations of Cu, corundum (Al>O3),
zircon (ZrSiOs), Sb oxide (SbOy), and sulphides, including stibnite (Sb2S3), Sn sulphide
(Sn3Ss4), berndtite (SnS») and ottemannite (SnoS3) (Figure A2).
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Figure A2. X-ray diffraction (XRD) spectrum for the brake pad used in this study, identifying
4 dominant phases, a-Fe, Fe oxides (magnetite/maghemite), Fe oxide-hydroxides and graphite.

Note that non-crystalline phases are not included as XRD is unable to detect them.
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AS: Analytical procedures and methodology used in Paper III. Magnetic measurements and

estimation of mass concentrations of magnetite, haematite and metallic Fe.

Magnetic remanence measurements were conducted at the Centre for Environmental
Magnetism and Palaeomagnetism, Lancaster University, UK. Isothermal remanent
magnetisation (IRM) was imparted to all the samples at 1 T at room temperature, using
a Newport Instruments electromagnet, and measured with a 2G RAPID cryogenic
magnetometer (noise level of ~107!! Am?).

For the purpose of magnetic component analysis, detailed alternating field (AF)
demagnetisation (in 69 steps, from 1 milliTesla, mT, up to 240 mT) of IRM was conducted,
adapting the procedure proposed by Egli (2003, 2004a, 2004b, 2004c). Whereas this author
used AF demagnetisation of anhysteretic remanent magnetisation (ARM), we used IRM due to
a weak signal of ARM for the smaller size fractions, and to limit the potential influence of
magnetic interactions between particles. For weaker samples, we repeated the measurements
up to 6 times to increase the signal-to-noise ratio. In order to identify magnetic components of
IRM, we used CODICA & GECA software (Egli, 2003), kindly provided by Dr. R. Egli. Each
component is characterised by three main parameters: i) the median destructive field of IRM
(MDFrwm), i.e., the field required to destroy 50% of IRM; ii) a dispersion parameter,
i.e. a parameter related to the standard deviation of the coercivity distribution; and iii) the
magnetic contribution, the contribution of a specific component to the total IRM. The detailed
AF demagnetisation of IRM enables estimation of coercivity distribution and identification of
magnetic components (Figure A3; Table Al; see also Section 5.5. Discussion (Paper III) for
the interpretation of the identified magnetic components).

Low-temperature magnetic measurements were carried out with an MPMS XL SQUID
magnetometer (Quantum Design, USA) at the Centre for Science at Extreme Conditions,
University of Edinburgh, U.K. To represent the range of particle sizes, 5 size-fractionated
brake-wear samples were selected for low-temperature measurements: stage 1 (~0.016 um),
stage 3 (~0.054 um), stage 7 (~0.380 um), stage 11 (~2.5 um) and stage 13 (~5.3 um). IRM
was imposed at 5 T (at both room temperature and 77 K) in order to saturate all magnetic
phases. For stages 1 and 3, 10 DC scans were used in order to increase signal-to-noise ratio.

We estimated magnetite mass concentrations in the brake-wear samples based on IRM
values for sized, pure, synthetic magnetite powders (Maher, 1988; Table A2). Mass
concentrations of haematite (a-Fe2O3) in the brake-wear samples were estimated based on

Maher et al. (2004), and metallic Fe (a-Fe) based on Maher & Thompson (1999) (Table A2).
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In order to evaluate the grain size of haematite, we estimated MDFrm (median destructive field
of IRM) for 3 synthetic haematite powder samples of different grain sizes (0.025%0.014 um,
~0.100 pm and ~0.150 pm; from Maher et al. (2004)). Based on the MDFrm value for
component C2 (81 mT; Table A1) and Figure A4, the haematite average grain size is estimated
to be ~120 nm (Figure A4; Table A2). Figure A5 shows the average mass concentrations
(in wt.%) of metallic Fe, haematite and magnetite in our sized brake-wear emissions

(see Section 5.5. Discussion (Paper III) for the the interpretation).

Table Al. Average parameters of 3 magnetic components identified in brake-wear emissions

(average value + standard deviation).

Eoponent Median destructive Dispersion Average n.lagnetic
field of IRM [mT] parameter [ - | contribution [%]
C1 12+6 0.40 +0.09 37.6+174
C2 81+5 0.16 +£0.02 5.6+0.6
C3 28 +4 0.31 +0.04 56.8+16.8

Table A2. Magnetic data from sized, synthetic magnetic mineral powders, used to estimate

mass concentrations of haematite, metallic Fe and magnetite in brake-wear particle emissions.

Particle size Synthetic data
Compound
in brake DIDELE Reference
mission emissions IRMir Grain
CMIssIons [mm] [Am?/kg] size [um]
Haematite ~0.120* 0.18 ~0.100 Mabher et al. (2004)
Metallic Fe - 80 - Maher & Thompson (1999)
0.016 —0.094
(stages 1 —4) 7.5 <0.100
0.150 - 0.380
(stages 5—7) 4.5 ~0.190
Magnetite Maher (1988)
0.600 - 1.6
(stages 8 — 10) 3.9 ~1.0
2.5-10 11.0 5-10

(stages 11 —14)
*Estimated based on MDFrm data for synthetic haematites (Figure A4).
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Figure A3. (A) Example of coercivity distribution for a size-fractionated brake-wear sample
(stage 5; ~0.150 um) and (B) average magnetic contribution (contribution to total IRM)
of 3 magnetic components for size-fractionated brake-wear samples, over 4 dynamometer

sampling cycles.

142



160

140 -

i
N
o

-
o
o

N4

Grain size [nm]
(o2} Qo
o o

N
o

)
o
-

o

0 20 40 60 80 100120140160
MDF gy [MT]

Figure A4. Median destructive field of IRM (MDFirm) for equidimensional synthetic
haematites of different grain size (Maher et al., 2004).

e Stages - Dy,
1-0.016 um
© 60 m | 2-0.030um
*é‘ 50 | 3-0.054pum
r 4-0.094 um
O 5-0.150 um
© 40 ~| 6-0250um
e 7-0.380 um
& 30 —| 8-0.600 um
S 9-0.940 um
g 20 10-1.6 um
17} 11 -25pum
g 10 12-3.6 um
13-5.3 um
0 14 -10 um

1 2 3 4 5 6 7 8 9 10 M 12 13 14
Stage

Figure AS. Mass concentration (wt.%) of metallic Fe, magnetite and haematite in
dynamometer-derived, size-fractionated particulate brake emissions, estimated from magnetic

component analysis.
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A6: Analytical procedures and methodology used in Paper III. Scanning (SEM) and

transmission (TEM) electron microscopy.

To obtain independent information on the composition, structure, morphology and
particle size of the brake-wear particles, we used scanning and transmission electron
microscopy to image and analyse the particles directly. For the SEM study, two units of the
aluminium foil with the deposited particles (stage 10 with nominal particle size of ~1.6 um and
stage 11 with nominal particle size of ~2.5 pm) were cut and placed onto a double-sided sticky
carbon tape on an aluminium stub. The samples were analysed using an Apreo LoVac,
field-emission gun scanning electron microscope (Thermo Fisher Scientific). Secondary
electron images and energy dispersive X-ray spectra (EDS) were obtained at 2 kV and 20 kV
accelerating voltage, respectively. For the TEM study, pieces of the aluminium foil with their
deposited particles were cut, placed in a 1.5 ml Eppendorf tube filled with 1 ml distilled water,
and ultrasonicated for 10 minutes to remove the particles from the foil. Then a drop of the
resultant suspension was placed onto a copper TEM grid coated with a lacey carbon film and
left to dry. We used a Talos F200X transmission electron microscope (Thermo Fisher
Scientific), operated at 200 kV accelerating voltage and equipped with a four-detector SuperX
EDS system. Low-magnification bright-field and high-resolution (HRTEM) images, as well as
selected-area electron diffraction (SAED) patterns, were obtained in conventional TEM mode.
High-angle annular dark-field (HAADF) images and EDS elemental maps were obtained in

scanning transmission (STEM) mode.
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A7: Thermal changes in magnetic susceptibility of a non-airborne brake-wear

sample (Paper III).

The evaluation of high-temperature (from room temperature up to 700°C) changes in
magnetic susceptibility (k(T)) allows the identification of magnetic minerals, as indicated by
the Curie temperature (Tc, the temperature at which magnetically ordered ferromagnetic phase
transforms into a disordered paramagnetic phase, represented by a sudden drop in magnetic
susceptibility on the k(T) curves). Figure A6 shows thermal changes in magnetic susceptibility
of a non-airborne brake-wear sample. A Curie temperature of ~580°C can be noted on the
heating curve, indicating the presence of magnetite. Subsequently, the magnetic susceptibility
continues to decrease while heating up to 700°C. Upon cooling, magnetic susceptibility keeps
decreasing from 700°C down to ~580°C. This characteristic ‘tail” observed in the curve of k(T)
~600 — 700°C is indicative of the presence of metallic Fe, as discussed in Gorka-Kostrubiec &
Szczepaniak-Wnuk (2017) and Gérka-Kostrubiec et al. (2019).

The occurrence of metallic Fe is of high significance for the quantitative evaluation of
magnetic mineralogy based on magnetic remanence (IRM). As its IRMt is much higher than
these for magnetite (~7 — 18 times) and haematite (~400 times), the failure of identification of
metallic Fe might lead to very high inaccuracies in estimations of mass concentrations of
magnetic minerals (see also Section A8. Measurement uncertainties for mass concentrations
estimated using magnetic component analysis (Paper III) and Section A9. Selected magnetic
properties of materials). The occurrence of metallic Fe in air pollution samples might also be a
confounding factor in assessment of magnetic grain size distribution. For example, metallic Fe
causes an ‘artificial’ shift to the down-right corner in the Day plot, commonly used for the
assessment of magnetic grain size distribution in environmental samples (Goérka-Kostrubiec &

Szczepaniak-Wnuk, 2017; Gorka-Kostrubiec et al., 2019).
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A8: Measurement uncertainties for mass concentrations estimated using magnetic component
analysis (Paper III).

Magnetic component analysis is based on stepwise AF demagnetisation of magnetic
remanence (IRM). Although the noise level of the 2G RAPID magnetometer is low
(~10"'"" Am?), realistic measurement uncertainty appears higher, due to imperfect alignment of
the sample axis along magnetising/demagnetising coils, both in the Newport electromagnet
(where samples are magnetised) and 2G magnetometer (where samples are demagnetised);
imperfect intensity of magnetising field in the Newport electromagnet; and/or potential
magnetic interactions between magnetised grains during demagnetisation. We estimate that
this additional error is ~1 — 2% of the measured IRM + 10"!! Am? (inherent noise level of the
2G magnetometer).

This additional error has important consequences for the estimations of mass
concentrations of magnetic phases, based on magnetic component analysis. The uncertainty for
mass concentration of each magnetic phase present in the analysed brake-wear emissions can
be estimated, depending on the values of IRMit for synthetic minerals, used for the mass
calculations (Table A2). Because haematite displays much lower IRMit than magnetite and
metallic Fe (25 — 450 times lower; cf. Table A2), the uncertainty in the estimation of mass
concentrations of haematite is much higher, compared to metallic Fe and magnetite. We
assumed the measurement error ~1.5% and estimated the uncertainties (A) according to the

following equation:
(1.5% : IRMm>

IRM,
m

Al &

where:
IRM,, — total IRM measured for particular stage (size fraction);
IRM; — IRM for synthetic powders of metallic Fe, haematite or magnetite;

m — mass of the collected particles on particular stage (size fraction).

Table A3 shows the estimation uncertainties for each magnetic phase and size fraction,
averaged over 4 dynamometer experiments analysed in this study (see Section 5.3.1. Brake-
wear generation, braking cycle and particulate matter sampling (Paper III)). The uncertainties
of both metallic Fe and magnetite mass concentrations are relatively low, ranging from
0.006 wt.% to 0.075 wt.% for metallic Fe, and from 0.07 wt.% to 0.78 wt.% for magnetite
(Table A3), whereas the estimation uncertainties for haematite are much higher, reaching levels

up to 32.8 wt.%.
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Table A3. Uncertainties of estimation of mass concentrations of metallic Fe, haematite and

magnetite, using magnetic component analysis.

Particle size

Measurement uncertainty

Stage [wm] ” . . .
etallic Fe Haematite Magnetite
1 0.016 + 0.006 wt.% + 2.8 wt.% +0.07 wt.%
2 0.030 + 0.008 wt.% + 3.6 wt.% + 0.09 wt.%
3 0.054 + 0.040 wt.% +17.4 wt.% +0.42 wt.%
4 0.094 +0.010 wt.% + 4.4 wt.% +0.11 wt.%
5 0.150 +0.020 wt.% + 8.7 wt.% +0.35 wt.%
6 0.250 +0.011 wt.% +4.9 wt.% +0.20 wt.%
7 0.380 +0.014 wt.% + 6.3 wt.% +0.26 wt.%
8 0.600 +0.045 wt.% +19.5 wt.% + 0.60 wt.%
9 0.940 + 0.049 wt.% +21.4 wt.% + 0.66 wt.%
10 1.6 + 0.058 wt.% +25.2 wt.% +0.78 wt.%
11 2.5 + 0.064 wt.% +27.9 wt.% +0.46 wt.%
12 3.6 +0.070 wt.% +30.9 wt.% +0.51 wt.%
13 53 +0.075 wt.% +32.8 wt.% + 0.54 wt.%
14 10 +0.072 wt.% +31.7 wt.% +0.53 wt.%
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A9: Selected magnetic properties of materials.

Isothermal remanent magnetisation is a commonly used parameter in environmental
magnetism. It depends on the concentration, grain size distribution (Figure A7) and mineralogy
(Table A4) of magnetically-ordered, remanence-capable magnetic grains. When measured for
environmental samples (e.g. urban dusts, soils or rocks), this parameter is especially sensitive
to the presence of strongly-magnetic Fe forms, especially metallic Fe, magnetite

(and titanomagnetite), maghemite and greigite (Table A4).

Low-temperature magnetic measurements can be used to identify different magnetic
minerals present in a sample. For example, if the sample contains haematite, the Morin
transition is visible in the zero-field cooling curves. This first order transition results in a
sudden decrease in IRM (Figure A8), at the transition temperature (Tm), which usually ranges

between 210K and 260K (e.g. Muench et al., 1985; Amin & Arajs, 1987; Mabher et al., 2004).

The presence of magnetite is indicated by the presence of another first order transition,
the Verwey transition (Verwey, 1939; Ozdemir et al., 1993). Figure A9 shows an example of
zero-field cooling curves for three samples, (1) a pure magnetite (~37 nm in size),
(2) partially oxidised (maghemitised) magnetite (~37 nm in size), and (3) pure maghemite
(~470 nm in size). Similar to the Morin transition, the Verwey transition results in a sudden
decrease in IRM but at lower temperatures (usually between 80 K and 130 K) (Figure A9)
(Verwey, 1939; Ozdemir & Dunlop, 2010; Ozdemir et al., 1993). For pure magnetites, the
Verwey transition is usually sharp, whereas partially oxidised (maghemitised) magnetites
usually display broadened and indistinct Verwey transitions (Figure A9) (Ozdemir & Dunlop,
2010). Zero-field cooling curves do not exhibit the Verwey transition of maghemite (Figure
A9) (Ozdemir & Dunlop, 2010). Zero-field cooling curves for partially oxidised magnetites
exhibit so-called ‘hump’ behaviour which combines the monotonic increase in IRM of
maghemite and the non-linear changes in IRM of magnetite (Figure A9) (Ozdemir & Dunlop,
2010).
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Figure A7. Diagram of the variation of saturation isothermal remanence magnetisation in
magnetite (Thompson & Oldfield, 1986), which exerts strong influence on the magnetic
configuration (domain state) and resultant magnetic properties of particles. The dashed line
highlights the changes in trend of mineral magnetic properties at the superparamagnetic/single-
domain boundary. SP — superparamagnetic; SD — single-domain, PSD — pseudo-single-domain,

MD — multi-domain.

Table A4. Isothermal remanent magnetisation (IRM) and anhysteretic remanent magnetisation
(ARM) of natural minerals (adapted from Maher & Thompson (1999)). ARM — anhysteretic
remanence grown in a 100 mT peak AF biased with a 0.1 mT DC field; IRM — isothermal

remanence magnetisation (acquired ina 1 T DC field).

Mineral ARM IRM
[10°3 Am?kg!] [Am?kg!]
Magnetite 18-110 9-22
Titanomagnetite 80 - 480 7-12
Haematite 0.002 0.24
Greigite 110 11
Pyrrhotite 80 4.5
Goethite 0.005 0.05
Metallic iron 800 80
Paramagnets 0 0
Diamagnets 0 0
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Figure A8. Zero-field changes in IRM during cooling of a synthetic haematite sample
(~100 nm in size), after acquisition of IRM (at 7 T) at room temperature, with visible Morin

transition at ~230 — 240K (adapted from Maher et al. (2004)).
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Figure A9. Zero-field changes in IRM during cooling of three synthetic samples, pure
magnetite, pure maghemite and partially oxidised (maghemitised) magnetite, after acquisition
of IRM (at 2.5 T) at room temperature, with visible Verwey transition at ~80 — 100 K (for pure
magnetite) and ~70 — 90 K (for partially oxidised magnetite) (adapted from Ozdemir & Dunlop
(2010)). The red, dashed line marks the temperature to which samples were cooled down in

this study (77 K).
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A10: TEM images of UFP agglomerates (Paper III).

200 nm

Fe

Figure A10. (A) TEM image of a Cu-rich UFP agglomerate; (B) HAADF image of the boxed
area in (A); (C) STEM EDS elemental maps obtained from the same particle region shown in

(B), with the elemental composition of the analysed region shown in the inserted table.
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Figure A11. Brake-wear aggregate and its SAED pattern. The rings are redrawn for better
visualisation. Three rings can be indexed based on the structure of magnetite and the starred

one (011) is produced by metallic Fe (a-Fe).
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Figure A12: Map with sampling sites in Paper II: heavily trafficked (Cable Street and Dalton

Square) and urban background (Bailrigg House) sites in Lancaster, U.K.; and heavily trafficked

(Bristol Road Observation Site) and urban background (Birmingham Air Quality Site) in

Birmingham, U.K.
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Table AS: Summary table of selected toxicological studies of vehicle-derived PM.

Cell type
Reference Title Teste.d P Assay Findings
material Animal species
Exhaust emissions
Diesel emissions
Newborn mice cause apoptosis in
Maternal diesel Airborne (cerebral cortex Microscopic s{[l:r\lzts)?s,ncl)t{l;gﬁ{e
Sugamata er al.  exhaust exposure fraction of and hippocampus) obsel‘"vations;. capillaries and
: whose mothers apoptosis detection 3 )
(2006) damages newborn diesel . . . and 3.0 mg/m degeneration of
murine brains ermissions were exposed do  (immunohistochemical granular
diesel emission  staining for caspase 3) helial
during pregnancy perithe &
cytoplasmic
granules
Ermssmns ait . Biodiesel and
particulate trace Airborne ctro-diesel
elements, metals fraction of errrl)issions cause
Cheune et al and organic species diesel, Rat alveolar cell  ROS generation (DTT more ROS-
(20%0) ’ from gasoline, biodiesel, line NR8.383 and macrophage-ROS soluble Fe i,s
diesel, and biodiesel  petro-diesel (ATCC) assays)

passenger vehicles
and their relation to
oxidative potential

and gasoline
emissions

strongly (R=0.99)
associated with
ROS production
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Heart rate, heart rate

variability (HRV), Biodiesel
blood pressure; counts erissions are
Acute of red blood cells, more toxic than
. . platelets and white . ..
cardiovascular and Airborne 3 diesel emissions,
inflammatory fraction of .blOOd cellg, 550 pg/m for th causing
Brito et al. e . . fibrinogen, activated  (corresponding to . 3
toxicity induced by diesel and Male Balb/c mice ; . 3 inflammation,
(2010) . . . o partial thromboplastin ~ 22.9 pg/m” for
inhalation of diesel biodiesel . . bone marrow
and biodiesel emissions time, prothrombl.n 24h) activation
exhaust particles time and thrombin increased,
p time; bronchoalveolar latelets and
lavage and lung inrz:reased HRV
histology; total count
of bone marrow cells
Diesel emissions,
even in low doses
Airborne (F-DE), disrupts
fraction of steroid hormone
Effects of exposure diesel Radioimmunoassay DE: 148.86 production in the
Xpost .. Pregnant Fischer  (RIA); RNA isolation, ng/m’; F-DE: corpus luteum
. to nanoparticle-rich emissions s . 3.
Li et al. (2013) diesel exhaust on (DE) and rats quantitative real-time  3.10 pg/m’; for 5 and adrenal
. . (F344/DuCrlCrli) polymerase chain h/day, for 19 cortex in pregnant
pregnancy in rats filtered diesel . ;
emissions reaction (PCR) days rats, which may
(F-DE) lead to abortion

and impairment
of the fetus
development
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Kiinzi et al.
(2015)

Toxicity of aged
gasoline exhaust
particles to normal
and diseased airway
epithelia

Airborne
fraction of
gasoline
emissions

Cytotoxicity (lactate
Re-differentiated dehydrogenase
HBE and BEAS- release); inflammatory
2B cells response (IL-6, IL-8,
MCP-1, TNF-a)

Gasoline
emissions, even
after single,
short-time
exposure,
increase necrotic
cell death, and
decrease cytokine
release in cystic
fibrosis epithelia
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Brake-wear emissions

Airborne Brake-wear
fraction of .
emissions from RIS E s
Toxic effects of low-metallic Human lun Cytotoxicity (lactate tight junctions,
Gasser efal.  brake-wear particles . T & dehydrogenase cause oxidative
T (LM) brake pad, epithelial cells -
(2009) on epithelial lung bimodal PSD (A549) release), fluorescence, stress and
cells in vitro Ao el ~ 66 release of IL-8 increase pro-
nm and <375 inflammatory
am responses
Brake-wear
Ball-milled 1
Wear mechanism in = gomi-metallic Ames testand P art];\ls: :gr;age
automotive brake (M) brake pad: Auxothropic SOS chromotest: .
s (SM) brake pad; Ames test; SOS 100 me/ml: metabolic
. materials, wear _airb Salmonella g/ml; o
Kukutschova . ) non-airborne . . ) chromotest, Imonar activation.
debris and its fracti £ typhimurium His- D pulmonary
et al. (2009) . raction o . pulmonary toxicity toxicity test: 0.5.  Exposure to ball-
potential emissions from strain (TA9S); y test. U.o, : .
. test 1.0 and 3 me/ml  milled particles
environmental SM brake pad male rats g J
impact for 1,3 and 7 caused acute
days response of the

lung tissue

Zhao et al.
(2015)

Physico-chemical
characterization and
oxidative reactivity
evaluation of aged
brake-wear particles

Brake drums of
different age

Human alveolar
adenocarcinoma
cells (A549)

Cellular (DCFH-DA)
and acellular (DCFH)
ROS generation

2,5,10 and 100
pug/ml

Brake-wear
particles cause
acellular ROS

generation (dose
dependent
response)
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Automotive

airborne brake-wear fgggg;ns ¢
debris nanoparticles emissions from Cytokinesis-block Brake-wear
Kazimirova et and cytokinesis- Peripheral blood y 5.4,27 and 135 particles induce
al. (2016) block micronucleus LM brake pad lymphocytes micronucleus est /ml chromosomal
. assay in peripheral (brake pad PR (MNBNC & CBPT) " damage
blood lypmhocytes: de;;%ggi;) Y
A pilot study
Ball-milled LM Marine strain Brake-wear
Toxicity and brake p'id and Vibrio fischeri; ~ Acute aquatic toxicity emissions are
ici ‘non-airborne’ , ; i o
Malachova ef mlutagenlclltl}f of ST . plate ‘ . 1(beu.:terlal 50-450 pg/plate; hlghlyhtc.)xw,
al. (2016) ow-meta 1c av 1n00}‘porat10n bioluminescence 50-425 pg/ml mutaggnlclty was
automotive brake ~ emissions from version of the assay); Ames test; not estimated due
pad materials LM brake pad Salmonella SOS chromotest to high toxicity
typhimurium effects
Non-airborne
Biological response eilli/s[s;)lrésnfsgr_n Cell morphology, cell Brake-wear
of an in vitro asbestos organic viability (propidium Non-airborne emissions from
rosoncrat, ol A0 ke s eddemmy, T Tt 5 L0 N0 au
’ p : pads; airborne alveolar lung -~ me/mb fphology
(2018) brake-wear debris . - response (GSH), airborne changes, decrease
. fractions (0.25 model . . g
varies based on | um. 12 um inflammatory response fractions: 33 cell viability and
brake pad ang 2_’ 4 mP)L of (ELISA; pg/ml invoke release of
formulation K TNF-a, IL-1p, IL-8) IL-8

emissions from
LM brake pad
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Brake-wear
emissions cause

Brake-wear Mitochondrial damage mitochondrial
Brake-wear emissions from s
: ) (WST-1); oxidative damage (both
OB S LENAL T G Bronchial stress (fluorescence fractions)
Puisney ef al.  characterization and NP fraction: 50 epithelial cells I — 3, 15, 30, 75, increased RbS
(2018) toxicity on airway — 150 nm p . oLy 150, 300 pg/ml )
el el By (anedic (56 ) (Calu-3) inflammatory response production (both
P I and 1.10n- (ELISA; IL-6; IL-8; fractions);
. . TNF-a) ‘non’airborne’
airborne fraction .
fraction cause
release of [L-6
Cytotoxicity (LDH
release); pro-
inflammatory response Bre}ke-wear
. emissions are not
. .. (Bio-PLex Pro Mouse .
Inhalation toxicity . cytotoxic and do
profiles of Brake-wear Cytokine Group-1 8- not cause
Gerlofs- particulate matter: a emissions Female plex alr;i Ssrs(;uz fH 2 9 me/m’ oxidative stress;
Nijland et al. comparison (PM_5) from BALB/cOlaHsd . P yS; & brake-wear
(2019) between brake-wear LM, SM, NAO mice inflammatory response  (0.009 pg/ml) emissions induce
. P (IL-1B, IL-6, IL- .
with other sources brake pads inflammatory

of emission

12(p40 and p70), G-
CSF, KC, MCP-1,
TNF-a, IL-18 and
MIP-2); oxidative

stress (GSH)

response (the
strongest effect
for NAO)
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Tire wear emissions

o Impact of tire debris T1r§ wear
Gualtieri et al. on in vitro and in emissions
(2005) . (TWE); fraction
Vivo systems
<l mm

Human lung
epithelial cells
(A549); human

liver cells
(HepG2); frog
Xenopus laevis

A549: Cell viability
(Trypan Blue); DNA
damage (Comet
assay); HepG2: effects
of ZnSO4-7H-0; XL:

A549: 10, 50, 60
and 75 pg/ml of
TWE for 24, 48
and 72h; HepG2:
0.05 - 50 pg/ml
of Zinc for 2, 4
and 24h; XL: 50,

Tire emissions
are toxic to
human A549
cells, affecting
cell morphology,
cell proliferation
and DNA, and
producing severe

(XL) embryos FETAX test 80, 100 and 120 malformations in
pg/ml of TWE developine XL
for 120h veopme
embryos
Exposure to wear Human monocvie-
particles generated derived vt Inflammatory
from studded tires ; response (IL-6, IL-8, Tire/road wear
. macrophages; 10, 50, 100, 250 ..
. and pavement Tire and road e IL-10 and TNF-a); _ emissions have an
Lindbom et al. . .. nasal epithelial o and 500 pg/ml; .
induces wear emissions; cell viability (Trypan inflammatory
(2006) . . cells (RPMI . for LPS only 1
inflammatory PM o fraction ) : Blue); endotoxin effect on
. 2650); bronchial ) pg/ml
cytokine release thelial cell content (LPS; macrophages
from human epithelial cells Escherichia coli)
(BEAS-2B)
macrophages
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Wear particles
generated from
studded tires and
pavement induces
inflammatory
reactions in mouse
macrophage cells

Lindbom et al.
(2007)

Tire and road
wear emissions;
PM ¢ fraction

Murine
macrophage like
cell line (RAW
264.7)

Inflammatory
response (IL-6, TNF-
a); NO content; lipid

peroxidation,

formation of ROS
(DTT); arachidonic
acid (AA) release; cell
viability (Trypan
Blue); endotoxin
content (EPS;
Escherichia coli)

1, 10, 25, 50, 75
and 100 pg/ml
for 18h

Tire/road wear
emissions induce
inflammatory
cytokine release,
NO, lipid
peroxidation and
ROS formation
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Subway emissions

Subway particles
are more genotoxic

Subway-derived
emissions are
approximately 8

than street particles PMio from. a Human lung DNA damage (Comet  Comet assay: 50 times more
Karlsson et al. . subway station oy 1 S _ ; .
(2005) and induce and nearby bus epithelial cells  assay); oxidative stress pg/ml; 8-oxodG:  genotoxic and 4
oxidative stress in s tree}; M (A549) (8-0x0dG formation) 9-70 pg/ml; times more potent
cultured human to cause oxidative
lung cells stress than
roadside PMio
Comparison of Subway-derived
enotoxic and PM from emissions are the
%n flammator burning dry A549: DNA damage most genotoxic,
offects of ba rtic}:lles wood and wood Human lung (Comet assay); A549: 70 ng/ml  compared to other
Karlsson et al. cnerate dlt)) wood pellets; PMio of epithelial cells macrophages: for 4h; studied
(2006) (%ombus tionya road tire/road wear; (A549); human  inflammatory response macrophages: 50  emissions; they
simula tor, and PMi from a macrophages (IL-6, IL-8 and TNF- ug/ml cause DNA
collected from subway station o) damage and
street and subwa and busy street inflammatory
Y response
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Karlsson et al.
(2008)

PMjo from a
subway station
and busy street;

PMio of
Mechanisms related tire/road wear;
to the genotoxicit PM from
: 4 burning dry

of particles in the
subway and from
other sources

wood; diesel
PM emissions;
fraction <5 um
of Fe304, Fe O3
and CuO;
fraction <50 pm
of Cu/Zn

Human lung
epithelial cells
(A549)

ziggl?r?;iiﬂ TMRE: 70 pg/ml

(TMRE); intracellular fo? 8h; DCFH-
ROS production DA: 35 ng/ml for
2h; Comet assay:

(DCFH-DA); DNA

damage (Comet assay) S gl

Subway-derived
emissions cause
mitochondrial
depolarization
and intracellular
ROS production

Loxham et al.
(2013)

PMio-25, PMa.s
and PMy 15 of
woodstove
emissions, road
wear simulator,
from a subway
station and busy
street

Physicochemical
characterization of
airborne particulate
matter at a mainline

underground
railway station

Primary bronchial
epithelial cells
(PBEC)

DCEF fluorescence

(H,DCF-DA dye) 25 and 50 pg/ml

Subway-derived
emissions cause
ROS generation;
with PMy.1s being
the most potent

Janssen et al.
(2014)

Oxidative potential
of particulate matter
collected at sites
with different
source
characteristics

PMi and PM2 5
from a subway
station, busy
road and urban
background site

Acellular system
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Oxidative potential
(acellular assays:
dithiothreitol (DTT),
electron spin -
resonance (ESR) and
ascorbate depletion
(AA))

Subway-derived
emissions cause
oxidative stress,
and have higher
oxidative
potential than
roadside PM



Lipopolysaccharide Subway-derived

(LPS) content; lactate emissions cause
dehydrogenase (LDH) inflammatory
br(};lhcehiejlfzgi}?gial release; inflammatory response aqd
mucociliary response (IL-8); FITC- ROS product:.lon;
cultures of coarse, PMio.25, PM25s  Primary bronchial dextrap passage, PMo.is fraction
Loxham et al. iy expression of HO-1 cause more
(2015) ﬁne,. and ultrafine  and PMo.5 frgm epithelial cells and NQOI (qPCR - severe offects
particulate matter ~ a subway station (PBEC) o
from an assay), and ubiquitin than PM2 s and
underground C and glyceraldehyde PM10-2.5; nano-
railway station 3-phosphate sized PM has
dehydrogenase ability to
(PrimerDesign); ROS penetrate the
generation (DCF dye) mucous layer
Oxidative

potential of

Oxidative potential SR CENTE

Moreno et al.  Oxidative potential PM.2’5 0T (5 (ascorbic acid, urate CIMISSIONS 15
different Acellular system - probably
(2017a) of subway PM 5 . and reduced . .
subway stations associated with

glutathione content) metallic trace

elements like Cu
and Sb
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Aircraft emissions

He et al. (2018)

Pro-inflammatory
responses to PMo .25
from airport and
urban traffic
emissions

Ambient PMy s
collected at an
airport; turbine

and diesel
emissions

Redox activity (AA;
ascorbic acid depletion
assay); hydroxyl
radical generation
(electron spin
resonance assay); cell
viability (MTS assay);
ROS activity (H2-
DCFDA assay);
inflammatory response
(IL-6, IL-8 and
TNF-a)

Human bronchial
epithelial cells
(16HBE)

Airport-related
emissions affect

. cell viability,
Af%f éii\;lg/sml promote ROS
16 : generation and
o activate
inflammatory
responses
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Shipping emissions

Shipping-derived
HFO emissions
cause oxidative

. Airborne stress and
JREHOT 39 i oo fraction of Human lun inflammato
LUyt G Ene exhaust epithelial ceﬁs Ak 2B HILALC res onsesry
diesel fuel shipping o p i proteome, metabolome p g
.. emissions from (A549); human . whereas DF
emissions show strong . . and metabolic flux .. .
Oeder et al. . . a ship engine SV40- emissions induce
biological effects on . . . measurement, -
(2015) running on immortalised . . broader
human lung cells at heavy fuel oil bronchial cytotoxicity assay; biological
ok (H\;YO) and epithelial cells LE1ELa b lss res ongse b
comparable in vitro . p transcriptome P Y
< re condition cleaner-burning (BEAS-2B) affecting energy
exposure €o o1 diesel fuel (DF) metabolism,
protein synthesis
and chromatin
modification
Metabolic profiling as
well as stable isotope . .
assisted metabolic and PMb s of exhaust %tll:lz Ir)rll rilsgs-i((i)?lrs“;i(el
proteomic analysis of  emissions from .
RAW 264.7 a ship engine Mouse Lactate dehydrogenase more cytotoxic
Sapcariu et al. macrophaces e>.< osed runnine on macrophage cell (LDH) content; HFO: 760 pg/m?®;  than HFO; gas
(2016) OPhages exp gon line metabolomics, DF: 340 pg/m? phase of HFO
to ship engine aerosol heavy fuel oil (RAW 364.7) Foteomics induce
emissions: Different (HFO) and ’ p inflammator
effects of heavy fuel  diesel fuel (DF) reSDONSe Y
oil and refined diesel P
fuel
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Table A6: Total particle number and mass of brake dust emissions obtained with the ELPI®+
impactor (DEKATI, Finland) during a dynamometer test. Each sample stage corresponds to

different mean aerodynamic diameters (Di) (Verma et al., 2016).

Total particle number  Total particle mass

Stage Di [um] - g/m]
15 10 - -
14 6.8 0.25 million 69.6
13 4.4 0.44 million 31.1
12 2.5 0.86 million 13.1
11 1.6 2.2 million 8.5
10 1.0 2.9 million 2.8
9 0.64 3.5 million 0.81
8 0.40 11.7 million 0.68
7 0.26 18.4 million 0.29
6 0.17 59.5 million 0.24
5 0.108 253.8 million 0.22
4 0.060 1.9 billion 0.36
3 0.030 7.9 billion 0.24
2 0.017 26.0 billion 0.13

171



Table A7: Selected magnetic parameters for exhaust and brake-wear emissions.

Magnetic parameter

Brake

emissions

Mean (st. dev.)

Gasoline

emissions

Mean (st. dev.)

Diesel

emissions

Mean (st. dev.)

x* 110 mkg]

15 819 (10 360)

1107 (763.3)

298.3 (307.5)

SIRM(300K)* [10° Am?kg!]  884.6 (356.1) 134.9 (80.0) 26.2 (26.8)
ARM* [10°6 Am?kg] 13 783 (4 732) 1606 (736.3) 358.5 (297.4)
Ber* [mT] 17.4 (14.0) 31.0 (5.4) 33.1 (8.6)
SIRM/k* [10° Am"'] 6.7 (2.5) 13.8 (6.3) 14.5 (12.1)
Be(160K)** 62(-) 9.8 (-) -
Be(10K)** 36.8(-) 27.8(-) -
Be(10K)/Be(160K)** 59(-) 2.8(-) -
SIRM(10K)/SIRM(160K)** 41(-) 2.7(-) -

*Chaparro et al. (2010); **Sagnotti & Winkler (2012); y — specific magnetic susceptibility,
SIRM(10 K, 160 K, 300 K) — saturation isothermal remanent magnetization measured at 10 K,
160 K and 300 K, respectively, ARM — anhysteretic remanent magnetization, B¢ — coercivity
of remanence, k — volume magnetic susceptibility, B¢(10 K, 160 K) — coercivity measured at

10 K and 160 K, respectively.
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Table A8: Inventory table of reported magnetic studies on pumped-air filters and tree leaves; k — volume magnetic susceptibility; y — specific

magnetic susceptibility; IRM3zoo — isothermal remanent magnetization at 300 mT; SIRM — saturation isothermal remanent magnetization,

NRM — natural remanent magnetization; Ms — saturation magnetization; yarm — anhysteretic magnetic susceptibility.

Reference Title Location Magnetic Values
parameters
PM collected on filters
Preliminary comparisons between
. mutagenicity and magnetic Hamilton, hc.1016
Morris et al. (1995) susceptibility of respirable airborne Ontario, USA « 0-25-107[CGS]
particulate
Determining the sources of P
atmospheric particles in Shanghai, Shanghai, X 213-2853-10° m’kg
Shu et al. (2001) . . :
China, from magnetic and China SIRM 21-549-10° Am%kg’!
geochemical properties
Comparison between magnetic
parameters of urban atmospheric Munich, 103 2
Muxworthy ef al. (2001) particulate matter with pollution Germany Ms (510£70)-10% Am’kg
and meteorological data
Magnetic signature of daily Munich
Muxworthy et al. (2003) sampled urban atmospheric ’ SIRM 32-44-10 Am’kg!
particles Gy
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Gomez-Paccard et al.
(2004)

Low-temperature and high
magnetic field measurements of
atmospheric particulate matter

Madrid,
Spain

SIRM

Spassov et al. (2004)

Magnetic quantification of urban
pollution sources in atmospheric
particulate matter

Switzerland

XARM

Sagnotti et al. (2006)

Magnetic properties of atmospheric
particulate matter from automatic
air sampler stations in Latium
(Italy): Toward a definition of
magnetic fingerprints for natural
and anthropogenic PM o sources

Latium,
Italy

11-4378-10® m’kg!

Halsall ef al. (2008)

A novel approach to investigating
indoor/outdoor pollution links:
Combined magnetic and PAH

measurements

Lancaster,
UK

SIRM

7-167-107 Am?kg’!

Gorka-Kostrubiec et al.
(2012)

Dependence of air pollution on
meteorological conditions based on
magnetic susceptibility
measurements: a case study from
Warsaw

Warsaw,
Poland

<2500-10" mkg’!

Petrovsky et al. (2013)

Magnetic particles in atmospheric
particulate matter collected at sites
with different level of air pollution

Bartovice, Prague

and Kosetice,
Czech Republic

SIRM

28-2400-10° Am!
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30-200-10"° m

Partitioning of magnetic particles
in PM o, PM> 5 and PM; aerosols in Barcelona, X
Revuelta et al. (2014) the urban atmosphere of Barcelona Spain SIRM 16-109-10° A
(Spain)
An economic passive sampling s 3 1
method to detect particulate Linfen, X 297-15847-10"° m’kg
Cao et al. (2015) . . .
pollutants using magnetic China SIRM -
measurements
108 m3leorl
Magnetic properties of air Tamil Nadu X 14-9533-10" m’kg
Gargiulo et al. (2016) suspended particles in thirty eight ndia SIRM 3-700-10° Am’*kg!
cities from south India JARM 57.5246-10° m3kg‘1
Evaluation of indoor/outdoor urban Warsaw
Jelenska et al. (2017) air pollution by magnetic, chemical ’ X 132-2715-10® m’kg!
. . . Poland
and microscopic studies
Tree leaves
Collection, measurement, and
analysis of airborne magnetic
Flanders (1994) particulates from pollution in the ) NRM )
environment
Magnetic susceptibility in conifer Lienzi
Schaedlich ez al. (1995) needles as indicator of fly ash pz1g, X -
i Germany
deposition
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Magnetic biomonitoring of

Matzka & Maher (1999) roads1d§ tree leaves: 1dent1ﬁca}t10n Norwich, TRMago 14-110-10° A
of spatial and temporal variations UK
in vehicle-derived particulates
Mapping d1.15t d.istribution argund Leoben y 2-325-101° m
Hanesch ez al. (2003) an industrial site by measuring Aus tria’ .
magnetic parameters of tree leaves SIRM 2-306-10" A
Magnetic response of soils and Sofia
Jordanova et al. (2003)  vegetation to heavy metal pollution ’ Y 3-93-10® m’kg!
Bulgaria
— A case study
Biqunitoring of .trafﬁc air ' Rome x 0.2-49-108 m3kg’!
Moreno et al. (2003) pollution in Rome using magnetic Ttal ’ 3 o
properties of tree leaves y SIRM 0.3-1.3-10~ Amkg
Biomonitoring of air quality in the 8
i i i -0.1-16-10° m’kg
Urbat et al. (2004) Cologne conurba‘uon using pine Cologne, X g
needles as a passive sampler — Part Germany SIRM 11-107-10 Am'kg™!
I: magnetic properties
Magnetic susceptibility of dust-
loaded leaves as a proxy of traffic- Kathmandu, 108 3y 1
TS AL related metal pollution in Nepal X e
Kathmandu city, Nepal
Magnetic properties of vehicle-
derived particulates and Singrauli, 106
Pandey et al. (2005) amelioration by Ficus infectoria: a India TRM:300 16-85-107 A

keystone species
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Davila et al. (2006)

Mapping the sources of urban dust
in a coastal environment by
measuring magnetic parameters of
Platanus hispanica leaves

Vigo,
Spain

SIRM

0.0004 — 0.0224-10° A

Lehndorff et al. (2006)

Accumulation histories of magnetic
particles on pine needles as
function of air quality

Cologne,
Germany

SIRM

-0.5-8:10° m’kg'!
7-91 Am'kg!

Zhang et al. (2006)

Magnetic properties of high-road-
side pine tree leaves in Beijing and
their environmental significance

Beijing,
China

SIRM

10-80-10" mkg’!
2-12:10° Am*kg’!

Szonyi et al. (2007)

On leaf magnetic homogeneity in
particulate matter biomonitoring
studies

Rome,
Italy

SIRM

490-570-10° A
4600-6400-10° A

Mclntosh et al. (2007)

The magnetic properties of
particles deposited on Platanus x
hispanica leaves in Madrid, Spain,
and their temporal and spatial
variations

Madrid,
Spain

SIRM

-11-173-101%m
1-108-10° A

Hu et al. (2008)

Magnetic response to atmospheric
heavy metal pollution recorded by
dust-loaded leaves in Shougang
industrial area, western Beijing,
China

Beijing,
China

SIRM

8-129-10°® m’kg!
1-28-10° Am’kg’!
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Spatial variation in vehicle-derived

Maher et al. (2008) meta}l pollution identified by Norwich, SIRM 279610 A
magnetic and elemental analysis of UK
roadside tree leaves
A refined biomonitoring study of
airborne particulate matter Rome
Szonyi et al. (2008) pollution in Rome, with magnetic Ttaly Y 1-70-10®* m’kg™!
measurements on Quercus Ilex tree y
leaves
. Evaluatipn and.application of L ancaster SIRM 2-332-10° A
Mitchell & Maher (2009)  biomagnetic monitoring of traffic- UK ’ %
derived particulate pollution XARM 7-704-10" A
Compositional, morphological, and
: i7ati SIRM -
Sagnotti et al. (2009) hystere§1s gharacterlza‘gon of Rome,
magnetic airborne particulate Italy Ms -
matter in Rome, Italy
Magnetlic signature pf different Sjoffl vl Pllorat, % 0.6-846-10° m’kg!
Jordanova et al. (2010) vegetation species in polluted loari 5 1
environment Bulgaria SIRM 0.07-1.99-10° Am’kg’
Rates of particulate pollution
Mitchell ef al. (2010) deposition 0nt0. leaf surfapes: Lancaster, SIRM 1-550-10° A
temporal and inter-species UK

magnetic analyses
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Application and evaluation of

biomagnetic and biochemical Mt. Etna y 0-75-101° m
Quayle et al. (2010) monitoring of the dispersion and I'tal ’ P
deposition of volcanically-derived y SIRM 14-165-107 A
particles at Mt. Etna, Italy
Biomagnetic monitoring of . . SIRM 7-13-106 A
Hansard et al. (2011) industry-derived particulate Ag(;ﬁglug;ligzée’
pollution & JARM -
Leaf saturation isothermal
remanent magnetization (SIRM) as Ghent
Kardel et al. (2011) a proxy for particulate matter 7 SIRM 0.05-3.1-10° Am’kg™!
. . Belgium
monitoring: Inter-species
differences and in-season variation
Rapid magnetic biomonitoring and
differ.entiation of atmospheric Port Talbot SIRM 2-400-10° A
Hansard et al. (2012) particulate pollutants at the UK ’
roadside and around two major XARM }
industrial sites in the U.K.
Intra-urban spatial variation of
Kardel et al. (2012) magnetic p.artlc;les: Monitoring via thnt, SIRM 4-777-10 A
leaf saturation isothermal remanent Belgium
magnetisation (SIRM)
Ficus benjamina l.eaves as indicator Morelia % 1-12-10" m3kg’!
Aguilar Reyes et al. (2012) of atmospheric pollution: a Mexico’ SIRM 0.5-13-10% Amlke!
5-13-10”° Am°kg

reconnaissance study
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Biomonitoring of vehicles derived

. particulate matter using magnetic Isfahan, i
S G (A properties of Ulmus carpinifolia Iran TRM300 LRI
leaves
Particle pollution — An
R . environmental magnetism study Braga, Porto, Valongo X -0.9-29-10° m’kg™!
Sant’Ovaia et al. (2012) usine biocollectors located in and Trancoso- 3 _
g Reboleiro, Portugal SIRM 0.037-2.1-10° Am kg
northern Portugal
Spatial distribution assessment of
particulate matter in an urban street Ghent
Hofman et al. (2013) canyon using biomagnetic leaf . SIRM 4-64-10° A
Lo . Belgium
monitoring of tree crown deposited
particles
Reconnaissance environmental Bogotd 1 _
Aguilar Reyes ef al. (2013) magnetic study of urban soils, dust Col c%mb i’a
and leaves from Bogota, Colombia SIRM }
Upward and downward solar-
. induced chlorophyll fluorescence .
Van Wltt(ezlaligl;ghe el yield indices of four tree species as Vzéle:ic;:a, SIRM 10-189-10° A
indicators of traffic pollution in p
Valencia
Magnetic properties of tree leaves s a1
. and their significance in Linfen, X 12-130-10" m’kg’
Yin et al. (2013) ) . . .
atmospheric particle pollution in China SIRM 0.002-0.13-10% Am?kg™!

Linfen City, China
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Assessing atmospheric particulate
matter distribution based on

Barima et al. (2014) saturat'ion'isothennal remanent Abidjan, SIRM < 45-10° A
magnetization of herbaceous and Ivory Coast
tree leaves in a tropical urban
environment
Increasing the spatial resolution of
air quality assessments in urban Antwe
Hofman et al. (2014a) areas: A comparison of Bel iurI% SIRM 34-640-10° A
biomagnetic monitoring and urban g
scale modelling
On the link between biomagnetic
monitoring and leaf-deposited dust Antwe
Hofman et al. (2014b) load of urban trees: Relationships Bel iurr% SIRM 43-234-10° A
and spatial variability of different g
particle size fractions
On the temporal variation of leaf
magnetic parameters: Seasonal Antwe
Hofman et al. (2014c¢) accumulation of leaf-deposited and Bel iurI% SIRM 14-73-10% A
leaf-encapsulated particles of a g
roadside tree crown
Monitoring of spatial variations of
particulate matter (PM) pollution Mizoram % 110-280- 10" m3kg’!
Rai et al. (2014) through bio-magnetic aspects of .
India SIRM 1.5-2.7-10° Am%kg!

roadside plant leaves in an Indo-
Burma hot spot region
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Rai & Chutia (2014)

Biomagnetic monitoring of
atmospheric particulate matter
pollution through roadside tree

leaves in Aizawl city, Mizoran and
their temporal and spatial varitions

Aizawl,
India

SIRM

111-244-10" m’kg’!
1.2-2.8:10° Am%g’!

Rodriguez-Germade et al.
(2014)

The influence of weather and
climate on the reliability of
magnetic properties of tree leaves
as proxies for air pollution
monitoring

Madrid,
Spain

-0.9-32-10"® m’kg™!

Cao et al. (2015)

An economic passive sampling
method to detect particulate
pollutants using magnetic
measurements

Linfen,
China

SIRM

2-504-10 m3kg’!
0.4-65.0-10" Am%kg’!

Chaparro et al. (2015)

An interval fuzzy model for
magnetic biomonitoring using the
specie Tillandsia recurvata L

Santiago de Querétaro,

Mexico

SIRM

2-172-10® m’kg™!
0.8-28.8-10° Am’*kg!

Castanheiro et al. (2016)

Magnetic- and particle-based
techniques to investigate metal
deposition on urban green

Antwerp,
Belgium

SIRM

20-444-10° A
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Biomagnetic monitoring of heavy

. metals contamination in deposited Isfahan, 18 3 e
TR T AL (PAULLY) atmospheric dust, a case study from Iran x el i g2
Isfahan, Iran
Hyperspectral leaf reflectance of Antwe
Brackx et al. (2017) Carpinus betulus L. samplings for 1P, SIRM 50-370-10° A
. : o Belgium
urban air quality estimation
parteulte piluton via chemical  B20015a% Babol and
Kardel et al. (2018) . : Boumehen, SIRM <7.8-10° Am’kg!
composition and magnetic
. . [ran
properties of roadside tree leaves
Leaf magnetic properties as a A8 3]
method for predicting heavy metal Namiin X 0.3-8.0-10% m’kg
Leng et al. (2018) concentrations in PMz s using ChJinag’ SIRM 0.1-1.0-10° Am’kg’!
support vector machine: A case JARM 0.3-16.6:10° mkg"!

study in Nanjing, China
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Table A9: Stages (size-fractions) of particles collected by Dekati ELPI+ impactor.

Stage Dso [um]

0.016
0.030
0.054
0.094
0.150
0.250
0.380
0.600
0.940
1.6
2.5
3.6
53
10

—_— | —
g = R e S e N R R N O S

—
[\

—
[98)

—_—
N
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Appendix B (Paper IV): Prolific shedding of magnetite nanoparticles from

banknote surfaces

Abstract

Here, we use magnetic methods first to quantify the content of strongly magnetic particles of
banknotes (US dollars, USD, and British pounds sterling, GBP), and then examine the
possibility of their release from handled banknote surfaces. The content of magnetic particles,
from magnetic remanence measurements, for the USD and paper GBP banknotes is high;
greater, for example, than that in vehicle engine-exhaust emissions, and similar to that for
airborne roadside particulate matter (PM). Our magnetic analyses of USD and GBP banknotes,
and of the ink pigment widely used in their printing, reveal not only that the banknotes are
highly magnetic, but also that strongly magnetic, nano-sized particles are readily and
prolifically shed from their surfaces (especially from the USD banknotes). A common practice,
prior to increased automation, was for bank tellers to count banknotes by licking a finger to
adhere to each successive counted note, and thus speed up the manual counting process. Given
the rate of particle shedding reported here, this traditional manual counting procedure must
have resulted in prolific transfer of iron-rich nanoparticles both to the fingers and thence to the
tongue. We hypothesise that, pre-automation, magnetite and other metal-bearing nanoparticles
were repetitively and frequently ingested by bank tellers, and subsequently entered the brain
directly via the taste nerve pathway, and/or indirectly via the systemic circulation and the
neuroenteric system. This hypothesis may plausibly account for the reported and currently
unexplained association between elevated neurodegeneration-related mortality odds ratios and

this specific occupation.

Published:

Maher, B. A.; Gonet, T. Prolific shedding of magnetite nanoparticles from banknote surfaces.
Science of the Total Environment 2021, 768, 144490.
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LIST OF ABBREVIATIONS:

AD — Alzheimer’s disease

AF — alternating field

ARM - anhysteretic remanent magnetisation
CNS — central nervous system

DC — direct current

GBP — British pound sterling

MDFarm — median destructive field of ARM
MND — motor neuron disease

MOR — mortality odds ratio

NDD — neurodegenerative disease

PAH - polycyclic aromatic hydrocarbon

PD — Parkinson’s disease

PM - particulate matter

PSD — pre-senile dementia

ROS — reactive oxygen species

SIRM - saturation isothermal remanent magnetisation or magnetic remanence
TEM — transmission electron microscopy
USD — United States dollar

YarMm — susceptibility of anhysteretic remanent magnetisation
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Introduction

The global burden of neurodegenerative disease (NDD) continues to rise, with
~44 million individuals living with dementia (in 2016) and age-standardised incidence
increasing from ~701 cases per 100,000 population in 1990 to 712 cases/100,000 population
in 2016 (Nichols et al., 2019). Alzheimer's disease (AD) comprises the most prevalent NDD,
accounting for 60 — 70% of NDD cases (WHO, 2019). Given the irreparable neuronal damage
already incurred once dementia symptoms are manifest, prospects for post-onset therapeutic
intervention and disease modification appear very limited. As dementia has severe, negative
impacts on individuals, communities and health care systems, increased understanding of risk
factors — and subsequent identification of potential pathways to prevention — thus become ever

more important.

In comparison with studies of genetic and lifestyle factors, relatively little attention
has so far been focused on potential NDD risk factors associated with an individual's
occupation (Costa & Manzo, 1998). It is likely that occupational exposures to a range of
potential neurotoxicants (Doty, 2008; Costa et al., 2014; Pelclova et al., 2016) might provide
multiple routes to the common features of neuronal damage associated with NDD, including

oxidative stress, protein misfolding and abnormal calcium signalling (Park et al., 2005).

Schulte ef al. (1996) examined mortality data, from 1982 to 1991, in 27 USA states,
and identified occupations with elevated mortality rates for AD, Parkinson's disease (PD),
motor neuron disease (MND), and presenile dementia (PSD). In a follow-up, case-control
study, Park et al. (2005) examined mortality and occupational data for deaths attributed or
including reference to AD, PD, MND and PSD, for 22 participating USA states, for the period
1992-1998. In addition to testing the occupation/NDD associations identified in the original
Schulte et al. (1996) study, Park et al. (2005) assessed hypothesized occupational exposure
associations for solvents, magnetic fields, pesticides, and welding (Levy & Nassetta, 2003).
For AD, the largest increases in mortality odds ratios (MORs) were associated with an
apparently diverse range of occupations, including bank tellers, clergy, aircraft mechanics and
hairdressers. For PSD, increased MORs were associated with dentists, clergy and
graders/sorters (non-agricultural); for MND, veterinarians, hairdressers, and graders/sorters;
for PD, teachers, biological scientists, and clergy. Farmers < 65 yrs in age displayed elevated

MORs for PD, AD and PSD. Occupational exposure to 60 Hz magnetic fields displayed an
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exposure-response for AD, and for those <65 yrs, for PD and MND. Welding was associated
with PD in those < 65 yrs in age at death.

Exposure to specific physical and chemical agents known to produce oxidative stress
has been inferred to account form any of these observed associations between occupation and
elevated MORs for NDD. For example, dentists have been exposed to mercury; farmers to
organophosphate-rich pesticides; hairdressers to a range of solvents and often metal-bearing
dyes; mechanics to engine emissions; welders to manganese. One occupational group
reported by Park et al. (2005) to display significantly elevated MORs for AD (MOR = 1.40;
95% CI = 1.14 — 1.70; p = 0.001), yet arguably with no obvious route of neurotoxicant
exposure, comprises U.S. bank tellers (who died in the interval 1992—-1998).

With regard to development of AD and other NDDs, excess iron in some regions of
the brain may represent a particular neurological threat. Iron overload can catalyse formation
of damaging reactive oxygen species (ROS) via the Fenton reaction (Smith ef al., 1997). Iron
dyshomeostasis has been linked strongly to the pathogenesis of AD and other NDDs
(e.g. Dobson, 2004; Zecca et al., 2004; Castellani et al., 2007). Indeed, discrete nanoparticles
of magnetite, a strongly magnetic mixed Fe?"/Fe*" iron oxide, have been found directly
associated with AD plaques (Collingwood & Dobson, 2006; Quintana et al., 2006; Plascencia-
Villa et al., 2016).

It is possible, however, that endogenous sources and/or mishandling of iron by the
brain may represent one part of a much wider problem. Exogenous particles of iron-rich,
strongly magnetic magnetite and maghemite, co-associated with other ‘exotic’
(i.e. non-physiological) metal species (e.g. Cr, Pt, Ce, Mn) have recently been discovered in
abundance in the frontal cortex (0.2 — 12 pg/g, corresponding to 2.7-10°— 160-10° particles/g
of freeze-dried tissue) and brainstem regions (0.01 — 2.63 pg/g, corresponding to
0.2:10° — 33-10° particles/g of freeze-dried tissue) of the human brain (Maher et al., 2016;
Calderon-Garciduetias et al., 2020). Precisely-matching, iron-rich nanoparticles occur
abundantly in airborne particulate pollution, including that emitted by traffic, arising from
brake-wear, particularly, and from exhaust emissions (Maher et al., 2016; Gonet & Maher,
2019; Zhang et al., 2020). It appears that these iron-rich, airborne nanoparticles, prolific in
urban airborne particulate matter (PM), can be transported readily into the brain, whether
directly by inhalation via the olfactory bulb (Maher et al, 2016), and/or through

ingestion/swallowing and transfer via the gut wall and neuroenteric system
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(Calderén-Garciduedias et al., 2020), or indirectly by the systemic circulation (Lu et al., 2020).
Given the essential requirement for the brain to regulate tightly the location, transport and safe
storage of iron (to avoid the risk of uncontrolled ROS formation), chronic intake of exogenous
iron-rich nanoparticles into the brain may constitute a previously unrecognised environmental
risk factor for disruption of key central nervous system (CNS) processes (Maher, 2019),

including mitochondrial function, myelination and neurotransmitter signalling.

It is also possible that this new hypothesis, of a causal link between exposure to
iron-rich pollution nanoparticles and development of NDD (Mabher ef al., 2016; Maher, 2019),
might account for several previously unresolved associations between occupation and NDD.
Acute or chronic exposure would be predicted for occupations involving frequent and/or
prolonged intervals of inhalation and/or ingestion of such iron- and co-associated metal-rich
nanoparticles, produced in abundance by a notably diverse range of sources. In the outdoor
environment, these sources include: traffic-related air pollution, arising from exhaust emissions
and, especially, brake-wear (Gonet & Maher, 2019; Gonet et al., 2021b); industrial emissions,
especially from power generation plants (Szuszkiewicz et al., 2015) and steelworks (Zajzon et
al., 2013); welding (Sowards et al., 2008) and biomass burning (McClean & Kean, 1993).
At-risk occupations might therefore include professional drivers, engine mechanics,
steelworkers, welders and farmers. In the indoor environment, iron-rich, and strongly magnetic
nanoparticles are emitted from, for example, some printer inks (Gminski ef al., 2011), metal
lathes (Chen et al., 2020), open fires (Maher et al., 2021), and candles (Halsall ez al., 2008).

At-risk occupations might thus also include, for example, office workers, and machinists.

Here, given the elevated MORs reported for NDD in US bank tellers (who died
between 1992 and 1998; Park et al., 2005), we examine magnetic properties of GBP and USD
banknotes and the possibility of shedding of magnetite nanoparticles from the banknotes'
surfaces. We use magnetic measurements to quantify the magnetic content of banknotes, and
the release of strongly magnetic particles from their surfaces. We also assess the concentration
and particle size of magnetic particles in Pigment Black 11 ink. Until very recently, the
composition of banknotes has been cellulose-based, frequently coated with kaolinite (for
opacity, and printability) and starch (for wet rub resistance). Universally, and over many
decades, iron has been used in the black printing inks used in banknote production, in the form
of the pigment known as ‘Pigment Black 11°, or ‘Magnetic Black’. Not only do the banknotes
display very high contents of ultrafine magnetite (especially the US dollars), they also shed

magnetite particles prolifically from their surfaces. Given the elevated, currently unexplained
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MORs for NDD reported for US bank tellers (who died between 1992 and 1998), we
hypothesise that manual counting of banknotes (i.e., prior to automation from ~1980) resulted
in exposure to these metal-rich particles through the taste nerve pathway, directly into the CNS,
and/or via swallowing and transfer from the gut wall into the neuroenteric system, and/or
dermal absorption. Such exposure through the working lifetime of these US bank tellers may
constitute a plausible specific mechanism for excess CNS intake of iron-rich and co-associated
toxic metals (specifically, lead), and subsequent neurodegeneration. Critically and
prospectively, such a hypothesis would also indicate that, at the present day, occupations linked
with excess exposure to iron-rich nanoparticles might also be causally linked with
neurodegeneration. Further, newly developing technologies, such as metal 3D printing (Chen

et al., 2020), may be creating new versions of this specific occupational exposure and risk.

Materials and methods

To quantify the content and particle size of any magnetic particulates, and how easily
such particles might be shed from the surfaces of banknotes, we made measurements of the
magnetic remanence of a selection of banknotes. U.S. dollar (USD) and British pound sterling
(GBP) banknotes were used. As paper banknotes were recently (2016 — 2020) replaced by
polymer banknotes in the U.K., we measured both paper and polymer GBP notes; 3 banknotes
of each type (paper and polymer) and value (£5, £10 and £20). For comparison, we measured
circulated USD paper banknotes (3 USD banknotes of each value: $1, $5, $10, $20, $50 and
$100).

Additionally, standard multipurpose wet wipes, which are magnetically ‘clean’, were
used to assess whether strongly magnetic, iron-rich particles can be easily removed from the
banknote surfaces. Each banknote was gently wiped for 45 s (each side). The wipes were
magnetically measured before and after the wiping process; the difference was attributed to the
magnetic particles removed from a banknote surface merely with wiping. We repeated the

wiping experiment 3 times, using the same banknotes and new wet wipes each time.

All samples (the banknotes and pigment) were first dried for 24 h in a room with
controlled temperature (20°C) and humidity (50%), and subsequently weighed, with a Mettler
AT250 balance (accuracy of 0.00001 g). Each measurement was repeated 3 times. No metal
tools were used during the laboratory work, to preclude any potential contamination of the

samples.
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In order to quantify the concentration of iron-rich particles in banknotes and wipes,
magnetic remanence measurements were carried out. We used a Newport electromagnet to
impart saturation isothermal remanent magnetisation (SIRM) to all samples at 1 Tesla (T)
at room temperature. For the banknotes, an AGICO JR-6 spinner magnetometer (noise level
~5-10"'"" Am?) was used to measure the magnetic remanence (SIRM). Because of their weaker
signal, we used a 2G RAPID cryogenic magnetometer (noise level ~10~!" Am?) to measure the
magnetic remanence (SIRM) of the wet wipes before and after they were used to simulate

handling of the banknotes. Each measurement was repeated 3 times.

The susceptibility of anhysteretic remanent magnetisation (yarm) was also measured
both for the USD and GBP banknotes, and for the black ink pigment. This parameter is
especially sensitive to the presence of magnetic grains ~30 — 50 nm in diameter (Ozdemir &
Banerjee, 1982; Maher, 1988). Anhysteretic remanent magnetisation (ARM) was imparted to
all samples at 80 milliTesla (mT) in 4 different direct current (DC) biasing fields: 0.06 mT,
0.08 mT, 0.10 mT and 0.12 mT, and subsequently measured with a 2G RAPID cryogenic
magnetometer. The susceptibility of ARM (yarm) was calculated as the slope of the
ARM(DC field) linear function.

The magnetite concentrations of the wet wipes, pre- and post-wiping of the banknotes,
were estimated from experimental SIRM values for sized, synthetic magnetite powders (Maher,
1988). We used an SIRM value of 6.7 Am*/kg (for grains < 200 nm; based on our observed
particle size distribution of the ink pigment, see Results below) to estimate the mass of
magnetite deposited on the wet wipes. We then estimated the number of magnetite particles on
the wet wipes, assuming magnetite density of 5.15 g/cm® and grain size of ~60 nm (based on

the median particle size of the banknote ink pigment, see Results below).

We made a similar suite of magnetic measurements on Pigment Black 11
(or ‘Magnetic Black’; Cl 77499, Duranat), the ink long used internationally for printing
banknotes. SIRM at 1 Tesla was imposed at room temperature using the Newport
electromagnet and subsequently measured with a Molspin Minispin magnetometer (noise level
~10" Am?). The SIRM measurements were conducted at room temperature, and, after cooling
the sample with liquid nitrogen, at ~77 K. ARM was imparted using a Molspin demagnetiser
with ARM attachment, and subsequently demagnetised in alternating fields (AF) of 5 mT,
10 mT, 15 mT, 20 mT, 50 mT and 100 mT. The ARM was measured using the Molspin

Minispin magnetometer. The measurement of ARM after each step of AF demagnetisation
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enabled determination of MDFarm (median destructive field of ARM), i.e. the field required
to demagnetise 50% of ARM. This parameter is helpful in determination of magnetite grain

size (Maher, 1988).

All magnetic measurements were conducted at the Centre for Environmental

Magnetism and Palacomagnetism, Lancaster University, U.K.

The Pigment Black 11 was additionally analysed with transmission electron
microscopy (TEM). Approximately 50 mg of ink pigment was first dispersed in 10 ml of
ethanol. Then, 5 pl droplets of the suspension were placed on 2 TEM grids (holey carbon films
on copper support grids), one selected at random and scanned using a FEI Titan3 Themis 300
STEM, operated at 300 kV. Imaging of the ink particles was used to obtain the particle size
distribution, by measurement of 100 randomly-selected particles with well-defined crystal

edges.

Results

Measurements of the USD and GBP paper banknotes revealed them to be strongly
magnetic (unsurprisingly, since their magnetic signature is one common way of differentiating
genuine from counterfeit banknotes). The highest SIRMs were observed for the USD
banknotes, ranging from 35.6-10° Am?%kg ($5 banknote) to 89.3-10° Am*kg ($100
banknote). The paper GBP banknotes had slightly lower values; 35.0-10~° Am*kg for £10,
28.9-10° Am*/kg for £20, and 24.6-10> Am?/kg for the £5 notes. The concentrations of
ferromagnetic grains, as measured by SIRM, in the USD and paper GBP banknotes are notably
higher than those in the new, polymer-composition GBP notes (Figure B1; Table B1). SIRMs
for the polymer GBP banknotes (circulated) are ~50—130 times lower than those for the paper
GBP banknotes, reaching values of 0.47-107> Am*/kg, 0.42-10~* Am?/kg and 0.26-10> Am?*/kg
for the £5, £10 and £20 banknotes, respectively (Figure B1; Table B1). No notable difference
was noted between unused and circulated polymer GBP banknotes (~0.38-1072 Am?/kg,
~0.49-107° Am?/kg and ~0.26-10"> Am?/kg for the unused £5, £10 and £20 banknotes).
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Figure B1. Saturation isothermal remanent magnetisation (SIRM) and susceptibility of
anhysteretic remanent magnetisation (yarm) for USD banknotes, and paper and polymer GBP

banknotes. Note that the y axis is on a log scale.

To put these magnetic values into environmental context, Figure B2 shows SIRM
values for the USD, paper GBP and polymer GBP banknotes compared with those for a range
of indoor and outdoor airborne particulate emissions: specifically, from burning fossil fuels
(i.e. peat, wood and coal) in residential open fires; vehicle exhaust emissions (both diesel and
petrol); roadside dust; and brake-wear emissions. The measured SIRM values for the USD
(35.6:10° — 89.3-10* Am?/kg) and paper GBP banknotes (24.6:107 — 35.0-10> Am?*/kg) are
greater than those for diesel- (~8.6-10~* Am?/kg) and petrol-engine (~5.1-10~°> Am?/kg) exhaust
emissions (Gonet ef al., 2021b), and PM emitted from open fires (~8.3-10° Am*/kg) (Maher
et al., 2021); and fall within the range of SIRM values for airborne roadside PM (collected on
filters) in Lancaster, U.K. (7-:107 — 167-10~° Am%/kg) (Halsall et al., 2008; Figure B2).
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Table B1. Mass, saturation isothermal remanence magnetisation (SIRM) and susceptibility of
anhysteretic remanent magnetisation (yarm) for the USD banknotes, and paper and polymer

GBP banknotes (3 banknotes of each type and value; average value + standard deviation).

Banknote Mass SIRM Xagw
[g] [10°° Am?/kg] [10°® m?/ke]
United States dollar (USD) banknotes
S1 1.035 + 0.003 85.8+0.6 922 + 28
$5 0.974 £ 0.009 356+1.3 338+23
$10 0.976 £ 0.002 544+23 662 *+ 68
$20 1.016 £ 0.018 79.6+1.5 779142
$50 0.993 £ 0.010 68.8+8.5 708 £ 25
$100 0.978 + 0.005 89.3+23 857 146
British pound sterling (GBP) banknotes
Paper £5 0.926 + 0.026 246+29 165+ 12
Paper £10 0.943 +0.003 35.0+1.1 243 + 26
Paper £20 1.091 +£0.025 289+5.1 230+ 36
Polymer £5 0.754 + 0.003 0.47 +£0.03 54+13
Polymer £10 0.824 +0.010 0.42 +0.05 3.8+1.0
Polymer £20 0.926 + 0.003 0.26 +£0.01 3.2+0.3

We also measured another magnetic parameter, yarm, Which is sensitive to the
presence of single-domain magnetic grains, i.e., of ~30 — 50 nm in diameter (Maher, 1988).
The yarm values were very high, with the highest obtained for the USD banknotes
(338:10% - 922-10°8 m?/kg), ~1.4 — 5.6 times higher than those for the paper GBP banknotes
(165-10% — 243-10® m’/kg). As with the SIRM values, the yarm values for the USD
and paper GBP banknotes are notably higher than the polymer-based GBP notes
(3.2:10°% = 5.4-10"® m*/kg) (Figure B1; Table B1).
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Again, to put these magnetic values for the paper banknotes into environmental
context, in comparison with our yarm values for the GBP paper banknotes, similar values have
been reported for total roadside dust (~150-10% —190-10~® m*/kg) in Warsaw, Poland (Dytlow
et al., 2019), and for moderately-polluted soil (~60-10"% —470-10~® m3/kg) in Shanghai (Hu et
al., 2007). In highly polluted areas, yarm values can sometimes reach even higher levels, up to
~5,200-10® m’/kg for roadside dust (in south India) (Gargiulo et al, 2016) and
~3,000-1078 m3/kg for highly-polluted soil (in Shanghai) (Hu et al., 2007).

In order to assess whether magnetic, iron-rich particles can be easily removed from
the banknote surfaces (e.g. by handling for counting purposes), we gently wiped the banknote
surfaces with a magnetically-‘clean” wet wipe. First, we measured the SIRMs of clean wipes,
then we wiped each banknote and measured the wipes again (Table B2). The difference (Asirm)
was attributed to the SIRM of the particles removed from each banknote with gentle wiping.
In all 36 cases, we found that a portion of magnetic, iron-rich particles was readily removed
from the banknotes. Asirm is especially high for the USD banknotes, reaching levels up to
12,718-1071 Am? in the first round of wiping (Table B2). In the case of the GBP banknotes,
Asirm is lower, ranging between 146-1071 Am? and 244-107'° Am? for the paper GBP
banknotes, and between 9-107'° Am? and 187-107'° Am? for the polymer GBP notes (Table
B2). We repeated the surface wiping test three times, in order to check if the removed magnetic
particles merely represented surface dirt, from handling of notes during circulation, and/or any
excess, or residual, printing ink post-production. In the second round of wiping, Asirm ranges
from 493-107'° Am? to 4,927-107'° Am? for USD banknotes, from 50-107'° Am? to
518-107'% Am? for the paper GBP banknotes, and from 27-10'® Am? to 96-10"'° Am? for the
polymer GBP banknotes (Table B2). In the third round of wiping, Asirm varies between
3054-107'° Am? and 27,155-107'° Am? for the USD banknotes, between 16-107'° Am? and
200-107'° Am? for the paper GBP banknotes, and between 351071 Am? and 79-10"'° Am? for
the polymer GBP banknotes (Table B2).
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Figure B2. Saturation isothermal remanent magnetisation (SIRM) for: (1) USD banknotes,
(2) paper and (3) polymer GBP banknotes, (4) emissions from open fires (Maher et al., 2021),
(5) vehicle diesel exhaust emissions (Gonet ef al., 2021b), (6) vehicle petrol exhaust emissions
(Gonet et al., 2021b), (7) roadside airborne PM (Halsall ez al., 2008) and (8) brake-wear PM
(Gonet & Mabher, 2019). Note the y axis is shown in a log scale.

Based on SIRMs for sized, pure magnetite powders (Maher, 1988), we can estimate
the amount of magnetite removed from the banknotes by each round of gentle wiping. These
range from ~45 ng to 190 ug of magnetite being removed, with a single wiping, from the USD
banknotes in the first round of wiping (Table B2). Again, in the case of the GBP banknotes,

the amount of magnetite easily removable from the banknotes by wiping is much lower,
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~2.18 pg to 3.64 ng and ~0.13 pg to 2.79 pg from paper and polymer GBP banknotes,
respectively (Table B2). In the second round of wiping, ~7 pug to 74 ug of magnetite is removed
from the surface of the USD banknotes, ~0.74 pg to 7.74 nug from the paper GBP banknotes,
and ~0.40 pg tol.44 pg from the polymer GBP banknotes. In the third round of wiping, the
mass of the removed magnetite ranges from ~46 pg to 405 ng, ~0.24 pg to 2.99 ng and ~0.52
ug to 1.17 pg for the USD banknotes, paper and polymer GBP banknotes, respectively. The
amount of magnetite removed from the banknote surfaces is thus variable but similar for all 3
rounds of wiping, indicating that magnetic (nano)particles shedding from the banknote surfaces
originate from the ink pigment, rather than a surface environmental contamination or

production-related ink excess.

In order to assess the particle size distribution of the magnetite particles shedding
readily from the banknote surfaces, we measured several magnetic parameters for a sample of
Pigment Black 11 (Table B3), the pigment traditionally used in printing paper banknotes. We
observed extremely high values of room-temperature SIRM (12.6 Am?kg) and yarm
(212.5-107° m*/kg) (Table B3); indeed, comparable with values for pure magnetite powders
(Mabher, 1988). Pure magnetite particles which are larger than 200 nm in diameter usually have
yarM values < 100-107° m*/kg (Maher, 1988). The yarm value obtained for Pigment Black 11
is notably higher (212.5:107° m?/kg), indicating that it is dominated by magnetite particles
< 200 nm. Demagnetisation of the pigment's yarm removes half of its initial value by a low
demagnetising field, 13 mT, also characteristic of magnetically-‘soft’, nano-sized magnetite
particles (Maher, 1988). We can further narrow down the dominant size of the pigment's
magnetite particles by measuring its SIRM at low temperature (77 K). The SIRM77x increases
by 28% (15.4 Am*kg compared to the SIRMgr value of 12.6 Am?/kg; Table B3), indicating
the presence of ‘superparamagnetic’ grains (~20 — 30 nm in size), which are thermally-agitated
at room temperature (and thus contribute no magnetic remanence) but which ‘block in’ at low

temperature, contributing the observed SIRM77x increase.

To obtain independent confirmation of the ink particle size, we analysed the ink
pigment particles using high-resolution TEM. Its mineralogy confirmed by electron diffraction,
the particle size of the magnetite ink ranges between ~15 nm and 400 nm (Figure B3), with the
majority (~80%) being smaller than 100 nm (Figure B3D).

197



Table B2. Saturation isothermal remanent magnetisation (SIRM) for wipes before and after

wiping banknote surfaces (3 banknotes of each type and value; average value + standard

deviation).
Banknote that SIRM for wipes [10-1° Am?] Magnetite removed
was wiped Before After Difference from the banknote
wiping wiping (Asirm) [ng]

1%t wiping
2 $1 73+1 10,989 £2,145 10,916 +2,146 163 +32
‘g $5 72 +4 3,109 + 1,188 3,037 + 1,183 45+ 18
= $10 73+2 4,142 £ 763 4,070 + 761 61 +11
3 $20 65+7 12,783 £3,620 12,718 +3,627 190 + 54
2 $50 61+1 5837+£1,422 5,776+ 1,423 86 + 21
= $100 65+ 4 572341237 5,659+ 1,234 84 + 18
@  Paper£5 69 + 6 313 + 125 244 £ 120 3.64+1.79
S Paper£10 109 + 23 254+ 63 146 + 53 2.18+0.79
% Paper £20 73 +34 285+ 127 212 £ 154 3.16 +2.30
2 Polymer £5 67 +3 254+ 77 187 75 2.79+1.12
8 Polymer £10 3743 166 + 60 129 + 57 1.93 +£0.85
C  Polymer £20 55+9 63 +3 9+7 0.13+0.10

2" wiping
7 $1 58+3 2,231+ 206 2,173 203 32+3
‘g $5 57+1 550 + 38 493 + 39 7+1
=2 $10 58+1 1,958 + 441 1,900 + 441 28+7
3 $20 612 4,988 + 400 4,927 + 398 74+ 6
2 $50 59+ 1 2,022 + 669 1,963 + 669 29+ 10
= $100 61+6 3,006 + 305 2,946 + 299 44+ 4
g  Paper £5 63 £ 15 210+ 21 147 £ 19 2.19+0.29
2 Paper£10 68 + 7 118 +21 50 + 26 0.74 +0.39
% Paper £20 71+ 4 589 + 359 518 + 361 7.74 +5.39
2 Polymer £5 60 + 4 156 + 15 96 + 17 1.44 +0.26
& Polymer £10 5544 94+ 5 40+ 8 0.59 +0.12
©  Polymer £20 55+ 1 81+23 27422 0.40 +0.33

3" wiping
2 $1 64 +4 27,219 + 785 27,155 + 781 405+ 12
‘g $5 64+ 1 3,118 +578 3,054 £ 578 46 +9
= $10 65+ 3 5,439 + 861 5,374 + 864 80 + 13
3 $20 67+5 6,021+ 1,704 5954+ 1,710 89 + 26
a $50 63+2 8,872 + 626 8,809 + 628 13149
= $100 69 + 4 9,886 +£1,262 9,817+ 1,262 147+ 19
g  Paper £5 53+1 99 + 27 46 +27 0.69 + 0.41
2 Paper£10 61+ 15 77+5 16+ 12 0.24+0.17
% Paper £20 62+ 17 262 £ 147 200 £ 154 2.99 +2.30
2 Polymer £5 54+ 1 133 + 30 79 +31 1.17+£0.46
8 Polymer £10 5342 91 + 14 38+ 14 0.57 £0.20
©  Polymer £20 54+1 89 + 4 35+ 4 0.52 +0.06
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Discussion

It is critical to understand the processes and exposure pathways through which certain
occupational groups appear to have become unusually susceptible to development of
neurodegenerative disease. Although it has been established that some occupational groups
experience(d) exposures to known neurotoxicants, other groups also display significant
elevation in neurodegeneration-linked MORs yet have no known or obvious disease aetiology
(Schulte et al., 1996; Park et al., 2005). From a study of death certificate information for 22
contributing U.S. states for the interval 1992—-1998, bank tellers were reported to display
elevated — and unexplained — MORs for both pre-senile dementia and Alzheimer's disease (Park
et al., 2005). Given that iron overload and cell damage through excess oxidative stress have
been implicated increasingly in neurodegenerative disease (e.g. Quintana et al., 2006;
Castellani et al., 2007; Smith et al., 2010; Tabner et al., 2010), it seems timely and important
to assess possible routes of metal-rich neurotoxicant exposure in this particular, currently

enigmatic occupational group.

Table B3. Magnetic parameters for Pigment Black 11 (CI 77499).

Magnetic parameter Value
SIRM [Am?/kg] 12.6
SIRM77x [Am?/kg]* 15.4
yarm [107° m?/kg] 212.5
MDFarm [mT] 13

*SIRM77x = SIRM measured at 77 K.

Our approach builds upon the growing body of work which demonstrates that
exposure to urban airborne PM is associated not only with respiratory and cardiovascular
problems, but also neurodegeneration and cognitive impairments (Calderon-Garciduenias et al.,
2002; Pope & Dockery, 2006; Hoek et al., 2013; Beelen et al., 2014; Costa et al., 2014;
Weichenthal et al., 2017a; Liu et al., 2018; Malik et al., 2019; Maher et al., 2020). Both indoor
and outdoor PM often comprises a complex mixture of components, some of which might be

toxic (e.g. Karlsson et al., 2006; Jordanova et al., 2012; Yang et al., 2016; Maher, 2019).
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Iron-rich and often strongly magnetic nanoparticles are particularly abundant in the solid
(non-volatile) fraction of ultrafine (< 100 nm in diameter) air pollution. Because iron can
catalyse the formation of reactive oxygen species (ROS), inducing oxidative stress, such
iron-rich nanoparticles (whether or not dissolved in the brain subsequently) might constitute
a specific neurotoxicant, potentially contributing to the oxidative stress and Alzheimer-like
pathology in the human brain (Maher, 2019). Importantly, not only can iron-rich nanoparticles
be toxic on their own; they are also often co-associated with other toxic metals, including Al,
Ce, Cr, Co, Cu, Mn, Ni, Pb, Pt, Ti and Zn (Spassov et al., 2004; Chen et al., 2006; Kim ef al.,
2007; Maher et al., 2016; Yang et al., 2016; Hofman et al., 2020) and surface-adsorbed organic
species, including polycyclic aromatic hydrocarbons (PAHs) (Lehndorff & Schwark, 2004;
Halsall et al., 2008).

Iron-rich nanoparticles, with characteristic high-temperature (> 100 °C) surface
features and shapes, co-associated with other exogenous metal species, have been found in
cortical and brainstem samples in the brains even of young people (< 35 yrs old) exposed
lifelong to high concentrations of airborne PM (Maher et al., 2016; Calderén-Garcidueias et
al., 2020). Compared to low-pollution controls, who demonstrate little neuropathology and up
to 10 times lower brain nanoparticle numbers, these highly-exposed young people already
display multiple aberrant proteinopathies (Calderon-Garciduefias et al., 2020). Such
associations between exposure to airborne, metal-rich pollution particles (dominated by
iron-bearing compounds), the abundant presence of precisely-matching nanoparticles inside
both autonomous and cortical brain regions, and substantial neuropathologies even in young
people, strongly indicates a causal neurodegenerative role for inhaled and ingested metal-rich

air pollution nanoparticles (Maher et al., 2016; Calderén-Garcidueias et al., 2020).

Hence, chronic exposures to environmental iron-rich nanoparticles may be an
important route into neurodegenerative disease. Here, our magnetic analyses of USD and GBP
banknotes, and of the ink pigment widely used in their printing, have revealed not only that the
banknotes (especially the USD and paper GBP notes) are highly magnetic, but also that
strongly magnetic nano-sized particles are shed readily and repeatedly from their surfaces. Just
gentle wiping of the banknote surface by a moist wipe resulted in transfer of very high numbers
of magnetite particles (12-10°— 695-10° for the USD banknotes; 0.4-10° — 13-10° for paper and
0.2:10° — 4.8-10° for polymer GBP banknotes) from the banknote to the wipe. Magnetite

particles continued to be shed from all banknote surfaces over three successive wipings.
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Figure B3. TEM images of Pigment Black 11 particles (A, B and C) and their particle size
distribution (D).

We hypothesise that such shedding of iron-rich, magnetic nanoparticles may provide
a possible insight into the elevated MORs observed for U.S.-based bank tellers who died during
the period 1992 — 1998. A common practice, prior to increased automation, was for bank tellers
to count banknotes by licking a finger to adhere to each successive counted note, and thus speed
up the manual counting process. Given the rate of particle shedding reported here, this

traditional manual counting procedure must have resulted in prolific transfer of iron-rich
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nanoparticles first to the fingers (with the possibility of some dermal absorption) and thence to
the tongue. Critically, the tongue is an effective and direct pathway to the brain via the taste
nerve translocation pathway (VII and IX cranial nerves); readily demonstrated in animal
models by elicitation of CNS neurotoxicity through glossal instillation of metal-bearing

(Zn, Ti) nanoparticles (Chen et al., 2017¢; Liang et al., 2018).

This postulated route to an occupational exposure to a potential neurotoxicant specific
to bank tellers (in pre-automation times) is somewhat reminiscent of that of the so-called
‘radium girls’, in the early 20th century. Female factory workers at three United States Radium
factories contracted radiation poisoning from painting watch dials with radioluminescent paint.
Having been told that the paint was harmless, they were advised to ‘point’ their brushes with
their tongue or lips, to produce a fine paintbrush tip. As a result of ingestion of this radioactive
substance, unknown numbers of the women died, typically having developed anaemia, bone
fractures and necrosis of the jaw (‘radium jaw’) (e.g. Gunderman & Gonda, 2015; Cohen &

Kim, 2017).

For the U.S.-based bank tellers who died in the interval 1992 — 1998, and started their
working lives from ~1930 onwards (assuming the U.S. average lifespan in the 1990s of 79 yrs
for women and 72 yrs for men), glossal exposure not only to magnetite-rich particles but also
to other cytotoxic metal-bearing particles is additionally likely. Lead, for example, was used in
‘Brunswick Green’ ink (PbSO4-xPbCrOs-yFesFe(CN)s]) at intervals (1928 — 1963, 1969,
1977 — 1988) before being phased out for health reasons; chromium oxide (Cr203) replacing
lead in ‘Pigment Green’ (Hall & Chambliss, 2004). Titanium dioxide (TiO) has been used in
production of U.S. banknotes since 1934, as a paper whitener (presaging the vast international
expansion in synthesis and use of TiO» for diverse applications, from food additives, to

cosmetics, paints, plastics and electronics (e.g. Chen & Mao, 2007)).

Given the human, societal and economic costs of the pandemic of neurodegenerative
disease, growing year on year as average lifespans increase around the world, it is increasingly
urgent and important to identify the diverse pathways of exposure to metal-rich nanoparticles
as plausible and pervasive neurotoxicants. Our analysis and discussion here are focused on the
potential exposure experienced, pre-automation, by bank tellers (who died between 1992 and
1998). Prospectively, however, these results also indicate that current and newly-developing
occupational routes might be inducing harmful exposures. For instance, operators of 3D metal

printers (Chen et al., 2020), might be exposed to harmful levels of iron-rich neurotoxicants.
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Indeed, the prevalence of iron-rich nanoparticles in the environment may even be growing.
Iron-rich and strongly magnetic nanoparticle powders, easily and cheaply produced, are
increasingly widely used as pigments, catalysts, fillers and even brake friction materials
(i.e. designed to be abraded and consequently efficiently released into roadside air). The
abundant and pervasive presence of magnetite nanoparticles in both indoor (Maher et al., 2021)
and outdoor (Sanderson et al., 2016; Gonet & Maher, 2019) environments indicates growing
levels of human exposure to these potentially neurotoxic particles, especially if individuals are
exposed not only during daily commuting, but also at home (e.g. when using open fires for

heating) and, as hypothesized here, at their place of work.

Conclusions

1. Because of the magnetic pigments used in their production, banknotes (especially
paper banknotes) are strongly magnetic; equivalent in their magnetite concentrations to, for

example, the air pollution particles emitted at heavily-trafficked roadsides.

2. Even gentle wiping of paper banknotes (here, with a moist wipe) results in the ready,
abundant and repeated shedding of strongly magnetic particles, even up to ~7-10'! particles per
wiping. Such shedding of magnetic particles was observed both for U.S. and British banknotes,
but was greatest for the USD.

3. The black pigment, ‘Black 11/Magnetic Black’, used for many decades in the
printing of banknotes, consists of almost pure magnetite, characterised by nanoscale particulate
dimensions, with the majority smaller than 100 nm. Such particles are sufficiently small to
access all major organs of the human body, whether by inhalation, ingestion or the taste nerve

pathway, and to enter critical sub-cellular organelles, including mitochondria.

4. Excess iron loading in the brain can catalyse excess formation of reactive oxygen
species, inducing oxidative stress and cell damage or death. Given the high content and prolific
shedding of magnetite nanoparticles we observe from banknote surfaces, we hypothesise that
magnetite and other metal-bearing nanoparticles were repetitively and frequently ingested by
bank tellers (pre-automation), and subsequently entered the brain directly via the taste nerve
pathway and/or indirectly via the systemic circulation and the neuroenteric system. Such an

exposure route may plausibly account for the reported and currently unexplained association
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between elevated neurodegeneration-related MORs and this specific occupation (in a cohort

who died between 1992 and 1998).

5. Notwithstanding that neurodegenerative diseases encompass neuropathological and
genetic variants, and potentially differing aetiologies, given the scale and costs of such disease
on the international scale, investigation of current and newly-developing occupational groups
with high exposure to iron-rich nanoparticles, in terms of incidence of neurodegenerative
disease, seems both warranted and timely, in combination with well-controlled prospective

studies.
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