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Wildlife populations in southeast Asia are increasingly experiencing a broad array of anthropogenic threats, and mammalian carnivores are particularly vulnerable. Populations of the Malayan sun bear Helarctos malayanus are estimated to
have declined by 30% over the last 30 years from forest conversion to industrial plantations and mortality associated with
human–bear conflicts and illegal wildlife trade. However, the effects of industrial plantations on habitat selection and activity patterns of mammals that live at the protected area-plantation interface, including sun bears, are not well known. We
investigated habitat selection and activity patterns of sun bears in Tabin Wildlife Reserve in Sabah, Malaysia. We deployed
83 remote camera sites to record sun bear detections during two sampling periods (2012–2013 and 2017). We used generalized linear models to examine relationships between sun bear presence and site covariates representing physical, environmental and anthropogenic elements of the landscape. Relative probability of sun bear presence was positively associated
with distance to roads and elevation. Because most roads were on the reserve boundary and often associated with oil palm
plantations, proximity to roads likely served as a surrogate measure of human accessibility and activity in peripheral areas of
the reserve. Supporting that interpretation, sun bears close to the reserve boundary were primarily active at night, whereas
daytime activity was more common for bears in the interior. Our findings indicate that sun bears alter behaviour and
habitat selection likely in response to anthropogenic activities at the edges of Tabin Wildlife Reserve (112 200 ha). Because
the ratio of edge to interior increases steeply with declining habitat area, smaller protected areas bordered by plantations
are predicted to have greater impacts on sun bear behaviour and, potentially, population persistence. Effective conservation
actions may benefit from management to improve the security of edge habitats for sun bears and other vulnerable species.
Keywords: activity patterns, Borneo, Helarctos malayanus, Malayan sun bear, remote camera surveys, resource selection,
roads, Tabin Wildlife Reserve

Originally conceived to preserve unique ecosystems and provide refuge for threatened species, protected areas across the
globe are facing growing challenges in fulfilling their principal role (Watson et al. 2014). Increasing human population
growth, settlement and agricultural development, especially
near the periphery of protected areas (Wittemyer et al.
2008), has led to exponential increases in human–wildlife
conflicts, including crop and livestock depredation (Hariohay et al. 2017, Wells et al. 2019), attacks on humans by
wildlife (Packer et al. 2005, Ratnayeke et al. 2014) and
This work is licensed under the terms of a Creative Commons
Attribution 4.0 International License (CC-BY) <http://
creativecommons.org/licenses/by/4.0/>. The license permits
use, distribution and reproduction in any medium, provided the
original work is properly cited.

intolerance of conflict-causing species (Treves 2009). Protected areas and threatened wildlife, in turn, experience an
increasing array of direct and indirect threats, including
illegal hunting and resource extraction (Vaidyanathan et al.
2010, Muposhi et al. 2016, Duporge et al. 2020), and the
persecution of species that threaten human life or property
(Nyhus 2016). These threats are most intense at the periphery of protected areas and are expected to increase in smaller
reserves as the ratio of perimeter to protected area magnifies
(Woodroffe and Ginsberg 1998, DeFries et al. 2010).
Because species in smaller reserves tend to exist in smaller,
isolated populations and experience more intense edge effects,
large carnivores are especially vulnerable to both stochastic
and deterministic effects of habitat alteration (Ratnayeke et al.
2018, Newbold et al. 2020). Human-inflicted mortality at
habitat edges, rather than reserve size, is considered the single
1
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most important factor contributing to carnivore decline and
extirpation (Woodroffe and Ginsberg 1998, Parks and Harcourt 2002, Balme et al. 2010), but more indirect forms of
anthropogenic disturbance also contribute to edge effects. For
example, hunting pressure that reduces prey densities near
human settlements is considered a prime cause for low predator densities at the periphery of reserves (Johnson et al. 2006,
Rosenblatt et al. 2016). A growing body of evidence points to
alterations in wildlife behaviour in response to human disturbance at habitat edges, including shifts in activity patterns and
reductions in movement and space use (Gaynor et al. 2018,
Tucker et al. 2018).
In southeast Asia, wildlife populations increasingly experience a broad array of anthropogenic threats, with largescale conversion of forest and direct exploitation as principal
drivers (Sodhi et al. 2004, 2010, Hansen et al. 2013). Clearance of tropical rainforests for development and commercial
agriculture has depleted forest cover by more than 50% of its
original extent (Laurance 2007, Corlett 2014) and facilitated
hunting pressure via increased road networks (Sodhi et al.
2004, Clements et al. 2014). Tropical systems are rich in biodiversity and endemism, but tropical species are sensitive to
forest fragmentation and edge effects (Betts et al. 2019). The
intensity of hunting to feed the demand for bushmeat and
the illegal global trade in wildlife is tightly coupled with the
loss of biodiversity (Lee et al. 2014) and particularly affects
large-bodied, forest-dependent mammals like sun bears
Helarctos malayanus whose paws and gall bladders have high
market value in the global wildlife trade.
The Sunda region of southeast Asia is a unique hotspot of
biodiversity, forming the southernmost range of the Malayan
sun bear, including its only subspecies, H. m. euryspilus,
which is endemic to Borneo. The range of sun bears is closely
tied to tropical forest, including tropical evergreen rainforest
in the Sundaland sub-region and the more seasonal forests of
mainland Southeast Asia (Servheen 1999). In 2008, the conservation status of sun bears was reclassified from ‘Data Deficient’ to ‘Vulnerable’ (having a high risk of extinction in the
wild) by the International Union for Conservation of Nature
(IUCN: Scotson et al. 2017a). Sun bear populations are estimated to have declined by 30% over the last 30 years because
of habitat loss and overexploitation associated with the illegal trade in bear parts (Shepherd and Shepherd 2010, Wong
and Linkie 2013, Scotson et al. 2017a). Rates of forest loss in
sun bear range suggest that by 2030, the decline in the global
population size of sun bears in the wild would be enough
to raise their threat status from ‘Vulnerable’ to ‘Endangered’
based on habitat loss alone (Scotson et al. 2017b). Although
data on population size and trends are lacking, the range
of the Bornean sun bear is now estimated to be reduced to
almost half its historical extent (Crudge et al. 2019).
Conservation efforts for sun bears are impeded by the
paucity of basic data regarding their ecology and requirements for survival. A sun bear conservation action plan
released in 1999 cited a critical need for basic research on the
distribution, population status and ecology of sun bears as
one of the highest priorities in bear conservation (Servheen
1999). The first insights into sun bear ecology, such as homerange size, activity patterns and diet, have broadened our
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understanding of this species (Wong et al. 2004, Fredriksson
and Wich 2006, Fredriksson 2012), but data remain limited,
including information about responses to logging and agricultural operations, and to infrastructure such as roads and
human settlements. Wilson and Wilson (1975) and Wilson
and Johns (1982) suggested that sun bears were exclusively
found in primary forest, but since then, evidence from several remote-camera and sign surveys confirm that secondary
and logged forests also support the species (Scotson et al.
2017a, Crudge et al. 2019), including forest fragments along
plantation borders (Guharajan et al. 2017). The most recent
conservation action plan highlights the need for scientific
information on various types of infrastructure that may affect
forested habitats used by sun bears (Crudge et al. 2019).
The suitability of habitat and the level of protection
afforded to threatened species within protected areas in
southeast Asia has received little attention (Catullo et al.
2008). Changes in land use around protected areas may
have multiple impacts on wildlife. Such impacts include
habitat encroachment, barriers to dispersal, enhanced
access for poachers, increased mortality from human–wildlife conflicts, and changes in wildlife behaviour and habitat
use at reserve boundaries (Gaynor et al. 2018). In Malaysia,
mammal diversity in oil palm plantations declines steeply
with distance to adjacent natural forest (Yue et al. 2015),
but sun bears are known to make nocturnal forays into oil
palm plantations to forage (Normua et al. 2004, Cheah
2013). Moreover, shifts in sun bear activity to ‘nocturnal
crop-raiding’ may allow access to nutritious foods and
reduce the risk of encounters with humans (Fredriksson
2005, Sethy and Chauhan 2013, Guharajan et al. 2017).
Although crop raiding by sun bears results in relatively
small losses and damages, such incidents cause fear, hatred
and retaliation against sun bears by villagers and plantation workers (Meijaard 1999, Servheen 1999, Fredriksson
2005, Guharajan et al. 2017). Bears that use the protected
area–plantation interface may be prone to illegal snaring, particularly when a food source is present and where
roads provide easy access for poachers. Boundary regions
of reserves, therefore, may serve as ‘attractive sinks’ where
high-energy food resources lure bears, but where the risk
of mortality is high (Hansen 2011). An evaluation of sun
bear habitat selection within and at the boundaries of protected areas can improve our understanding of how bears
respond to these conflicting effects and can inform wildlife managers as to where in protected areas bears may be
most vulnerable.
In this study, we used remote cameras, deployed along a
gradient of distances from the reserve boundary to the more
remote interior, to assess habitat selection and activity of
sun bears at Tabin Wildlife Reserve, Sabah, which is situated in Malaysian Borneo. We measured sun bear presence
or absence in relation to landscape covariates representing
ecological resources or surrogates of human disturbance.
We hypothesized that sun bears would be less likely to use
areas closer to the plantation–reserve interface and associated
with roads, and those that did, would exhibit more nocturnal activity patterns compared with bears in interior areas of
the reserve.

Study area
Our study was conducted in lowland dipterocarp rainforest of Tabin Wildlife Reserve (5°12.51′N, 118°43.11′E).
The reserve is located northeast of Lahad Datu town, Sabah,
Malaysian Borneo and is surrounded by oil palm plantations.
The reserve was gazetted in 1984 by the Sabah State Government for the conservation of the Sumatran rhinoceros
Dicerorhinus sumatrensis and scientific research (Nor et al.
1989) and represents the largest contiguous forested area
in Sabah (112 200 ha). Rainfall averaged 150–300 cm per
year (Turner and Foster 2006). Temperatures ranged from a
mean daily maximum of 32.0°C to a mean daily minimum
of 22.0°C (Mitchell 1995, Turner and Foster 2006). Permits for research were obtained from the Sabah Biodiversity
Council (JKM/MBS.1000-2/2 JLD.5 [114]).

Methods
Remote camera surveys
We used two independent data sets from remote camera
surveys for our analysis. The first data set was derived from
unpublished remote camera data collected during Sumatran rhino surveys at Tabin Wildlife Reserve from July 2012
through February 2013 (Kretzschmar et al. 2016). The
second data set was derived from a remote camera survey

conducted by the first author during April–October 2017.
For both surveys, we only considered data from independent
camera sites that were located at least 1 km apart based on
published home-range sizes of female sun bears (1.2 km2;
Normua et al. 2004). Within the combined dataset of the
two surveys, we applied the same criterion and removed two
camera sites that were within < 1 km from a neighbouring
site, resulting in a total of 83 independent camera sites.
The Sumatran rhino surveys were conducted in the central and northern part of Tabin Wildlife Reserve (Fig. 1).
Camera sites were placed within 6-km2 square grid cells
based on a minimum home-range size of Sumatran rhinos at
game trails, mud wallows or hill crest (10 km2; Strien 1986,
Kretzschmar et al. 2016). Two passive infrared remote cameras (Reconyx, PC 800 Hyperfire Professional IR, Reconyx
Inc., Wisconsin, USA) were used at unbaited sites (Fig. 1).
Remote cameras were set to continuous (24-h) operation and
were checked every two to three months. Data were obtained
from 39 stations with a mean nearest distance between sites
of 1.7 km and average deployment of 94 days/station. Cameras were set in motion-detect mode, five photos per trigger
and no delay.
The second remote camera survey was conducted using
passive infrared remote cameras (Moultrie M-999i and
S-50i, EBSCO Industries, AL, USA). We established a total
of 44 camera sites along forest trails, the reserve boundary,
old logging roads and within the core area of the reserve. The
mean nearest distance between camera sites was 1.4 km. We

Figure 1. Distribution of 83 remote camera stations and sun bear presence or absence during two remote camera surveys in Tabin Wildlife
Reserve, Sabah, Malaysia, 2012–2013 (circles) and 2017 (triangles). Black circles or triangles indicate sites with sun bear presence, whereas
white circles or triangles indicate sites with no detection of sun bears.
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selected site locations to establish a gradient in relation to
landscape features of interest, such as distance to roads and
reserve boundary. At those sites, cameras were placed to optimize sun bear detection. We deployed cameras at each site
for 28 consecutive days. We operated 13–18 camera sites at a
time, visiting each at seven-day intervals to replace batteries,
renew bait and check camera function. We placed one camera at each site by mounting it on a tree approximately 0.5
m above ground. We used a small amount of bait (shrimp
paste and two pieces of salted fish placed in black shading
net) to enhance detection. We used a metal casing to prevent
camera damage from elephants Elephas maximus, bears and
other species and secured each camera with a python lock
to reduce vandalism or theft. Cameras were set in motiondetect mode, 10-megapixel resolution, three photos per trigger, 10 s of video with no delay and continuous operation.
Sun bear presence and landscape covariates
We used generalized linear models to identify landscape
characteristics associated with sun bear occurrence. We verified sun bear presence from camera images and videos, bait
removal and claw marks on tree trunks. We classified sites as
sun bear absence if such evidence was lacking. We retained
the full sampling period for all camera sites in the overall
sample to maximize detection probabilities, thereby reducing the probability of incorrectly classifying a site where
sun bears were present but not detected as an absence. We
used this classification of sun bear presence or absence as
the binary response variable and considered seven landscape
covariates as potential predictors of sun bear occurrence: 1)
elevation, 2) terrain ruggedness index, 3) distance to nearest
road, 4) distance to nearest permanent river, 5) distance to
nearest reserve boundary, 6) human density and 7) percentage natural forest cover. We used Quantum GIS (QGIS 2.18,
Free Software Foundation, Inc, USA) to calculate covariate
values for each remote camera station. We obtained elevation
(m above sea level) of each camera station from the Shuttle
Radar Topography Mission (SRTM; ~90-m horizontal resolution; <http://srtm.csi.cgiar.org>; Jarvis et al. 2008) and
set all other spatial data to the same resolution. We used the
elevation layer to derive a terrain ruggedness index (TRI),
which measures the mean difference in elevation between a
central pixel and its surrounding cells (Wilson et al. 2007).
We calculated distance to nearest permanent river (m) and
nearest reserve boundary (m) using information provided in
Kitaura et al. (2003). To develop the spatial layer for distance
to nearest road (m), we mapped the primary access road
within Tabin Wildlife Reserve with a Global Positioning
Unit (GPS) unit (Garmin GPSmap 62s) and used imagery
available in Google Earth Pro (ver. 7.3.2.5491) to digitize
roads associated with oil palm plantations near the boundary
of the reserve (Fig. 1). We derived human density from the
LandScan 2007 global population data set (ambient population measured over a 24-h period, approximate resolution of
1 km). We calculated percentage natural forest cover within
a 1-km radius based on tree cover data from Hansen et al.
(2013). The original tree cover raster layer derived from
Hansen et al. (2013) included any vegetation ≥ 5 m and
did not distinguish between natural forests and plantations.
Because tree cover outside the reserve boundary consisted
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entirely of oil palm, we masked out tree cover outside the
reserve and assigned those pixels a value of zero (i.e. no natural forest cover). We standardized all covariates using the
scale function in the R computing environment (ver. 3.4.3,
<www.r-project.org>) to allow comparison of their relative
importance (Lane and Nelder 1982). We checked collinearity among all predictor variables using R package ‘faraway’
based on the variance inflation factor (VIF; Faraway 2016).
We retained only one of two spatial predictors that were
highly correlated in the predictive model, using a threshold
value of VIF > 10 (Dormann et al. 2013). We calculated
Pearson correlation coefficients among the remaining variables to verify that all pairwise coefficients were below 0.7
(Dormann et al. 2013).
We used the glm function in R to build a set of predictive models using the generalized linear model with a logit
link function and treating sun bear presence or absence as
the dependent variable. Camera data were from surveys that
were conducted during two separate periods (i.e. 2012–2013
versus 2017 survey). Because of slightly different methodologies and some variation in weather patterns between the
survey periods, it was important to test and account for
potential survey effects. Because there were only two survey periods, we did not use a mixed-effect model structure
that treated survey as a random effect. Instead, we tested for
evidence of a survey effect on the dependent variable and
fitted interaction terms with the survey covariate to explicitly test whether relationships of habitat covariates with sun
bear presence were different between the two surveys. To
construct the model set, we first examined the means and
standard error of each spatial covariate for sites with documented presence versus absence of sun bears (Anderson and
Burnham 2002; Supporting information). In accordance
with our sample size of camera sites and allowing for interactions to test for a survey effect, we added up to three habitat
covariates in a model. Specifically, we created 13 models to
investigate relative contributions of physical (elevation, terrain ruggedness), natural (forest cover, distance to nearest
river) and anthropogenic (distance to nearest road, distance
to nearest reserve boundary, human density) elements of
the environment and models in which we combined two or
three of these elements. To investigate whether there were
effects due to survey period, we created a binary categorical
variable for survey period (2017 survey = 1, 2012–2013 survey = 0) and added it as an interaction effect for the different
combinations of habitat covariates. Including a null model
(intercept only), this resulted in a total of 45 models, which
we ranked using AIC corrected for small sample sizes (AICc;
Burnham and Anderson 1998). We considered models with
∆AICc ≤ 2.0 to be parsimonious and selected those for
inference. Because spatial autocorrelation among observations could violate the assumption of independence, we calculated Moran’s I statistic (Moran 1950) using the residuals
of the fitted models. Moran’s I is an index of spatial dependence with values ranging from −1 to 1 indicating maximum negative and positive autocorrelation, respectively, and
values near 0 indicating random patterns. We calculated the
global Moran’s I statistic in ArcGIS (ESRI, Redlands, CA,
USA; ver. 10.6) using inverse distance weighting and standardization based on all weight values and tested whether
it was different from 0 based on z-scores. We used package

‘ResourceSelection’ (Lele et al. 2017) to calculate the Hosmer–Lemeshow goodness-of-fit statistic to determine fit of
these top models. We evaluated predictive accuracy of the
models with ∆AICc ≤ 2.0, by conducting 10-fold cross
validation using the package ‘caret’ (Verbyla and Litvaitis
1989, Kuhn 2018). We divided the dataset into 10 random
subsamples, with nine serving as training data, to which we
fitted the model, and one subsample for testing the model.
We repeated this analysis 10 times and summarized model
performance using a confusion matrix to assess overall model
accuracy, sensitivity (proportion of sites correctly predicted
as sun bear presence) and specificity (proportion of sites correctly predicted as sun bear absence).
Spatial prediction of relative sun bears presence
We mapped model predictions by applying the logistic
regression equations to each 90-m pixel within Tabin Wildlife Reserve. Given that all camera sites were within the
reserve, we limited our spatial inference to pixels contained
within the reserve boundary. Because true absences can rarely
be assumed, the predicted probabilities represent a relative
ranking of sun bear habitat selection (Hegel et al. 2010). We
used Spatial Analyst tools in ArcGIS to predict relative probabilities separately for each of the models with ∆AICc ≤ 2.0.
For models that included the survey covariate, we averaged
predicted values for the two equations representing each
of the two survey periods. We then multiplied each model
layer with their respective AICc weights and summed these
layers to create a final predictive map depicting the modelaveraged relative probability of sun bear presence. We used
the R software package ‘effects’ (Fox 2003) to plot relationships between physical, environmental and anthropogenic
covariates and predicted relative probability of presence of
sun bears based on logistic regression models.
Activity patterns
We assessed sun bear activity patterns using the time stamps
from camera images and videos. We classified camera sites
according to their proximity to active roads, most of which
marked the boundary of the study area. We classified sites >
1.5 km of an active road as a core area site and those ≤ 1.5
km of active roads as boundary sites. The 1.5-km threshold
was based on daily movement distances of sun bears documented elsewhere in Sabah (1.45 km; Wong et al. 2004).
Additionally, 1.5 km was the permitted distance for jungle
trekking and birdwatching for tourists and thus also reflects
areas of greater human access inside the reserve. We considered detections of sun bears at the same remote camera
site separated by > 60 min as independent observations. We

used the R software package ‘overlap’ to plot activity patterns by fitting kernel density functions to times recorded on
remote camera photos (Meredith and Ridout 2017).

Results
Sun bear presence and landscape covariates
We obtained 164 independent detections of sun bears during 4892 nights. Sun bears were detected at more than half
of the 83 combined sites (56.6%; Table 1, Fig. 1). Using
a univariate logistic regression, we did not detect a survey
effect on the probability of sun bear presence (β = −0.0784,
SE = 0.454, p = 0.084). Distance to reserve boundary was
strongly correlated with distance to nearest road (VIF > 10).
Based on field observations, distance to roads better captured anthropogenic disturbance at Tabin Wildlife Reserve
so we retained it as a covariate. Pearson correlation coefficients among the six remaining covariates were < 0.7 and
were retained for analysis. Seven of the 45 logistic regression
models had values of ∆AICc ≤ 2 and we used those for inference (Supporting information). Covariates in the top models
were elevation, distance to nearest road and percent natural
forest cover (Table 2). We found no evidence of spatial autocorrelation among the residuals of these models (Moran’s I:
range = −0.13 to −0.05, z = −1.36 to −0.47, p = 0.171–
0.636). These seven top models showed no evidence of lack
of fit to the data (Hosmer–Lemeshow test: χ2 = 12.35–3.85,
df = 8, p = 0.136–0.871). Distance to nearest road and elevation were the most important habitat covariates, with the relative probability of sun bear presence increasing with greater
distances to roads and higher elevations (Table 2, Supporting
information). Natural forest cover showed a weak negative
relationship with sun bear presence (Table 2, Supporting
information). There was evidence of a survey interaction
with distance to nearest road, present in three of the seven
top models, indicating that the higher probability of sun
bear presence away from roads was less evident among the
2017 survey sites (Table 2, Supporting information).
A threshold value of 0.50 for the predicted relative probability maximized sensitivity and specificity. Therefore, we
summarized the performance of the 10-fold cross-validation for the confusion matrix by classifying predicted relative probabilities ≥ 0.50 as presences and values < 0.50
as absences. Overall accuracy of the models was moderate
(Table 3). Sensitivity was acceptable for the top models, with
the highest value (0.745) for the model with covariates elevation and distance to nearest road. Specificity was poor to
moderate for all models. Spatial predictions of the relative
probability of sun bear presence showed the overall influence

Table 1. Summary of sun bear detections from remote camera surveys in Tabin Wildlife Reserve, Sabah, Malaysia, 2012–2013 and 2017.
Year
2012–2013a
2017b
Total

No. of
sites

No. of sites with
bear presence

No. of trap
nights

39
44
83

26
21
47

3660
1232
4892

No. of independent
eventsc
125
39
164

% of sites with
bear presence

No. detections/night

66.7
47.7
56.6

1/29
1/32
1/30

aNon-baited

remote camera survey conducted from July 2012 to February 2013.
remote camera survey conducted from April 2017 to October 2017.
cSun bear detection (photographs) at the same remote camera site separated > 60 min apart.
bBaited
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Table 2. Coefficients and standard errors of the best-fitting (∆AICc ≤ 2) logistic regression models to predict relative probability of sun bear
presence in Tabin Wildlife Reserve, Sabah, Malaysia, 2012–2013 and 2017. Covariate data were standardized following Lane and
Nelder (1982).
Coefficient (SE)a,b,c

Model
number
27
25
2
37
8
43
1

Intercept

Elevation

Road

−0.3791 (0.5980)
0.2917 (0.2325)
0.2857 (0.2292)
0.3077 (0.2358)
−0.3937 (0.5733)
−0.2276 (0.6463)
0.2823 (0.2268)

0.4482 (0.2610)*
0.3589 (0.2433)

1.5056 (0.6989)**
0.4695 (0.2386)**
0.5203 (0.2355)**
0.7347 (0.3284)**
1.5248 (0.6892)**
1.5126 (0.7064)**

0.5466 (0.2952)*
0.5667 (0.3170)*
0.4283 (0.2406)*

Survey

Road × survey

0.1919 (0.7389)

−1.6629 (0.8293)**

0.3352 (0.7116)
0.0404 (0.7800)

−1.4786 (0.8066)*
−1.4900 (0.8719)*

Forest cover

−0.4320 (0.3496)
−0.2638 (0.3781)

aElevation:

elevation of the remote camera station (m); road: distance to the nearest road (m); forest cover: mean percentage of natural forest
cover within 1-km radius; survey: 2012–2013 camera survey (covariate value = 0) versus 2017 camera survey (covariate value = 1).
bModel coefficients based on standardized covariates values to allow comparison of relative importance.
c‘*’ indicates significance at α = 0.10, ‘**’ indicates significance at α = 0.05.

of distance to road and elevation (Fig. 2). Regions with the
highest predicted relative probability (0.87) of presence were
primarily in core areas of the reserve, with lowest probabilities (0.29) near reserve boundaries.
Activity patterns
The 164 independent events of sun bear detections were
primarily from the core area with fewer in the boundary
area: there were 138 detections at 35 (69%) of the 51 core
area sites and 26 detections at 14 (44%) of the 32 boundary sites. Detections of sun bears at core area sites (2.71/
site) were 3.3 times greater than at boundary sites (0.81/
site). Sun bears in the core area showed a peak in activity
around 7:00 a.m., followed by another peak at 4:00 p.m.
(Fig. 3a). In the boundary area, sun bear detections were
different from the pattern in the core area, with peak activity during twilight hours (5:00 a.m. and 6:00 p.m.) and
greater activity at night (n = 20) than during the daytime
(n = 6; Fig. 3b).

Discussion
Our findings indicate that elevation and proximity to roads
are important correlates of sun bear occurrence with relative

probability of sun bear presence greater away from roads and
at higher elevations, and in areas with lower percent natural forest cover. When oil palm plantations were established
adjacent to the reserve, access roads were typically constructed directly along the reserve boundary. This explains
the high correlation of the covariate distance to road with
distance to reserve boundary. These boundary roads provide easy access into peripheral areas of the reserve, and our
covariate likely served as a surrogate measure of that accessibility. Whereas overall the probability of sun bear presence
increased with distance to roads, the interaction term with
survey indicated there are additional considerations when
interpreting this relationship: the negative coefficient for the
interaction term indicated the effect of distance to roads was
less evident based on the 2017 survey data. The Sumatran
rhino survey sites were distributed across a larger geographic
and more interior area of the reserve, whereas a portion of
the 2017 sites were accessed from the primary road into the
reserve, which was used only by authorized parties, and from
the western and southern reserve boundaries (Fig. 1). The
interaction effect likely reflects this difference in sample distribution, with some observed presences in areas near roads.
Elevational relief in the study area was limited, with
the highest peak in the centre of the reserve reaching 571
m (Hutton and Prudente 2008), decreasing to 20–100 m
towards the reserve boundary. Although elevation was not

Table 3. Model performance based on 10-fold validation of the best-fitting ∆AICc ≤ 2 logistic regression models to predict sun bear presence
in Tabin Wildlife Reserve, Sabah, Malaysia, 2012–2013 and 2017. We used a predicted relative probability threshold of ≥ 0.50 to classify
observations as sun bear presence and < 0.50 for sun bear absence.
Model number
27
25
2
37
8
43
1

Covariatesa
Elevation, road, survey, road × survey
Elevation, road
Road
Elevation, road, forest cover
Road, survey, road × survey
Elevation, road, survey, road × survey, forest cover
Elevation

aElevation:

Kb

Accuracy (95% CI)c

Sensitivityd

Specificitye

5
3
2
4
4
6
2

0.639 (0.526–0.741)
0.627 (0.513–0.730)
0.602 (0.489–0.708)
0.615 (0.501–0.719)
0.530 (0.417–0.641)
0.651 (0.538–0.752)
0.566 (0.453–0.675)

0.660
0.745
0.681
0.723
0.511
0.723
0.723

0.611
0.472
0.500
0.472
0.556
0.556
0.361

elevation of the remote camera station (m); road: distance to the nearest road (m); forest cover: mean percentage of natural forest
cover within 1-km radius.
bNumber of parameters in the model.
cProportion of sites correctly predicted overall.
dProportion of sites correctly predicted as sun bear presence.
eProportion of sites correctly predicted as sun bear absence.
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Figure 2. Predicted relative probability of sun bear presence in Tabin Wildlife Reserve, Sabah, Malaysia, based on remote camera data collected during surveys in 2012–2013 and 2017. Predictions from seven logistic regression models were multiplied by their respective AICc
weights and summed to obtain model-averaged probabilities. Model covariates included distance to nearest road, elevation, human density,
percent natural forest cover and survey. For models that included the survey covariate, we averaged predicted values for the two equations
representing each of the two survey periods.

highly correlated with our coarse-scale measures of human
accessibility, such as distance to roads and reserve boundary,
it is generally correlated with terrain ruggedness. However,
the covariate for ruggedness showed no association with the
presence of sun bears at the sample sites. Therefore, we speculate that elevation may instead have acted as a fine-scale,
surrogate measure of factors that were not captured by other
covariates. For example, floristic communities are relatively
uniform in Tabin Wildlife Reserve but even small elevation
gradients can reflect distinct differences in vegetation composition or physiognomic structure that bears may respond
to for security cover or food resources. We also observed a
slightly greater probability of sun bear presence in areas with
lower natural forest cover, as measured within a 1-km radius.
This may have been a function of sun bears on the periphery of the reserve moving into oil palm plantations at night.
Indeed, some sun bear presences were associated with remote
camera sites near the boundary of the reserve and these sites
had lower natural forest cover measurements because the 1
km buffer surrounding the camera site included oil palm
plantations.
Detection rates of sun bears in our study were relatively
high (30 trap nights/detection) compared with other studies.
For example, although sun bears were not the target species,
Guharajan et al. (2018) reported 192.5 trap nights/detection
for a study area (< 2000 ha) within the Lower Kinabatangan Wildlife Sanctuary in Sabah. We considered whether the

higher detection may have been a function of our sampling
design, with baited sites representing 53% of the remote
camera sites. However, sun bear photos obtained from the
Sumatran rhinoceros surveys involved unbaited sites and
had a detection rate (29 trap nights/detection), which was
similar to the baited sites (32 trap nights/detection; Table 1).
Hence, we speculate that the higher detection rate may be a
function of Tabin Wildlife Reserve having a higher density
of sun bears than the more fragmented forests in landscapes
dominated by oil palm plantations.
The timing of detections show that sun bears in peripheral
areas of the reserve were more active during twilight hours
and at night compared with bears in core areas of the reserve,
which was likely a response to human activity. Supporting this interpretation, a telemetry study by Normua et al.
(2004) of four sun bears captured in the western portion
of Tabin Wildlife Reserve indicated they only ventured into
adjacent oil palm plantations at night and returned to the
forest during daylight hours. Combined with findings from
spatial analyses, these results suggest that sun bear activity
patterns near the reserve boundary were likely influenced by
anthropogenic activities associated with nearby plantations.
In contrast, sun bears in the interior of the reserve, where
there was no road access, and thus limited human access,
were more diurnal. Sites at the boundary, or within 1.5 km
of an active road, were also less likely to be visited by sun
bears, which suggests fewer bears in peripheral areas. These
7
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Figure 3. Sun bear diel activity derived from timing of remote camera detections, Tabin Wildlife Reserve, Sabah, Malaysia, 2012–2013 and
2017 for (A) core areas (> 1.5 km from active roads; n = 138) and (B) boundary areas (≤ 1.5 km from active roads; n = 26) of the reserve.
Shaded box indicates night time.

findings are reflected in other studies where sun bears that
use oil palm plantations, or forests where human activity
was high, adjusted to more nocturnal patterns of activity
(Griffiths and Schaik 1993, Fredriksson 2005, Cheah 2013,
Yue et al. 2015, Guharajan et al. 2018).
Collectively, our findings are broadly consistent with
other sun bear studies indicating spatial and temporal
responses to anthropogenic activities that reduce habitat
suitability for sun bears (Wong et al. 2004, Nazeri et al.
2012, Wong and Linkie 2013, Guharajan et al. 2018). In
fact, Guharajan et al. (2018) considered that sun bear avoidance of human activities took precedence over food availability at the Lower Kinabatangan Wildlife Sanctuary based
on observations of fewer sun bear signs in corridor areas with
greater human disturbance, although food was abundant.
Studies of other species of bear have shown that roads
influence their distribution and habitat selection. For
example, sloth bears Melursus ursinus in Sri Lanka do not
occur in areas with high road densities (Ratnayeke et al.
2007), and brown bears Ursus arctos have been documented
to avoid heavily trafficked roads and human settlements
(Mace et al. 1996, Skuban et al. 2017). Although bears are
known to modify behaviour to accommodate some level
of human activity (Akhtar et al. 2007), increased road
access can lead to a greater risk of poaching (Haines et al.
2012) and human–wildlife conflicts (Sharma et al. 2020),
which can result in negative demographic consequences for
bear populations. For protected areas like Tabin Wildlife
Reserve, where access is largely uncontrolled and concerted
anti-poaching operations are lacking, poaching of wildlife and illegal harvest of trees (e.g. agarwood [Aquilaria
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spp.]) can be highly profitable, with little risk of detection
or arrest. Our remote cameras photographed four armed
poachers on three occasions (Supporting information)
inside the reserve, within 1 km from the nearest plantation
road. Additionally, the presence of oil palm plantations and
road access adjacent to the reserve increases the likelihood
of human–bear conflicts. Sun bears near the periphery of
the reserve may be attracted to oil palm fruit and other
anthropogenic food sources, and during acute food shortages, this attraction may extend to bears occupying the
reserve interior. When bears involved in crop raiding are
killed, population persistence, particularly in fragmented
habitats, may be affected. Such demographic impacts are
difficult to estimate, but studies on other bear species have
demonstrated clear associations between bear survival and
level of road accessibility (e.g. brown bears; Schwartz et al.
2010). Thus, impacts of these roads on sun bears and
other wildlife species may be two-fold: 1) contributing
to wildlife avoidance of areas in closer proximity to roads
due to associated human activities and 2) potential direct
demographic consequences as poaching activities reduce
survival and population density (Langner et al. 2007, Clements et al. 2014).
There are several caveats to our study findings. First,
although data collection protocols for the two surveys were
very similar, there were some differences in duration of camera deployment and use of a small bait in the second survey.
However, major biases in documenting our primary measure, presence versus absence of sun bears at the sample sites,
was unlikely. Indeed, there was little evidence of a survey
effect with regard to the dependent variable. Additionally,

we accounted for any survey effects on habitat covariates by
including interaction terms in our model set. We observed
an interaction effect with survey for the distance to road
covariate, and its inclusion enhanced our inference. Second,
we obtained only 164 independent detections to assess bear
activity and 46 sites with bear presence. Thus, our inferences
may be limited by sample size. For this reason, we limited
the number of covariates in any one model. Finally, we recognize our ability to extrapolate predictions across space
is limited. Other than roads, which we digitized, we were
unable to accurately measure human accessibility or use of
areas beyond the reserve boundaries. Also, because the eastern portion of the reserve could not be sampled, extrapolation to these areas should be interpreted with caution.
Conclusions and future research directions
Malaysia is the world’s second biggest oil palm producer
(Kushairi Din 2017) and Sabah, a Malaysian state in the
northern portion of Borneo, is one of the global hotspots for
tropical deforestation (Bryan et al. 2013). Across 7.4 million
ha of Sabah’s landmass, 1.5 million ha consist of oil palm
plantations, constituting 27% of Malaysia’s total oil palm
production area (Kushairi Din 2017). Forest conversion in
Sabah has been accompanied by the expansion of road networks to support transportation of products. For protected
areas like Tabin Wildlife Reserve that are already bordered by
many plantations, effective conservation action may need the
participation of stakeholders, researchers and wildlife managers to devise and test approaches to improve the security of
the plantation-reserve interface for bears. Studies are needed
to assess any changes in hunting or poaching mortalities
and behavioural responses of sun bears resulting from interventions to enhance habitat security (Crudge et al. 2019).
Establishment of a systematic anti-poaching program and
community outreach to reduce human–bear conflicts may
be a first step. This will require coordination and establishment of a formal partnership among Tabin-based non-governmental organizations, local ecotourism resorts, plantation
stakeholders and local communities.
Protected areas in southeast Asia may eventually be the
only refuges for many species, yet they remain vulnerable
to both lethal and nonlethal forms of human disturbance.
Species that are capable of altering behaviour and resource
use to avoid contact and conflict with humans may have
greater potential for persistence, but the potential for these
shifts in behaviour to affect individual energy budgets, fitness or even population demographics cannot be ignored
(Gaynor et al. 2018). Also crucial for protected areas is the
need for enhanced protection from indiscriminate poaching via snares, to which populations of larger-bodied mammals at low densities are particularly vulnerable (Tilker
et al. 2019).
Acknowledgments – We appreciate the assistance from the Sabah
Wildlife Department throughout the study. We are also very grateful
to the field assistants – Chiew Lin May, Jeniur Justin, Mizuno Merek
Men, Woo Chee Yong, Alvin Erut, Dempsy Andrius, Nelson Kuntil
and Marhk Maureey Men. We thank Michael Ebinger and Andrea
Corradini for their assistance with R code and Joseph D. Clark

for his review as part of the U.S. Geological Survey’s Fundamental
Science Practices. Any use of trade, firm or product names is for
descriptive purposes only and does not imply endorsement by the
U.S. Government.
Funding – This work was supported by an Internal Grant (INTFST-BIOS-0115-02) funded by Sunway University, Malaysia, the
Sunway-Lancaster Staff Development Fund and the International
Association of Bear Research and Management (IBA). We thank
the Bornean Sun Bear Conservation Centre for use of their facilities
and logistical and technical support for this study. We also thank
the Federal Ministry of Education and Research (BMBF) FKZ
033L045 and SOS Rhino for funding the Sumatran rhinoceros
survey.

References
Akhtar, N. et al. 2007. Characteristics of sloth bear day dens and
use in disturbed and unprotected habitat of North Bilaspur
Forest Division, Chhattisgarh, Central India. – Ursus 18:
203–208.
Anderson, D. R. and Burnham, K. P. 2002. Avoiding pitfalls when
using information-theoretic methods. – J. Wildl. Manage. 66:
912–918.
Balme, G. A. et al. 2010. Edge effects and the impact of non-protected areas in carnivore conservation: leopards in the
Phinda–Mkhuze Complex, South Africa. – Anim. Conserv. 13:
315–323.
Betts, M. G. et al. 2019. Extinction filters mediate the global effects
of habitat fragmentation on animals. – Science 366: 1236–
1239.
Bryan, J. E. et al. 2013. Extreme differences in forest degradation
in Borneo: comparing practices in Sarawak, Sabah and Brunei.
– PLoS One 8: e69679.
Burnham, K. P. and Anderson, D. R. 1998. Model selection and
multimodel inference. A practical information–theoretic
approach. – Springer.
Catullo, G. et al. 2008. A gap analysis of southeast Asian mammals
based on habitat suitability models. – Biol. Conserv. 141:
2730–2744.
Cheah, C. 2013. The ecology of Malayan sun bears Helarctos
malayanus at the Krau Wildlife Reserve, Pahang, Malaysia and
adjacent plantations. – Thesis, Univ. Putra, Malaysia.
Clements, G. R. et al. 2014. Where and how are roads endangering
mammals in southeast Asia’s forests? – PLoS One 9: e115376.
Corlett, R. E. 2014. The ecology of tropical east Asia, 2nd edn. –
Oxford Univ. Press.
Crudge, B. et al. (eds) 2019. Sun bears: global status review and
conservation action plan, 2019–2028. – IUCN SSC Bear
Specialist Group/IUCN SSC Conservation Planning Specialist
Group/Free the Bears/TRAFFIC.
DeFries, R. et al. 2010. Interactions between protected areas and
their surroundings in human-dominated tropical landscapes.
– Biol. Conserv. 143: 2870–2880.
Dormann, C. F. et al. 2013. Collinearity: a review of methods to
deal with it and a simulation study evaluating their performance. – Ecography 36: 27–46.
Duporge, I. et al. 2020. The spatial distribution of illegal hunting
of terrestrial mammals in sub-Saharan Africa: a systematic map.
– Environ. Evid. 9: 1–14.
Faraway, J. 2016. faraway: functions and datasets for books by
Julian Faraway. R package ver. 1.0.7. – <https://CRAN.Rproject.org/package=faraway>.
Fox, J. 2003. Effect displays in R for generalised linear models. – J.
Stat. Softw. 8: 1–27.
Fredriksson, G. 2005. Human–sun bear conflicts in east
Kalimantan, Indonesian Borneo. – Ursus 16: 130–138.

9
Downloaded From: https://bioone.org/journals/Wildlife-Biology on 03 May 2021
Terms of Use: https://bioone.org/terms-of-use

Fredriksson, G. 2012. Effects of El Niño and large-scale forest fires
on the ecology and conservation of Malayan sun bears
(Helarctos malayanus) in East Kalimantan, Indonesian Borneo.
– PhD thesis, Univ. of Amsterdam, the Netherlands.
Fredriksson, G. and Wich, S. A. 2006. Frugivory in sun bears
Helarctos malayanus is linked to El Niño-related fluctuations in
fruiting phenology, east Kalimantan, Indonesia. – Biol. J. Linn.
Soc. 89: 489–508.
Gaynor, K. M. et al. 2018. The influence of human disturbance
on wildlife nocturnality. – Science 360: 1232–1235.
Griffiths, M. and Schaik, C. P. 1993. The impact of human traffic
on the abundance and activity periods of Sumatran rain forest
wildlife. – Conserv. Biol. 7: 623–626.
Guharajan, R. et al. 2017. Does the vulnerable sun bear Helarctos
malayanus damage crops and threaten people in oil palm plantations? – Oryx 53: 611–619.
Guharajan, R. et al. 2018. Survival strategies of a frugivore, the sun
bear, in a forest-oil palm landscape. – Biodivers. Conserv. 27:
3657–3677.
Haines, A. M. et al. 2012. Spatially explicit analysis of poaching
activity as a conservation management tool. – Wildl. Soc. Bull.
36: 685–692.
Hansen, A. J. 2011. Contribution of source-sink theory to protected area science. – In: Liu, J. et al. (eds), Sources, sinks and
sustainability across landscapes. Cambridge Univ. Press, pp.
339–360.
Hansen, M. C. et al. 2013. High-resolution global maps of
21st-century forest cover change. – Science 342: 850–853.
Hariohay, K. M. et al. 2017. Assessing crop and livestock losses
along the Rungwa-Katavi wildlife corridor, south-western
Tanzania. – Int. J. Biodivers. Conserv. 9: 273–283.
Hegel, T. M. et al. 2010. Current state of the art for statistical
modelling of species distributions. – In: Cushman, S. A. and
Huettmann, F. (eds), Spatial complexity, informatics and wildlife conservation. Springer, pp. 273–311.
Hutton, W. and Prudente, C. 2008. Tabin: Sabah’s greatest wildlife
sanctuary. – Tabin Wildlife Holidays Sdn Bhd, Kota Kinabalu,
Sabah, Malaysia.
Jarvis, A. et al. 2008. Hole-filled SRTM for the globe ver. 4. –
CGIAR-CSI SRTM 90m Database 15, pp. 25–54, <http://
srtm.csi.cgiar.org>.
Johnson, A. et al. 2006. Effects of human–carnivore conflict on
tiger Panthera tigris and prey populations in Lao PDR. – Anim.
Conserv. 9: 421–430.
Kitaura, K. et al. 2003. Geographic Information System (GIS)
development for biodiversity conservation. – Borneo
Biodiversity and Ecosystems Conservation (BBEC), Kota
Kinabalu, Sabah, Malaysia.
Kretzschmar, P. et al. 2016. The catastrophic decline of the
Sumatran rhino Dicerorhinus sumatrensis harrissoni in Sabah:
historic exploitation, reduced female reproductive performance and population viability. – Global Ecol. Conserv. 6:
257–275.
Kuhn, M. 2018. caret: classification and regression training. R
package ver. 6.0-80. – <https://CRAN.R-project.org/package=caret>.
Kushairi Din, A. 2017. Malaysian oil palm industry performance
2016 and prospects for 2017 in MPOB-Palm Oil Economic
Review and Outlook Seminar. – <http://soppoa.org.my/
wp-content/uploads/2016/12/P1-Dr-KushairiPALMEROS2017-170117_s.pdf>.
Lane, P. W. and Nelder, J. A. 1982. Analysis of covariance and
standardization as instances of prediction. – Biometrics 38:
613–621.
Langner, A. et al. 2007. Land cover change 2002–2005 in Borneo
and the role of fire derived from MODIS imagery. – Global
Change Biol. 13: 2329–2340.

10
Downloaded From: https://bioone.org/journals/Wildlife-Biology on 03 May 2021
Terms of Use: https://bioone.org/terms-of-use

Laurance, W. F. 2007. Forest destruction in tropical Asia. – Curr.
Sci. 93: 1544–1550.
Lee, T. M. et al. 2014. The harvest of wildlife for bushmeat and
traditional medicine in east, south and southeast Asia: current
knowledge base, challenges, opportunities and areas for future
research. – Occasional Paper 115. CIFOR, Bogor, Indonesia,
<https://www.cifor.org/publications/pdf_files/OccPapers/
OP-115.pdf>.
Lele, S. et al. 2017. ResourceSelection: resource selection (probability) functions for use-availability data. R package ver. 0.3-2.
– <https://CRAN.R-project.org/ package=ResourceSelection>.
Mace, R. et al. 1996. Relationships among grizzly bears, roads and
habitat in the Swan Mountains, Montana. – J. Appl. Ecol. 33:
1395–1404.
Meijaard, E. 1999. Human-imposed threats to sun bears in Borneo.
– Ursus 11: 185–192
Meredith, M. and Ridout, M. 2017. overlap: estimates of coefficient of overlapping for animal activity patterns. R package ver.
0.3.0. – <https://CRAN.R-project.org/package =overlap>.
Mitchell, A. H. 1995. Ecology of Hose’s langur Presbytis hosei in
mixed logged and unlogged dipterocarp forest of northeast
Borneo. – Thesis, Yale Univ., USA.
Moran, P. A. P. 1950. Notes on continuous stochastic phenomena.
– Biometrika 37: 17–23.
Muposhi, V. K. et al. 2016. Edge effects: impact of anthropogenic
activities on vegetation structure and diversity in western
Umfurudzi Park, Zimbabwe. – Afr. J. Ecol. 54: 450–459.
Nazeri, M. et al. 2012. Predictive modeling and mapping of
Malayan sun bear Helarctos malayanus distribution using maximum entropy. – PLoS One 7: e48104.
Newbold, T. et al. 2020. Global effects of land use on biodiversity
differ among functional groups. – Funct. Ecol. 34: 684–693.
Nor, S. M. et al. 1989. Rhino survey in Tabin Wildlife Reserve,
Lahad Datu. – Tabin Wildl. Reserve 3: 77.
Normua, F. et al. 2004. Notes on oil palm plantation use and
seasonal spatial relationships of sun bears in Sabah, Malaysia.
– Ursus 15: 227–231.
Nyhus, P. J. 2016. Human–wildlife conflict and coexistence. –
Annu. Rev. Environ. Resour. 41: 143–171.
Packer, C. et al. 2005. Lion attacks on humans in Tanzania. –
Nature 436: 927–928.
Parks, S. A. and Harcourt, A. 2002. Reserve size, local human
density and mammalian extinctions in US protected areas. –
Conserv. Biol. 16: 800–808.
Ratnayeke, S. et al. 2007. Landscape characteristics of sloth bear
range in Sri Lanka. – Ursus 18: 189–203.
Ratnayeke, S. et al. 2018. Carnivore hotspots in Peninsular Malaysia
and their landscape attributes. – PLoS One 13: e0194217.
Ratnayeke, S. et al. 2014. Challenges of large carnivore conservation: sloth bear attacks in Sri Lanka. – Hum. Ecol. 42: 467–479.
Rosenblatt, E. et al. 2016. Effects of a protection gradient on carnivore density and survival: an example with leopards in the
Luangwa valley, Zambia. – Ecol. Evol. 6: 3772–3785.
Schwartz, C. C. et al. 2010. Hazards affecting grizzly bear survival
in the Greater Yellowstone ecosystem. – J. Wildl. Manage. 74:
654–667.
Scotson, L. et al. 2017a. Helarctos malayanus. The IUCN Red List
of threatened species 2017: e.T9760A45033547. – <https://
d x . d o i . o r g / 1 0 . 2 3 0 5 / I U C N . U K . 2 0 1 7 - 3 . R LT S .
T9760A45033547.en>, accessed 2 December 2020.
Scotson, L. et al. 2017b. Projecting range-wide sun bear population
trends using tree cover and camera-trap bycatch data. – PLoS
One 12: e0185336.
Servheen, C. 1999. Sun bear conservation action plan. – In:
Servheen, C. et al. (eds), Bear-status survey and conservation
action plan. IUCN, Gland, Switzerland, pp. 219–222.

Sethy, J. and Chauhan, N. P. S. 2013. Human–sun bears conflict
in Mizoram, north-east India: impact and conservation management. – Int. J. Conserv. Sci. 4: 317–328.
Sharma, P. et al. 2020. Mapping human‒wildlife conflict hotspots
in a transboundary landscape, eastern Himalaya. – Global Ecol.
Conserv. 24: e01284.
Shepherd, C. and Shepherd, L. A. 2010. The poaching and trade
of Malayan sun bears in Peninsular Malaysia. – Traffic Bull. 23:
49–52.
Skuban, M. et al. 2017. Bears napping nearby: daybed selection by
brown bears Ursus arctos in a human-dominated landscape. –
Can. J. Zool. 96: 1–11 <https://doi.org/10.1139/cjz-2016-0217>.
Sodhi, N. S et al. 2004. Southeast Asian biodiversity: an impending disaster. – Trends Ecol. Evol. 1912: 654–60.
Sodhi, N. S. et al. 2010. The state and conservation of southeast
Asian biodiversity. – Biodiv. Conserv. 19: 317–328.
Strien, N. J. van. 1986. The Sumatran rhinoceros (Dicerorhinus
sumatrensis) in the Gunung Leuser National Park, Sumatra,
Indonesia: its distribution, ecology and conservation. – Verlag
Paul Parey, Hamburg.
Tilker, A. et al. 2019. Habitat degradation and indiscriminate hunting differentially impact faunal communities in the southeast
Asian tropical biodiversity hotspot. – Commun. Biol. 2: 396.
Treves, A. 2009. The human dimensions of conflicts with wildlife
around protected areas. – In: Manfredo, M. J. et al. (eds),
Wildlife and society: the science of human dimensions. Island
Press, Washington D.C., USA, pp. 214–228.
Tucker, M. A. et al. 2018. Moving in the Anthropocene: global
reductions in terrestrial mammalian movements. – Science
359: 466–469.
Turner, E. and Foster, W. A. 2006. Assessing the influence of bird’s
nest ferns Asplenium spp. on the local microclimate across a
range of habitat disturbances in Sabah, Malaysia. – Selbyana
27: 195–200.

Vaidyanathan, S. et al. 2010. Patterns of tropical forest dynamics
and human impacts: views from above and below the canopy.
– Biol. Conserv. 143: 2881–2890.
Verbyla, D. L. and Litvaitis, J. A. 1989. Resampling methods for
evaluating classification accuracy of wildlife habitat models. –
Environ. Manage. 13: 783–787.
Watson, J. E. M. et al. 2014. The performance and potential of
protected areas. – Nature 515: 67–-73.
Wells, S. L. et al. 2019. Grizzly bear depredation on grazing allotments in the Yellowstone Ecosystem. – J. Wildl. Manage. 83:
556–566.
Wilson, C. C. and Wilson, W. L. 1975. The influence of selective
logging on primates and some other animals in east Kalimantan.
– Folia Primatol. 23: 245–274.
Wilson, M. F. J., et al. 2007. Multiscale terrain analysis of multibeam bathymetry data for habitat mapping on the continental
slope. – Marine Geodesy 30: 3–35.
Wilson, W. L. and Johns, A. D. 1982. Diversity and abundance of
selected animal species in undisturbed forest, selectively logged
forest and plantations in east Kalimantan, Indonesia. – Biol.
Conserv. 24: 205–218.
Wittemyer, G. et al. 2008. Accelerated human population growth
at protected area edges. – Science 321: 123–126.
Wong, S. T. et al. 2004. Home range, movement and activity patterns, and bedding sites of Malayan sun bears Helarctos
malayanus in the rainforest of Borneo. – Biol. Conserv. 119:
169–181.
Wong, W. M. and Linkie, M. 2013. Managing sun bears in a
changing tropical landscape. – Divers. Distrib. 19: 700–709.
Woodroffe, R. and Ginsberg, J. R. 1998. Edge effects and the
extinction of populations inside protected areas. – Science 280:
2126–2128.
Yue, S. et al. 2015. Oil palm plantations fail to support mammal
diversity. – Ecol. Appl. 25: 2285–2292.

11
Downloaded From: https://bioone.org/journals/Wildlife-Biology on 03 May 2021
Terms of Use: https://bioone.org/terms-of-use

