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Abstract

Crude petroleum and its refined products are principal energy sources driving
industrialisation; albeit, the resultant pollution of the natural environment is antithetical
to sustainable development. Soil pollution arising from the release of petroleum
hydrocarbons causes changes in the soil microbial community structure and functional
diversity, which can result in significant impact on soil ecosystem functioning. A
number of physical, chemical and biological processes determine hydrocarbon fate in
soil, but microbial degradation is generally considered to be the most important loss
process. The overall aim of this project was to assess the biodegradation of aliphatic
and polycyclic aromatic hydrocarbons in soils contaminated with petroleum oil. The
effects of the presence and concentration of co-contaminants, the presence and
concentration of HP-B-CD, and of prescribed fire on microbial catabolic activity in
soils were investigated. Selected soils from the UK and the Antarctic (SOM <1-27%
and clay <0.01-42%) provided a good basis for evaluating the influence of soil
physicochemical properties. Levels of hydrocarbons in the background soils reflect
their proximity to anthropogenic input sources. Indigenous mineralisation of target
hydrocarbons was measured using '*C-radiorespirometry in the background soils and
soils amended with increasing diesel oil concentrations analogous to the spatial
heterogeneity in contaminant levels common at polluted sites. The '*C-hydrocarbons
used were naphthalene, phenanthrene, benzo[a]pyrene, hexadecane and octacosane.
Collectively, the results from studies of effect of diesel concentration highlight the
need to consider the potential variations in the development of indigenous catabolic
activity towards various hydrocarbons when designing bespoke remediation strategies,
as contaminant levels varied widely, even on a millimetre/centimetre-scale, in polluted
soils. The efficiency of microbial utilisation of labile C-substrate was also influenced
by the initial diesel concentration and soil contact time; the use of in-situ derived kgc
values is advised to quantify microbial biomass-C in petroleum oil-polluted soils. The
failure of HP-B-CD to promote greater benzo[a]pyrene mineralisation despite a
significantly enhanced solubilisation has weighty ecotoxicological implications for
cyclodextrin-aided bioremediation of PAH-impacted soil. The negligible long-term
effects on overall microbial activity and PAH degradative ability of soils and the
substantial reduction of contaminant burdens in soil suggest low-severity prescribed

fire as a practicable first-line option for remediation of heavily oil-polluted soils.
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Introduction to thesis

1.1. Petroleum oil pollution of soil environments

Crude petroleum and its refined products provide a substantial energy source to drive
the heavy engines of industrialisation; albeit, the resultant pollution of the natural
environment is antithetical to sustainable development. Humanity is continuously been
enmeshed in clouds of emissions and streams of effluents from both mobile machines
that crisscross, and immobile installations that dot the landscape of our cities and rural
areas. Leaks and accidental spills may occur during crude petroleum exploration
onshore or offshore, but soil pollution during refining seems to be of minor importance
since most of the process is carried out in closed systems (Cerniglia, 1992). Principally,
the large-scale anthropogenic pollution of soil occurs during storage and transportation
as a result of petroleum oil spills, and at railroad yards or filling stations during
refuelling of vehicles (Wilson and Jones, 1993). Careless handling during disposal of
oil wastes may also contribute to the burden of petroleum oils in the soil environment.
It is difficult to quantify the actual pollution of the terrestrial environment by oil
because some of the incidents are unintentional (e.g., accidental spillage from oil
tankers); it is estimated that over one million tonnes of oil are spilled into UK
terrestrial ecosystems every year (Ripley et al., 2002). Natural crude petroleum seepage
is estimated to be 600,000 metric tonnes per year with a range of uncertainty of
200,000 metric tonnes per year (Das and Chandran, 2011).

Crude petroleum and its derived oils, such as diesel oil, contain complex mixtures of
hydrophobic organic compounds (HOCs) — asphaltenes, aliphatic hydrocarbons
(AHCs) and polycyclic aromatic hydrocarbons (PAHs) which are potentially
recalcitrant and accumulate in the environment (Wang and Bartha, 1990). High

concentrations of petroleum oils in soil represent both ecological and ecotoxicological
1
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risks as oils contain both aliphatic and aromatic hydrocarbons, some of which possess
toxic, carcinogenic and mutagenic properties, and can persist in soil. Specifically,
PAHs are of the largest threat to human health due to their added resistance to
biological, chemical and photolytic breakdown (Semple et al., 2003); as of January
2008, the United States Environmental Protection Agency (US EPA) designated 28
PAHs as priority pollutants (Gan et al., 2009). Accidental leakages or large-scale spills
of petroleum oils can significantly impact on vast expanses of sensitive ecosystems
with enormous effects on wildlife and the human society; severe damages to aquatic
and terrestrial habitats, injuries and sometimes death of plants and animals have been
reported (George et al., 2011). A recent review highlights the effects of exposure to
spilled oils on human health to range from acute physical effects, such as vegetative-
nervous symptoms, skin and mucous irritations to psychological trauma and, to

genotoxic and endocrine effects in exposed individuals (Aguilera et al., 2010).

1.2. Physicochemical and biological properties of petroleum hydrocarbons

As the main components of fuels and oils, AHCs are a group of non-aromatic and non-
cyclic hydrocarbons. Structurally, they can be sub-divided as: (i) alkanes — saturated
hydrocarbons with C—C bonds; (ii) alkenes — unsaturated hydrocarbons containing
double C=C bonding; and (iii) alkynes — unsaturated hydrocarbons containing a triple
C=C bond (Stroud et al., 2007b). Table 1 shows the physicochemical properties of
selected AHCs. Mid-length (C;—Cy) alkanes are non-polar, virtually water insoluble
with increasing melting and boiling points as carbon number increases within the
molecule. Most alkanes exist as either non-aqueous phase liquids (NAPLs) (e.g.
hexadecane) or solids (e.g. octacosane) at room temperature, making them not readily

volatilised or leached from soil (Aislabie et al., 2008; Serrano et al., 2008). Compared
2
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to PAHs of similar molecular weight or hydrophobicity (e.g., chrysene or
dibenz[a h]anthracene vs. hexadecane), AHCs are likely to be more susceptible to
microbial degradation in soils (Stroud et al., 2007a; Wentzel et al., 2007). This is
largely due to their related analogous structures to many lipids and/or fatty acids
occurring naturally in the environment; hence, the enzymatic pathways for AHCs
degradation are often constitutive in the soil microorganisms. However, the extent of
biodegradation of AHCs observed in soils is typically lower than their PAH
counterparts (Chaineau et al., 1995); this being the greater effect of the factors of
bioaccessibility on AHCs than PAHs.

PAHs consist of two or more fused benzene rings and/or pentacyclic molecules that are
arranged in linear, angulate or clustered arrays (Cerniglia, 1992). Although
anthropogenic sources significantly contribute to PAHs found as environmental
contaminants, natural processes, such as bush fires, and during thermal geologic
events, add to the PAH burdens in soils (Bamforth and Singleton, 2005). PAHs have
been detected in various environmental media including air (Kim et al., 2013), water
and sediment (Lewis et al., 2011), and soil (Wilcke, 2007). The ubiquitous distribution
of PAHs in soils is partly because they are also products of incomplete combustion
(Kim et al., 2013), or produced biogenically by microorganisms associated with
termites (Musa Bandowe ef al., 2009) and partly due to their persistence and increased
chemical recalcitrance in soil (Bamforth and Singleton, 2005). The amounts of PAHs
can range from a few pg kg™ to hundreds of g kg™ in soils, depending on the source of
pollution (Kanaly and Harayama, 2000). The physicochemical properties of PAHs, to a
large extent, govern their bioavailability/bioaccessibility, biodegradability or
recalcitrance and acute toxicity or mutagenicity/genotoxicity. PAH bioaccessibility

(which is determined by aqueous solubility and hydrophobicity) as well as
3
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biodegradability decreases as aromatic ring number increases; also volatility decreases
with increasing ring number. Apparently, acute toxicity decreases and mutagenicity
increases as ring number increases; higher-molecular-weight (HMW)-PAHs exhibit
lower toxicity than lower-molecular-weight (LMW)-PAHs mainly because of
decreased solubility (Sverdrup et al., 2002). Most HMW-PAHs are believed to possess
carcinogenic and mutagenic properties (Hu et al., 2012). Some of the physicochemical
properties of the 16 US EPA priority PAHs are presented in Table 2. Excellent reviews
on the physicochemical properties and genotoxicity, as well as biodegradability of
various AHCs and PAHs are available in the literature (e.g., Juhasz and Naidu, 2000;
Stroud et al., 2007b; Seo et al., 2009; Kim et al., 2013). Here, a brief discussion of the

selected AHCs and PAHs used in the studies presented in this thesis is undertaken.

1.2.1 Hexadecane and Octacosane

Hexadecane (nC;gHs4) and octacosane (nC,sHsg), which are saturated AHCs with C—C
bonds, have molecular weights of 226.44 and 394.77 g mol™, respectively (Table 1). In
general, AHCs have high n-octanol-water partition coefficient (log K,,) values (e.g.,
that of hexadecane is 9.1), indicating that the compounds are highly hydrophobic and
virtually insoluble in water. Along with other AHCs and PAHs, hexadecane and
octacosane are usually present in petroleum oils. Hexadecane exists as a liquid while
octacosane is a white powdery or waxy solid at room temperature; although not
individually produced industrially, hexadecane is found in several products and can be
used as lamp oil and as a solvent. Although almost insoluble in the aqueous phase,
biodegradation of hexadecane or octacosane can be relatively rapid and extensive in
water and soil matrices (Aislabie er al., 2008; Bouchez-Naitali and Vandecasteele,

2008: Towell et al., 2011a). The rapid mineralisation of hexadecane to CO; is thought
4
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to be due, in part, to the constitutive nature of the enzymatic pathways used for its
biodegradation, and in part, to the ability of microorganisms to adapt via certain
specialised mechanisms to enhance the passive uptake of poorly-soluble AHCs (Whyte
et al., 1998; Stroud et al., 2007b). These mechanisms include the hydrophobic nature
of microbial cell walls to facilitate direct cell contact with the AHCs and/or the
production of biosurfactants to promote higher solubilisation of the AHCs (Bouchez-

Naitali et al., 2001; Stroud et al., 2007b; Bouchez-Naitali and Vandecasteele, 2008).

Table 1: Physicochemical properties of selected aliphatic hydrocarbons (Howard and

Meyln, 1997; Stroud et al., 2007b).

Aliphatic MW?®  Structure mp” bp° Sol? K,.*
Tetradecane  198.38 @ 5.5 253 0.0003 72
Hexadecane  226.64 d\A} 18 287 0.0009 9.1
Hexadecene 22443 ©, 35 274 NA  NA
Hexadecyne  222.42 {AE 15 148 N/A N/A
//\\
Octacosane  394.77 57-62 278 N/A N/A
A

* MW: molecular weight (g mol") ® mp: melting point (°C); © bp: boiling point (°C); ¢ Sol: aqueous solubility (mg 1),
¢ log K,»: logarithm of the n-octanol-water partitioning coefficient.

A large number of bacteria and fungi, as well as some algae capable of using AHCs as
carbon and energy source have been described. Wentzel et al. (2007) provides a
detailed listing of isolated bacterial strains characterised for the degradation of long-
chain n-alkanes. Bacteria able to rapidly degrade and mineralise hexadecane and
octacosane are frequently identified as members of the genera Rhodococcus and

Pseudomonas (Aislabie et al., 2012) and sometimes as Xanthomonas, Acinetobacter
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and Defluvibacter (Tzintzun-Camacho er al, 2012). The aerobic bacterial AHC
degradation pathways have been reviewed (Wentzel ef al., 2007). Like other n-alkanes,
aerobic degradation of hexadecane or octacosane can be initiated by broad specificity
Cu-monooxygenases attacking the terminal methyl group to produce primary alcohol
or by dioxygenases to form aldehydes through n-alkyl hydroperoxides without an
alcohol intermediate, respectively. The alcohol is oxidised to the corresponding
aldehyde and fatty acid, which are further oxidised by cytoplasmic [B—oxidation
enzymes to tricarboxylic acid (TCA) (Van Hamme et al., 2003). An alternative sub-
terminal oxidation pathway for biodegradation of n-alkane with C3—Cg and >Cy4 chain
lengths to form secondary alcohols and ketones has been reported (Whyte et al., 1998).
Paper III investigates the impact of diesel concentration and contact time in soil on
indigenous catabolism of hexadecane. Paper XII studies the effects of soil amendments

on biodegradation of hexadecane and octacosane by indigenous soil microflora.

1.2.2. Naphthalene

Naphthalene (C,oHg) is a PAH with two aromatic rings; it has a molecular weight of
128.2 g mol™' and a log K, of 3.37 (Table 2). Naphthalene is therefore relatively
soluble in water and has a half-life of 80+ days in soil, indicating that it is readily
degradable by indigenous microorganisms. Beside its presence in petroleum oil,
naphthalene can also be produced naturally by microorganisms associated with termites
(Wilcke et al., 2003; Musa Bandowe er al., 2009), and can be produced industrially for

use in the production of plastics, dyes, resins, lubricants, and pesticides (Mumtaz et al.,

1996).
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Table 2: Structure and physicochemical properties of priority PAHs (Wild and Jones,

1995, Sverdrup et al., 2002).

PAH NR*  MW° Structure mp* bp* Sol® Ko
Naphthalene (NC) 2 1282 79-82 218 320 337
Acenaphthene (NC) 2 1522 0.0 95 265-275 530  3.94
Acenaphthylene (NC) 2 154.2 O’O 72-82 96.2 3.93 4.07
Fluorene (NC) 2 1662 115-116 295 185 415
Phenanthrene (NC) 3 178.2 99 340 1.29 4.22
Anthracene (NC) 3 178.2 218 340 0.64 441
Fluoranthene (NC) 32023 O.% 110 ~375 0.25 4.74
Pyrene (NC) 4 2021 O‘O‘ 156 360 0.14 482
Benzo[a]anthracene (C) 4 228.3 QO‘O 158 400435 0.01 5.25
Chrysene (WC) 4 2283 OO?O 255 488 0.002 561
Benzo[b]fluoranthene (C) 4 252.3 O‘%Q 168 - - 6.11
Benzo[k]fluoranthene (C) 4 2523 00’8 215 480 - 6.11
Benzo[a]pyrene (SC) 5 2523 O‘Gg 179 496 0.0038 6.04
Dibenz[a,h]anthracene (C) s 2784 L T I 273 - 0.0005  6.84
LI
Benzo[g,h,ijperylene (NC) 6 2764 [ 262 550 0.00026  6.20
Indeno[1,2,3-c,dJpyrene (C) 6 2763 , ‘. :‘ 163 536 0.062  7.66

TNR: number of benzene rings; ° MW: molecular weight (g mol™) € mp: melting point (°C); ¢ bp: boiling point (°C); © Sol: aqueous
solubility (mg I''): * log K. logarithm of the n-octanol-water partitioning coefficient. (NC): Non-carcinogenic; (C): Carcinogenic;

(WC): Weakly-carcinogenic: (SC): Strongly-carcinogenic

Several microorganisms isolated from environmental samples have been described

with the ability to degrade and mineralise naphthalene as a sole source of carbon and

~
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energy (Cerniglia, 1992; Juhasz and Naidu, 2000). The indigenous soil microflora in
both pristine and contaminated soils have been shown to possess relatively high
degradative potentials for naphthalene (Wilcke, 2007; Kumar and Khanna, 2010; Jones
et al., 2011). This has been linked to the localisation of most of the aromatic ring-
hydroxylating dioxygenases (ARHDs), such as NAH7 plasmid-encoded genes, used in
biodegradation of naphthalene and most other LMW-PAHs on conjugative plasmids
that can readily transfer horizontally between and within the PAH-degrading
populations (Akhmetov et al.,, 2008). This unique property enhances degradative
potentials of soils and promotes rapid adaptation of soil microflora to the presence of
these contaminants in the environment (DeBruyn et al., 2011). Naphthalene-degrading
bacteria commonly found in contaminated soils belong to the genera Alcaligenes,
Burkholderia, Mycobacterium, Polaromonas, Pseudomonas, Ralstonia, Rhodococcus,
Sphingomonas, and Streptomyces (Seo et al., 2009). Naphthalene degradative pathways
in many bacteria are well characterised (Seo et al., 2009; Baboshin and Golovleva,
2012). In general, degradation is initiated through hydroxylation of one of the aromatic
rings by the multicomponent ARHD enzyme, naphthalene dioxygenase, to cis-(1R,2S)-
dihydroxy-1,2-dihydronaphthalene; this is followed by dehydrogenation to 1,2-
dihydroxynaphthalene and its subsequent breakdown to salicylate, which is further
catabolised via ring fission in the meta- or ortho-pathways to CO, + H,O (Figure 1).

Paper II investigates the impact of diesel concentration and contact time in soil on
indigenous catabolism of naphthalene. Paper IX studies the impacts of prescribed fire
on biodegradability of naphthalene in diesel oil-amended soil. Paper XII studies the
effects of soil amendments on biodegradation of naphthalene by indigenous soil

microflora.
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Figure 1: Naphthalene degradative pathways in bacteria (modified from Bamforth and

Singleton, 2005).

1.2.3. Phenanthrene

Phenanthrene (Cy4H;¢) is a PAH with three aromatic rings; it has a molecular weight of
1782 g mol” and a log K, of 4.22 (Table 2). The presence of phenanthrene in diverse
background soils and the global pattern of its distribution indicate that this compound
may also be produced naturally (Wilcke, 2007). Relative to other PAHs, phenanthrene
is usually found in high concentrations in uncontaminated and petroleum oil-
contaminated soils (Juhasz and Naidu, 2000; Agarwal ef al., 2009).

Factors affecting microbial degradation of phenanthrene in soils have been extensively
studied (Bamforth and Singleton, 2005; Seo ef al., 2009). Although relatively more
persistent in soil than naphthalene, the half-life of phenanthrene ranged widely in soils;
14-8157 days in spiked soils or 83-2081 days in sewage sludge-amended soils

(Northcott and Jones, 2001), with an average of <140 days (Rostami and Juhasz, 2011).
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Several microorganisms able to utilise phenanthrene as a sole source of carbon and
energy have been isolated and identified to belong to the genera Acidovorax,
Arthrobacter,  Brevibacterium, Burkholderia, =~ Comamonas, Mycobacterium,

Pseudomonas, and Sphingomonas (Seo et al., 2009).
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Figure 2: Phenanthrene degradative pathways in bacteria (Seo et al., 2009).

As shown in Figure 2 enzymatic degradation of phenanthrene is usually initiated
through the activities of ARHD enzymes on the C3—C4 bond to yield cis-3,4-dihydroxy-
3,4-dihydrophenanthrene, followed by dehydrogenation to 3,4-dihydroxyphenanthrene
and further catabolism to 1-hydroxy-2-naphthoic acid. Subsequent cleavage of the ring
of the diol via the meta- (phthalic route) or ortho-pathway (naphthalic route) leads to
formation of phthalic acid or salicylic acid, respectively. Because phenanthrene
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contains bay- and K-regions, formation of an epoxide, which is thought to be
carcinogenic, is possible via the oxidative action of cytochrome P459 monooxygenases
in non-ligninolytic fungi; subsequent catabolism via dehydrogenases and further to ring
fission then follows (Samanta et al., 2002; Bamforth and Singleton, 2005).

Paper III investigates the impact of diesel concentration and contact time in soil on
indigenous catabolism of phenanthrene. Paper V studies the biodegradation of
phenanthrene under complex contaminant systems in soils with differing properties.
Paper IX studies the impacts of prescribed fire on biodegradability of phenanthrene in
diesel oil-amended soil. Paper XII reports the effects of soil amendments on

biodegradation of hexadecane and phenanthrene by indigenous soil microflora.

1.2.4. Benzo[a]pyrene

Benzo[a]pyrene (CyoH1y) is a PAH with five aromatic rings; it has a molecular weight
of 252.3 g mol” and a log K, of 6.04 (Table 2). Benzo[a]pyrene has low polarity,
solubility and vapour pressure (5.0 x 107 Pa), as well as a large resonance energy
which make the chemical structure thermodynamically stable (Bamforth and Singleton,
2005). Aside from its presence in refined petroleum oils, benzo[a]pyrene is generated
by incomplete combustion of biomass, and in fossil fuels; there is no commercial
production or use of it. Benzo[a]pyrene is one of the most widely studied PAHs due to
its ecological and ecotoxicological significance (Juhasz and Naidu, 2000). Studies have
demonstrated the genotoxicity of PAHs with at least four rings (Sverdrup et al., 2002;
Martin et al., 2005; Hu et al., 2012).

Benzo[a]pyrene can cause tumours on experimental animals through various exposure
routes, e.g. dermal and oral administration, inhalation, subcutaneous and intramuscular

applications (Juhasz and Naidu, 2000). Once it enters into the food chain,
11
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benzo[a]pyrene is transformed to genotoxic metabolites, which can interact with DNA
and proteins forming extremely reactive bulky adducts and causing mutagenicity and
carcinogenicity in mammals (Juhasz and Naidu, 2000; Hu ef al., 2012). A survey of
uncontaminated soils in Wales indicate background concentrations of benzo[a]pyrene
ranging from 3.5 to 3700 pg kg™ with an average concentration of 16 g kg, in
contrast with the overall PAH levels ranging from ca. 100 to ca. 55000 pg kg (Jones
et al., 1989b). In another study carried out at Rothamsted Experimental Station in the
UK, Jones et al. (1989a) reported an increase in benzo[a]pyrene concentration of 20-
fold since the 1890s.

Like some other HMW-PAHs, benzo[a]pyrene biodegradation is typically very slow,
causing the compound to persist longer in soils than naphthalene and phenanthrene;
estimated half-life is <2 years (Rostami and Juhasz, 2011). The low levels of
benzo[a]pyrene in background soils and the inability of most microorganisms to utilise
it as a sole source of carbon and energy are thought to limit its catabolism in soils (Seo
et al., 2009). Factors limiting benzo[a]pyrene biodegradability have been reviewed
(Juhasz and Naidu, 2000). Relatively few bacteria capable of degrading benzo[a]pyrene
have been isolated and described, but those that have belong mainly to the genera
Beijernickia, Mpycobacterium, Pseudomonas, Rhodococcus, Sphingomonas and
Stenotrophomonas (Juhasz and Naidu, 2000); these organisms are not known to
mineralise benzo[a]pyrene as pure cultures. A number of fungi including members of
the genera Aspergillus, Candida, Cunninghamella, Nematoloma, Neurospora,
Penicillium, Phanerochaete, Pleurotus, Saccharomyces, Syncephalastrum and
Trametes, and the algal species Selenastrum capriconutum have been reported to

biodegrade benzo[a]pyrene in the presence of other growth substrates (Juhasz and

Naidu, 2000).
12



257

258

259

260

261

262

263

264

265

266

267

268

269

270

271

wH cis-9.10-Bal
OH
af 1
H OH 0“}
cis-4,5-BaP-dihydrodiol cis-7.8-BaP-dihydrodiol

l e <>*° O L

i oxypyren-7-yl}- “
2- -3 id
xobur-3-enoic aci =
OO C=0 Qe OO
C

=z | 8
oF | ? (a]
OHOH OH

ris-4-(7-hydroxypyren-8-vi)-
2-oxobut-3-enoic acid

o
D D

I 7.8-dihydro-pyrene- 7.8-dihydro-pyrene-
O J_carboxylic acid R-carboxyhc acid

3
2k
°%
3Z
ke

4,5-chryscne-dicarboxylic acid

Figure 3: Proposed benzo[a]pyrene degradative pathway in bacteria (Gibson ef al.,

1975).

Figure 3 outlines a proposed pathway for the bacterial degradation of benzo[a]pyrene.
Similar to the LMW-PAHs, the enzymatic degradation of benzo[a]pyrene in bacteria is
initiated by multicomponent dioxygenases to a number of benzo[a]pyrene-dihydrodiols
(cis-4,5-; cis-7,8-; cis-9,10-), depending on the bacterial species and growth conditions.
The ring cleavage of the hydroxylated compound results in cis-4-(-7-hydroxypyren-8-
yl)-2-oxobut-3-enoic acid from the meta fission (Gibson et al., 1975) or 4,-chrysene-
dicarboxylic acid from the ortho fission (Schneider et al., 1996).

A major part of this thesis is devoted to investigating the effects of diesel concentration
on the degradative ability of indigenous soil microflora for benzo[a]pyrene (Papers II
and V); the effect of cyclodextrin on enhancing benzo[a]pyrene biodegradation (Papers

VI and VII); the contributory effect of bioaccessibility to benzo[a]pyrene

13



272

273

274

275

276

277

278

279

280

281

282

283

284

285

286

287

288

289

290

291

292

293

294

biodegradation (Paper VIII); and the effect of prescribed fire on benzo[a]pyrene

biodegradation in diesel oil-amended soil (Paper IX).

1.3. Fate and behaviour and factors affecting hydrocarbon biodegradation in soil
1.3.1. Fate and behaviour of soil-associated hydrocarbons

Spills of petroleum oils readily spread across the soil, depending on the oil viscosity
and spill volume, soil texture, vegetation cover and topography; the volatile
components evaporate from the surface and the rest dissolve into soil pore, adsorb to
soil particulate materials or leach into the subsurface. Microbial degradation begins, as
well as chemical or photo-oxidation, which collectively removes a large portion of the
oil in soil; sequestration (including sorption and diffusion) of oil into soil also proceeds
(Figure 4). Overtime, chemical and biological weathering alter the composition of the
spill residues; these processes are dependent on a number of variables including
environmental, edaphic and (micro)biological, as well as the physical and chemical
properties of individual hydrocarbon (Semple et al., 2003).

The fate and behaviour of hydrocarbons is believed to depend largely on the
physicochemical properties of the hydrocarbons and the soil-hydrocarbon-microbes
interactions (Hatzinger and Alexander, 1995; Stokes et al., 2005; Stroud e al., 2007a).
Figure 5 shows a theoretical loss curve for four different classes of hydrocarbons in soil
where microbial action and the physical-chemical interactions of soil with hydrocarbon
are occurring simultaneously. In general, hydrocarbons with low K, and high aqueous
solubility and volatility are more mobile and degradable, resulting in their rapid loss

from soil (A); this is typical of naphthalene and other mono-aromatic hydrocarbons.
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Figure 4: Fate and behaviour of hydrocarbons in soil (Okere and Semple, 2012).

Another process, which relates to hydrocarbons with high Kow, and low aqueous
solubility and volatility, indicates the very slow degradation of HMW-PAHs that do
not readily support microbial growth (B1l) or the steady removal of /7-alkanes that are
constitutively biodegradable but not readily bioavailable (B2). The difference in the
chemical structure is a significant factor for which AHCs with comparable or higher
Kowcan be more biodegradable than PAHs. A third process, and which is common to
many PAHs, is a biphasic behaviour govern by the counter-balancing of the influences

of microbial activity on the readily available/degradable fraction and the sequestration
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306 effect of soil on the non-bioaccessible fraction as soil-hydrocarbon contact time

307 increased (C).

Hydrocarbon concentration (%)

Time

308

309  Figure 5: Theoretical loss curves for different classes of hydrocarbons (adapted from
310  Stokes et al., 2005). A: low K,,; B1: high K,,,, do no support growth; B2: high K,,,,
311 readily support growth; C: moderate X,,,; support growth.

312

313  The process of sequestration, also termed ageing (Alexander, 1995; Hatzinger and
314  Alexander, 1995), has been demonstrated through various studies to be dependent on a
315 number of factors, including the quality and quantity of soil organic matter (SOM) and
316 mineral components, type and concentration of target hydrocarbon, presence and
317  concentration of co-contaminants, abundance, diversity and degradative ability of
318  microorganisms present, as well as other soil variables like pH, inorganic nutrients,
319 oxygen and moisture content and temperature (Reid et al, 2000). Over time,
320  hydrocarbons become sorbed to organic matter or trapped within micropores in soil;
321 this decreases their bioavailability and makes them resistant to biodegradation,

322  preventing their complete removal from soil (Bosma et al., 1997).
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1.3.2. Factors affecting biodegradation of hydrocarbons

Once the hydrocarbons enter soil, they can follow a number of different routes, e.g.
transformed by photo- and chemical oxidation (Shiaris, 1989), degraded through
biological processes, or sequestered to soil particles, as depicted in Figure 4. While
some indigenous microorganisms are inherently more adept at degrading specific
hydrocarbons, others require time to adapt. Most AHCs, such as hexadecane, possess
similar molecular structures to those compounds primarily used by microorganisms in
uncontaminated soils, which make them constitutively degradable (Stroud et al.,
2007b; Wentzel et al., 2007). PAHs, on the other hand, are made up of two or more
fused benzene rings which are comparatively resistant to biodegradation and therefore
require time for the induction of appropriate catabolic enzymes (Cerniglia, 1992).
Inducible degradation is developed in microorganisms through a series of processes,
known as adaptation, occurring either individually or in combination: (i) the induction
of specific enzymes suitable for the degradation of the hydrocarbon; (ii) increased
degradative ability through genetic changes and/or; (iii) selective enrichment of
organisms that hold the desired degradative potential (Spain and Van Veld, 1983). In
instances where the hydrocarbons, such as benzo[a]pyrene, are typically unsuitable as a
sole carbon source, extended time and the presence of other growth substrates and/or
microorganisms are required for complete degradation to occur (Dalton et al., 1982).

In addition to the abundance and diversity of microorganisms with competent
degradative ability for the target hydrocarbons, a number of environmental and edaphic
factors also influence, directly or indirectly, the rate and extent of biodegradation.
Studies showed that the overall rates of degradation of hydrocarbons are influenced by

temperature, pH, oxygen and water content, composition and concentration of

17



348

349

350

351

352

353

354

355

356

357

358

359

360

361

362

363

364

365

366

367

368

369

inorganic nutrients (Bamforth and Singleton, 2005; Das and Chandran, 2011). In
general, optimal degradation of hydrocarbons is thought to occur in soils with a neutral
pH, a temperature range of 30—40 °C, a water content of 30-90% of their maximum
water holding capacity (WHC), and a C:N:P ratio of 100:10:1.

The rate and extent of hydrocarbon degradation in soil have also been shown to depend
on the interactions of soil physical-chemical components with the hydrocarbons. The
quality and quantity of mineral and organic components of soil, as well as the
arrangement of soil micro and nanopores (Nam and Alexander, 1998; Nam ez al., 1998)
affects, the presence, survival and invariably the overall activity (including degradative
ability) of soil microbial community (Macleod and Semple, 2000). Soil-hydrocarbon
contact time can also have effects on mineralisation. As contact time increased, the
ability of indigenous soil microflora to mineralise PAHs may be enhanced (Macleod
and Semple, 2006); this depends on the presence and concentration of co-contaminants
(Couling et al., 2010). Bioavailability of hydrocarbon is also affected through various
physical—chemical interactions with the soil components over time (Semple et al,
2007). Hydrocarbons with a large particle size may expect to be more biodegradable
than their smaller size counterparts as they are less likely to become trapped in pore
spaces of SOM and mineral components.

Results from Papers II, III, V-IX contained in this thesis indicate that the concentration
of diesel influenced the rate and extent of mineralisation of naphthalene, phenanthrene

and benzo[a]pyrene in soils.
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1.3.3. Issues of bioavailability/bioaccessibility in biodegradation of AHCs and HMW-
PAHs

For biodegradation of hydrocarbons to occurs, two steps are involved: the first, a
physical process — the passive uptake of the hydrocarbon molecules by microbial cells,
and the second, a biological process — the enzymatic transformation of the compounds
in the microbial cells. While the latter is a function of the intrinsic degradative ability
of the cells, the former is a function of bioavailability/bioaccessibility of the compound
to the cell (Semple er al., 2007). In most cases, mass transfer limitations prevent the
full exploitation of the microbial degradative potential (Bosma et al., 1997). The
concepts of bioavailability/bioaccessibility and the implications to hydrocarbon
biodegradation in soil and sediments have been comprehensively reviewed (Semple ef
al., 2004; 2007). Bioavailability (i.e., the ability of a compound to be freely transported
across the cell membrane for intercellular or available for extracellular metabolism)
may be the most important factor in determining the feasibility of bioremediation of
PAHs (Semple et al., 2004). Limited bioaccessibility is due to low aqueous solubility
of hydrocarbons and their tendency to partition onto soil mineral surfaces or to sorb
strongly to the soil organic matrices (Semple et al., 2003). A number of mechanisms
are thought to collectively influence bioaccessibility, and different mechanisms
predominate in any given situation; although, they are still not fully understood
(Semple et al., 2004; Rostami and Juhasz, 2011; Cui et al., 2013).

It is usually assumed that the aqueous phase-dissolved fraction of hydrocarbons is the
only one available to microorganisms; therefore, biodegradation rate is dependent on
the mass transfer of hydrocarbon molecules from solid or soil-bound phase and
desorption to the aqueous phase (Pignatello and Xing, 1995). The potentially

biodegradable fraction of HOCs in soil, which can be quantified chemically in the
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laboratory (i.e., the bioaccessible fraction), consists of the fraction that may readily
desorb from soil to and/or is present in the aqueous phase (Semple et al., 2007; Riding
et al.,, 2013). A number of studies have evidenced that microbial uptake of
hydrocarbons can also take place directly from soil interphase surfaces (Bogan er al.,
2003; Huesemann et al., 2003, 2004). In the case of straight-chain rn-alkanes like
hexadecane, studies to estimate bioaccessibility, and therefore, the extent of
mineralisation have showed that the desorbed fraction is always less than that of the
microbially-degraded fraction, indicating that the direct uptake of this class of
hydrocarbons from the soil inter-phase surfaces without prior desorption to the aqueous
phase is also an important contributor to their biodegradation (Huesemann et al., 2003,
2004). For benzo[a]pyrene, the measured bioaccessible fraction appears, in most cases,
to be greater than the maximum microbially-degradable fraction (Towell et al., 2011b).
Results from Papers VI and VII showed that the sorptive properties (SOM and clay
contents) of soil influenced benzo[a]pyrene dissolution rate from soil matrices;

however, benzo[a]pyrene mineralisation was negligibly influenced by these properties.

1.3.4. Growth-linked and cometabolic biodegradation — implications for HMW-PAHs

In the laboratory, the kinetics of the biodegradation or mineralisation of target
hydrocarbons in soil can be monitored through the conversion of 1C-labelled
hydrocarbons to C0, and/or intermediate or dead-end 14C-metabolites, which give a
representation of the catabolic capabilities of the degrading microorganisms. Typically,
hydrocarbon mineralisation occurs in three phases, and is usually represented by a
sigmoidal growth curve: the lag phase where the microbes are adapting and
reproducing; the rapid growth or the exponential phase where the catabolic activity of

the microbes is at its peak and mineralisation is rapidly occurring; and the plateau or
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the stationary phase where mineralisation has reached its maximum extent and '*CO,
production ceases. Semple er al. (2006) established that the maximum extent of
microbial mineralisation of a contaminant is directly proportional to the
bioaccessibility of the contaminant in soil and not the result of factors limiting the
catabolic activity of the microbes, such as lack of nutrients or mortality of the microbes
themselves. This appears to be largely true for hydrocarbons that can serve as growth
substrates for the degrading microorganisms. By contrast, the findings of research on
benzo[a]pyrene reported in this thesis (Papers II, V, VI, VII and VIII) indicate that
bioaccessibility plays a lesser role than the abundance and degradative ability of
degrading microbial community in benzo[a]pyrene mineralisation.

The inability of benzo[a]pyrene to readily serve as substrate for microbial growth
means its degradation depends on fortuitous catabolic activity of the degrading
microorganisms (Kanaly and Harayama, 2000; Kanaly et al, 2001; Kanaly and
Watanabe, 2004). This fortuitous action of microorganisms has been described as
cometabolism (Dalton et al., 1982; Slater et al., 1982). Cometabolism is the
transformation of a non-growth substrate in the obligate presence of a growth substrate
or another transformable compound (Dalton et al., 1982). Recently, an update of the
available literature on cometabolic degradation of HOCs has been reviewed (Nzila,
2013). Cometabolism appears to play an important role when assessing the degradation
capacities of the HMW-PAHs when their LMW-PAH counterparts are available as
primary substrate to supply carbon and energy that support microbial growth, allowing
the degradation of non-growth substrate (Juhasz and Naidu, 2000). The co-metabolite
may also induce production of catabolic enzymes that can catalyse the transformation

of the non-growth substrate (Gibson et al., 1975; Robertson and Alexander, 1994).
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1.3.5. Effect of co-contaminant concentrations on biodegradability of target
hydrocarbons

An important factor that may impact on hydrocarbon biodegradation in field
contaminated soils is the presence of co-contaminants; it is very rare to find a situation
where contamination arises from the presence of a single chemical. Biodegradation of a
target hydrocarbon may proceed at different rates and to different extents due to
various biological, chemical and/or physical limitations or changes induced by the
presence of co-contaminants (Bouchez et al., 1995; Ghoshal and Luthy, 1996). These
changes may affect the level of extant microbial activity as well as the extent of
bioavailability, and the subsequent biodegradation of the target hydrocarbon (Hughes
et al., 1997). Findings from previous studies suggested that that the development of
PAH catabolism is enhanced or repressed in the presence of co-contaminants (Bauer
and Capone, 1988; Efroymson and Alexander, 1994; Bouchez et al., 1995; Kanaly ef
al., 1997; Bouchez et al., 1999; Kanaly ef al., 2001; Swindell and Reid, 2006; Couling
et al., 2010). Collectively, these studies attributed the antagonistic and/or synergistic
interactions between microbial populations as well as the competitive and/or
simultaneous degradation of co-contaminants to the types and concentrations of the co-
contaminants, the kinds of microorganisms present and their catabolic preferences.
Most of these studies, however, have been conducted using binary or tertiary mixtures
of hydrocarbons, with only a few conducted in soils containing complex mixtures of
hydrocarbons, which reflect environmental scenarios and are more representative of
soils polluted with diesel, coal tar or creosote. Papers II, III, VI and IX contained in this
thesis address the effects of increasing concentrations of diesel on the development of

hydrocarbon degradative ability in soil. A direct quantitative comparison is generally
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lacking which considers variability in soil types. Papers V, VII and VIII comparatively

assess PAH biodegradation in different soil types.

1.3.6. Impact of prescribed fire on remediation of petroleum oil-contaminated soils

In practice, due to certain peculiar challenges, such as accessibility constraints to sites,
the prohibitive cost and/or ineffectiveness of adapting alternative options to specific
site conditions, as well as the regulatory requirements for immediate mandatory
actions, in situ prescribed fire is often permitted as a first-line remediation operation to
remove a large portion of the oil contaminants from the top soil or sediment surface. In
the Gulf of Mexico and many sensitive coastal areas of North America, in-situ
prescribed fire has been used, subject to regulatory approvals (Martin Jr ef al., 2003), to
remediate oil-impacted wetlands and marshes (Lin ef al., 2002; Lindau et al., 2003; Lin
et al., 2005). This operation has been used also in inland and upland environments to
prevent spreading of oil to sensitive sites or larger areas, or to reduce the generation of
oily wastes, especially where transportation or disposal options are limited (Zengel et
al., 2003).

Much of the understanding of the impact of prescribed fires for oil spill remediation are
based on work in the open sea, wetlands and other coastal land environments (Fritz,
2003; Ko and Day, 2004), with research efforts focussed toward general ecological
function and structure including species composition and density, above- and below-
ground productivity, vegetation and soil resiliency, soil physics and chemistry, soil
residual oil, and organic matter decomposition (Baustian et al., 2010). The impact of
prescribed fires (and sometimes accidental or deliberate act of sabotage) on the
indigenous microbial community in petroleum oil-contaminated upland environment

has rarely been investigated (Zengel et al., 2003), and to date, there is no study of the
23



494

495

496

497

498

499

500

501

502

503

504

505

506

507

508

509

510

511

512

513

514

515

516

517

518

impact on degradative ability of the indigenous soil microflora to catabolise the
residual oil. As a credit to its novelty, this thesis made a modest attempt to investigate
the impact of prescribed fire on the degradative ability of indigenous soil

microorganisms to mineralise target PAHs (Paper IX).

1.4. A brief remark on diesel oil

In all of the studies presented in this thesis (except for Paper XII), diesel oil was used.
During crude petroleum refining diesel oil is derived from the middle-distillate, gas-oil
fraction and is composed of a complex mixture of normal, branched, and cyclic alkanes
(60 to >90% by volume; hydrocarbon chain length usually between Co and Cj);
aromatic compounds, especially alkylbenzenes (5-40% by volume; and small amounts
of alkenes (0-10% by volume) (International Program on Chemical Safety, 1996).
Benzene, toluene, ethylbenzene, and xylenes (BTEX) and PAHs, especially
naphthalene and its methyl-substituted derivatives, may be present at levels of ppm in
diesel oil. At room temperature, diesel fuels are generally moderately volatile, slightly
viscous, flammable, brown liquids with a kerosene-like odour. Important variables are
ignition behaviour (expressed in terms of octane number), density, viscosity, and
sulphur content. The boiling ranges are usually between 140 and 385 °C (> 588 °C for
marine diesel oil); at 20 °C, the density is 0.87-1.0 g cm” and the aqueous solubility is
0.2-5 mg I"'. The sulphur content of diesel fuels depends on the source of crude
petroleum and the refinery process; it is regulated by law in a number of countries and
is usually between 0.05 and 0.5% w/w. Additives are used to influence the flow,
storage, and combustion of diesel fuels, to differentiate products, and to meet

trademark specifications; the specifications of commercial diesel fuels differ

considerably in different countries.
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In the last three decades, global demand for crude oil, and in particular distillate fuel
oils (including diesel and gasoline), has increased steadily. World crude oil
consumption (in million barrel d™') increased from 57.4 in 1985 to 70.1 by 1995 and to
87.4 by 2010. Distillate fuel oils consumption (in mb d') increased from 7.9 in 1985 to
18.2 by 1995 and to 25.0 by 2010. Diesel fuels consumption is projected to increase to
28.7 mb d' in 2015 and to 35.0 mb 4! by 2030 (OPEC, 2011). By region, distillate
fuel oils consumption increased from 3.5 in 1985 to 4.8 by 2010 for North America;
from 3.3 in 1985 to 7.2 by 2010 for Europe; and from 0.5 in 1985 to 1.2 by 2010 for
Africa (OPEC, 2011). Diesel oils are mostly used as transportation fuels; they are also
used in stationary engines and in boilers, e.g. reciprocating engines, gas turbines,
pipeline pumps, gas compressors, steam processing units in electric power plants,
burner installations, and industrial space and water heating facilities. The quality and
composition of diesel oil influence the emissions of pollutants from diesel engines
considerably (International Program on Chemical Safety, 1996). The more volatile
fuels, with low viscosity, are usually required for high-speed engines and the heavier
grades for railroad and ship diesel engines. Although the consumption of diesel fuel in
passenger cars powered by diesel engines is low (1-2%) and declining in North
America, the rate is high (10-25%) and increasing in Europe and parts of Asia,
including Japan and China.

As diesel oils are complex mixtures, there is no specific analytical method, and the
analytical techniques used in most environmental assessments are suitable only for
measuring the total petroleum hydrocarbons (International Program on Chemical
Safety, 1996; Wang et al., 1999). In general, the methods consist of preliminary solvent
extraction, a clean-up procedure to remove naturally occurring hydrocarbons, and

subsequent detection by gravimetry, infrared spectroscopy or gas chromatography
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(Boehm er al., 1998; Wang et al., 1999; Wilcke, 2007; Al-Mutairi et al., 2008). Neither
the gravimetric nor the infrared technique provides useful qualitative or quantitative
information on contaminants and can thus be used only for screening. Standard
procedure for analysing environmental samples involves gas chromatography
combined with detection techniques, such as flame ionisation (GC-FID) or mass
spectrometry (GC-MS); however, many other methods are available for the analysis of
individual hydrocarbons in diesel fuels (Wang et al., 1999; Wang and Fingas, 2003).

The movement of diesel oil through soil is thought to be governed by its kinematic
viscosity as well as the moisture content and nature of soil; although there are no
experimental data to support this. The log K, of diesel fuels is 3.3—7.06, suggesting a
high potential for bioaccumulation; however laboratory data on bioaccumulation of
diesel oil in living tissues are scanty (Salanitro et al., 1997; Dorn et al., 1998).
Meanwhile, there are many laboratory-based and field-scale studies that evidenced
bioaccumulation and biomagnification of individual constituents of diesel oils,
especially PAHs, in animal and plant tissues (Matscheko et al., 2002; Parrish et al.,
2006; Khan er al., 2008; Heijden and Jonker, 2009; Gomez-Eyles et al., 2010; Bielska
et al., 2013). Most of the individual constituents are inherently biodegradable, to
varying extents and at different rates. The n-alkanes, n-alkylaromatic, and simple
aromatic molecules in the C;p—Ca range are the most readily degradable; smaller
molecules are generally rapidly metabolised. Long-chain n-alkanes are more slowly
degraded owing to their hydrophobicity and because they are viscous or solid at
ambient temperatures while branched alkanes and cycloalkanes are relatively resistant

to biological attack, and PAHs are resistant.
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2. Aims and objectives of the thesis

Since the industrial revolution in the mid-18" century, and the later engineering
improvements made to the internal combustion engine in the early 20" century, there
has been tremendous increase in the production, and usage of petroleum oils as a
principal source of energy to drive heavy machineries with attendant increase in the
pollution of the environment. Globally, an estimated 1.7—8.8 million tons of petroleum
products are released annually into aquatic and soil environments (Leahy and Colwell,
1990). In the UK, hydrocarbon pollution accounts for over 15% of all pollution
incidents, averaging nine incidents per day in 2005 (Stroud et al., 2007b). Because of
the enormous socio-economic, ecological and ecotoxicological (including human
health) significance of petroleum hydrocarbon pollution, research into detoxification of
polluted environments remains very vital to sustainable development. The need is even
greater in the soil environment because of the complexity in the interactions between
biological, chemical and physical elements that determine the fate of hydrocarbon
pollutants and the high variability of the effects in soil. Biodegradation is the principal
means of hydrocarbons removal from soil, hence, the study of the different aspects of
the biodegradability of hydrocarbons in soils contaminated with petroleum oils is of
immense importance.

Although there is a large collection in the literature of studies focused on factors
affecting biodegradability of hydrocarbons in soils, only a handful of these investigated
the impact of co-contaminant concentration under complex hydrocarbon-mixture
systems to reflect environmental scenarios, which are more representative of soils
polluted with petroleum oils. To date, where studies have been conducted in complex
hydrocarbons-polluted soils, none has directly and quantitatively compared the

influence of variability in soil types. Obviously, it may not always be accurate to
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extrapolate findings from studies in one soil type to soils with different properties
because of the wide variability in soil properties and the dependence of hydrocarbon
biodegradation on these properties. Further, there is no information in the literature on
the development of indigenous degradative ability for benzo[a]pyrene along
concentration-gradient in soils polluted with complex hydrocarbon mixtures in soils.
Such investigations, however, have important implications because contaminant
concentrations varied widely at contaminated sites even on a millimetre/centimetre-
scale. Likewise, the impact of diesel concentration on the ability of soil
microorganisms to degrade AHCs has rarely been studied despite that petroleum oils
contain up to 90% by volume of this group of hydrocarbons; oil pollution in the UK is
dominated by diesel (Stroud et al, 2007b). Knowledge of the effects of exposure
concentration and history under complex co-contaminants systems is of importance in
designing and evaluating bespoke strategies for contaminated land clean-up.
Therefore, the aims of this thesis were to:
1. assess the effect(s) of increasing diesel oil concentration on the
development of indigenous degradative ability for hydrocarbons in soils
il. assess the effect(s) of increasing diesel oil concentration on the overall
metabolic responses and efficiency of indigenous microorganisms in soils
iii. assess the effect(s) of cyclodextrin presence and concentration, diesel
presence and concentration, and soil physicochemical characteristics on the
bioaccessibility and the biodegradability of the potent carcinogen
benzo[a]pyrene in soils
iv. evaluate the effect(s) of various amendments (root exudates) and treatments

(in this case prescribed fire) on hydrocarbon biodegradation in soil
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3. Précis of results from Papers I-XII

Paper I: In this paper, the applicability and limitations of solubility enhancement
agents (SEAs), such as surfactants and cyclodextrins, in bioremediation of PAH-
contaminated soils and sediments is reviewed with particular attention directed at the
HMW-PAH, benzo[a]pyrene. As specific information on SEA-assisted biodegradation
of benzo[a]pyrene is scanty, a synthesis of the relevant studies on LMW-PAHs and
other HMW-PAHs cited in the literature is used to draw up inferences of the effects of
SEAs on the bioaccessibility and biodegradation of benzo[a]pyrene. The implications
of SEA-assisted benzo[a]pyrene biodegradation for contaminated land risk assessment
and remediation management are highlighted. This review also draws from the findings

in some of the studies (Papers II, V-IX) reported in this thesis.

Paper II: This study compares the impact of increasing diesel concentration (applied
as log increments from 0 to 10,000 mg kg') on the development of indigenous
catabolic activity towards two model PAHs, naphthalene and benzo[a]pyrene.
Naphthalene catabolic activity was enhanced, increasing as diesel concentration
increased in soil up to 1000 mg kg'. Whereas, there were negligible effects in soils
amended to lower diesel concentrations (1-100 mg kg™), benzo[a]pyrene catabolic
activity was significantly enhanced in soil amended to 1000 mg kg™, Although initially
enhanced, the later progressive repression of the indigenous catabolic activity for
naphthalene and benzo[a]pyrene suggests the effect of rapid nutrient depletion and
increased toxicity in soil amended to 10,000 mg kg'. This study is novel in that,
currently, there is no information in the literature on the development of indigenous
catabolic activity towards HMW-PAHs like, benzo[a]pyrene, along a concentration-

gradient of complex co-contaminant mixtures in soil. The findings have both spatial
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and temporal implications, and highlight the need to consider the potential variability
in indigenous catabolic activity when designing bespoke remediation strategies since it
has been found that contaminant concentrations varied widely, even on a

millimetre/centimetre-scale in polluted soils.

Paper III: In support of the findings of Paper II, Paper IlII compares the impact of
diesel concentrations (applied as log increments from 0 to 10,000 mg kg) on the
indigenous catabolism of a model PAH, *C-phenanthrene and a model AHC, '*C-n-
hexadacene. Phenanthrene catabolic activity was significantly enhanced for the first 42
d of soil—diesel contact, being higher at concentrations of 10—100 mg kg™ than at 1000
mg kg; but was persistently repressed (P < 0.05) at 10,000 mg kg'. Hexadecane
catabolic activity was marginally repressed along diesel concentration-gradient for the
first 21 d and minimally enhanced thereafter. The findings further highlight the
constitutive nature of the enzymatic pathways usually deployed for #-alkane
biodegradation as well as the co-contaminant concentration-dependence of the
inducible enzymatic systems required for PAH biodegradation. The potential
variability in the development of indigenous catabolic activity due to the spatial
heterogeneity in contaminant levels should be taken into account when assessing

natural attenuation sites or designing bespoke strategies for enhanced bioremediation.

Paper IV: In addition to investigating the impact of diesel concentration on
hydrocarbon catabolic activity of the indigenous microbial community of a pasture soil
(Papers II and III), the effect on the overall metabolic responses of the extant soil
microflora to fresh input of 14C-glucose is also studied (Paper IV). Whereas, low diesel

concentrations (1-100 mg kg™) had negligible effects, higher concentrations (1000
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10,000 mg kg™') shifted the pattern of "*C-glucose utilisation with greater allocation to
"“C-biomass as soil-diesel contact time increased. This was complemented by the
relatively greater increases in the abundance of phenanthrene- and octacosane-
degrading bacteria following '*C-glucose mineralisation in the 1000-10,000 mg kg’
soils. It is suggested that the actively-growing hydrocarbon-degrading microorganisms
in the highly-polluted soils are more likely to preferentially metabolise the easier-to-
degrade and higher energy-yielding carbon substrates for biosynthesis rather than for

respiration or maintenance requirements.

Paper V: An important factor that may impact on PAH biodegradation, in field
contaminated soil, is the presence of other hydrophobic organic contaminants (HOCs),
in that it is very rare to find a situation where contamination arises from the presence of
a single chemical. In soils contaminated with complex HOC mixtures, PAH catabolic
activity may be enhanced or repressed depending on the co-contaminant concentration
and contact time in soil; however, a direct quantitative comparison is generally lacking
which considers variability in soil type and the physicochemical properties of target
contaminants. Paper V advances the studies reported in Papers II and III by
investigating four other soils with contrasting physicochemical and microbiological
characteristics in order to gain further understanding of the impact of diesel
concentration. Collectively, results indicate that due to the inherently high degradative
potentials for phenanthrene in the soils, diesel, in the range of 500-5000 mg kg™, had
minimal effect on the extent of phenanthrene catabolism. Meanwhile, the presence of
diesel and the soil-contact time were critical for benzo[a]pyrene catabolism in most
soils. The findings emphasise that more than for phenanthrene, the development of

benzo[a]pyrene catabolism varies widely with soil type, and depends on the
31



694

695

696

697

698

699

700

701

702

703

704

705

706

707

708

709

710

711

712

713

714

715

716

717

718

concentration of co-contaminants present. Of particular interest is the mineralisation of
benzo[a]pyrene in the Nether-Kellet soil, which was found to occur to much higher
levels than previously reported in any other background soils. This paper is also the
first to report extensive benzo[a]pyrene mineralisation in an Antarctic soil, naturally or
artificially polluted; this is particularly remarkable, in that to date, mineralisation of
mainly n-alkanes and two- to four-ringed PAHs has been reported in soils from this
region. Taking into account the stringent restrictions imposed by the 1991 Protocol on
Environmental Protection to the Antarctic Treaty on Party States to import “exotic”
microorganisms to the Antarctic region, this study shows that native soil microflora, if

enriched, can be successfully used to degrade HMW-PAHS in polluted Antarctic soils.

Paper VI: It is well-known that low aqueous solubility and poor microbial degradative
activity limit the removal of benzo[a]pyrene from soil. This paper reports the effects of
hydroxypropyl-p-cyclodextrin (HP-B-CD) concentrations (0, 12.5, 25 and 50 mM) and
repeated exposures over 150 d to diesel oil (1x500, 1x5000, 2x250, 2x2500, 5x100 and
5%x1000 mgsi.c kg'soi) on benzo[a]pyrene mineralisation in soil. HP-B-CD has the
ability to massively improve the bioaccessibility of erstwhile sparingly soluble HOCs
like benzo[a]pyrene. Consistent with the findings of Papers II and V, the poor
indigenous catabolic potential in the background soil was significantly enhanced by
pre-exposure to diesel. Results show that to sustain an enhanced benzo[a]jpyrene
catabolic activity in soil, there is need for constant supply, at the right concentrations,
of compounds that can support microbial growth. The main highlight of this study is
the inability of HP-B-CD, with increasing concentration, to enhance benzo[a]pyrene
mineralisation despite significantly increasing the apparent aqueous dissolution of

benzo[a]pyrene from soil matrices. The finding that the induction of catabolically-
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competent microorganisms has a greater effect than enhanced bioavailability to
expedite benzo[a]pyrene mineralisation in soil is important in predicting the
environmental fate of the contaminant, and designing bespoke remediation strategies

for soils chronically exposed to petroleum-derived oils.

Paper VII: As a sequel to Paper VI, and because successful implementation of in situ
bioremediation of PAHs is contingent upon a good understanding of the effects of a
variety of soil biotic and abiotic factors on contaminant fate, Paper VII reports HP-f3-
CD-enhanced bioaccessibility and biodegradation of benzo[a]pyrene in four contrasting
soils. The selection of the soils (organic carbon ranged from 0.25 to 20% and clay
contents ranged from undetectable to 42%) provides a good basis for comparing the
influence of soil-PAH interactions on HP-B-CD-enhanced benzo[a]pyrene
bioaccessibility and biodegradation. Soil physical-chemical characteristics affect the
extent of benzo[a]pyrene solubilisation by HP-B-CD but have negligible influence on
the extent of benzo[a]pyrene mineralisation. Consistent with previous findings, diesel
acted to support increase in the populations of indigenous benzo[a]pyrene-degrading
microorganisms and as a primary substrate for the induction of benzo[a]pyrene
cometabolism. A major implication of the finding that the presence of HP-B-CD
reduced the extent of '*C-benzo[a]pyrene mineralisation in three of the soils, is that, in
practice, it may be futile or, in certain circumstances, counterproductive to improve
benzo[a]pyrene solubilisation in soils lacking robust degradative ability. If HP-B-CD-
benzo|[a]pyrene inclusion complexes are very stable, as predicted by the stabilisation
constants found in the literature, its use in bioremediation of benzo[a]pyrene-
contaminated soils and sediments may present greater risks to underground aquifers

and increased toxicity to other environmental receptors, and may also result in
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additional cost for bioremediation. To the authors’ knowledge, Papers VI and VII are
the first set of studies in the literature on cyclodextrin-enhanced benzo[a]pyrene

degradation by indigenous soil microorganisms.

Paper VIII: To further expound the findings of Papers VI and VII, and as an offshoot
of the experiments presented in Paper V, Paper VIII reports that there is no relationship
between the endpoint mineralisation rates and the amounts of benzo[a]pyrene residues
remaining bioaccessible after mineralisation has plateaued. The wide range in the
organic carbon (0.25 to 20%) and clay contents (undetectable to 42%) of the soils
investigated provides a good basis to assess the influence of soil-PAH interactions on
bioaccessibility and mineralisation rates of benzo[a]pyrene in soil slurries. The study
highlights that, unlike other LMW-PAHs that can readily serve as microbial growth-
substrates, the progress and/or termination of benzo[a]pyrene mineralisation is
influenced more by factors limiting microbial degradative activity and far less by the
contaminant bioavailability. The finding of Paper VIII is in agreement with those of

Papers VI and VII, and may explain further some of the findings of Papers I and V.

Paper IX: In practice, due to certain site constraints, cost-effectiveness of alternative
options and/or regulatory requirements, prescribed fire may be permitted as a first-line
remediation option for large petroleum oil spills; although, its impact on the
degradative ability of indigenous soil microbial community has rarely been
investigated. The literature on fire ecology and effects is dominated by studies of
prescribed fires as a natural resource and land-use management strategy with little
attention paid to the practice as contaminated land remediation operation. Although

preliminary in scope, to the authors’ knowledge Paper IX presents the first effort aimed
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at assessing the impact of prescribed fire on the PAH degradative ability of indigenous
soil microflora following short- and long-term post-treatments. Consistent with the
general opinion from a large collection of both laboratory-based and field-scale studies
of prescribed fires in forest and wetland ecosystems, the results of this study indicate
that low-severity prescribed fire did not significantly affect, in the long-term, the
abundance and the PAH degradative ability of the extant soil microflora while it
substantially reduced the PAH burden in soil. In the context of BATNEEC and BPEO,
and to achieve remediation goals of rapid reduction in the contaminant burden and/or
minimal level of residual contaminants in soil, this study suggests that prescribed fire

(with low intensity and short time) is a practicable first-line remediation option.

Paper X: One of the intentions of the experiments presented in Paper X is to answer a
query on the use of a “fixed” extraction efficiency factor (i.e. kzc) to convert C-flush to
biomass-C, as raised in Paper IV. The quantification of soil microbial biomass-C is
essential in assessing nutrient fate and transformations, predicting energy flux and
understanding ecosystem processes and functioning in soil; however, to date, there is
no direct means of quantifying biomass-C accurately. The chloroform fumigation-
extraction (FE) technique, being the most widely used for biomass-C quantification in
soils, is thought to be limited by certain interfering factors (moisture content, pH,
SOM) or interacting compounds (e.g., black carbon). Unfortunately, most studies on
contaminated soils have used the common kg value of 0.37 or 0.45 derived from
studies of agricultural soils without taking into cognisance the interference that
contaminants may have on the extraction process and the potential error that could
result from this. Remarkably, results from soils with differing physicochemical and

microbiological characteristics show that the presence of high diesel concentrations
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(1000-5000 mg kg'l) interfered with the extraction process; kgc values were
significantly smaller, resulting in overestimation of '*C-biomass in the highly-amended
soils. Although, the study is not proposing another “ideal” kzc value, it is advised that,
except on the basis of comparison only, an in-situ derived kgc value is more appropriate

to quantify biomass-C in soils contaminated with petroleum-derived oils.

Paper XI: In distinction to the experiments reported in Paper IV, which measure
microbial metabolic responses to fresh input of '*C-glucose at different soil-diesel
contact times, the experiments presented in Paper XI examine the influence of diesel
concentration and soil texture on the microbial utilisation efficiency and short-term
turnover of the readily-available and labile carbon substrate present at low
concentration in soil. There is substantial evidence in the literature that soil
characteristics, such as clay content and mineralogical composition, can influence the
decomposition and stability of labile carbon substrates in soil. However, the influence
of xenobiotic organic contaminants like, petroleum hydrocarbons, on the turnover of
labile carbon substrates in soil is rarely investigated. To the authors’ knowledge, this is
the first report of the combined influence of petroleum hydrocarbon contaminants and
soil texture on the microbial utilisation efficiency and short-term turnover of labile
carbon substrate in soil. Similar to previous findings in heavy metal polluted soils,
increased '*CO, respiration accompanied by decreased '4C-biomass formation (i.e.,
increased q”COz) as diesel concentration increased indicate the greater “stressed”
metabolic states of the extant soil microorganisms. Collectively, the results suggest that
the indigenous microorganisms in diesel-contaminated soil expend more energy for
maintenance requirements and were less efficient in the utilisation of labile substrates

for biomass synthesis; but the effect was less obvious as SOM and clay contents

36



819

820

821

822

823

824

825

826

827

828

829

830

831

832

833

834

835

836

837

838

839

840

841

842

increased in soil. The turnover of labile carbon was faster as diesel concentration
increased and decreased as SOM and clay contents increased in soil. This is
attributable, in part, to changes in the microbial community structure and, in part, to the
effect on clay stabilisation capacity as a result of larger amounts of the oil contaminants
being adsorbed to sites on clay materials. This study also further supports the assertion
that clay plays an important role in the initial mineralisation and the later
decomposition of labile carbon substrate through stabilisation and protection of the

microorganisms.

Appendix

Paper XII: The effects of rhizosphere soil and root tissue amendments are compared
by measuring indigenous catabolism of C-labelled naphthalene, phenanthrene,
hexadecane and octacosane in freshly—spiked and 28-d—aged soils. The rhizosphere soil
and root tissues of reed canary grass (Phalaris arundinacea), channel grass (Vallisneria
spiralis), blackberry (Rubus fructicosus) and goat willow (Salix caprea) were collected
from a decommissioned petroleum refinery site. Amendment of a pristine grassland
soil with the rhizosphere soil or root tissues (5% wet weight basis) significantly
enhanced the catabolism of the PAHs but not the n-alkanes; pre-exposure increased the
ability of indigenous microorganisms to catabolise the PAHs but not the n-alkanes.
This study highlights that adapted rhizospheric microorganisms or root materials from
contaminated sites have beneficial effects as bioaugments or biostimulants,
respectively, in freshly PAH-contaminated soils. The findings of this study contribute

to the literature on plant-related bioremediation of PAHs.
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4. General discussion and conclusions

In recent years, one of the burning issues at various environmental discourses, from
local to national to global, is the increasing threat posed by pollution to sustainable
development. This is as a result of the persistence of these pollutants in the
environment and their accumulation in living tissues, which is further compounded by
their recalcitrance to biodegradation. Current policies and legislation drives in Europe
and North America are towards a continuous reduction in the amount of persistent
organic pollutants (POPs) emitted into the environment from primary sources like the
industries and motor vehicles, and the decontamination of legacy polluted sites
(Latawiec et al., 2010; Riding et al, 2013). Soil contamination with petroleum
hydrocarbons can cause distinct changes to soil microbial community structure and
functional diversity (Aislabie et al., 2004), which sometimes may result in extensive
deterioration of the overall soil ecosystem (Ko and Day, 2004). The distribution pattern
of PAHs indicates that soils, acting as sinks as well as secondary sources, make
significant contribution to the global inventory of these compounds (Wilcke, 2007). In
the studies (Papers I[-XI) contained in this thesis, PAHs were found in agricultural and
pasture soils from UK, and even in a soil from the remote Antarctic region, which were
considered as pristine; this indicates a global distribution of these POPs. Findings also
support claims of the ubiquitous presence of microorganisms able to degrade petroleum
hydrocarbons in these soils.

In the studies contained in this thesis, commercially available diesel oil, obtained from
a fuel station in Lancaster was used as the complex contaminant mixture. Diesel oil
consists of a broad range of POPs, of which PAHs represent an important class, many
which are toxic and/or carcinogenic, and may be resistant to biological, chemical and

photolytic reactions (Semple er al., 2003; Mahanty et al., 2011). The persistence of
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PAHs in the soil environments is largely due to the low aqueous solubility and high
sorptive capacity, as well as the chemical recalcitrance, which increases as the number
of fused rings increases (Wilson and Jones, 1993). In addition to the physicochemical
properties which affect PAH bioaccessibility, other factors including environmental
and edaphic conditions (soil structure, pH, temperature, moisture content, inorganic
nutrients), co-contaminant type and concentration, and the microbial metabolic
versatility influence persistence and/or overall rate of removal of PAHs in soils
(Bamforth and Singleton, 2005).

The effects of soil-contaminant contact time and contaminant concentration on
biodegradation of PAHs have been widely studied. Most of these studies, however,
have been conducted using binary or tertiary mixtures of hydrocarbons, with only a few
conducted in soils containing complex mixtures of hydrocarbons, which reflect
environmental scenarios and are more representative of soils polluted with diesel, coal
tar or creosote. Collectively, results from Papers II, IIl and V show that the
development of indigenous catabolic activity for target hydrocarbons is dependent on
the initial diesel concentration and soil contact time, as well as on the hydrocarbon
chemical structure. Consistent with some other studies, Paper IV shows that the overall
metabolic response of soil microorganisms is influenced by the initial diesel
concentration and soil-contact time.

Most studies on the cyclodextrin-enhanced bioaccessibility and biodegradation of
PAHs have been conducted with LMW-PAHs and the findings that
bioavailability/bioaccessibility is the major factor governing biodegradation is often
generalised; however, studies reported in this thesis indicate this may not be true for all
PAHs. Papers V, VI, VII and VIII demonstrated the benzo[a]pyrene degradation is

dependent, to a greater extent, on the presence of a catabolically-versatile microbial
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consortium and substrates that can sustain their growth and/or induce certain enzymatic
reaction in them, and less on the bioaccessibility of the contaminant.

In this thesis, it is reported that prescribed fire (200250 °C; 30 min) has minimal long-
term effects on the development of PAH degradative ability of indigenous soil
microorganisms in diesel oil-contaminated soil (Paper IX). This study is novel in that,
for the first time an investigation of the impact of prescribed fire is focussed on the
capacity of soil to degrade the residual oil left in burnt soils. Paper X attempts to make
a bold contribution to the on-going discourse on the propriety of applying a fixed kzc
value to estimate biomass-C size in soil and sediments. In contrast to the submission of
Joergensen et al. (2011) that the commonly used fixed kzc value (e.g., 0.45) is suited to
all soil types and conditions, the finding of this study advised the use of in-sifu derived
kgc values, in that, the concentration of contaminants in soil (in this case diesel) can
significantly influenced the chloroform fumigation-extraction process, leading to

overestimation of biomass-C.

5. Recommendations for future research
Based on the findings reported in this thesis, the following recommendations are given
for further studies:

i. In Papers II and V-IX, the background soils showed no measurable
mineralisation of *C-benzo[a]pyrene: this may not absolutely mean that
biodegradation has not occurred. In future studies, reverse-phase high
performance liquid chromatography (RP-HPLC) analysis should be used to
reveal the transformations (if any) in the compound; such investigations can
also confirm whether '*C-benzo[a]pyrene mineralisation proceeds via

cometabolic degradation and what metabolites are formed.
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ii.

1ii.

1v.

In Papers [I-1V, the highest diesel concentration investigated (10,000 mg kg™)
had significant short-term negative effects on the overall metabolic activity as
well as on the hydrocarbon degradative ability of the indigenous soil
microorganisms. More robust investigations on different soil types and over
wider ranges of diesel concentrations should be carried out to establish the
long-term effects (i.e., in years).

In Papers II and III, a new parameter, the Cepc, was introduced, which
provided a better illustration and explanation of the effects of diesel
concentration on the initiation and expression of hydrocarbon catabolic
activity than the conventional indices of mineralisation (e.g. the lag phase,
maximum rate and extent). The C,p,, is defined as the ratio of mineralisation
rates in a polluted soil to the rates in the unpolluted soil; an increase (>>>1) or
a decrease (<<<1) in the C.p indicates enhancing or repressing effect,
respectively. Analysing mineralisation data using the Cepe parameter will
give additional and practical insights to the spatial and/or temporal localisation
of indigenous catabolic activity in soil with varying contaminant
concentrations.

In Paper V, effort to isolate benzo[a]pyrene-degrading bacteria using the
traditional culture-dependent techniques was unsuccessful, particularly for the
Nether-Kellet soil in which the measured extent of '*C-benzo[a]pyrene
mineralisation was comparatively higher than previously reported in other
background soils. Culture-independent and molecular techniques to isolate
and characterise potential benzo[a]pyrene-degrading bacteria will be of great

value.
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V1.

In Papers VI and VII, the presence and increasing concentrations of HP-B-CD
did not only fail to promote benzo[a]pyrene mineralisation, it actually
negatively affected benzo[a]pyrene biodegradation in three of the four soils
investigated. This has weighty ecotoxicological implications for cyclodextrin-
aided bioremediation of PAH-contaminated soils. Because of the limited
knowledge about the nature and stability of HP-B-CD-benzo[a]pyrene
inclusion complexes and how environmental and edaphic factors affect these,
as well as the effect of co-contaminants, there is need for further investigation
of the variables influencing the physical, chemical and biological interactions
of cyclodextrin—PAH-soil under complex contaminant mixture systems.
Future research should also include molecular studies of the effects on the
microbial community, and toxicological studies of the effects on sentinel soil-
dwelling and aquatic organisms; field-polluted samples should be studied.

Based on Papers IV and X, the use of in-situ kgc values is advised when
quantifying soil microbial biomass-C in soils contaminated with diesel oil.
Further studies using 8'°C-carbon and "*C-carbon aged oil-contaminated soils
and the procedures that can concurrently and differentially quantify C from
the various sources may provide a more detailed understanding of the
influence of organic contaminants concentration on the quantification of soil
microbial biomass-C by chloroform fumigation-extraction (FE) technique. It
will also be valuable to evaluate the influence of various organic and metal
contaminants with the prospect of obtaining a series of kzc values for a better
quantification and comparative analysis of microbial biomass-C in soils,

depending on the dominant contaminant(s).
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Viil.

In Paper IX, low-severity prescribed fire was shown to have negligible long-
term impact on PAH degradative ability of indigenous soil microflora despite
significantly reducing the PAH burden in a diesel oil-amended soil. There are
a number of research questions to explore in order to gain further
understanding of the prospects and limitations of prescribed fire as an oil-
contaminated land remediation operation, as being done for this practice in
natural resource management studies.

There are yet so many unknowns about the genetic and regulatory
mechanisms involved in biodegradation/cometabolism of benzo[a]pyrene,
especially in complex mixtures of co-contaminants; investigations using
culture-independent and molecular techniques (e.g., stable isotope probing,
nuclear magnetic resonance and mass spectral analyses) are required to
determine the role and full degradative potential of un-culturable
microorganisms and the mechanisms by which they metabolise HMW-PAHs;
examination of the role of extra-chromosomal genes (e.g. plasmids) in Ba]P

degradation is also of importance.
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Abstract

Benzo[a]pyrene (B[a]P), a five-ring polycyclic aromatic hydrocarbon (PAH), is of a
particular ecological and ecotoxicological interest; due to its bioaccumulation potential
and the added recalcitrance to biological, chemical and photolytic breakdown, B[a]P
constitutes a significant threat to human health as a potent carcinogenic agent. Together
with other PAHs, B[a]P is present at high levels in coal tar-, creosote-, and petroleum
oil-contaminated environments. A number of investigations have demonstrated that due
to its physicochemical properties, such as low water solubility and a high
hydrophobicity, B[a]P, like other PAHs, tends to readily adsorb onto or diffuse into
soil matrices and, as a consequence, is scarcely available for biodegradation. Other
studies, however, have reported that soil-dwelling and soil-feeding invertebrates, as
well as higher animals and plants can still accumulate these microbially-inaccessible
pollutants in their tissues. The application of solubility enhancement agents (SEAs) like
surfactants and cyclodextrins has been suggested as a promising technology; albeit,
variable and conflicting laboratory results alongside the complicated influences of
unpredictable edaphic and environmental factors, may limit field deployment to PAH-
contaminated soils and sediments. Further, there are only a handful of studies in the
literature on SEA-assisted biodegradation of high molecular weight PAHs, making
feasibility assessment of SEA-assisted bioremediation a challenge. Therefore, drawing
from the relevant literature, the focus of this paper is directed at the applicability and

limitations of SEAs in B[a]P biodegradation in soils and sediments.

Keywords: Benzo[a]pyrene (Bl[a]P); Bioaccessibility; Bioavailability;
Biodegradation; Cyclodextrin; Polycyclic aromatic hydrocarbon (PAH); Sediment;

Soil; Solubility enhancement agent (SEA); Surfactant
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1. Introduction

Polycyclic aromatic hydrocarbons (PAHs) consist of two or more fused benzene rings
and/or pentacyclic molecules that are arranged in linear, angulate or clustered arrays
(Figure 1) [e.g., 1,2]. Benzo[a]pyrene (B[a]P), a five-ring PAH, is of a particular
ecological and ecotoxicological interest; due to its bioaccumulation potential and the
added recalcitrance to biological, chemical and photolytic breakdown, B[a]P
constitutes a significant threat to human health as a potent carcinogenic agent [3].
Together with other PAHs, B[a]P is present at high levels in coal tar-, creosote-,
petroleum oil-contaminated environments [1,3]. A number of investigations have
demonstrated that due to its physicochemical properties, such as low water solubility
and a high hydrophobicity (see Table 1), B[a]P, like other PAHs, tends to readily
adsorb onto or diffuse into soil matrices and, as a consequence, is scarcely available for
biodegradation [3-8]. Other studies however, reported that soil-dwelling and soil-
feeding invertebrates, as well as higher animals and plants can still accumulate these
microbially-inaccessible pollutants in their tissues [9-19]. Therefore, there is need to
ensure thorough clean-up of contaminated soils and sediments.

Central to effective bioremediation of PAH-contaminated soils and sediments are two
major issues: (i) inherent microbial biodegradability and, (ii) contaminant
bioavailability/bioaccessibility. There are several comprehensive reviews of the factors
influencing PAHs (including B[a]P) biodegradation, highlighting means of overcoming
or improving the inherent microbial degradative potential of soils and sediments [3-8];
hence, this paper will only attempt to summarily review the key factors as they relate to
B[a]P biodegradation. A number of studies have reported encouraging effects of soil
flushing with solubility enhancement agents (SEAs) on PAH-contaminated soils in sifu

and ex situ; however, far less research attention has been paid to the applications of
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SEAs to assist in bioremediation of high molecular weight (HMW)-PAHs. Hence, a
comprehensive review of studies on the application of SEAs to enhance PAH
bioaccessibility and biodegradation in soils and sediments is presented with particular
attention directed at the HMW-PAH, B[a]P.

This review is structured (i) to briefly consider the factors influencing PAH
biodegradation in soil and sediments, with particular attention being paid to methods of
overcoming the challenges of B[a]P biodegradability and bioaccessibility, and (ii) to
discuss the applicability and limitations of SEAs as bioremediation technologies that
may be applied to improve the bioaccessibility and the biodegradation of B[a]P in

contaminated soils and sediments.

2. PAHs in the environment

PAHs (including B[a]P) have been detected in various environmental media, including
air [20-23], water [24,25], sediment [10,25,26], and soil [27-32]. A significantly large
portion of PAHs is introduced into the environment through anthropogenic sources
including the combustion of fossil fuels (coal and petroleum) and wood (pyrolytic), or
through accidental spills of crude or refined petroleum (petrogenic) or discharge from
routine storage and transport operations [1,33,34]. In addition, PAHs are ubiquitous at
background concentrations in the natural environment, as well as being products of
natural or biogenic processes [27,35]. Natural processes, such as forest fires, volcanic
eruptions, and during thermal geologic production add to the PAH burdens in soils
[4,20,35]. There is also evidence that some PAHs — naphthalene, phenanthrene, and
perylene — are produced biologically by termites or associated microorganisms, in

certain flowers like the Magnolia or different Annonaceae species, and in plant debris

[36-39].
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Although, air, water and vegetation may act as environmental sinks for PAHs, soil is
the main repository for PAHs [40]. Wilcke [27] hypothesised that the PAH distribution
pattern in soil is dominated by two main types, which are indicative of background
conditions on the one side (i.e., by biological and diffuse PAHs) and a strong impact by
atmospheric deposition of anthropogenic emissions on the other side. The ubiquitous
distribution of PAHs in soils is partly due to their being generated from both
anthropogenic and natural or biogenic processes in combination with global
atmospheric transport phenomena, and partly to their strong hydrophobic affinity and
bioaccumulation potential, as well as increased chemical recalcitrance [4,27,41]. Table
2 shows the distribution of the priority PAHs (highlighting the percentage of B[a]P) in

background soils from across the world.

2.1. The special case of B[a]P

From the tonnes of well-controlled laboratory studies in the literature, it is reckoned
that virtually all PAHs are biodegradable, co-metabolisable, or at least
biotransformable, and that the microorganisms able to transform or degrade PAHs are
essentially ubiquitous, and that certain edaphic variables and environmental conditions
can affect the rates and/or extents of biodegradation [reviewed e.g. by 3,6,17,42,43-45].
Many of these studies have also shown that bioavailability, biodegradability and
genotoxicity of PAHs depend largely on their physicochemical properties [e.g.
46,47,48]. In general, as aqueous solubility and volatility decreases, and
hydrophobicity increases, there is a decrease in bioavailability and biodegradability as
number of aromatic rings increases in PAHs. Although, the lower-molecular-weight
(LMW)-PAHs (i.e. two or three rings) have acutely toxic effects and may have

mutagenic, teratogenic or carcinogenic properties, the active genotoxic/mutagenic
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members known-to-date are the higher-molecular-weight (HMW)-PAHs (i.e. four to
five rings); the five-ring benzo[a]pyrene (B[a]P) being one of the most potent [3,6,49].
Bla]P and products of its biotransformation (e.g. the diol epoxides) represent serious
risk to human and animal health in that they have high propensity to bio-accumulate in
living tissues and exhibit chronic genotoxicity including carcinogenic and immuno-
toxic effects [49,50].

As compared to the LMW-PAHSs, biodegradation of the HMW-PAHs is less extensive
in soils and sediments [51,52]. In particular, substantial B[a]P biodegradation is rarely
observed in soils, mainly because the pollutant is scarcely available to microbial cells
for maintaining their basic metabolic requirements. B[a]P is also thought to be
unsuitable as a sole source of carbon and energy to support microbial growth, making
degraders to often require additional substrate for growth or induction of enzymatic
activity [3]. In addition, some of the intermediates formed during B[a]P
biotransformation are more toxic to microorganisms than the parent pollutant, limiting
further bioconversion to innocuous materials. Relatively few bacteria, fungi and algae
have been reported able to degrade Bfa]P; degradation is mostly achieved though
cometabolism in the presence of other substrates or in collaboration with other
microorganisms [1,3,53,54]. To date, the litter-decomposing basidiomycete Stropharia
coronilla [55] and Bacillus subtilis BMT4i [56] are the only organisms reported

capable of utilising the compound as sole source of carbon and energy.

2.2. Microbial degradation of B[a]P
Microbial degradation is proven to be the principal means of PAH dissipation in the
environment, though volatilisation, photo-oxidation, chemical oxidation, sedimentation

and bioaccumulation may also play some part [1,4,43]. The ability of indigenous soil
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microorganisms to degrade most PAHs is believed to be enormous and the ubiquity of
PAH-degrading microorganisms has been demonstrated in various contaminated sites
ranging from the hot and arid desert Arabian and Kuwaiti soils [57,58], to the tropical
and humid Brazilian and Nigerian soils [59,60], to the temperate and wet English and
Norwegian soils [61,62], and to the cold and dry Antarctic and Artic soils [63,64].
However, in most of the global soils and sediments, pristine or polluted, the inherent
ability of indigenous soil microorganisms to degrade B[a]P is either non-existent or
very low.

Aerobic biodegradation of B[a]P, which require the presence of molecular oxygen has
been well documented, mostly in laboratory studies, and the metabolic pathways and
enzymatic regulations highlighted [65,66]. Biodegradation of B[a]P within
anoxic/anaerobic zones of subsurface soils and sediments is also thought to be possible
if the alternative electron acceptors (nitrate, ferrous iron or sulphate) are present and
the competent B[a]P-degrading microbial assemblage can survive in the environment
[67,68]. Rothermich et al. [67] reported a 24% decline in the initial B[a]P level after
338 days incubation of an anoxic, coal tar-contaminated Boston Harbour sediment
maintained under sulphate-reducing conditions. A couple of mechanisms for anaerobic
degradation of naphthalene have been proposed [69], the mechanism(s) of anaerobic
biodegradation of B[a]P remain unexplained. The involvement of plasmids in the
degradation of PAHs with molecular weights up to 202 mg mol™ has been reported;
however, little is known about the role of plasmids in microbial catabolism of B[a]P
[56].

A number of studies have demonstrated varying extents of aerobic cometabolic
degradation and/or mineralisation of B[a]P by pure and mixed cultures of bacterial

genera  including  Agrobacterium,  Bacillus, Beijernickia,  Burkholderia,
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Flavobacterium, Mycobacterium, Pseudomonas, Rhodococcus, Sphingomonas, and
Stenotrophomonas, mostly in liquid media containing growth substrates like
phenanthrene, succinate biphenyl, pyrene, and fluoranthene yeast extract [e.g. reviewed
by 3]. The algal species Selenastrum capriconutum was shown to biotransform B[a]P
in the presence of glucose yeast extract [70]. Fungi are also known to play a significant
role in B[a]P biodegradation in soils and sediments [as reviewed by 71]. A number of
fungi including members of the genera Aspergillus, Candida, Cunninghamella,
Neurospora, Nematoloma, Penicillium, Phanerochaete, Pleurotus, Saccharomyces,
Syncephalastrum and Trametes have been reported to degrade B[a]P in the presence of
other growth substrates [3].

In general, aerobic bacterial degradation of B[a]P proceeds by the initiation of
oxidation with aromatic ring-hydroxylating dioxygenases (ARHDs) to form cis-
dihydrodiols, via dehydrogenation to form dihydroxylated intermediates, and then via
catechol (ortho and meta-pathways) to produce carbon dioxide and water [4]. In a few
cases, for example in Mycobacterium sp., B[a]P degradation can also follow the initial
oxidation with cytochrome Pjs0 monooxygenases to form the frans-dihydrodiols.
Fungal degradation of B[a]P essentially are of two types. (i) Non-ligninolytic fungal
degradation proceeds via cytochrome P50 monooxygenases catalysis to produce arene
oxide, similar to the mammalian metabolism of PAHs. This is commonly associated
with detoxification and later excretion of the metabolites formed, and therefore, it does
not usually entail the mineralisation of the initial substrate. (ii) Ligninolytic fungal
degradation proceeds by means of lignin and manganese peroxidases and laccases
excreted by white-rot fungi to form quinones rather than dihydrodiols, a process that
may also lead to mineralisation. Whereas complete mineralisation, albeit minimal, of

B[a]P by a single microbial species is rare [24,55], cometabolic mineralisation of B[a]P
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in the presence of diesel oil by pure or mixed culture microbial consortium [72,73], and
recently, by indigenous microorganisms (Papers II, V-IX) has been demonstrated in

soils.

3. Factors affecting bioremediation of PAH-contaminated soil and sediment
Bioremediation, i.e. the process (including techniques and technologies) of enhancing
microbial degradation of contaminants for the clean-up of contaminated land, has been
demonstrated at both laboratory- and field-scale to possess several advantages over
physical-, chemical- or plant-based approaches [1,5]. Bioremediation of PAH-
contaminated soils and sediments can be accompanied in a variety of ways, either in
situ or ex situ, such as land farming, composting, prepared-bed bioreactor and slurry-
phase bioreactor [43,74,75]. It has since been proven that bioremediation is a
remarkably good remediation approach in over 135 Superfund and Underground
Storage Tank (UST) sites, as well as many other sites contaminated with complex
mixtures of PAHs [76-78]. Nevertheless, the effectiveness of bioremediation
technology to treat contaminated sites is plagued with a number of challenges [79-81].
In the soil and sediment environments, PAHs may be loss through biodegradation,
leaching, photo-oxidation or volatilisation, or it may accumulate within soil-dwelling
biota or be retained or sequestered in soil’s mineral and organic matter fractions [1,82].
In addition to the physicochemical properties (e.g. aqueous solubility, polarity,
hydrophobicity, lipophilicity and molecular structure) of the PAHs, the individual
contribution of these loss processes depends on other factors broadly grouped into
(micro)biological, edaphic and environmental. Biological or microbiological factors
include the abundance, structure and functional diversity of the microbial community,

the physiological status and degradative capability of the various populations within
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the microbial community as well as the abundance of microbial predators like
protozoans, and the type and abundance of other soil-dwelling organisms like
earthworms. Edaphic factors include, soil type (texture, mineral and organic matter
content) and depth, pH, moisture, oxygen and inorganic nutrients (nitrogen,
phosphorus, potassium) contents, and effective cation-exchange capacity (ECEC), as
well as the presence, composition and concentration of co-contaminants, such as
hydrophobic organic compounds (HOCs) and metals, and the quality and quantity of
other carbonaceous geosorbents like black carbons (BCs) and kerogen. In general,
environmental factors include climatic variables like, ambient temperature, wind
conditions, sunlight and precipitation intensity, as well as vegetation type and density,
topography and other hydrogeological variables [8,83,84].

The effects, individually or combined, of these factors on B[a]P biodegradation have
been studied to varying extents at the laboratory- and field-levels, and have been
reviewed comprehensively elsewhere [3-7]. In field contaminated sites, the extent to
which B[a]P is available for interactions with microorganisms, and the degree to which
it is degradable are dependent upon the PAH’s physical and chemical properties in
addition to the specific degradative properties of the extant microbial community as
well as other site-specific edaphic factors and environmental conditions [85].
Furthermore, the presence of co-contaminants, such as other HOCs and metals, natural
sorptive materials like BCs, natural mobilising agents like dissolved organic matter
(DOM), or other more soluble and readily-degradable carbon substrates, can influence
both the bioavailability and biodegradation of B[a]P by acting as competitive inhibitors
or preferential substrates, or as co-metabolites [86], or providing further sequestering
phases [87-91], or aiding further contaminant mobility [92], or promoting faster

microbial growth [93,94], respectively. Edaphic and environmental factors may affect
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the rate of biodegradation directly or indirectly by influencing the behaviour and the
availability of PAHs and/or the survival, abundance and the activity of the degrading
populations [95-97]. Photosensitisation can increase toxicity of B[a]P to human
epithelial cell and natural microbial assemblage, but can also increase B[a]P
mineralisation rate in a river water containing riboflavin twice as that without
riboflavin [102]. Recently, Lily et al. [S6] demonstrated that UV-mediated photolysis
enhanced mineralisation of B[a]P in Bacillus subtilis BMT4i by 1.5-fold when grown
in basal salt medium broth for 7 days.

Approaches to improve the metabolic barrier to the biodegradation of PAHs (including
B[a]P) in contaminated soils and sediments can be broadly categorised as
bioaugmentation and biostimulation, and are reviewed in detail elsewhere [42,43,98,
99]. Bioaugmentation, i.e., the introduction of organisms with greater or enhanced
catabolic activity, and biostimulation, i.e., the supplementation with requisite nutrients,
electron acceptors and/or readily-degradable carbon substrates to promote increased
catabolic activity or support faster proliferation of the indigenous microbial
community, have been used to improve microbial degradation of B[a]P in soils and
sediments [100,101]. Microbial adaptation aided by previous exposure to analogous
chemicals and/or genetic modification is essential for rapid and extensive degradation
of B[a]P in soils and sediments. In addition, presence of suitable co-metabolites, at the
right concentrations, is crucial for the initiation and progression of B[a]P
biodegradation, since this compound on its own cannot readily support microbial

proliferation [3,42,53].
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4. Overcoming limitations of bioavailability/bioaccessibility to B[a]P
biodegradation in soil and sediment

The concepts of bioavailability/bioaccessibility and the implications for risk
assessment and bioremediation of contaminated land have been extensively reviewed
by other authors [82,103,104]. There are several reviews [e.g., 33,105,106], which have
dealt with ways of overcoming PAH bioavailability, focussing more on the LMW-
PAHs and cited studies mostly carried out in water, with few examples in soil slurry.
Little attention, however, has been paid to means of improving bioaccessibility of
B[a]P in bioremediation of soils and sediments.

Due to the physicochemical properties, such as low water solubility (3.8 pg ') and
high hydrophobicity (log K, 6.06), B[a]P, like other PAHs, tends to readily sorb to
soil organic carbon (SOC) or diffuse into soil micropores by numerous physical and
chemical interactions [107,108]. The use of SEAs, including, surfactants, cyclodextrins
and co-solvents, to increase PAH solubility is one option to improve remediation of
soils contaminated with PAHs [105,109,110]. Studies showing evidence of successful
applications of SEAs as a stand-alone remediation technology to increase the apparent
solubilisation and removal from soils of HOCs including PAHs have recently been
reviewed [74]; therefore, this paper focuses mainly on the application of SEAs to
enhance PAH bioaccessibility for microbial remediation. As there is limited research
on SEA-assisted biodegradation of HMW-PAHs, especially B[a]P, the applicability
and limitations of this remediation approach is discussed with respect to the relevant

literature on LMW-PAHs, where appropriate.
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4.1. Surfactant-assisted techniques

The bioaccessibility of PAHs including B[a]P in contaminated soils can be enhanced
by adding certain organic compounds to facilitate increased solubilisation of the
pollutants; some of these compounds are surface active agents (i.e. surfactants), which
incorporate the pollutants into the hydrophobic core of micelles [3,110]. Surfactants are
usually organic compounds that are amphiphilic — consisting of both hydrophobic
groups (i.e. “tails”) and hydrophilic groups (i.e. “heads”) — making them soluble in
both organic solvents and water. Surfactants reduce the surface tension of water by
adsorbing at the liquid—gas interface, or reduce the interfacial tension between oil and
water by adsorbing at the liquid-liquid interface. Typical desirable surfactant
characteristics include low surface tension, low critical micellar concentration (CMC),
as well as low adsorption to soil or sediment and low soil dispersion [110]. In addition,
ideal surfactants should be of low cost and toxicity, and relatively non-biodegradable to
assist in recovery and re-use for the process to be economical. Some of the
physicochemical properties of common surfactants are presented in Table 3. The
mechanisms of interaction between surfactant molecules and HOC molecules could be
via micellar solubilisation and/or emulsification; the relative importance of both
mechanisms is difficult to appreciate but surface solubilisation could dominate when
PAHs are involved [111]. Above the CMC, surfactant molecules form aggregates or
micelles; the presence of micelle increases the apparent solubility, facilitating the
uptake of the hydrophobic solutes into the microbial cell [111].

Surfactant-assisted bioremediation has been suggested as a promising technology for
the clean-up of contaminated soils and sediments [110,112,113]. Table 4 presents the
five groups of commonly used surfactants including non-ionic, anionic, cationic, bio-

surfactant, and mixed-type surfactants and their performance on PAH biodegradation
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[105]. The hydrophilic portions of anionic surfactants contain sulphate, sulfonate or
carboxylate; cationic surfactants contain quaternary ammonium; and nonionic
surfactants contain polyoxyethylene, sucrose, or polypeptide. Generally, the
hydrophobic parts of surfactants contain paraffins, olefins, alkylbenzenes,
alkylphenols, or alcohols. Commercially available anionic surfactants include Dowfax
8390, sodium dodecyl benzene sulfonate (SDBS), sodium dodecyl sulphate (SDS),
linear alkylbenzene sulfonates (LAS), monoalkylated disulfonated diphenyl oxide
(MADS-C12), dialkylated disulfonated diphenyl oxide (DADS-C12) and Steol 30;
cationic surfactants include benzyldimethyldodecylammonium bromide (BDDA),
myristylpyridinium bromide (MPB), dodecyltrimethylammonium bromide (DTAB),
tetradecyltrimethylammonium bromide (TDTMA), hexadecyltrimethylammonium
bromide (HTAB) and octylamine; and nonionic surfactants include Triton X-100, the
Tween series (40, 80) the Brij series (30, 35), Arkopa N-300, Sapogenat T-300,

Tergitol 15S7, Tergitol NP-10, T-Maz 20, CA 620 and TerraSurf 80.

4.1.1. Anionic and cationic surfactants

Anionic and cationic surfactants are very effective at removing metals and organic
contaminants during soil washing/flushing [114]; however, most studies of SEA-
assisted biodegradation indicate that the applicability of both anionic and cationic
surfactants is limited, in that, they are particularly toxic to microorganisms and other
ecological biota, and that cationic surfactants are likely to be adsorbed by soil particles
due to their charges while anionic surfactants may precipitate in soil or in hard
subsurface water [110,114,115]. The anionic surfactant, LAS was reported to have
short-term negative effects on soil microbiology in sewage sludge-amended

agricultural soil [116,117]. The efficiency of ionic surfactants is thought to relate to the
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size of their hydrophobic core and to the accessibility of the inner core. For a given
alkyl chain length, monosulfonates exhibit a lesser solubilisation of PAH than
alkyldiphenyl oxide disulfonates [111].

The chemical structure, the shape and size of micelles, and the CMC values of anionic
surfactants affect their solubilisation capacity. Lan Chun et al. [118] investigated the
solubilisation capacity of three structurally-different anionic surfactants for single,
binary and ternary PAH mixtures. The anionic surfactants studied include the
conventional surfactant SDBS with one hydrophilic head group and one hydrophobic
tail; the gemini surfactant MADS-C12 with two hydrophilic head groups and two
hydrophobic chains; and the dianionic surfactant DADS-C12 with two hydrophilic
head groups and one hydrophobic tail. The authors reported that the apparent aqueous
solubilisation of naphthalene or phenanthrene was enhanced in the order of SDDS <
MADS-C12 < DADS-C12, suggesting that the hydrophobic chains in micellar core
play more important role for the solubilisation of PAHs than the benzene rings in the
palisade layer of a micelle. It was also observed that for the binary and ternary PAH
mixtures (e.g., naphthalene, phenanthrene and/or pyrene), in the presence of less
hydrophobic solutes, the micellar partitioning of the more hydrophobic solute was
increased [118]. The remarkable difference in the solubilisation capacity and CMC
values of the surfactants for single and multiple PAH systems suggests that the
assessment of a surfactant’s potential for remediation should be based on its capacity in
the presence of multiple contaminants [118].

Studies have shown varying results (ranging from enhancements, to no effects, and to
inhibitions) of ionic surfactant-assisted biodegradation of PAHs, indicating the
dependence on surfactant-bacterial species combination, surfactant concentration,

pollutant type, soil type and conditions. During 32 day incubation at 10 °C, low SDS
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concentrations (50-100 mg 1") significantly enhanced diesel oil biodegradation,
whereas higher concentrations (500—1000 mg I"') inhibited hydrocarbon biodegradation
by a psychrotrophic inoculum in liquid culture [119]. Oil biodegradation by the
indigenous microorganisms in an Alpine soil was inhibited at all SDS concentrations
investigated; meanwhile, the surfactant itself was rapidly biodegraded during the first
5-15 days both in the liquid culture and in the soil [119]. Higher SDS concentrations
promoted greater release of hydrocarbons from soil colloids. Remarkably, increased oil
biodegradation at the low SDS concentrations in liquid medium occurred only after 10
days, well after the SDS had been fully degraded within the first 4-7 days. This
indicates either the effect of reduced toxicity at low SDS concentrations or increased
growth of the organisms on low SDS concentrations. The inhibition observed at higher
SDS concentrations in liquid medium and at all SDS concentration in soil was
attributed to both increased toxicity and the accumulation of inhibiting metabolites
during the course of SDS biodegradation [119].

In a pollutant mobilisation study, SDS solutions (0.005 to 1% w/v) increased the
desorption of PAHs up to four-rings, and increase in SDS concentration resulted in the
mobilisation of very low water-soluble five- and six-ring PAHs in a wood-preserving
soil contaminated with creosote for a period of at least 20 years [120]. However, in the
corresponding biodegradation test, SDS (100 and 500 mg kg™) significantly decreased
the biodegradation of fluorene, phenanthrene and all of the four-ring PAHs [120,121].
PAHs with more than four rings were not biodegraded in the presence or absence of
SDS, indicating that though SDS may be efficient in mobilising HMW-PAHs in aged
contaminated soils, it may not be effective to enhance HMW-PAH biodegradation. In
another study, SDS significantly increased solubilisation but inhibited biodegradation

of phenanthrene because SDS was preferred as a growth substrate by the adapted
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mixed bacterial culture [122]. The inhibition also increased with SDS concentration,
and resulted in acidification of the medium with prolonged incubation, indicating that
the products of SDS hydrolysis can also be inhibitory to microorganisms [122].

The anionic surfactant LAS had no beneficial effect on phenanthrene degradation in
liquid medium due to its preferential utilisation by Mycobacterium sp. KR2 at low
concentrations (<10 mg 1) and to its increased toxicity at high concentrations (20-900
mg 1) [123]. Growth of Mycobacterium sp. KR2 was not affected at LAS
concentrations of 0—40 mg 1" but was significantly delayed or inhibited by LAS at
higher levels (>80 mg 1™") [123].

Recently, Pelaez et al. [101] conducted a pilot-scale study to evaluate the effects of two
biostimulants, a slow- and a fast-release fertiliser (SRF and FRF, respectively)
combined with two commercial surfactants, Ivey Sol and Bioversal on PAH
biodegradation. After 60 days of incubation, > PAHs removal increased from 56.2% in
SRF-only amended soil to 72.6% and 78.3% in SRF + Ivey Sol and SRF + Bioversal
amended soils, respectively. Similarly, naphthalene removal increased from 60.6% in
SRF-only amended soil to 80.1% and 87.0% in SRF + Ivey Soil and SRF + Bioversal
amended soils, respectively. However, the effect on five-six-ring PAHs was not as
significant; the increased was from 21.7% in SRF-only amended soil to 26.8% and
26.8% in SRF + Ivey Soil and SRF + Bioversal amended soils, respectively [101].
Following the scale-up of the study to an “on-site” bioremediation program using
biopiling and amendment with FRF and Ivey Sol, there was significant biodegradation
of YPAHs: 98% naphthalene, 84% three-ring PAHs, 74% four-ring PAHs and 74%
five-six-ring PAHs, with respect to the initial contaminants levels in soils was

achieved after 161 day treatment [101].
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The cationic surfactant, TDTMA exhibited greater toxicity to Mycobacterium sp. KR2
than the anionic surfactant LAS and nonionic surfactants Tween 80, Brij 30, Brij 35
and 10LE [123]. The authors reported that the inhibition of phenanthrene degradation
by TDTMA at concentrations (<40 mg 1) well below its CMC (100 mg 1) was not
due to surfactant toxicity per se, but as a result of the preferential utilisation of the
surfactant at low levels as non-toxic nutrient resource. When sorbed at low levels to
natural solids (e.g., soils and bentonite), the cationic surfactant MPB, behaved as a
more powerful medium for sorbing organic contaminants (phenol, p-nitrophenol and
naphthalene) than did the dissolved surfactant in micellar form. At the low levels on
solids, especially bentonite clays, MPB functions effectively as an adsorptive surface
rather than a partition phase. The reverse becomes true for the sorbed surfactant at high
loading in solids [124].

In a study to compare the solubilisation capacity of three surfactants, the cationic
DBBA, the anionic SDS and the nonionic Triton X-100 for B[a]P, DBBA was found to
be the most efficient towards solubilisation in micellar phase [111]. The authors
attributed this to the contribution of two mechanisms: a partition process into the
hydrophobic core of the micelle and a surface solubilisation into the palisade layer due
to specific interactions, surface solubilisation being the major contribution. Meanwhile,
at relatively low concentrations, anionic surfactant SDS (0.2 g I'") and cationic
surfactant CTAB (0.01-0.05 g I'") exhibited high toxicity to a Stenotrophomonas

maltophilia able to degrade HMW-PAHs [125].

4.1.2. Nonionic surfactants
For field application, nonionic surfactants are often preferred, and the most frequently

used in PAH biodegradation as they are less toxic to microorganisms and less

18



432

433

434

435

436

437

438

439

440

441

442

443

444

445

446

447

448

449

450

451

452

453

454

455

456

biodegradable than other types of surfactants [123,125,126]. In addition, nonionic
surfactants usually have greater solubilisation capacity than ionic surfactants; strongly
hydrated shell of ionic surfactants reduces the accessibility of the core and thus the
solubilisation when compared to nonionic ones, but nonionic surfactants are more
likely to adsorb onto clay fractions compared to anionic ones [126]. Sorption of
surfactants to soil may result in a proportion being unavailable for micellar
solubilisation of PAHs [127], hence reducing the efficiency in solubilisation.

The results from research available in the literature indicate that the effectiveness of the
application of nonionic surfactants to bioremediation of PAH-contaminated soils is
often variable and conflicting. Addition of nonionic surfactants above their respective
CMCs has been demonstrated to inhibit, enhance, or have no tangible effect on PAH
biodegradation in soils and sediments, depending on the surfactant type and
concentration, PAH type and concentration, soil type and conditions, moisture content,
and the type of microorganisms present.

Allen et al. [128] observed the contrasting effects of Triton X-100 during
biodegradation of the PAHs naphthalene and phenanthrene, by two dioxygenase-
expressing bacteria, Pseudomonas sp. strain 9816/11 and Sphingomonas yanoikuyae
B8/36. Triton X-100 increased the rate of oxidation of the PAHs by strain 9816/11 with
the effect being most noticeable when phenanthrene was used as a substrate, but
inhibited the biotransformation of both PAHs by strain B8/36 under the same
conditions. Triton X-100 also inhibited growth of the wild-type strain S. yanoikuyae B1
on aromatic compounds. Further studies indicate that Triton X-100 increased
dioxygenase activity in strain 9816/11 but did not inhibit dioxygenase enzyme activity
in strain B8/36 in vitro. This led the authors to suggest that the difference in the

structure of the cell wall in these microorganisms was responsible for the contrasting
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effects [128]. Toxicity of many surfactants is mainly due to membrane-damaging
effects [129].

In a study to compare the ability of a number of nonionic surfactants to solubilise and
enhance microbial degradation of PAHs in liquid medium, Tiehm [122] found that
while all nonionic surfactants tested solubilised the PAHs, the rate and extent of PAH
biodegradation were affected by the toxicity of surfactants, with toxicity increasing as
hydrophobicity decreases, i.e., with increasing ethoxylate chain length. All surfactants
investigated enhanced the degradation of phenanthrene or fluoranthene by their
respective mixed culture, but biodegradation of fluorene or pyrene was depended on
the surfactant used, indicating that nonionic surfactants may exhibit some toxicity to
specific PAH degraders. The nonionic surfactants Malipal 013/90 and Triton X-102
inhibited growth of Mjycobacterium sp. and the biodegradation of acetate,
phenanthrene, fluoranthene, and pyrene, but Genapol X-150, Brij 35, Arkopal N-300,
Sapogenat T-300, Pluronic PE 6400 and Tegopren 5851 enhanced the growth of
Mycobacterium sp. and the biodegradation of fluorene, phenanthrene, anthracene,
fluoranthene, and pyrene [122]. Other researchers have reported selective toxicity of
nonionic surfactants to microorganisms in soils and sediments [130,131].

Tsomides et al. [131] reported the effect of Triton X-100 at levels above its CMC on
the solubilisation and the biodegradation of phenanthrene in sediment. The initial
inhibition of biodegradation was followed by a significantly faster mineralisation after
5 days in the surfactant-amended as compared to the surfactant-free systems; however,
extents of phenanthrene mineralisation were statistically similar in both systems after
22 days [131]. The solubilisation capacities of a set of nonionic surfactants increase in
the order of Brij 30 < Triton X-100 < Tween 80 < Brij 35, which correlated with their

polyoxyethylate chain lengths [132]. All the surfactants significantly increased the

20



482

483

484

485

486

487

488

489

490

491

492

493

494

495

496

497

498

499

500

501

502

503

504

505

apparent solubilisation of naphthalene, phenanthrene, and pyrene with efficiencies
ranging from 21.1 to 60.6%, 33.3 to 62.8%, and 26.8 to 70.9%, respectively. While
Brij 35 and Tween 80 inhibited the growth of Pseudomonas putida, the bacteria utilised
Triton X-100 and Brij 30 as sole carbon and energy sources at concentrations above
their CMCs [132]. Whereas Pseudomonas putida demonstrated competence to
mineralise pyrene (28%) in a liquid medium without surfactants, Triton X-100, Tween
80 and Brij 35 inhibited pyrene mineralisation by the bacteria, and the fraction of the
micellar-phase PAH that can be directly biodegraded decreases as the concentration of
micelles increases. Meanwhile, pyrene mineralisation was enhanced with Brij 30 in soil
[132].

In a study to evaluate the effect of nonionic surfactants on solubility and
biodegradation of PAHs in aqueous and soil slurry, naphthalene and phenanthrene
solubility increased linearly with increasing surfactant concentrations in the range of
0.25-2 g 1" [133]. In similar manner, surfactant solubility increased as the hydrophile—
lipophile balance (HLB) values decreased, indicating the effect of surfactant type and
concentration [133]. Brij 30 showed the greatest desorption capacity for phenanthrene,
followed by Tween 80 and then Triton X-100, correlating to their HLB values.
Biodegradability of the nonionic surfactants also followed the trend observed for their
desorption capacity. All three nonionic surfactants supported complete biodegradation
of naphthalene or phenanthrene by a phenanthrene-acclimatised culture within 60 h in a
liquid medium; the capacity to enhance biodegradation increased with increasing
surfactant concentrations up to 2 g I'' [133]. In soil slurry systems, Brij 30 promoted
faster initial degradation rate of phenanthrene in the sand than in clay soil although the

extent of degradation remained comparable after 10 h in both soils [133].
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In a more recent study, Bueno-Montes et al. [134] evaluated the influence of the
nonionic surfactant Brij 35 on biodegradation of slowly desorbing PAHs in
contaminated soil from a creosote-polluted site, and a manufactured gas plant (MGP)
soil that had previously been treated by bioremediation. At concentration above its
CMC, Brij 35 enhanced the biodegradation of slowly desorbing PAHs in suspensions
of both soils, being especially efficient with the bioremediated soil. However, Brij 35
inhibited the biodegradation of HMW-PAHs pyrene and B[a]P; this was attributed to
the effects of competition with other solubilised PAHs present at relatively higher
concentrations [134]. Zhou et al. [135] demonstrated that Triton X-100 significantly
enhanced degradation of phenanthrene by Pseudomonas sp. ZJF08 because the

organisms was not able to degrade the surfactant; the ability of Pseudomonas sp.

ZJFO08 to rapidly degrade SDS and Tween 80 resulted in the surfactant only been able

to enhance biodegradation rate at the initial phase.

Zhu and Aitken [136] evaluated the ability of two nonionic surfactants; one

hydrophobic (Brij 30) and one hydrophilic (C12E8), to enhance the biodegradation of
PAHs in a contaminated soil after it had been treated in an aerobic bioreactor.

Biodegradation of PAHs with three- and four-rings was significantly enhanced at Brij

30 concentrations corresponding to doses below and at its CMC, but biodegradation of
the three-ring PAHs only was significantly enhanced at concentration above the CMC.

By contrast, C12E8 did not enhance PAH biodegradation at any of the three doses. Brij

30 addition, at the lowest dose, significantly increased the desorption of most PAHs,

but C12E8, at the lowest dose, actually decreased the desorption of all PAHs [136].

The authors highlighted than the properties of the surfactant and its dose relative to the
corresponding aqueous-phase concentration are important factors in designing systems

for surfactant-assisted bioremediation of PAH-contaminated soils in which PAH
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bioavailability is limited [136]. Brij 30 inhibited both microbial growth and HMW-
PAHs degradation by indigenous microbiota in a real industrial polluted soil [93].
Tween 80 increased PAHs solubility in dense-slurry system containing a creosote-
contaminated field soil and in a soil-free system, but the PAHs were not readily
bioavailable to the mixed consortium of microbes indigenous to the creosote-
contaminated soil [137].

Like the ionic surfactants, temperature and pollutant type and concentration are shown
to affect the effectiveness of nonionic surfactants. At the total concentration of 2 mg 1"
of a mixture of two PAHs, the addition of Tergitol NP-10 (100 mg 1™") decreased the
extent of mineralisation of anthracene from 48.8 to 41.0% and increased that of pyrene
from 66.1 to 71.1% at 25 °C, whereas the extent of anthracene mineralisation was
significantly decreased from 18.5 to 11.5% and that of pyrene from 61.5 to 3.8% at 10
°C [138]. At the total concentration of 20 mg 1! of the PAHs, addition of the surfactant
significantly increased mineralisation of anthracene from 17.3 to 33.0% and that of
pyrene from 7.6 to 27.6% at 25°C, while anthracene mineralisation was slightly
increased from 8.7 to 9.6% and pyrene mineralisation significantly decreased from 5.1
to 0.4% at 10 °C [138].

A few studies have reported on nonionic surfactant-assisted solubilisation and
biodegradation of HMW-PAHs including B[a]P, with mixed results [56,125,139-141].
At concentrations up to 10 g 1!, the nonionic surfactants Brij 35, Tergitol NP-10,
Triton X-100 and Tyloxapol, exhibited little or no effect on growth of
Stenotrophomonas maltophilia known to degrade HMW-PAHs [125]. Igepal CA-630
caused some inhibition at concentrations of 5 and 10 g I''; growth inhibition by all
surfactants was observed at 20 g I [125]. An increment in B[a]P solubilisation of up to

1000 times higher than in water was reported when some nonionic surfactants were
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added to a MGP soil [142]. While Triton X-100 significantly increased the apparent
solubilisation of PAHs ranging from two- to six-rings, it hardly enhanced or, in some
cases, even inhibited biodegradation by a microbial consortium of PAHs with
molecular weight similar to or higher than benzo[b]fluoranthene [143]. Tween 80
increased the mineralisation of the four-ring fluoranthene in shake flask culture by
Pseudomonas alcaligenes PA-10 from 62.5 to 79.6% [141]. B[a]P degradation by
Phanerochaete chrysosporium was significantly enhanced in a Tween 80-solubilised
system, whereas no tangible degradation occurred in a solid-phase or soil-slurry system
without the surfactant [139,140]. Recently, Lily et al. [56] reported that B[a]P
degradation by Bacillus subtilis BMT4i was enhanced in the presence of 0.01% of
either Tween 20 (58.64%) or Triton X-100 (50.12%) as compared to the control
(46.32%), but SDS inhibited mineralisation (28.81%).

It has to be noted that both PAH-PAH interactions and micelle-PAH interactions
influence the concentration of PAH mixtures in micellar surfactant solutions [144].
PAH-PAH interactions can influence aqueous solubility, while micelle-PAH
interactions can affect the distribution of PAHs in the micellar phase, which may
change as the mixture composition changes. Hydrophobicity of PAHs, i.e., their
octanol-water partition coefficients, temperature and salinity have also been reported
to affect the solubilisation capabilities of nonionic surfactants [145]. The increasing
aggregation number and the micellar size at higher temperature result in the higher

solubilisation capacity of Tergitol 1587 [145].

4.1.3. Biosurfactants

Naturally, in order to adapt to low availability of substrates, particularly under certain

conditions where mass transfer is significantly limited, such as in aged-contaminated
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soils, many PAH-degrading bacteria may synthesise surface active substances, i.e.,
biosurfactants [110,146,147], while some others enhance cell surface hydrophobicity or
form biofilms to facilitate growth on the PAHs [148-151]. The role of biosurfactants in
microbial survival and metabolism is well-known for a long time, but the application of
biosurfactant-aided biodegradation in bioremediation of PAH-contaminated soil is still
developing [109]. The growing interest in the use of biosurfactants for environmental
applications is mainly because synthetic chemical surfactants are generally considered
to be more toxic and require higher concentrations than biosurfactants [105,152];
although biosurfactant production cost is about 3 to 10 times higher than that of
synthetic surfactants [109,110,153]. Examples of biosurfactants include the glycolipids

— rhamnolipids, trehalolipids, sphorolipids; lipopeptides — viscosin, surfactin,

subtilisin; polymeric surfactants — Alasan, Emulsan. A number of bacteria and yeast

that grow on diesel oil, kerosene, crude oil and oily sludge, and able to produce

biosurfactants with the potential for remediation of PAH-contaminated soils have been

isolated and characterised [109, 154, 155]. A detail list of biosurfactants and organisms

able to produce biosurfactants are available elsewhere [99, 110 and references

contained therein].

The solubilisation capability of biosurfactants is not in doubt [109]; however, the few

studies in the literature on biosurfactant-aided bioremediation of PAHs present mixed

results. The effectiveness of biosurfactants to remove PAHs from soils and sediments

is dependent on the soil type, molecular structure of the PAH and the concentration of
the biosurfactant used [109,110,153]. In general, biosurfactants may be limited to

desorbing PAHs with not greater than four-rings and are only effective in assisting to

biodegrade LMW-PAHSs [109,114].
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Studies that investigated biosurfactant-aided biodegradation of B[a]P in soil or
sediment are rare in the literature [109]. In a recent study, Wong et al. [156] reported
that biosurfactants produced by Acinetobacter calcoaceticus BUO3 significantly
improved desorption and solubilisation of phenanthrene and B[a]P to 54.3 mg 1" and
2.08 mg 1, respectively, in water. B[a]P degradation was enhanced, increasing from
16.4% in soil without biosurfactant to 83.8% in soil amended with 4. calcoaceticus or
the biosurfactant extract. When the soil was augmented with the biosurfactants and
Bacillus subtilis B-UM, extent of degradation after 42 days was 65.1% [156]; this
indicates that the effectiveness of the biosurfactants is also dependent on the type of
organisms present.

Rhamnolipids from Pseudomonas aeruginosa UG2 in a bioslurry increased the
solubilisation of four-ring PAHs more significantly than the three-ring PAHs and were
five times more effective than SDS; however, the addition of the biosurfactant did not
improve the biodegradation in a wood-preserving soil contaminated with creosote for a
period of at least 20 years [121]. This was attributed to the preferential utilisation of the
biosurfactant by PAH degraders. Meanwhile, biosurfactant produced by another strain,
Pseudomonas marginalis, enhanced the solubilisation and biodegradation of
phenanthrene [157].

The synthetic surfactant Tween 80 failed to increase fluoranthene desorption from soil,
whereas the biosurfactant rhamnolipid JBR (0.5 g kg') significantly increased
fluoranthene desorption (11-fold) and resulted in a greater initial degradation rate of
200 mg kg of the PAH in soil by Pseudomonas alcaligenes PA-10; however extents
of biodegradation after 28 days were comparable in soils with or without JBR [141].
The addition of phenanthrene (200 mg kg') having similar effect on fluoranthene

biodegradation led the authors to conclude that the increased solubilisation of the PAH
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by the biosurfactant and/or utilisation of the biosurfactant as co-metabolite are
responsible for the initial increased fluoranthene degradation. The biosurfactant JBR
was also reported to have greater enhancing effect on the apparent solubility in liquid
medium and mineralisation of fluoranthene by Pseudomonas alcaligenes PA-10 than
Tween 80 [141]. Although the Pseudomonad grew rapidly on JBR at its CMC of 0.5 g
I, toxic effect on the degrader was observed at a concentration tenfold higher than the
CMC [141].

Tween 80 and biosurfactants P-CG3 and P.9027 produced by a Pseudomonas
aeruginosa strain P-CG3 and Pseudomonas aeruginosa ATCC 9027, respectively,
effectively enhanced the solubility of both phenanthrene and pyrene under thermophilic
condition (55 °C), which was linearly proportional to the concentrations of surfactants
above their respective CMC [158]. However, in a further investigation, Tween 80 and
the two biosurfactants inhibited phenanthrene degradation by an isolate Bacillus sp. B-
UM; the negative effect increased as surfactant concentrations increased, with
complete inhibition of phenanthrene degradation by all the surfactants at concentrations
above their respective CMC [159]. While preferential degradation of the surfactants
was also reported, the authors postulated that the hydrophobic property of B-UM was
responsible for the reduced phenanthrene biodegradation as the surfactants reduced the
direct contact between bacterial cells and phenanthrene [159].

Rhamnolipids from Pseudomonas aeruginosa AT10 enhanced the biodegradation of
Casablanca crude oil by a microbial consortium [160]. Biodegradation of total
petroleum hydrocarbons after 10 day increased from 32% in the absence of
rhamnolipids to 61% when hydrocarbons are emulsified by 500 mg rhamnolipids 1" in
liquid medium; the rhamnolipids were particularly effective on the isoprenoid group

from aliphatic fraction and the alkylated PAHs from the aromatic fraction. Since the
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alkylated derivatives are known to exhibit greater acute toxicity and are more
mutagenic than the parent PAHs [161], the finding indicates that the potential of
biosurfactants may not only be to increase the overall removal of PAHs but to also
reduce acute toxicity and mutagenicity of their residuals. The study by Hickey et al.
[141] also indicated that fluoranthene toxicity to Bacillus megaterium IMD 147 and
Drosophila melanogaster was reduced in soil treated with JBR and P. alcaligenes PA-
10 to that in the uncontaminated soil after 28 days

A recent study by Portet-Koltalo et al. [114] indicated that while two cyclolipopeptidic
biosurfactants, amphisin and viscosin-like mixture, produced from Pseudomonas
fluorescens strains were effective only at desorbing two—three-ring PAHs (naphthalene
to phenanthrene), the synthetic surfactant, SDS, additionally desorbed the four-ring
PAH, pyrene. In a study using a soil-packed column, soil pH affected the ability of
biosurfactants to enhance apparent solubility of PAHs; rhamnolipid solution removed
17.3% and 9.5% of phenanthrene from soil with pH 5 and 7, respectively [162]. In a
further study to evaluate the effect of residual surfactant after the soil flushing event on
microbial processes, phenanthrene degradation by Sphingomonas sp. strain 3Y was
enhanced except in soil with pH 4 [162]. The structure of rhamnolipids is thought to be
strongly dependent on pH, and can undergo changes from large lamellar sheets, to
vesicles, and to micelles [110].

Gottfried et al. [163] reported that the addition of small amounts of biosurfactant (0.25
g I'") gave a significant increase in phenanthrene removal by Pseudomonas putida
ATCC 17484 in soil slurries when only biosurfactant was added, but in soil slurries
containing salicylate the effects of biosurfactant addition were negligible as there was

greater than 90% removal, regardless of the biosurfactant concentration. The finding
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indicates that the introduction of biosurfactants is unnecessary where carbon substrates

to induce metabolic pathway are available.

4.1.4. Mixed-type surfactants

At high concentrations, anionic surfactants may precipitate in too hard subsurface
water whereas, at low concentrations nonionic could adsorb onto clay materials; a
solution to these challenges is the use of mixed surfactant systems [115]. The
application of mixed-type surfactants to remediation studies is»increasing due to their
greater solubilisation and suspension, dispersion and transportation capabilities, as
compared to the individual ionic or nonionic surfactants [164,165]. The sorption of
nonionic surfactants onto clay materials was observed to decrease with the increasing
mole fraction of anionic surfactants in mixed solution, indicating that mixtures of ionic
with nonionic surfactants may give a better enhancement [115]. It was observed that
the mixture of SDS-Triton X-405 solutions has a larger maximum additive
concentration (MAC) and micelle-water partition coefficient (K,.) than predicted by
the ideal mixing rule (i.e., obeys Raoult’s Law), suggesting a synergistic effect of the
micelle on solubilisation of PAHs, which follow the order of pyrene > phenanthrene >
acenaphthalene > naphthalene [164]. Although no study has been conducted with
BJ[a]P, it appears that such increasing effect of mixed surfactants as the K, values of
PAH increase could favour B[a]P solubilisation in the presence of other competing
PAHs.

Other mixed surfactants that have been shown to exhibit synergistic effect on pyrene
solubilisation in the micellar-phase are in the order of SDS—Triton X-405 > SDS—Brjj
35 > SDS-Brij 58 > SDS-Triton X-100, and increases with an increase in the HLB

value of nonionic surfactant in mixed systems [165]. More recently, Kabir ud et al.
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[166] investigated the solubilisation capacities of equimolar mixed micellar solutions
of gemini surfactant, Cl6H33N+(CH3)2—(CH2)5—N+(CH3)2 CiHsz 2Br (G), with
cetylpyridinium chloride (CPC), bis(2-ethyhexyl)sulfosuccinate (AOT) and Brij 56
toward pyrene and anthracene. The equimolar binary surfactant mixtures gave higher
solubilisation capacity than their respective individual surfactants, except G-CPC
wherein the values were intermediate between the two. Sales et al. [126] also studied
the solubilisation of PAHs in water induced by mixed surfactant solutions. The
inability of the mixtures between nonionic surfactants Tween 80 or Brij-35 and an
amphiphilic modified B-cyclodextrin (Mod-B-CD;,) to show synergism in increasing
the solubilisation of naphthalene and phenanthrene was attributed to the strong
intermolecular interactions in the cyclodextrin aggregates [126]. On the other hand,
because these interactions are absent in an anionic fatty acids (sodium laurate), the
mixtures formed between it and Tween 80 at all mole fractions investigated produced
higher enhancements of naphthalene solubility than the individual surfactants [126].
However, Tween 80-fatty acids mixture did not increase phenanthrene solubilisation,
indicating the different solubilisation sites of the PAHs in the mixed micelles.

Zhao et al. [115] studied the effects of mixed anionic—nonionic surfactants on
phenanthrene solubilisation and biodegradation, and reported that the CMC values of
all the three mixed surfactants solutions, i.e., SDS—-Tween 80, SDS—Brij 35, and SDS—
TX100, were sharply lower than that of single SDS solution and exhibited no
inhibitory effect on biodegradation of phenanthrene [115]. The inhibition of
phenanthrene biodegradation in the presence of 5.0 mM of SDS was attributed to the
preferential utilisation of SDS as high CMC and low solubilising capacity would not

enhance availability of contaminants significantly [115].
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Yu et al. [167] demonstrated that the mixture of the anionic surfactant SDS with the
nonionic surfactant Triton X-100 did not only improve the solubilisation capacity of
the Triton X-100, it also reduced the sorption of Triton X-100 onto soils, resulting in
significantly enhanced desorption efficiency of phenanthrene from a contaminated soil.
The ability of SDS to improve Triton X-100 solubilisation capacity appears to relate to
the mole fraction of SDS in solution. However, the mole ratio of SDS—Triton X-100 is
critical to enhance biodegradation of phenanthrene in soil; smaller ratio of 1:9 SDS—
Triton X-100 mixed solutions produced significantly higher biodegradation while
larger ratio of SDS in the mixed solutions inhibited biodegradation, which may be due
to the preferential utilisation of SDS by phenanthrene degraders [167].
Naturally-occurring amphiphilic compounds have also been used in combination with
synthetic surfactants as mixed-type SEAs to improve HOCs solubilisation and/or
enhance their biodegradation. Cho et al. [168] studied the combined effect of natural
organic matter (NOM) and surfactants on the apparent solubility of PAHs. The
apparent solubilisation of naphthalene, phenanthrene, or pyrene was found to be lower
in mixed NOM-anionic surfactant solution than in single NOM solution while the
apparent solubility of a PAH in mixed NOM-nonionic surfactant was almost the same
as the sum of the PAH solubility in single NOM solution plus its solubility in single
nonionic surfactant solution [168]. The authors attributed the decreased solubilisation
capacity of mixed NOM-anionic surfactant solution to the fact that cations that are
released when the anionic surfactants dissociate may form ion pairs with acidic or
phenolic groups in the NOM, increasing the size of these associated-nonpolar moieties,
and thus decreasing hydrophobic partitioning of the HOCs into the NOM.

Cheng and Wong [169] examined the desorption behaviour of phenanthrene and

pyrene in soil-water system in the presence of nonionic surfactant Tween 80 and DOM
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derived from pig manure or pig manure compost. Addition of 150 mg I"' Tween 80
desorbed 5.8% and 2.1% of phenanthrene and pyrene from soil into aqueous phase,
respectively; addition of both Tween 80 and DOM derived from pig manure compost
and pig manure further enhanced the desorption of phenanthrene to 15.8% and 16.2%,
respectively, and 6.4% and 10.9%, respectively, for pyrene. The authors found also that
the addition of mixed DOM-Tween 80 solution into the soil-water system enhanced
PAHs desorption, the enhancement effect being more than the additive effect of the
Tween 80 and DOM individually [169]. In general, this kind of mixed-type surfactant
systems may improve the performance of surfactant-assisted bioremediation of soils
and sediments by decreasing the applied surfactant level and thus remediation cost.
Presently, no report is available in the literature on the effects on mixed surfactants on

the solubilisation and/or biodegradation of B[a]P in soils and sediments.

4.2. Cyclodextrin-based techniques

The ability of cyclodextrins to complexed HOCs is well-known and has been widely
utilised for decades in the industries like pharmaceutical, food, cosmetic and
agriculture, their utilisation in environmental decontamination is more recent.
Traditionally, soil flushing with surfactants has been used to improve bioavailability of
HOCs in oil-contaminated soils and sediments [42,131,170-173]; however, in the last
decade interest is shifting to the use of cyclodextrins because they have negligible
surface reactivity, which minimises the adherence of entrapped contaminants to soil
particles in addition to eliminating the challenge of maintaining CMCs of surfactants
[174-178]. Also unlike surfactants, cyclodextrins have been shown to exhibit no or

negligible toxic effects on soil microbial ecology [116,175,179,180].
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Cyclodextrins are typical toroid-shaped cyclic non-reducing oligosaccharides with six
(o-cyclodextrin), seven (B-cyclodextrin), or eight a-D-glucopyranose units (y-
cyclodextrin) derived from starch [181]. Cyclodextrins form host-guest inclusion
complexes with lipophilic molecules through their hydrophobic central cavity; the
hydrophilic exterior is responsible for the large water solubility of the stable aqueous
inclusion complexes [181-183]. Cyclodextrin chemistry with the various host—guest
inclusion phenomena (e.g., inclusion complexation and encapsulation interaction) has
been comprehensively reviewed elsewhere [181]. A prerequisite for the formation of
inclusion of complexes and thus for an efficient extraction is that the size and shape of
the target molecules should fit into the cyclodextrin cavity, which increases from o-
(diameter 4.7-5.3 A), to B- (6.0-6.5 A), and to y-cyclodextrins (7.5-8.3 A). Examples
of synthetic cyclodextrins are 2-hydroxypropyl-p-cyclodextrin (HP-B-CD), methyl-f-
cyclodextrin (M-B-CD) and sulphate-B-cyclodextrin (S-B-CD).

A large body of studies has evidenced significant improvement in the apparent
solubilisation of PAHs by cyclodextrins [e.g. 180,184]. The aqueous solubilisation
capacity of cyclodextrins towards PAHs depends of a number of factors and
conditions, and in general, increases linearly with the cyclodextrin concentration. The
comparison of data reported in the literature indicates that in addition to the significant
influence of soil type, the molecular weight and structure of target PAHs as well as
their concentrations, and co-contaminant(s) type and concentration affect the extent to
which a given cyclodextrin solubilises the PAHs. For instance, there is a distinction in
cyclodextrin solubilisation capacity for PAHs in freshly-contaminated soils and aged-
contaminated soils [134, 174].

In a study by Viglianti et al. [185], three cyclodextrins, fCD, HP-B-CD and M-B-CD

were showed to be effective flushing-agents of PAHs from a soil column with M-3-CD

33



802

803

804

805

806

807

808

809

810

811

812

813

814

815

816

817

818

819

820

821

822

823

824

825

826

producing the highest removal efficiency followed by HP-B-CD and lastly BCD.
Temperature in the range of 5 to 35 °C had no significant influence; cyclodextrin
concentration and ratio of soil to washing solution were found to have a significant and
almost linear effect on PAH removal from a contaminated soil [185]. Ramsay et al.
[186] reported that HP-B-CD and M-B-CD enhanced the solubility of the individual
PAHs (naphthalene, acenaphthalene, phenanthrene, anthracene, pyrene or
fluoranthene) to similar extents while S-B-CD only slightly improved solubility of any
of the PAHs tested. PAH solubility also increased as concentration of HP-B-CD or M-
B-CD increased. The solubility of phenanthrene and pyrene was enhanced 4050 times
in 5% (w/v) HP-B-CD while that of naphthalene, acenaphthalene, anthracene, or
fluoranthene was enhanced only 4-13 times [186]. These differences may be due to
stereoselective interactions and hydrogen bonding between a given cyclodextrin
structure and the individual PAH [187]. In a study to assess the effect of organic
amendments on the chemical extractability of HOC residues that had been present in
soils for more 12 years, Doick et al. [188] reported that the addition of HP-B-CD did
not result in a significant increase in chemical extractability after a 36-day contact time.
Cyclodextrins have been modified to increase their solubilisation capability. The
esterification of PBCD with 3-(dodec-2-enyl)-dihydrofuran-2,5-dione produced
modified-BCDs, which exhibit amphiphilic properties and are highly efficient at
diminishing the surface tension of water and water—dimethysulfoxide (DMSO)
solutions, forming aggregates at very low concentration [126]. The ability of these
modified-BCDs to enhance PAH biodegradation has not yet been reported.

Several investigators have reported significantly improved PAH degradation rates
when supplemented with HP-B-CD [174,180,184,189-191]. Few studies have reported

no or marginal effects [143,192-194], and none to date have reported negative effects
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on PAH biodegradation. Several studies that have reported HP-B-CD-enhanced
solubilisation and biodegradation of PAHs were focussed mainly on the LMW-PAHs
with relatively fewer studies on PAHs with four or more benzene rings [184]. Most of
these studies are usually been carried out in liquid media with isolated pure or mixed
cultures whose degradative properties have been enhanced in vivo [184,194]. HP-B-CD
has been shown to mobilise HOCs loosely-bound to SOM, making them more
bioavailable for biodegradation by soil microorganisms [174,180,185,193]. The
influence of HP-B-CD on bioavailability and biodegradation of phenanthrene
[191,193,195], pyrene [184], B[a]P [192,196] or hexadecane [193] has been
investigated in soils spiked with the individual PAH, or in historically contaminated
municipal gas plant site soils [174]; with rather inconsistent conclusions.

Both HP-B-CD and B-CD enhanced the apparent solubility and biodegradation of
phenanthrene dissolved in two NAPLs, hexadecane and di-2-ethylhexyl phthalate
(DEHP) [197]. Solubilisation of phenanthrene increased with increase in cyclodextrin
concentration, and the apparent concentration of phenanthrene in the hexadecane—water
system increased as twice as that in the DEHP-water system. The extent of
cyclodextrin-enhanced phenanthrene biodegradation was influenced by the type and
concentration of cyclodextrin as well as the type of NAPL used; extent of
biodegradation increased linearly with 3-CD concentration from 0.72 mM to 7.2 mM
while increasing HP-B-CD concentration beyond 3.6 mM did not result in further
biodegradation [197].

While there are numerous studies on cyclodextrin-mediated biodegradation of PAHs
with many reporting positive results, in terms of both increased extent of degradation
and reduced toxicity after remediation for LMW-PAHs, only a handful laboratory

studies have been carried out for HMW-PAHs [143,184,194]. To date no published
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studies have reported any significant improvement in cyclodextrin-aided
biodegradation of B[a]P. The addition of solubilising agents, such as Tween 80 or
cyclodextrin, to the incubation medium did not enhance the biodegradation of B[a]P by
S. paucimobilis EPA 505 [194]. Cuypers et al. [143] studied the enhancement effect of
HP-B-CD (applied at 0.18 and 0.79 g kg™) on PAH biodegradation in two MGP
sediments. While biodegradation enhancement was significant only for chrysene at the
higher HP-B-CD concentration in the first sediment, and for phenanthrene,
fluoranthene, benzo[a]anthracene, chrysene, and indeno[1,2,3-c,d]pyrene at the lower
concentration, and for benzo[g,h,i]perylene and indeno[1,2,3-c,d]pyrene at the higher
[1,2,3-c,d]pyrene concentration in the second sediment, overall enhancement effect of
HP-B-CD was negligible [143]. Hence, the authors concluded that HP-B-CD addition
neither stimulated nor inhibited PAH biodegradation in coal tar-contaminated soil. By
contrast, Triton X-100 did enhance PAH biodegradation in both sediment samples.

Recently, we evaluated the ability of HP-B-CD to enhance B[a]P solubilisation, and
hence, its biodegradation in unexposed and diesel oil-exposed soils (unpublished data;
Paper VII). It was found that rather than improving B[a]P mineralisation by indigenous
soil microorganisms, HP-B-CD significantly reduced mineralisation in three of the four
soils investigated. This was in spite of the significant improvement in the apparent
solubilisation of B[a]P in all the soils (Figure 2 adapted from Paper VII). In summary,
the results of these studies showed that presence of HP-f-CD may not enhance or may
even inhibit the degradation of PAHs, especially the HMW-PAHs like B[a]P, although
solubilisation of the pollutant was substantially increased by HP-B-CD. Reid et al.
[195] suggested that the risk posed by residual contamination is expected to be minimal
in HP-B-CD-aided biodegradation of phenanthrene in soil; this is yet to be test for

B[a]P.
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4.3. Co-solvent-aided techniques

Non-biodegradable solvents have also been studied for their capacity to increase
pseudo-solubilisation of PAHs. The choice of a solvent as SEA is usually based on
environmental safety, ease of availability and cost, as compared to conventional
surfactants. Lee et al. [198] used soil pre-treatment with acetone and ethanol to
promote the biodegradation of PAHs in five coal tar-contaminated soils from former
MGP sites. The initial pre-treatment was found to accelerate the volatilisation of two-
and three-ring PAHs. The total PAH degradation rates for soils pre-treated with
solvents were estimated to be about two times faster than soils that were not pre-
treated. In particular, solvent pre-treatment enhanced removal of the carcinogenic five-
ring PAHs such as B[a]P, and to a limited extent the four-ring PAHs such as chrysene.
High organic carbon content was shown to have no effect on the co-solvent-aided
biodegradation, and there was no significant difference between acetone-treated and
ethanol-treated soils [198].

Villemur et al. [199] demonstrated an enhancement of the biodegradation of HMW-
PAHs including B[a]P in soil using two-liquid-phase (TLP) slurry bioreactors.
Addition of a water-immiscible, non-biodegradable, and biocompatible liquid, silicone
oil, to soil-slurry promoted desorption of PAHs from a field-contaminated soil. The
author attributed the initial rapid desorption during the first 8 h to the extraction of non-
solubilised and of poorly sorbed PAHs, and the later slower but constant transfer was
attributed to extraction of more tightly bound PAHs. The ability of a HMW-PAH-
degrading consortium to access and degrade the desorbed PAHs in the TLP soil-slurry
was compared to the control soil-slurry without silicone oil [199]. Pyrene degradation

was low, and no feasible biodegradation of chrysene and B[a]P observed in the control
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slurry bioreactor. Pyrene was completely degraded after 4 days, and substantial
biodegradation of chrysene and B[a]P recorded in the TLP soil slurry bioreactor with
the PAH-degraders being more effective at degrading PAHs in the organic solvent
interface than in the aqueous medium [199]. Other non-biodegradable NAPLs, such as
2,2,4,4,6,8,8-heptamethylnonane (HMN), paraffin oil, hexadecane and corn oil were
much less, or not efficient in improving PAH degradation by the consortium; the
addition of surfactants (Triton X-100, Witconol SN70, Brij 35 and rhamnolipid), or
Inipol EAP22 also did not promote biodegradation [200]. Meanwhile, HMN increased
solubility and biodegradation of naphthalene and phenanthrene by Pseudomonas sp.
strain 9816/11 and Sphingomonas yanoikuyae B8/36 in aqueous solution [128]. These
contrasting findings indicate that the ability of chemical co-solvents to enhance
biodegradation depends on the solvent type and the microorganisms involved.

Surfactants have been used to stabilise the emulsion formed by solvents in order to
further enhance PAH solubilisation. Kim et al. [201] reported that the combination of
paraffin oil and Brij 30 increased the mobilisation through soil column and enhanced
biodegradation of phenanthrene than in water phase or Brij 30 solution only. On the
other hand, chelating or complexing reagents (e.g. citric acid or EDTA) with the ability
to increase solubility of SOM have been used facilitate the desorption of PAHs from
the particulate organic matter fraction into surfactant solution [202,203]. An added
advantage of using ethylenediaminetetraacetic acid (EDTA) or its structural isomers
like EDDS (ethylenediaminedisuccinic acid) is that the chelating agents have high
complexing capacity to mobilise metal cations coupled with only a minor impact on
physical and chemical properties of the soil matrix [202]. Wen et al. [203]

demonstrated significantly high mobilisation of B[a]P and chrysene following
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ultrasonic mixing of field-contaminated soil with a combination of 20 ml I surfactant
suspension and a sparing quantity (2 mmol) of [S,S]-stereoisomer EDDS.

Other studies have used natural or plant-derived oils as alternative to the chemical
solvents due to their being non-toxic, more cost-effective and biodegradable.
Sunflower oil was reported to enhance the mobilisation of PAHs from a heavily-
contaminated soil [204]. Recently, Lladé et al. [93] reported a significantly higher
Bla]P degradation and one order of magnitude increase in bacterial heterotrophic
population in sunflower oil-amended soil compared to the same soil amended with Brij
30 or with no SEA addition. In addition to the possibility of acting as extra partition
phase, sunflower oil supplies readily accessible and degradable carbon substrates to

enhance the cometabolism of B[a]P.

4.4. Other natural/biogenic SEAs

It is well accepted that PAHs interactions with natural organic matter (NOM) in soils
and sediments influence the pollutants solid-liquid distribution and transport —
mechanisms which define their bioavailability, and to a large extent, their
biodegradability in soils and sediments [205-207]. NOM including that which may be
present in solid-phase (NSOM) or in dissolved form (NDOM), can act as a sink or a
mobilising agent, respectively [106,208]. In soil environments, the reduced
bioavailability of PAHs due to sorption to NSOM is an important factor controlling
their biodegradation, and several studies have evidenced an inhibitory effect of NSOM
on the biodegradation of PAHs in soils and sediments [205,209-212]. While studies
have reported variable effects of NDOM on biodegradation of HOCs, there is an

increasing body of evidence pointing to an enhancing effect in the case of PAHs [106].
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The mechanism(s) of the mobility enhancement are not yet well understood. However,
it is generally thought that naturally-occurring amphiphiles, such as dissolved humic
substances, do not form micelle-like aggregates like the surfactants or inclusion
complexes like the cyclodextrins; a macromolecular model has been suggested [178].
A number of mechanisms have been proposed for NDOM-mediated biodegradation of
HOC:s: (i) a result of enhanced desorption of HOCs from soils [213]; (ii) a direct access
to DOM-sorbed PAHs due to the physical association of bacteria and DOM [214]; and
(111) an increased diffusive flux toward bacterial cells cause by DOM [215].

A commercially available natural polymer (Salmon deoxyribonucleic acid, DNA),
which was successfully applied to the flushing of PAH-contaminated soil, has been
described as environmentally safe and non-exhaustive, and with large inclusion sites
that accommodate even HMW-PAHs, and has a high specificity to PAHs and other
planar aromatic organic compounds [216]. In a spiked soil that contained 72 mg kg™
anthracene, 102 mg kg phenanthrene, and 99 mg kg pyrene, extractions close to 88,
78 and 94%, respectively, were attained with 5% DNA at 1:50 soil/extractant ratio
[216]. Compared to Tween 80, B-CD and M-B-CD, this natural SEA also exhibited
greater solubilisation capacity toward HMW-PAHs like pyrene [216]. In another study,
it was reported that the degradability of different PAHs including anthracene,
phenanthrene and pyrene by Sphingomonas sp. was not inhibited even at a high DNA
concentration of 2%, and that DNA was stable against the PAH degrader, suggesting
that a structural change in the polymer is not necessary for the release of PAHs [217].
Degradation of pseudosolubilised B[a]P by Sphingomonas sp. following an initial
dissolution of the compound in 1% aqueous DNA solution was demonstrated to be
significantly greater (95%) compared to the PAH crystals in aqueous medium (40%);

this indicates that the intercalation-like binding of the PAHs in the polymer does not
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pose serious constraint to bacterial uptake [218]. The performance of hexane
regenerated DNA was stable after three to four stages of recycling [216].

Kobayashi et al. [219] reported a significant increase in pyrene desorption from soil
amended with DOM extracts derived from a mixed gardening compost or cow manure,
and showed that the application of the DOM extracts to a PAH-contaminated soil
enhanced the phytoremediation by two subspecies of Cucurbita pepo. In another study,
Kobayashi et al. [220] investigated the effect of water-extractable organic matter
(WEOM) from manure compost of cow, chicken and pig on the biodegradation of
various PAHs. WEOM significantly increase the apparent dissolution of phenanthrene,
pyrene, and B[a]P and enhanced the biodegradation of the PAHs in liquid medium.
B[a]P degradation by Sphingomonas sp. was enhanced by almost 3-times with the
extent increasing from 25.1% in the absence to 73.1% in the presence of WEOM after
14 days. The authors observed that WEOM with molecular mass >1000 Da mainly
contributed to the solubility and biodegradation enhancements [220].

Berselli et al. [189] compared the effects of surfactants, cyclodextrins, humic
substances and rhamnolipids on desorption of HOCs including PAHs from an aged
contaminated soil and on the biodegradation of resulting effluents. The capability of
water to elute the HOCs was significantly enhanced with the biogenic SEAs (by 237%,
BCD; 265%, HP-B-CD; 400%, rhamnolipids; 566%, humic substances) and with
synthetic surfactant Triton X-100 (660%). Triton X-100 recorded the lowest depletion
of the initial soil ecotoxicity, the greatest impact on the soil organic matter, as well as
adversely affected the bioremediation of the resulting effluent by inducing a premature
decrease of specialised bacterial biomass. By contrast, the biogenic SEAs, and in

particular rhamnolipid and humic substances, sustained the biodegradation and
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dechlorination of pollutants by apparently enhancing the availability of specialised
bacteria in the reactors [189].

Berselli et al. [221] reported on the development of an innovative soil-washing process
using cheap, non-toxic, and biodegradable SEAs including deoxycholic acid (DA),
bovine bile (BB), and the residue resulting from DA extraction from BB (BBR). These
biogenic SEAs enhanced the mobilisation of pollutants from a soil historically
contaminated with chlorinated anilines and benzenes, thiophenes, and several PAHs by
230-440%, as compared to 540% in the case of the synthetic surfactant Triton X-100.
However, the biogenic SEAs, and in particular DA and BB, mediated greater
depletions of the initial soil ecotoxicity and enhanced the effluents biodegradation by
sustaining the growth and increasing complexity of the effluent eubacterial
communities; on the contrary, Triton X-100 adversely affected the bio-treatability of
the resulting effluents [221].

Fava et al. [222] demonstrated the ability of soya lecithin (SL) and humic substances
(HS) applied at 1.5% (w/w) to a soil historically contaminated with a large variety of
PAHs (13 g kg') to enhance mobility and biodegradation in aerobic solid-phase and
slurry-phase reactors. A slow and partial biodegradation of LMW-PAHs along with a
moderate depletion of the initial soil ecotoxicity was observed in the control reactors.
By contrast, the overall removal of PAHs was faster and more extensive and
accompanied by a larger soil detoxification in soils amended with either SL or HS,
especially in slurry-phase conditions. The authors concluded that SL and HS enhanced
PAH mobility to the water phase, as well as serve as substrates for increase growth of
indigenous aerobic PAH-degrading bacteria [222].

Other biogenic surfactants including those synthesised from organic wastes such as

potato starch [223] have been investigated for their ability to improve solubilisation of
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PAHs. Rosu et al. [223] demonstrated that, in comparison with the native potato, all the
alkylated starches (including those with epoxyalkane, alkenyl succinic anhydride and
1,4-butane sulfonone) showed an enhancement of their aqueous solubility with B[a]P
aqueous solubilisation being significantly stimulated by the ester-modified starches.
However, the capacity of these biogenic SEAs to enhance PAH biodegradation is yet to

be reported.

S. Limitations to SEA-assisted B[a]P biodegradation in soil and sediments

Studies on SEA-assisted biodegradation, especially of the LMW-PAHs, in soils and
sediments present widely varying and conflicting reports [125,142,147,224]. The
effects range from enhancements, to no-effect at all, and to inhibitions of PAH
biodegradation. The appraisal of these confounding results indicates the influence of a
variety of factors ranging from the SEA type and concentration, to PAH type and
concentration, to PAH-degrader type, and to soil characteristics as well as experimental
conditions [116,225,226]. Basically, the application of SEAs in bioremediation of
PAH-contaminated soils and sediments is aimed at achieving an increase in the
pseudosolubilisation of the otherwise insoluble PAHs, and possibly an increase in the
microbial growth by serving as alternative carbon substrate. The ability of SEAs to
increase PAH solubilisation is largely dependent, among other parameters, on the
presence, type and concentration of co-contaminants — factors which may not be
favourable to B[a]P, and the SEA-stimulated microbial growth is not known to be
selective for PAH degraders in the heterotrophic microbial community. Therefore, the
effectiveness of this technology in bioremediation of B[a]P may remain fragmentary

and unpredictable under field conditions.
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In general, the solubilisation enhancement capacity of most surfactants and
cyclodextrins tends to be greater than their biodegradation enhancement capacity. An
evaluation of studies that have reported SEA-enhanced biodegradation of PAHs
indicates that, in most cases, enhancements did not correlate well with extents of PAH
solubilisation, suggesting other physiological and physical-chemical influences of the
SEAs on microbial activity. For instance, surfactants, at concentrations above their
CMCs, hardly fail to improve PAH solubility in water but are inconsistent at enhancing
PAH biodegradation. Studies have shown positive, negative, or no-effects of
surfactants on the abundance and diversity as well on the growth of indigenous
microorganisms in soil and sediments.

The negative effects of surfactants on PAH biodegradation may be as a result of their
toxicity to microorganisms or the increased toxicity of PAHs due to their greater bulk
concentration in the micelles [130]. In addition, the limitation of cells to access
pseudosolubilised PAHs in the micellar-phases of surfactants or inclusion complexes of
cyclodextrins, and the preferential utilisation of these SEAs by PAH-degrading
microorganisms result in reduced biodegradability. As PAH-contaminated soils and
sediments are prone to a higher C:N:P ratio, the introduction of surfactants with large
proportion of readily available and degradable C substrate may further markedly
increase the C:N:P balance, leading to greater nutrient limitations as biodegradation
proceeds. This may increase the cost of remediation through the addition of extra N
and P supplements. As surfactants and cyclodextrins are relatively more biodegradable
than PAHs, the applications of these SEAs to PAH-contaminated soils may alter the
succession in the microbial community responsible for biodegradation [227]. SEAs
may also be a competing substrate, affecting negatively PAH biodegradation kinetics

[125,142].
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As observed by Kim and Weber [228] in a study that investigated the biodegradation of
phenanthrene in the presence of the nonionic Tween series surfactants, the PAH-
degrading strain Sphingomonas paucimobilis EPA 505 preferentially utilised the
surfactants, resulting in the destabilisation of surfactant micelles and the re-
crystallisation of the initially dissolved phenanthrene molecules. Meanwhile, it was
initially observed that dosages of surfactants in excess of their respective CMC
dramatically enhanced solubilisation of phenanthrene. If these occurred during B[a]P
biodegradation, the increased toxicity as a result of instantaneous dissolution of B[a]P
may change the microbial community and adversely affect its degradative ability,

greater mobilisation and bioaccessibility of the pseudo-solubilised B[a]P may increase

toxicity to other sensitive soil biota populations, and partial or preferential utilisation of
surfactants may revert associated B[a]P to a crystallised form without biodegradation.

In a case that the surfactants and B[a]P are competitively degraded, partial

transformation of the parent B[a]P to its more water soluble and genotoxic diol

metabolites will actually present greater risks.

In a similar manner, recent unpublished research from the authors’ laboratory, which

investigated the effect of the presence and concentration of HP-B-CD highlighted that

while B[a]P apparent solubility increased, the extent of mineralisation decreased as

HP-B-CD concentration increased from 12.5 mM to 50 mM (Paper VI). Further,

biodegradation of B[a]P by indigenous soil microorganisms was adversely affected in

three of the four soils investigated, resulting in up to 25-times decrease in the extent of
mineralisation (Paper VII). In all of these scenarios, deployment of SEA-aided
bioremediation will be more detrimental to the environment and may lead to higher
remediation costs. Unfortunately, no study has investigated the ecotoxicity effects on

sentinel soil biota following SEA-assisted B[a]P biodegradation.
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Although cyclodextrins on their own are not known to exhibit negative effects on
microbial survival and growth; however, a number of studies have reported increased
toxicity to microorganisms due to the instantaneously-desorbed bulk concentrations of
PAHs in cyclodextrin solution. In addition, and similar to the effect of surfactants,
biodegradation of cyclodextrins may result in the rapid depletion of essential nutrients
and oxygen, causing reduced microbial activity or slower PAH degradation rate.
Whereas, most non-biodegradable co-solvents are not toxic to microorganisms and
may not compete with PAHs as alternate carbon source, in situ application of non-

biodegradable co-solvents to contaminated soils and sediments is not environmentally
friendly, and hence not advisable.

Recycling of the surfactants is desirable to decrease remediation costs; however in

practice, it is difficult to separate pseudo-solubilised contaminants from surfactants and

the often too quick biodegradation of surfactants could make the recovery and reuse to

have little effect on remediation costs. No study has attempted to recover cyclodextrins

following PAH degradation in soil as to assess the feasibility of their reuse.

It has to be mentioned also that due to the differences in their physical-chemical

characteristics, the limitations to SEA-assisted biodegradation may be different in soils

and sediments. Sediments are heterogeneous materials which are preponderantly fine

particles with a higher proportion of organic matter and water compared to soils. Soil

texture, organic matter and clay contents, water level have all been shown to affect the

capacity of SEAs to desorb and/or solubilise PAHs.

Another undesirable effect of the application of SEAs is that rather than enhancing the

solubilisation of PAHs, surfactants may promote increased sorption to soil matrix. This
is especially a major limitation to the applicability of nonionic and cationic surfactants

to enhance bioremediation in aged PAH-contaminated soils. Studies have reported
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