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Abstract 
Anthropogenic activities modify biogeochemical cycles of the macronutrients carbon (C), 

nitrogen (N) and phosphorus (P) worldwide. This has resulted in a need for more effective 

nutrient management practices that are informed by accurate nutrient budgets. This thesis uses 

publicly available data to assess the impacts that human uses of fresh water across the 

contiguous United States (US) can have upon N, C and P cycles. Freshwater withdrawals were 

estimated to delay the downstream export of 417 kt NO3-N yr-1, a flux equivalent to 57% of total 

US river denitrification. Freshwater withdrawals were estimated to delay the downstream export 

of 15.1 Tg DIC yr-1, a flux equivalent to 51% of the total DIC exported to the oceans from the US 

by surface waters and subterranean groundwater discharge. On a national level, the degassing 

of CO2 supersaturated groundwater following withdrawal was estimated to emit 3.6 Tg CO2 yr-1, 

an emission equivalent to 1.2% of CO2 emissions from outgassing lakes and rivers. Degassing 

groundwater withdrawals are now estimated to be an important component of overall emissions 

of CO2 on localised scales, with 45% of US counties estimated to have CO2 emissions from 

degassing groundwater withdrawals that exceed those from major emitting facilities. 

Contributions of major water use sectors to freshwater withdrawal retention fluxes and 

degassing groundwater withdrawal CO2 emissions have been detailed for the first time anywhere 

globally, with emissions due to irrigation groundwater withdrawal alone (2.6 Tg CO2 yr-1) 

equivalent to 25% of the CO2 emissions associated with electricity generation for irrigation 

groundwater pumping. The mass flux of phosphate (PO4) added to potable water, for the purpose 

of minimising metal corrosion within US water distribution networks, was estimated as being up 

to 14.9 kt PO4-P yr-1. On a national level, subsequent leakage of water from watermains was 

estimated to release up to 2.6 kt PO4-P yr-1 and 7.7 kt NO3-N yr-1 into the environment, with these 

fluxes equivalent to 1.2% and 1.4 % of P and N from point sources, respectively. On a national 

level, the loss of PO4 dosed water from water supply networks due to outdoor water use at 

domestic residences was estimated to release up to 3.1 kt PO4-P yr-1, a flux equivalent to 1.4% of 
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P input from point sources. Leakage and outdoor water use fluxes are a locally important sources 

of N and P across urban areas, with county-level leakage N fluxes >10% of leached agricultural N 

fertilizer inputs across 265 counties and combined leakage and outdoor water use P fluxes 

exceeding point source P inputs across 541 counties. This research suggests that N, C and P fluxes 

associated with water supply processes should be integrated into future local-level and sectoral 

nutrient budgets, policy making and management practices. For example, the loss of PO4 from 

water supply networks due to leakage has implications for economic level of leakage 

assessments, Lead and Copper Rule revisions and the sustainability of P use across the country. 

Similarly, the application of corrosion inhibitor derived PO4 due to outdoor water use may help 

inform state-level policy that seeks to regulate the use of P based lawn fertilizers at domestic 

residences. The contribution of degassing irrigation and public supply groundwater withdrawals 

to overall sectoral CO2 emissions may have implications for the sustainable use of groundwater, 

policy surrounding preferential irrigation method and the ability for water systems to achieve 

net-zero. The methodology developed here should be used to quantify similar fluxes across other 

countries with extensive freshwater use, as part of a global assessment.  
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1. Introduction  
 

1.1 Background 

The macronutrients nitrogen (N), carbon (C) and phosphorus (P) are essential elements for 

metabolism and life in all biological systems. The production of crops and feeding of livestock to 

support a growing global population has relied heavily on the widespread use of inorganic N and 

P fertilizers (Tilman et al., 2011), fossil fuel combustion and extensive land use change (Lal, 2004). 

These activities have contributed to global N, C and P fluxes that exceed safe planetary 

boundaries (Steffen et al., 2015). Globally, the doubling of total N and P deliveries to freshwaters 

over the 20th century has resulted in the persistent eutrophication of fresh water and marine 

ecosystems (Beusen et al., 2016; UNEP/WHO, 1988). Eutrophication is both a natural and 

anthropogenically induced process that occurs due to the over enrichment of aquatic ecosystems 

with nutrients, including N and P (Akinnawo, 2023). This over enrichment leads to pervasive 

growth of algal blooms, that in turn can lead to depleted oxygen levels and hypoxia in aquatic 

ecosystems. Eutrophication poses a threat to environmental and human health, with some algal 

blooms resulting in fish kills, decreased drinking water quality and toxin release (Davis and Shaw, 

2006). The economic costs associated with the impacts and management of eutrophication are 

also vast (Dodds et al., 2009; Garcia-Hernandez et al., 2022). Increases in greenhouse gas 

emissions due to fossil fuel combustion and land-use change have also led to a 50% increase in 

atmospheric CO2 levels since pre-industrial times and resulted in global climate change (NOAA, 

2022). 

 

Sustaining a growing global population, whilst preventing pollution of aquatic ecosystems and 

the atmosphere, remains a significant challenge (Sutton et al., 2013). Attempts to sustainably 

manage N, C and P fluxes within the environment, including the development of legally binding 

legislation and reduction targets (European Commission, 1991; UNFCCC, 2015; USEPA, 1972) and 

the adoption of best management practices (Liu et al., 2017; Sharpley et al., 2006), have largely 

been unsuccessful (Lintern et al., 2020; Maslin et al., 2023). This is in part due to the lag time 

between both the identification of impacts associated with perturbed N, P and C cycles and the 
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implementation of policy, and between the implementation of policy and observed water quality 

improvements (Brown et al., 2019a; Meals et al., 2010), as well as legacy N and P pollution of 

soils and groundwaters (Haygarth et al., 2014; Van Meter et al., 2016). Effective policies for 

sustainably managing N, C and P cycles must also be informed by robust and integrated nutrient 

budgets that identify and quantify all sources, transformations, and outputs of these nutrients 

on spatial and temporal scales that are relevant to management decisions (Grizzetti et al., 2015; 

USGCRP, 2018; Wu and Ma, 2015). The omission of nutrient fluxes within budgets and 

management strategies can also be responsible for the discrepancy between implemented 

nutrient management and observed improvements in water quality and aquatic ecology.  

 

A small body of research has identified several anthropogenic freshwater supply processes as 

mechanisms capable of perturbing N, C and P cycles, on magnitudes that have implications for 

the development of accurate nutrient budgets and environmental health. The construction of 

reservoirs and dams around the world for water storage has increased freshwater N, C and P 

retention (Akbarzadeh et al., 2019; Beusen et al., 2016; Maavara et al., 2017; Maavara et al., 

2015; Wang et al., 2022). It should be noted that this thesis defines retention as a process that 

can prevent or delay the downstream delivery of nutrients from the land to the oceans (Grizzetti 

et al., 2015), and thus accounts for the difference between inputs and exports of nutrients to a 

catchment (De Klein, 2008). Fresh surface water and groundwater withdrawals have been 

identified as important mechanisms for the retention of both inorganic and organic C and N 

within freshwater environments (Ascott et al., 2018b; Finlay et al., 2016; You et al., 2023), with 

groundwater withdrawals capable of moving nutrients between subsurface and surface 

environments (McDonough et al., 2022; Stahl, 2019). Upon withdrawal, the degassing of 

groundwaters supersaturated with carbon dioxide (CO2) and methane (CH4), when compared to 

the atmosphere, have also been identified as a source of greenhouse gas emissions to the 

atmosphere (Gooddy and Darling, 2005; Kulongoski and McMahon, 2019; Mishra et al., 2018; 

Wood and Hyndman, 2017). The treatment and transfer of untreated (raw) water (USEPA, 

2020a), as well as the leakage of treated water during distribution (Ascott et al., 2016; Ascott et 

al., 2018b; Gooddy et al., 2017; Gooddy et al., 2015; Holman et al., 2008; Lerner et al., 1999), can 



3 
 

also impact the cycling of N and P within the environment and be sources of atmospheric CO2 

(Finlay et al., 2016; Plappally and Lienhard V, 2012). 

 

These studies have highlighted a need to make more comprehensive estimates of the impacts 

that water supply processes can have on macronutrient cycling both for individual countries 

around the world and on a global scale. The United States (US) has some of the largest per capita 

rates of freshwater use anywhere globally (FAO, 2024) and is a country subjected to persistent 

freshwater eutrophication (Malone and Newton, 2020; Manning et al., 2020). An understanding 

of how water supply processes can impact macronutrient cycling across the US is limited, 

however. For example, there have been no assessments of the potential for net N and C retention 

due to freshwater withdrawals by each of the country’s major water use sectors, or for the 

release of nutrients into the environment via watermains leakage and outdoor water use. In 

addition, although emissions of CO2 from degassing groundwater withdrawals have been 

estimated on a national level (Wood and Hyndman, 2017), calculations made use of nationally 

averaged values. Results also neglected to identify both the relative contribution that 

groundwater withdrawals that each major water use sector made to the national-level estimate, 

as well as any regional variation in CO2 emissions. Neglecting to accurately quantify the impacts 

of water supply processes upon macronutrient cycles across the US hinders the development of 

integrated nutrient budgets on both a national and global scale. This in turn will compromise 

both an ability to accurately assess the extent to which N, C and P management policies can 

deliver environmental improvements and the effectiveness of existing and future environmental 

policies when they are implemented.  

 

1.2 Thesis Aim, Objectives and Scope 

With the US a significant contributor to global freshwater use and a country subjected to 

persistent eutrophication, this core aim of this thesis is to increase understanding of the impacts 

that water supply processes can have on macronutrient (N, P and C) cycles across the US. This is 

achieved by addressing the following objectives: 
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1. To review the current state of science related to the impacts of water supply processes upon 

N, C and P cycling around the world and across the US 

2. To quantify the impact of freshwater withdrawal and use on N and C cycling across the US 

3. To evaluate how PO4 dosing practices for corrosion control can impact P cycling across the US 

4. To identify future research needs with respect to understanding the impacts of water supply 

processes upon N, C and P cycling across the US and around the world 

 

This thesis will focus on the impacts of water supply processes on fluxes of N and P, specifically 

in their bioavailable and inorganic form (as nitrate; NO3 and phosphate; PO4). This is due to the 

fact they are readily available for aquatic organisms and thus have heightened importance for 

ecological functioning and eutrophication in fresh waters (Akinnawo, 2023). Similarly, this work 

also focuses on the impact of water supply processes on fluxes of inorganic C (as dissolved 

inorganic carbon; DIC), since DIC is the dominant form of C exported within fresh waters (Chaplot 

and Mutema, 2021). Understanding the impacts of water supply processes upon fluxes of organic 

and particulate fractions of N, C and P is beyond the scope of this thesis. Whilst the 

macronutrients oxygen, hydrogen, magnesium and potassium are also fundamental for biological 

life (Hawkesford et al., 2023), understanding the impact of water supply processes upon these 

nutrients is also beyond the scope of this thesis. 

 

1.3 Thesis Structure 

The research objectives outlined in Section 1.2 are addressed throughout the chapters of this 

thesis. Chapter two delivers objective one in relation to objectives 2-4. Chapters 3-5 form the 

results chapters of this thesis and answer one or more of the research objectives, with each 

results chapter modified from a published paper. Research objectives, their corresponding thesis 

chapter and associated publication are outlined in Table 1.1. 
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Table 1.1. Research objectives with corresponding thesis chapter and research publication. 

Objective (chapter) Publication Title Journal and DOI 

1 (2) - - 

2 (3 and 5) 
 

Water supply processes are responsible for significant 
nitrogen fluxes across the United States 
 
Anthropogenic water withdrawals modify freshwater 
carbon fluxes across the United States 

Global Biogeochemical Cycles 
10.1029/2022GB007340 
 
Environmental Science and Technology 
10.1021/acs.est.4c09426 

3 (4) Watermains leakage and outdoor water use are responsible 
for significant phosphorus fluxes to the environment across 
the United States 

Global Biogeochemical Cycles 
10.1029/2022GB007614 

4 (3,4,5,6) Water supply processes are responsible for significant 
nitrogen fluxes across the United States 
 
Watermains leakage and outdoor water use are responsible 
for significant phosphorus fluxes to the environment across 
the United States 
 
Anthropogenic water withdrawals modify freshwater 
carbon fluxes across the United States 

Global Biogeochemical Cycles 
10.1029/2022GB007340 
 
Global Biogeochemical Cycles 
10.1029/2022GB007614 
 
 
Environmental Science and Technology 
10.1021/acs.est.4c09426 
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2. The Impacts of Water Supply Processes on Macronutrient Cycling: 

Current Understanding, Knowledge Gaps and Research Needs  
 

2.1 Introduction 

The macronutrients N, C and P play a critical role within metabolic processes and are therefore 

fundamental elements for supporting life. The heavy reliance upon inorganic N and P fertilizers 

for enhancing food production has caused global N and P deliveries to freshwaters to double over 

the 20th century and has resulted in persistent eutrophication of freshwater and marine 

ecosystems around the world (Beusen et al., 2016; UNEP/WHO, 1988). Eutrophication induced 

algal blooms pose a threat to both environmental and human health and drinking water quality 

(Davis and Shaw, 2006), with the impacts and management of eutrophication having significant 

economic implications (Dodds et al., 2009; Garcia-Hernandez et al., 2022). Fossil fuel combustion 

and extensive land-use change have also facilitated global population growth, accelerated the 

cycling of C between terrestrial, freshwater and atmospheric pools (Regnier et al., 2022). This has 

resulted in the significant rise of atmospheric CO2 levels and changing of the global climate 

(NOAA, 2022).  

 

Sustaining a growing global population, whilst preventing the pollution of aquatic ecosystems 

and the atmosphere, remains a significant global challenge (Sutton et al., 2013). The 

development of legally binding legislation and the adoption of best management practices for 

more sustainably managed cycles of N, C and P within the environment have largely been 

unsuccessful (Lintern et al., 2020; Liu et al., 2017; Maslin et al., 2023; Sharpley et al., 2006). This 

is partially due to a lag time between the implementation of a management practice and 

response time of the environment (Brown et al., 2019a; Meals et al., 2010) and legacy N and P 

pollution of soils and groundwaters (Haygarth et al., 2014; Van Meter et al., 2016). More effective 

nutrient management and water quality policies must also be informed by more robust and 

integrated nutrient budgets that identify and quantify all sources, transformations and outputs 

of a given system (Grizzetti et al., 2015; Wu and Ma, 2015). 
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Research has recently identified a range of anthropogenic water supply processes as mechanisms 

capable of impacting nutrient cycles on magnitudes that have implications for environmental 

health. Much of this research has been undertaken in the form of isolated and small-scale case 

studies. This has resulted in a continued limited understanding of how water supply processes 

can impact macronutrient cycling around the world and means that achieving a comprehensive 

global understanding remains an ongoing area of research. This literature review firstly provides 

a brief overview of the key natural and anthropogenic processes that can influence 

macronutrient cycles within fresh waters (Section 2.2). It then presents the state of scientific 

knowledge with regards to the impacts that water supply processes can have upon macronutrient 

(N, C and P) cycles around the world (Section 2.3), with a specific focus on the US (Section 2.4). It 

also identifies the knowledge gaps associated with macronutrient cycling and water supply 

processes that need to be addressed, in order to develop more integrated nutrient budgets and 

effective nutrient management policy (Section 2.4). Finally, the knowledge gaps to be addressed 

specifically within this thesis are detailed (Section 2.5). An in-depth review of literature 

surrounding agriculture and wastewater effluent as sources of N and P pollution, the combustion 

of fossil fuels and terrestrial land-use change as sources of atmospheric CO2, and the impacts of 

water supply processes upon macronutrients exclusive of N, C and P (e.g. oxygen, hydrogen and 

potassium) are outside the scope of this review. 

 

2.2 An Overview of Macronutrient Cycling in Fresh Waters 

2.2.1 Natural Cycling and Speciation of Macronutrients in Fresh Waters 

The essential need for N, C and P within metabolic reactions means that any change to the 

abundance of these nutrients within fresh waters, particularly when in their bioavailable forms, 

may change the ecological productivity and community structure of freshwater environments 

(Durand et al., 2011; Weigelhofer et al., 2018). In natural freshwater environments, the 

concentration and form of these nutrients can vary substantially and are controlled by a vast 

range of physical, chemical and biological processes. Some of the key processes controlling N, C 

and P cycles in fresh surface waters are detailed in Figure 2.1. Freshwater N can be found in 
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organic or inorganic forms and in a range of different oxidation states, with bioavailable forms of 

N (as nitrite; NO2, nitrate; NO3 or ammonium; NH4) able to be assimilated by living organisms for 

primary production. Natural inputs of N to freshwater environments include atmospheric 

deposition and the biological fixation of N gas (N2). In-stream retention processes, such as 

denitrification and burial in sediments, act to temporarily retain or permanently remove N. 

Physical characteristics, such as stream order and residence time, largely control the fate of N. 

Within fresh groundwaters, N is predominantly dissolved in the form of NO3 and is sourced via 

leaching from soils or surface water (Durand et al., 2011; Grizzetti et al., 2015). 

 

Phosphorus within fresh surface waters can be in soluble and particulate form. Naturally, it is 

sourced from the weathering of finite phosphate bedrock reserves, meaning that releases of 

bioavailable P (as phosphate; PO4) are extremely slow (Cordell and White, 2014). In-stream PO4 

retention processes include biotic assimilation by living organisms and abiotic processes of 

sedimentation, precipitation and adsorption to sediments (Reddy et al., 1999). Although 

geogenic P within groundwaters can be a source of P to surface water environments (Kazmierczak 

et al., 2021), it is generally assumed that naturally occurring P concentrations within 

groundwaters are negligible due to the sorption of PO4 to soils and sediments above (Domagalski 

and Johnson, 2012). A complex mixture of organic, inorganic, dissolved and particulate forms of 

C are found within fresh surface waters. These C species can enter freshwater via runoff 

up-stream, diffusion of atmospheric CO2 or by fixation of CO2 by photosynthesising aquatic 

plants. Carbon retention in fresh waters can occur through processes including storage in 

sediments, emission to the atmosphere as CO2 or export downstream (Vachon et al., 2021). 

Groundwaters contain both organic and inorganic C in dissolved form, most of which is sourced 

from plant and microbial respiration above (Ward et al., 2017). Despite the important role that 

fresh waters play in moderating exports of C to the ocean and emitting CO2 to the atmosphere, 

their importance for global carbon cycling has only been acknowledged during the last few 

decades (Cole et al., 2007).



 

9 
 

  

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

Figure 2.1. Schematic showing a simplified depiction of key biological, physical and chemical 

processes that control cycles of a) nitrogen (N), b) carbon (C) and c) phosphorus (P) within fresh 

surface water environments.

a) 

b) 

c) 
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2.2.2 Anthropogenic Perturbations to Macronutrient Cycling 

Anthropogenic activity has contributed to global N, C and P fluxes exceeding safe planetary 

boundaries (Steffen et al., 2015). A rising global population continues to drive industrialisation 

and increases in agricultural production around the world, both of which cause pervasive 

pollution of fresh waters and the atmosphere (Sinha et al., 2019). Due to their limiting effects on 

global food production, N and P are widely used within agrochemical fertilisers to enhance food 

security (Guignard et al., 2017). Facilitated by the development of the Haber-Bosch process in 

the early 20th century (Erisman et al., 2008; Fowler et al., 2013), humans produced twice as much 

reactive N globally than natural processes at the turn of the millennium (EPA Science Advisory 

Board, 2011). The widespread mining of PO4 rock, largely for the production of inorganic P 

fertilizers, has tripled global P mobilisation (Yuan et al., 2018). The utilisation of fossil fuels for 

energy generation and major land use change, including deforestation, have both contributed to 

the accelerated cycling of C between terrestrial, freshwater and atmospheric pools (Regnier et 

al., 2022).  

 

The unsustainable application of inorganic N and P fertilizers has contributed to wide-spread and 

long-term accumulation of nutrients within soils (Lun et al., 2018; Van Meter et al., 2016). The 

subsequent runoff of excess soil N and P into aquatic environments has significantly altered 

global N and P cycles (Bouwman et al., 2013; Fowler et al., 2013) and is a pervasive source of 

diffuse (non-point) nutrient pollution within surface waters, groundwaters and other sensitive 

receiving waters (Bijay and Craswell, 2021; Munn et al., 2018; Sun et al., 2012; Xie and Ringler, 

2017). Whilst these agricultural practices are responsible for the majority of freshwater and 

coastal eutrophication (Poore and Nemecek, 2018), urban areas also generate both point and 

non-point sources of N and P. These include from wastewater treatment and industrial plant 

effluents, atmospheric deposition, lawn fertilization, stormwater runoff from impermeable 

surfaces and leakages from septic systems and urban sewers (Brown and Froemke, 2012; 

Groffman et al., 2004; Hobbie et al., 2017; Lerner et al., 1999; Lerner, 2003; Wakida and Lerner, 

2005; Winiwarter et al., 2020). The combined impacts of these anthropogenic perturbations have 
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resulted in the doubling of the global delivery of N and P to fresh waters over the 20th century 

(Beusen et al., 2016). 

 

The enrichment of N and P within aquatic ecosystems is the leading cause of water quality issues 

within both developed and developing countries around the world (Howarth, 2008; Jarvie et al., 

2015; Metson et al., 2020a; Suh and Yee, 2011; Sutton et al., 2011; United Nations, 2018). As 

nutrients often limit primary production (Whitehead and Crossman, 2012), excess N and P 

concentrations, specifically when in their bioavailable forms as NO3 and PO4, have caused severe 

eutrophication of many inland and coastal waters (Bijay and Craswell, 2021; Howarth, 2008; 

McDowell et al., 2020). Eutrophication has been a global issue since the 1980’s (UNEP/WHO, 

1988) and is characterised by excessive phytoplankton and algal growth that can lead to hypoxia, 

harmful algal blooms, habitat degradation, loss of biodiversity and reduced potable water quality 

(Camargo and Alonso, 2006; Mekonnen and Hoekstra, 2015; Shukla and Saxena, 2018; United 

Nations, 2018; Whitehead and Crossman, 2012). There is also evidence linking drinking water 

with elevated N concentrations to infant methemoglobinemia, elevated risk of cancer and 

adverse birth outcomes (Temkin et al., 2019; Ward et al., 2018). The adverse effects of algal 

blooms on human health (Davis and Shaw, 2006; World Health Organization, 1999), tourism and 

commercial fishing have significantly impacted the worldwide economy (Dodds et al., 2009; 

Pretty et al., 2003; Sanseverino et al., 2016; Sobota et al., 2015; Strokal et al., 2020; Van Grinsven 

et al., 2013). The costs associated with water quality monitoring and management policies that 

aim to decrease nutrient pollution are one of the largest environmental expenditures for many 

developed countries (Keiser et al., 2019). 

 

Other environmental impacts of an anthropogenically enhanced N cycle include climate change, 

acid rain, biodiversity decline, and changes to the ozone (Houlton et al., 2013). The production 

and transport of synthetic N fertilizers, along with field emissions of nitrous oxide (N2O) 

subsequent to their use, were responsible for 2.1% of global greenhouse gas emissions in 2018 

(Menegat et al., 2022). The non-renewable nature of geological P reserves, in the face of rising 
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global demand for P fertilizers, has also led to concerns of future P scarcity and thus future food 

security (Nedelciu et al., 2020). The prevailing paradox of simultaneous P scarcity and excess 

makes the sustainable use of P a pressing global challenge (Leinweber et al., 2018). Since the 

industrial revolution, fossil fuel combustion and land use change have increased levels of 

atmospheric CO2 by over 50% and contributed to global climate change (NOAA, 2022). Along with 

other anthropogenic pressures, changes to land use and climate have also extensively impacted 

a range of freshwater C fluxes, including terrestrial C inputs, CO2 emissions, primary production 

and the export and burial of C (Butman et al., 2015; Pilla et al., 2022; Tian et al., 2023). For 

example, anthropogenic activities have caused the delivery of C from land to fresh waters to 

increase by 0.8 Pg C yr-1, relative to the pre-industrial era (Regnier et al., 2013). This increase has 

implications for accurately estimating other components of the global carbon budget, including 

the attribution of CO2 emissions to either natural or anthropogenic sources (Pilla et al., 2022; 

Regnier et al., 2022; Tian et al., 2023). 

 

2.2.3 The Need for Integrated Macronutrient Budgets and Targeted Management Strategies 

Enhancing food production in the face of a rising global population, whilst preventing nutrient 

pollution of aquatic environments and climate change, is a major global challenge and requires 

more sustainable nutrient use (Leinweber et al., 2018; Xie and Ringler, 2017; Zhang et al., 2020). 

Despite huge investments and decades of effort around the world, policies aiming to improve 

water quality and meet climate change related targets have not resulted in expected trajectories 

of improvement (Keiser et al., 2019; Maslin et al., 2023). Observable improvements to both water 

and air quality have often been slower than anticipated and atmospheric pollution and poor 

water quality still widely persist (Manuel, 2014; Meals et al., 2010; USEPA, 2010). Although this 

is partially due to legacy pollution and the inherent time lag between policy implementation and 

observed improvements (Brown et al., 2019a; Chang et al., 2021; Chen et al., 2018; Haygarth et 

al., 2014; Jarvie et al., 2013; Liptzin and Dahlgren, 2016; Meals et al., 2010; Sharpley et al., 2013; 

Stackpoole et al., 2019; Van Meter et al., 2016; Van Meter et al., 2021), accurately apportioning 

sources of nutrients and developing effective and targeted management practices remain 
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significant challenges (Davies et al., 2014; Gooddy et al., 2015; Kirk et al., 2024; Shortle et al., 

2020; Young et al., 2009; Zhang et al., 2020).  

 

Nutrient budgets seek to identify and quantify all inputs, stores, and losses of nutrients within a 

defined boundary. This boundary can be based upon a range of spatial scales including individual 

properties (Baker et al., 2007), watersheds (Metson et al., 2020b; Sabo et al., 2022), regions 

(Baron et al., 2012; Environment Agency, 2019; European Environment Agency, 2005) and the 

globe (Chowdhury et al., 2014; Zhang et al., 2020). Budgets can also be made for individual 

economic sectors (Liu and Mauter, 2022; Metson et al., 2020a; Suh and Yee, 2011) and 

ecosystems (Najjar et al., 2018; Winiwarter et al., 2020; Zhang et al., 2020). Improving nutrient 

budgets will firstly require a reduction in the numerical uncertainties that are associated with 

estimates of anthropogenic pressures on N, C and P fluxes (Baron et al., 2012; Fowler et al., 2013; 

McGrane, 2016; Sobota et al., 2013). Accurate nutrient budgets and effective nutrient 

management strategies will also require an integrated approach. This means that all nutrient 

inputs, transformations and outputs that impact a system (on a spatial and temporal scale that 

is relevant to management decision making) must be accurately quantified and managed (Baker 

et al., 2007; Chowdhury et al., 2014; EPA Science Advisory Board, 2011; Grizzetti et al., 2015; 

Malone and Newton, 2020; Metson et al., 2020b; Pilla et al., 2022; Shen et al., 2023; Shortle et 

al., 2020; Vachon et al., 2021; Wu and Ma, 2015; Zhang et al., 2020). 

 

The importance of accounting for all nutrient input, transformation, and output mechanisms 

within nutrient budgets is highlighted by the fact that many budgets utilise a mass balance 

approach in order to estimate their components (Zhang et al., 2020). For example, the 

denitrification and aquatic storage of N are often assumed to be the difference between 

anthropogenic inputs and riverine outputs of a catchment (EPA Science Advisory Board, 2011; 

van Breemen et al., 2002; Van Meter et al., 2016; Worrall et al., 2012), and the input of C to inland 

waters from land is often calculated as the residual of an inland water mass balance equation 

(Pilla et al., 2022). Determining net anthropogenic inputs of N and P to rivers around the world, 
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as a useful predictor for the export of these nutrients to the ocean, also makes use of a mass 

balance approach (Algren et al., 2023; Hong et al., 2011; Mao et al., 2021; Russell et al., 2008; 

Swaney et al., 2012). It has been suggested that the disconnect between the nutrient inputs and 

exports quantified within some watershed nutrient budget studies may be due to the omission 

of certain retention processes (Grieger and Harrison, 2021; Metson et al., 2020b). The 

importance of integrating freshwater C fluxes into wider C budget assessments has also been 

highlighted (Cole et al., 2007; Vachon et al., 2021). Specifically, the omission of freshwater C 

fluxes within C budgets can lead to biased estimation and uncertainty of other constituent C 

fluxes, including emissions of CO2 from surface waters to the atmosphere, thus hindering the 

ability to respond effectively to a changing C cycle (Butman et al., 2018; Chaplot and Mutema, 

2021; Drake et al., 2018; Regnier et al., 2013; Regnier et al., 2022; Zhang and Planavsky, 2019).  

 

An integrated nutrient management approach also requires simultaneous consideration of all 

nutrients and freshwater environments. For example, the impacts of perturbed N, P and C cycles 

are now thought to amplify one another (Allesson et al., 2020; Anderson et al.; Beaulieu et al., 

2019; Cross et al., 2022; Downing et al., 2021; Pilla et al., 2022; Sinha et al., 2019) and N and P 

can be co-limiting nutrients for primary production (USEPA, 2015). Additionally, the movement 

of water, N, C and P between fresh surface water and groundwater environments results in both 

compartments having influence on overall nutrient cycles, and the need for them to both be 

considered when creating nutrient management strategies (Jakeman et al., 2016). For example, 

although groundwaters are a relatively slow changing component within overall cycles of N and 

P, they have a direct influence on recipient surface and drinking waters (Puckett et al., 2011; 

Stuart and Lapworth, 2016). 

 

2.3 Water Supply Processes: An Emerging Caveat for Integrated Nutrient Budgets and 

Management 

Anthropogenic pressures upon global resources of fresh water are substantially increasing. 

Global demand for fresh water has increased six-fold over the past century and will continue to 
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increase in the wake of both anticipated population growth and economic development (Boretti 

and Rosa, 2019; Wada et al., 2016). Globally, fresh water is predominantly used for industrial, 

agricultural and domestic uses, with agricultural use representing around 70% of the total global 

use of fresh water (WWAP, 2018). Fresh water use varies significantly between countries, with 

Central Asia and the United States having some of the largest per capita withdrawal rates 

anywhere globally (FAO, 2024). Fresh water is then treated and supplied for different end uses 

via a range of different processes. Firstly, raw water must be withdrawn from either a surface 

water or groundwater source, via surface water intakes and groundwater wells, respectively. It 

is then pumped or passively transported to a location of use or to a place of storage, such as 

within tanks and reservoirs. Water to be used for human consumption then undergoes varying 

levels of treatment, before being piped to users and returned to wastewater treatment plants 

for treatment and release back into the environment. 

 

Whilst the demand for fresh water will likely increase in the future, climate change and water 

pollution will continue to increase the variability of fresh water as a resource. As a result, the 

need for enhanced treatment processes (such as desalination), the recycling of wastewater and 

large-scale transfers of water from areas of surplus to deficit are anticipated to increase (He et 

al., 2021). Despite the significant perturbations that human water use continue to cause to the 

natural water cycle, integration of anthropogenic water management within depictions of the 

global water cycle has historically been lacking (Abbott et al., 2019). Growing recognition for the 

importance of human perturbations upon the global water cycle is reflected by the United States 

Geological Survey’s (USGS) recent integration of these human interactions within a recently 

published water cycle figure (Figure 2.2). 
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Figure 2.2. A modified version of a schematic detailing major components of the global water 

cycle. The schematic shows how both natural and anthropogenic processes can impact where 

water is stored, how it is moved and how clean it is. Specifically, this schematic explicitly 

acknowledges that human water use for municipal, agricultural and industrial purposes can 

impact both water quality and quantity, as well as the time frame in which water is cycled. Image 

credit to the USGS VizLab (USGS, 2022).  

 

A small body of recent research has identified a number of these anthropogenic freshwater 

supply processes as mechanisms that can impact nutrient cycling (Table 2.1). Withdrawals of 

fresh surface water and groundwater for public supply across the United Kingdom (UK) have been 

estimated to retain 4 and 46 kt organic N and C yr-1, respectively (Finlay et al., 2016). Similarly, 

freshwater withdrawals across England, UK, have been estimated to retain 24.2 kt NO3-N yr-1 

(Ascott et al., 2018b). Global-level freshwater withdrawals and reservoir interception have been 

estimated to reduce the downstream export of dissolved organic C to the ocean by 13.36 Tg C yr-1 

(You et al., 2023). Fresh groundwater withdrawals have also been estimated to bring 

19 Tg total C yr-1, 1.2-3.7 Tg dissolved organic C yr-1 and 3.55 Tg N yr-1 to the surface (Downing 

and Striegl, 2018; McDonough et al., 2022; Stahl, 2019). The alteration of stream-groundwater 



 

17 
 

interactions caused by groundwater withdrawals are also thought to reduce the N retention 

capacity of streams (Azizian et al., 2017). Withdrawals of groundwater, that are supersaturated 

with respect to CO2 and CH4, have also been identified as a source of greenhouse gas emissions 

to the atmosphere. Specifically, 1.7 and up to 131 Tg CO2 yr-1 were estimated to be emitted due 

to degassing groundwater withdrawals across the US and India, respectively (Mishra et al., 2018; 

Wood and Hyndman, 2017). Degassing groundwater withdrawals across the UK and US have also 

been estimated to be responsible for the emission of 2.2x10-6 and 4.4x10-2 Tg CH4 yr-1 to the 

atmosphere, respectively (Gooddy and Darling, 2005; Kulongoski and McMahon, 2019). 

 

The need for treated water transfers is also continuing to increase around the world (Palmer and 

Characklis, 2009; Water UK, 2016). The ongoing transfer of raw water from areas of surplus to 

those of stress can also affect nutrient cycling, as nutrients can be introduced into the receiving 

system in association with the transferred water (Zeng et al., 2015; Zhuang, 2016). Research has 

highlighted the impact of these transfers upon the quality of potable water (CIWEM, 2014) and 

greenhouse gas emissions (Griffiths-Sattenspiel and Wilson, 2009; Reffold et al., 2008). A number 

of countries, including the US, the UK and Canada, also dose their potable water with PO4 in order 

to prevent lead and copper corrosion within distribution pipes (Akoumainaki, 2017; Health 

Canada, 2009; Lamb, 2020; McNeill and Edwards, 2002). Most potable water ends up as 

wastewater treatment plant effluent, where PO4 can then be released into surface water 

environments. The proportional contribution of dosing sourced P to wastewater treatment plant 

influent and effluent P loads continues to be an active area of research (Gooddy et al., 2015; 

USEPA, 2020a). Leakages of treated potable water and sewage from pipes were first 

hypothesised as sources of groundwater nutrient pollution over two decades ago (Holman et al., 

2008; Lerner et al., 1999). Leakage fluxes of both NO3 and PO4 from distribution pipes have since 

been quantified on both catchment (Ascott et al., 2018a; Gooddy et al., 2017; Wakida and Lerner, 

2005) and national scales, with 3.62 kt NO3-N yr-1 and 1.2 kt PO4-P yr-1 estimated to be input to 

the environment due to watermains leakage across England, UK (Ascott et al., 2016; Ascott et al., 

2018b). The construction of reservoirs and dams around the world have also impacted the 

retention of macronutrients within freshwater (Beusen et al., 2016; Wang et al., 2022) through 
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their enhancement of N and P accumulation and burial within sediments, and alteration of C and 

N mineralisation (Akbarzadeh et al., 2019; Maavara et al., 2017; Maavara et al., 2015). 

Specifically, the construction of reservoirs around the world have been estimated to prevent the 

downstream export of 6.48 and 1.1 Tg N and P yr-1, respectively (Beusen et al., 2016).  

 

The end use of freshwater can also alter the movement of macronutrients within the 

environment, with major water use sectors having different controls on nutrient cycling. The use 

of water for irrigation can impact the amount of C storage and N and P retention within a 

watershed (Grieger and Harrison, 2021; Zhu et al., 2020). A range of treatment and distribution 

processes associated with the use of water for public supply can also impact the cycling of N, C 

and P. For example, there are embedded greenhouse gas emissions associated with the 

treatment of potable water (Finlay et al., 2016; Plappally and Lienhard V, 2012), however the 

removal of dissolved organic C from raw water through the process of coagulation has also been 

found to slow the speed at which C enters the atmosphere (Jones et al., 2016).  

 

The importance of water supply processes as mechanisms perturbing overall nutrient cycles has 

been assessed through the comparison of anthropogenic water supply fluxes with natural fluxes 

(Klee and Graedel, 2004). For example, the flux of organic N removed from aquatic environments 

due to freshwater withdrawals across the UK (4 kt N yr-1) exceeded the amount of N retained by 

transient floodplain storage, and the amount of organic C diverted by these withdrawals 

(46 kt C yr-1) was equivalent to up to 1.3% of the UK’s total fluvial organic C flux (Finlay et al., 

2016). The retention flux of NO3 from aquatic environments due to withdrawals across England 

(24.2 kt N yr-1) was estimated to be equivalent to up to 39% of N removal due to denitrification 

in surface waters, groundwaters and coastal marine environments (Ascott et al., 2018b). The flux 

of N removed due to irrigation groundwater withdrawals was estimated to be significant in the 

context of fertilization requirements across regions of the US (Stahl, 2019). Globally, the 

estimated retention flux of organic C due to groundwater withdrawals (1.2 Tg C yr -1) was 

equivalent to 41% of the total organic C exported to the oceans by subterranean groundwater 
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discharge (McDonough et al., 2022). The withdrawal and use of freshwater for irrigation is a 

potential N retention mechanisms that, due to the potential for increased denitrification and 

sorption, may account for the disconnect observed between estimated nutrient inputs and 

exports within watershed-scale nutrient budgets (Grieger and Harrison, 2021).  

 

It has been estimated that by 2030, around 15%, 17% and 19% of the global riverine N, P and 

organic C loads may be retained within reservoirs, respectively (Akbarzadeh et al., 2019; Maavara 

et al., 2017; Maavara et al., 2015). Inputs of NO3 and PO4 across England’s urban areas due to 

leakage from watermains (3.62 and 1.2 kt N and P yr-1, respectively) were estimated to be 

equivalent to 20% and 30% of total N and P inputs in these areas, respectively (Ascott et al., 2016; 

Ascott et al., 2018b). The greenhouse gas emissions that are associated with different facets of 

water supply have also been found to be non-trivial, with the release of CO2 from degassing 

groundwater withdrawals (1.7 Tg CO2 yr-1) estimated to be in the top third of CO2 emissions 

sources across the US (Wood and Hyndman, 2017). The significance of these fluxes, in the context 

of other budget components, not only supports their inclusion within nutrient budget studies, 

but also suggests they represent a risk of resulting in ecological and environmental harm.
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Table 2.1. Previous estimates of nitrogen (N), carbon (C) and phosphorus (P) fluxes that are associated with water supply processes 

on a global and national level. The term ‘freshwater withdrawals’ refers to withdrawals of both fresh groundwater and surface water.

Flux Spatial Scale Reference Value 

Carbon (C)    

Retention of organic C due to freshwater withdrawals across the United Kingdom National Finlay et al. (2016) 46 kt C yr-1 

Global retention of dissolved organic C due to freshwater withdrawals and reservoir 
interception 

Global You et al. (2023) 13.36 Tg C yr-1 

Global input of C into surface waters due to groundwater withdrawal Global Downing and Striegl (2018) 19 Tg C yr-1 

Global removal of dissolved organic C from groundwaters due to groundwater withdrawal  Global McDonough et al. (2022) 1.2 - 3.7 Tg C yr-1 

Carbon dioxide emissions due to the degassing of fresh groundwater withdrawals across 
India 

National Mishra et al. (2018) 31 - 131 Tg CO2 yr-1 

Carbon dioxide emissions due to the degassing of depleted fresh groundwater across the 
United States 

National Wood and Hyndman (2017) 1.7 Tg CO2 yr-1 

Methane emissions due to the degassing of fresh groundwater withdrawals across the 
United Kingdom 

National Gooddy and Darling (2005) 2.2x10-6 Tg CH4 yr-1 

Methane emissions due to the degassing of fresh groundwater withdrawals across the 
United States 

National Kulongoski and McMahon (2019) 4.4x10-2 Tg CH4 yr-1 

Nitrogen (N)    

Retention of organic N due to freshwater withdrawals across the United Kingdom National Finlay et al. (2016) 4 kt N yr-1 

Retention of nitrate due to fresh public supply withdrawals across England, United 
Kingdom 

National Ascott et al. (2018b) 24.2 kt N yr-1 

Retention of N due to construction of reservoirs globally Global Beusen et al. (2016) 6.48 Tg N yr-1 

Mass flux of N removed from aquifers due to global groundwater withdrawal Global Stahl (2019) 3.55 Tg N yr-1 

Return of nitrate to the environment due to watermains leakage across England, United 
Kingdom 

National Ascott et al. (2018b) 3.62 kt N yr-1 

Phosphorus (P)    

Retention of P due to construction of reservoirs globally  Global Beusen et al. (2016) 1.1 Tg P yr-1 

Input of phosphate to the environment due to watermains leakage across England, United 
Kingdom 

National Ascott et al. (2016) 1.2 kt P yr -1 
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2.4 The United States: A Globally Important Exemplar 

2.4.1 Anthropogenic Impacts upon Nitrogen, Carbon and Phosphorus Cycles Across the United 

States 

The US is a developed country with disparate climate, ecology and geography and has the third 

largest population of any country globally (United States Census Bureau, 2024). Anthropogenic 

use of N across the US has been inefficient and has resulted in five times the amount of reactive 

N being lost to the environment since the industrial revolution (Houlton et al., 2013), the 

proportion of which is nearly double that of the global average (Sobota et al., 2015). Similarly, 

the manufacturing, export and use of inorganic P across the US is globally significant (MacDonald 

et al., 2012). The inefficient use of P fertilizer across the country has caused P accumulation within 

agricultural soils (Frei et al., 2021; MacDonald et al., 2012; Sabo et al., 2021b; Suh and Yee, 2011). 

Point sources, such as industrial and municipal wastewater treatment plant effluents, are also 

inputting large N and P loads into the country’s freshwater environments (Skinner and Wise, 

2019). Poor nutrient management across the US has resulted in most of the country’s fresh 

surface waters having N and P concentrations that compromise their ecological health (Manning 

et al., 2020). Fresh and coastal water eutrophication across the country is severe, with the 

impacts of eutrophication within Chesapeake Bay ranked to be the greatest of anywhere globally 

(Malone and Newton, 2020). The US is also one of the top greenhouse gas emitters with respect 

to emissions from the unsustainable use of synthetic N fertilizers (Menegat et al., 2022), which 

has complex implications for radiative forcing and respiratory health of the population (Pinder et 

al., 2013; Sobota et al., 2015). 

 

The importance of understanding US inland water C fluxes in the context of the global C cycle is 

reflected by the incorporation of North American C fluxes within the most recent State of Carbon 

Cycle Report (USGCRP, 2018). Human activities have impacted freshwater C fluxes across the 

country, with land management practices and irrigation increasing US riverine C exports 

(Raymond et al., 2008; Ren et al., 2016; Ren et al., 2015; Tian et al., 2015) and man-made 

reservoirs acting as sources of atmospheric CO2 (Beaulieu et al., 2020; Soumis et al., 2004). The 
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relative contributions of individual fresh surface water C fluxes (C burial, CO2 emissions and C 

export to the oceans) to total freshwater C cycling are proportionally similar on a global and US 

level (USGCRP, 2018), highlighting the US an exemplar location for investigating anthropogenic 

influences on freshwater C cycling. 

 

Impacts of altered N, C and P cycles across the US, including loss of aquatic life and decreased 

quality of recreational and drinking waters, result in significant economic costs for the country 

(Dodds et al., 2009; Langholtz et al., 2021; Mosheim and Sickles, 2021). In order to reduce both 

point and non-point source N and P water pollution, the US has developed federal laws, including 

the Clean Water Act (USEPA, 1972) and Safe Drinking Water Act (USEPA, 1974). A vast array of 

best management practices for N and P have also been implemented within both agricultural and 

non-agricultural settings (Ice et al., 2010; Liu et al., 2017; Sharpley et al., 2006). Some attempts 

to curb nutrient pollution have been successful, with the National Pollutant Discharge Elimination 

System program (part of the Clean Water Act) resulting in major declines of N and P release from 

point sources since the 1970’s (Manuel, 2014; USEPA, 2024). Instances of freshwater C 

management are less widespread than those for N and P (Stanley et al., 2012) and the rapid 

changes in fresh surface water chemistry make evaluating the effectiveness of freshwater C 

management inherently difficult (USGCRP, 2018). Minimising current knowledge gaps and 

uncertainties surrounding both natural and anthropogenic freshwater C fluxes on a regional level 

across the US remains an important area of future research (Butman et al., 2018). 

 

Despite huge financial investments in regulating nutrient inputs across the US (Keiser and 

Shapiro, 2019), improvements to freshwater quality have generally been slower than anticipated 

and nutrient pollution of fresh and coastal waters continues to persist (Frei et al., 2021; Keiser et 

al., 2019; Oelsner and Stets, 2019). Hypotheses explaining a lack of observed water quality 

improvements across many parts of the US include the remobilisation of historically accumulated 

N and P within the terrestrial and aquatic environments (Haygarth et al., 2014; Stackpoole et al., 

2019; Van Meter et al., 2016; Van Meter et al., 2021; Van Meter et al., 2018) and the impact that 
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climate change can have upon the release of nutrients from these stores and overall nutrient 

export (Sabo et al., 2023; Sinha et al., 2019; Zia et al., 2022). Studies across the US have also 

suggested that observed decoupling between estimated inputs of N and P and their export 

downstream may be due to a lack of accounting for their respective input and retention 

processes (Grieger and Harrison, 2021; Metson et al., 2020b). There are also critical knowledge 

gaps and large uncertainties surrounding both natural and anthropogenically impacted 

freshwater C fluxes across the US (Butman et al., 2018). This continues to hinder the accuracy of 

C source apportionment and carbon balance assessments, as well as the efficacy of integrated 

land and water management strategies, with implications for managing atmospheric CO2 

emissions (Butman et al., 2016; Casas-Ruiz et al., 2023; USGCRP, 2018). By the year 2050, the US 

Department for Agriculture has set a target for increasing agricultural production by 40%, whilst 

reducing nutrient losses by 30% (USDA, 2020b). Although the US has made positive progress in 

reducing its CO2 emissions, it remains a globally significant emitter of CO2 (Ritchie, 2019) and 

further reductions will require ever more accurate carbon budget assessments. Achieving targets 

and more sustainably managing N, C and P cycling across the US will ultimately require a more 

integrated approach (Casas-Ruiz et al., 2023; Haque, 2021; Sabo et al., 2021a; USGCRP, 2018) 

that moves beyond conventional budget development and nutrient management strategies.  

 

2.4.2 The Impacts of Water Supply Processes on Macronutrient Cycling Across the United States  

The US has some of the largest per capita rates of freshwater use anywhere globally (FAO, 2024). 

Water use estimates made by the USGS suggest that water withdrawn for irrigation and 

thermoelectric power sectors are accountable for the majority of freshwater withdrawals on a 

national level, at around 42% and 34% of the total, with other water use sectors, including public 

supply, industry, domestic, aquaculture, livestock and mining, being locally significant users of 

fresh water across the country (Dieter et al., 2018b). The volume of freshwater withdrawals from 

surface water environments varies across the US and reflect its availability, with drier regions and 

seasons of the year that lack a supply of fresh surface water relying more on groundwater 

withdrawals to meet demand (Dieter et al., 2018b; Scanlon et al., 2012). Disparities between 

freshwater demand and supply prevail across the country and result in the need for large scale 
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transfers of both raw and treated water, particularly for irrigation and public supply uses (Siddik 

et al., 2023; Young and Brozovik, 2019). The treatment and fate of withdrawn water then varies 

between each major water use sector. For example, water used for public supply across the US 

is subjected to extensive treatment processes including pH adjustment, corrosion control and 

disinfection (Patel et al., 2020), whereas water used for irrigation is largely untreated prior to 

use. 

 

Emerging research has identified water supply processes across the US, including freshwater 

withdrawals, water impoundments and potable water treatment, as mechanisms impacting 

cycles of N, C and P. The flux of N removed due to groundwater withdrawals for irrigation was 

estimated to be significant in the context of fertilization requirements across regions of the 

country (Stahl, 2019), however the impact of freshwater withdrawals (both surface water and 

groundwater) upon freshwater N retention across the US is yet to be determined. As part of a 

global assessment, fresh surface water and groundwater withdrawals across the country were 

also identified as a mechanism capable of preventing downstream export of organic C (You et al., 

2023). The US has globally significant riverine and subterranean groundwater discharge exports 

of DIC to the ocean (Chaplot and Mutema, 2021; Liu et al., 2024) and the loading of DIC to fresh 

waters is a major control on CO2 emissions (McDonald et al., 2013). Estimates of C fluxes (both 

organic and inorganic) through fresh inland waters of the US, and the anthropogenic influences 

on these fluxes, remain poorly constrained, however (Butman et al., 2018). Estimating the impact 

of fresh surface water and groundwater withdrawals upon freshwater DIC retention across the 

US therefore remains an important area of research. The degassing of fresh groundwater 

withdrawals across the US were also found to be an important source of CO2 emissions (Wood 

and Hyndman, 2017), however the national-level estimate was determined using a range of 

nationally-averaged values and didn’t reveal any localised hotpots of CO2 release. The extent of 

PO4 dosing across the US has only been characterised on a national-level (USEPA, 2020a), and 

although the subsequent leakage of PO4 and NO3 from treated potable water supplies has been 

identified as an important source of N and P across urban environments in the UK (Ascott et al., 

2016; Ascott et al., 2018b), sub-national level estimates of PO4 dosing practices and watermains 
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leakage fluxes of N and P are missing across the US. Excessive lawn irrigation has been identified 

as a significant contributor to summer base flow across some areas of the US (Fillo et al., 2021). 

An understanding of how the use of PO4 dosed water for lawn irrigation across the country might 

be acting as a P release mechanism is also lacking. Freshwater use across the US is globally 

significant and nutrient pollution and greenhouse gas emissions are persistent problems for the 

country. Given US water supply infrastructure, management and use are reflected across other 

well-developed countries and regions around the world (e.g. Canada, Australia, Europe and 

China), the US makes is an appropriate exemplar for further investigating the impacts of water 

supply processes upon macronutrient cycling. 

 

2.5 Knowledge Gaps 

2.5.1 Knowledge Gaps Identified in Previous Work 

Research has shown that a range of anthropogenic water supply processes can alter the 

movement of N, C and P between terrestrial, freshwater, atmospheric and marine systems, on 

magnitudes that have implications for the development of accurate nutrient budgets and 

environmental health. Although much of the work done in this research area has provided a 

foundational understanding of the impacts that these processes can have upon macronutrient 

cycling, these studies have identified a wide range of knowledge gaps and future research needs, 

including:  

• Ensuring comprehensive freshwater biogeochemical and withdrawal volume datasets are 

used to estimate freshwater withdrawal macronutrient fluxes, for both organic and 

inorganic fractions of nutrients, across other countries around the world (Ascott et al., 

2018b; Stahl, 2019; You et al., 2023). 

 

• Reducing the number of assumptions, including the use of globally and nationally 

averaged nutrient concentration and water withdrawal volume data (Downing and 

Striegl, 2018; McDonough et al., 2022; Wood and Hyndman, 2017), that are adopted 

within studies seeking to understand the impact of water supply processes on 
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macronutrient cycles on larger spatial (continental and global) scales, as a way of reducing 

uncertainties and revealing hotspots of these fluxes. 

 

• Estimating the magnitude and fate of watermains leakage NO3 and PO4 fluxes across other 

countries with developed water distribution networks that utilise PO4 as a corrosion 

inhibitor (Ascott et al., 2018a; Ascott et al., 2016; Ascott et al., 2018b; Gooddy et al., 

2017). 

 

2.5.2 Knowledge Gaps to be Addressed 

Several of the research gaps identified in Sections 2.4.2 and 2.5.1 will be addressed within this 

thesis, including: 

• Estimating the impact of freshwater withdrawals (both surface water and groundwater) 

upon the freshwater NO3 retention across the US. This will be the first time that 

freshwater withdrawal NO3 retention fluxes have been estimated across the country. It is 

also the first time that water use sector contributions to freshwater withdrawal NO3 

retention fluxes will have been identified anywhere globally. 

 

• Estimating the impact of freshwater withdrawals (both surface water and groundwater) 

upon the freshwater DIC retention across the US. This will be the first time that freshwater 

withdrawal DIC retention fluxes have been estimated across the country and anywhere 

globally. It is also the first time that water use sector contributions to freshwater 

withdrawal DIC retention fluxes will have been identified anywhere globally. 

 

• Estimating the emissions of CO2 due to degassing fresh groundwater withdrawals across 

the US. This will be the first time that CO2 emissions from this source will have been 

estimated on a county level across the country, as a way of investigating spatial variability. 

It is also the first time that water use sector contributions to these emissions will have 

been identified anywhere globally.  
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• Estimating the mass flux of PO4 added to the US water supply network due to corrosion 

control dosing practices and subsequent release of PO4 to the environment due to 

watermains leakage and outdoor water use on a county level across the US. This will be 

the first time that watermains leakage and outdoor water use PO4 fluxes have been 

estimated on a county level across the country and the spatial variability of these fluxes 

evaluated. It is also the first time that outdoor water use will be evaluated as a PO4 release 

mechanism anywhere globally. 

 

• Estimating the mass flux of NO3 released to the environment due to watermains leakage 

on a county level across the US. This will be the first time that watermains leakage NO3 

fluxes have been estimated across the country and the spatial variability of this flux 

evaluated. 

 

The fluxes estimated in relation to addressing these gaps in research are illustrated in Figure 2.3. 

 

Figure 2.3. Schematic detailing the nitrogen (N), carbon (C) and phosphorus (P) fluxes associated 

with water supply processes across the United States that will be investigated in this thesis. 
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2.6 Conclusion 

Natural N, C and P cycles have been significantly altered by human activity. Despite decades of 

effort to control the movement of these nutrients within the environment, perturbations to 

these cycles continue to cause widespread environmental damage through eutrophication of 

both fresh waters and coastal ecosystems and climate change. Developing more integrated N, C 

and P budgets and management strategies, where inputs, transformations and outputs within a 

given system are accurately quantified, will play an essential role in preventing and mitigating 

impacts of eutrophication and climate change. Despite recent advances in understanding of how 

anthropogenic use of freshwater can impact the movement of N, C and P in the environment, 

research in this area is still scant and global estimates of associated fluxes are either absent or 

poorly resolved. The use of freshwater use across the US is globally significant and nutrient 

pollution and greenhouse gas emissions are persistent across the country. The supply 

infrastructure, processing and usage of fresh water across the US also reflects those of many 

other developed nations around the globe. These considerations make the US an appropriate 

exemplar for further investigating the impacts of water supply processes upon N, C and P cycling. 

Specifically, this thesis will investigate knowledge gaps surrounding how the withdrawal, 

treatment, distribution and use of freshwater can modify N, C and P cycles across the country. 

The understanding facilitated through this research will make a valuable contribution to the 

development of integrated nutrient budgets and sustainable N, C and P management strategies 

across the US and globally. This thesis will also provide recommendations for future work, should 

the impacts of water supply processes upon macronutrient cycling around the globe be further 

understood.  
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3. Water Supply Processes are Responsible for Significant Nitrogen 

Fluxes Across the United States 
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3.1 Introduction  

Nitrogen (N) plays a crucial role in the metabolic functioning of biological systems and thus global 

food production (Fields, 2004; Fowler et al., 2013). Anthropogenic activity, in particular the 

unsustainable application of fertilizer, have caused fluxes of N to exceed safe planetary 

boundaries (Steffen et al., 2015). The pollution of fresh waters due to excess nitrate (NO3) 

concentrations has led to significant, adverse effects on human and environmental health around 

the globe. These include severe eutrophication of inland and coastal waters (Bijay and Craswell, 

2021; Howarth, 2008; McDowell et al., 2020), and decreases in potable water quality (Camargo 

and Alonso, 2006; Mekonnen and Hoekstra, 2015). Human influences on the N cycle have been 

pervasive across the US, with the country’s anthropogenic production of reactive N five times 

that of its natural production (EPA Science Advisory Board, 2011). Subsequent nutrient pollution 

is now a leading cause of degraded freshwater quality across the country (USEPA, 2015) and the 

effects on environmental and human health are widespread (Bouwman et al., 2013; Munn et al., 

2018). Eutrophication of inland and coastal waterbodies has persisted for decades across the US 

(Bricker et al., 2008; Oelsner and Stets, 2019; Oswald and Golueke, 1966), and the decrease in 

potable (Kozacek, 2014) and recreational water quality (World Health Organization, 1999), loss 

of aquatic habitats and disruption to food chains (Munn et al., 2018) are estimated to cost billions 

of dollars a year (Dodds et al., 2009; Sobota et al., 2015).  

 

Since the Clean Water Act was brought into practice (USEPA, 1972), overall improvements to US 

freshwater quality have been slow, and elevated N concentrations continue to contribute to 

persistent poor water quality across the country (Keiser et al., 2019; Manuel, 2014; USEPA, 2010). 

The sustainable and effective use of nutrients requires an integrated management approach, 

meaning that nutrient balances for a given system must identify and regularly quantify processes 

influencing all known inputs, transformations and outputs (EPA Science Advisory Board, 2011; 

Grizzetti et al., 2015; Roy et al., 2021; Sabo et al., 2019; Wu and Ma, 2015). Delays in freshwater 

quality improvements reflect the response time of the system (Meals and Dressing, 2008) and 

associated legacy stores of N in soil, the vadose zone and groundwater (Ascott et al., 2017; Chang 

et al., 2021). Estimates of these processes, as well those of both established and emerging 
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anthropogenic pressures on aquatic N cycling, often carry large uncertainty. For example, within 

national-level budgets, fluxes of N associated with livestock production carry particularly high 

levels of uncertainty (Sabo et al., 2019). On more localised scales, N fluxes characteristically 

occurring in urban areas, such as N sourced from combined sewer overflows, urban runoff and 

atmospheric deposition, are often more poorly constrained than those across agricultural areas, 

such as agricultural fertilizer input (Chung et al., 2023; Decina et al., 2018; McGrane, 2016). 

Ultimately, improvements to freshwater N mass balances, policy and management require 

greater methodological consistency and consideration for the spatial and temporal 

heterogeneity of anthropogenic influences upon N cycling in these ecosystems (Sabo et al., 2019; 

Sabo et al., 2021a; Sobota et al., 2013). 

 

Research has begun to highlight the potential role that water supply processes play in N cycling 

both across the US and around the globe, including their effect on N retention, which is defined 

here as processes that prevent or delay the delivery of N from the land to the oceans (Grizzetti 

et al., 2015). For example, the manipulation of water resources through dam construction has 

been found to impact major retention processes of denitrification and burial of N in sediments 

both across the US (Baron et al., 2012) and around the world (Beusen et al., 2016; Seitzinger et 

al., 2007; Wisser et al., 2010). Recent research has found groundwater withdrawal to be a 

mechanism capable of perturbing the global N cycle (Stahl, 2019). Research in England, UK, has 

shown that withdrawal of fresh water for public supply acts as a nationally significant transient 

retention mechanism for organic N (Finlay et al., 2016) and NO3 (Ascott et al., 2018b), with these 

results highlighting the need for the inclusion of these fluxes in future nutrient budgets.  

 

The US has one of the largest freshwater withdrawal volumes per capita in the world (FAO, 2024). 

Freshwater use sectors are defined by the USGS, with sectoral withdrawal volumes estimated 

every five years (Dieter et al., 2018b). Whilst approximately 14% of country’s total freshwater 

withdrawal in 2015 was for public supply (water withdrawn by both public and private suppliers), 

the remainder of withdrawals were for non-public and self-supplied uses including for irrigation, 
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thermoelectric, industry, livestock, aquaculture, domestic (i.e. private wells) and mining (Dieter 

et al., 2018b). 

 

Leakage of water from the mains distribution network is known to return nutrients to the 

environment (Holman et al., 2008; Lerner et al., 1999). Recently, research has also begun to 

quantify these fluxes (Ascott et al., 2016; Ascott et al., 2018b; Gooddy et al., 2017) and investigate 

how to identify the fate of these fluxes isotopically (Gooddy et al., 2015). Results from a study in 

England, UK, highlighted the significance of these fluxes, with watermains leakage fluxes 

equivalent to up to 20% of all N inputs across some urban areas (Ascott et al., 2018b), and thus 

the need for their incorporation into nutrient budgets and consideration in policy decision 

making. The declining condition of water infrastructure across the US means watermains leakage 

is a persistent yet spatially variable problem (Folkman, 2018; Rosario-Ortiz et al., 2016), and 

results in the USEPA reported average loss of 16% of the water initially entering the country’s 

watermains distribution network (USEPA, 2013). 

 

In this research, the US is used as an exemplar to quantify NO3 fluxes associated with non-public 

supply withdrawal for the first time anywhere globally. Public supply NO3 withdrawal fluxes and 

watermains leakage NO3 fluxes are quantified for the first time across the US. It was hypothesised 

that: 

1. Freshwater withdrawals by all water use sectors will constitute a significant transient NO3 

retention mechanism across the US, with the resulting flux making a significant 

contribution to global withdrawal NO3 flux estimates. 

2. Across the US, watermains leakage will return a spatially heterogeneous and locally 

significant flux of NO3 back to the environment.  

 

Publicly available freshwater withdrawal and watermains leakage volumetric rate data, along 

with untreated (raw) and treated water NO3 concentrations, were used to quantify fluxes of NO3 
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associated with freshwater withdrawals and watermains leakage across the contiguous US, 

herein referred to as the US. The environmental significance of county, state, and national-scale 

estimates were evaluated through their comparison with estimates of other N budget 

components. The implications of results are discussed in both a national and global context and 

recommendations for future research are made.  

 

3.2 Methods 

3.2.1 Quantification of National Withdrawal and Watermains Leakage Nitrate Fluxes 

County-level fluxes of NO3 associated with fresh surface water and groundwater withdrawals for 

public water supply (PWS-NO3-N) and self-supplied irrigation (IRR-NO3-N), thermoelectric power 

(THERM-NO3-N), industry (IND-NO3-N), mining (MINE-NO3-N), livestock (LIVE-NO3-N), 

aquaculture (AQUA-NO3-N) and domestic (DOMESTIC-NO3-N) water use sectors were estimated 

across the 48 states that form the US, and aggregated to give a total national-level withdrawal 

flux (WD-NO3-Ntotal) using equation 3.1. 

 

WD-NO3-Ntotal = (WDsw x Cr (SW-NO3-N)) + (WDgw x Cr (GW-NO3-N))   (3.1) 

 

Surface water (WDsw) and groundwater (WDgw) withdrawal data, in L yr-1, were provided for each 

water use sector within each county for the year of 2015 by the USGS (Dieter et al., 2018a), 

representing the most up to date freshwater withdrawal estimates across the US. With surface 

water intake locations not disclosed by the EPA, coordinates of active surface water intakes 

between 2013-2020 provided by the United States Environment Protection Agency (USEPA, 

2021c), were geocoded from intake location names using Google’s Geocoding API web service 

(Google, 2021) in conjunction with R’s ‘ggmap’ package (Kahle and Wickham, 2013). Intake 

coordinates were then matched to USGS and EPA site coordinates of surface water sites through 

use of the ‘Fuzzyjoin’ package using a 5-mile buffer in R (Robinson et al., 2020). Returned sites 

were queried on the Water Quality Portal (WQP, 2023) for raw dissolved NO3 and raw dissolved 
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NO3 + NO2 concentrations that were measured between 01.01.2010 and 31.12.2020 using the 

‘dataRetrieval’ package in R (De Cicco et al., 2018). The Water Quality Portal sources its data from 

the USGS NWIS (USGS, 2021) and the EPA’s STORET-WQX (USEPA, 2021d) databases. Due to the 

negligible concentrations of NO2 in surface waters, returned dissolved NO3-N and dissolved 

NO3 + NO2 concentrations were assumed to represent raw surface water NO3 concentrations 

(Cr (SW-NO3-N)), in mg N L-1.  

 

Raw groundwater NO3 concentrations (Cr (GW-NO3-N)), in mg N L-1, were sourced from USGS National 

Water Quality Assessment studies (Arnold et al., 2017; Arnold et al., 2018; Arnold et al., 2016; 

Arnold et al., 2020). To increase the number of data points, Cr (SW-NO3-N) and Cr (GW-NO3-N) values 

were obtained between 2010-2020 and 2012-2016 respectively. Despite expanding Cr 

concentration datasets to additional years surrounding 2015, the lack of comprehensive 

county-level datasets meant that state-level median values of both Cr (SW-NO3-N) and Cr (GW-NO3-N) 

were assigned to each state’s constituent counties. Sector-specific Cr (GW-NO3-N) concentration 

values were also only available for determination of PWS-NO3-N and DOMESTIC-NO3-N fluxes 

(Appendix 1-4), resulting in remaining Cr (GW-NO3-N) and all Cr (SW-NO3-N) values being uniform across 

all other sectors (Appendix 5-8). These limitations are discussed further in Section 3.4.1. The 

resulting concentration datasets were non-normally distributed (Kolmogorov Smirnov test p < 

0.01), so median concentrations for each state were assigned to their constituent counties and 

used within equation 3.1. Estimated county fluxes for each water use sector were aggregated to 

give total county, state and national-level WD-NO3-N fluxes, in metric kt NO3-N yr-1. County and 

state-level estimates were also normalised for land area and expressed as kg NO3-N km-2 yr-1, 

allowing counties and states of contrasting area to be compared.  

 

County-level NO3 fluxes due to watermains leakage (WML-NO3-N) were derived using equations 

3.2 and 3.3. Estimated volumetric leakage rates have not been reported by the USGS since 1995 

(Dieter et al., 2018b), thus volumetric leakage rates for each county (LV), in L yr-1, were calculated 

using equation 3.2. With public supply distribution input estimates also omitted from water use 
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reports, and given the majority of losses are from pipes downstream of the water treatment 

works (Van Hecke, 2020), distribution inputs were assumed to equal the total volume of 

freshwater withdrawn for PWS in each county (WDpws-total), in L yr-1. Freshwater withdrawals for 

PWS (assumed to be distribution inputs) are reported by the USGS (Dieter et al., 2018a). These 

estimates include unaccounted for water, including system losses (i.e. leakage) and so must be 

corrected using a leakage factor. With the exception of California and Georgia (see Section 3.2.2), 

a lack of county-level leakage factor data meant that state-level leakage factors, fleakage (unitless), 

were obtained from various sources and assigned to their respective counties. Where 

possible, fleakage values were determined by dividing volume of real water loss by volume of total 

water supplied from validated American Water Works Association water utility audits for the year 

of 2016 (American Water Works Association, 2021). Utility fleakage values were then averaged and 

extrapolated for the relevant state (see Kunkel Water Efficiency Consulting (2018)). In the 

absence of water audit data, state values were sourced from various reports (Appendix 9), or as 

a last resort a USEPA reported national average of 16% was assumed for that state (USEPA, 2013). 

Due to the absence of county-level data, average treated water NO3-N concentrations (Ct-(NO3-N)) 

for each state between 2014-2019, in mg N L-1, were sourced from the Environmental Working 

Group database (EWG, 2019) and assigned to all of its constituent counties. County fluxes were 

aggregated to give state and national-level WML-NO3-N estimates, as well as normalised for land 

area, expressed as kg NO3-N km-2 yr-1. A summary of data sources used to estimate both 

WD-NO3-N and WML-NO3-N fluxes is provided in Table 3.1. 

 

LV = WDpws-total x 𝑓leakage                                           (3.2) 

WML-NO3-N = Ct (NO3-N) x LV                                       (3.3) 
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Table 3.1. Table summarising data sources for key terms used for the estimation of freshwater 

withdrawal nitrate fluxes (WD-NO3-N) and watermains leakage nitrate fluxes (WML-NO3-N), on 

both a national level and for the states of California and Georgia. 

 

 

Term  Term Description Reference 

National WD-NO3-N   

WDgw Fresh groundwater withdrawals Dieter et al. (2018a) 

WDsw Fresh surface water withdrawals Dieter et al. (2018a) 

Cr (SW-NO3-N) Raw surface water NO3 concentrations WQP (2023) 

Cr (GW-NO3-N) Raw groundwater NO3 concentrations Arnold et al. (2017), Arnold et al. 
(2018), Arnold et al. (2016), (Arnold et 
al., 2017; Arnold et al., 2018; Arnold et 

al., 2016); Arnold et al. (2020) 

California WD-NO3-N    

Cr (GW-NO3-N) Raw groundwater NO3 concentrations Jurgens et al. (2021) 

National WML-NO3-N   

WDpws-total Total freshwater public supply withdrawals  Dieter et al. (2018a) 

𝒇leakage                       Leakage factor Various (see Appendix 9) 

State-level Ct (NO3-N) Treated water NO3 concentrations EWG (2019) 

California WML-NO3-N   

LV Volumetric leakage rate  California Department of Water 

Resources (2019) 

Utility-level Ct (NO3-N) Treated water NO3 concentrations EWG (2019) 

Georgia WML-NO3-N   

LV Volumetric leakage rate  Georgia EPD (2016) 

Utility-level Ct (NO3-N) Treated water NO3 concentrations EWG (2019) 
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3.2.2 Freshwater Withdrawal and Watermains Leakage Nitrate Flux Method Validation 

Due to greater availability of Cr (GW-NO3-N) data in California (Jurgens et al., 2021), WD-NO3-N fluxes 

were calculated separately for this state, allowing for an estimate derived from data at greater 

spatial resolution to be compared with the national-scale method detailed in Section 3.2.1. 

Utility-level LV values for the year 2016 and their corresponding Ct (NO3-N) values were available in 

both California and Georgia (California Department of Water Resources, 2019; EWG, 2019; 

Georgia EPD, 2016), allowing utility WML-NO3-N fluxes to be estimated and aggregated to give 

final county-level estimates. Derived from the most credible volumetric leakage rate and treated 

water concentration datasets, these fluxes were then compared to second state estimates made 

using the most assumptive method used in this work, whereby the national average leakage 

factor of 0.16 was applied to estimated state-level public supply withdrawals to give LV, and 

Ct (NO3-N) was assigned as the respective average state values. This allowed the effect of these 

assumptions upon WML-NO3-N estimates to be evaluated.  

 

3.2.3 National Freshwater Withdrawal and Watermains Leakage Nitrate Flux Uncertainties 

Uncertainty associated with the national WD-NO3-N flux estimate was determined by 

aggregating upper and lower state-level WD-NO3-N flux estimates. These were determined using 

equation 3.1, where withdrawal volumes were adjusted for ±10%, and concentrations at the 75th 

and 25th percentile were applied to each state. Due to the vast range of data sources used to 

derive USGS water use data, the inherent uncertainty associated with this data is currently not 

reported (Bradley, 2017; National Research Council, 2002). An uncertainty of ±10% was therefore 

adopted for all withdrawal volume values, which corresponds with the uncertainty assigned in 

other USGS publications (Maupin and Weakland, 2009). Raw surface water and groundwater 

concentrations at the 75th and 25th percentiles were chosen to represent upper and lower 

concentrations within upper and lower uncertainty bounds flux estimates. This prevented 

outliers from skewing uncertainty calculations, whilst retaining an ability to reflect the variability 

in raw water NO3 concentrations and thus the potential bounds of uncertainty that are associated 

with adopting median concentration values in flux calculations. Due to a single mean Ct (NO3-N) 
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value reported for each state by the EWG, uncertainty associated with the national WML-NO3-N 

flux is represented by upper and lower estimates made solely through adjustment of leakage 

volumes for ±10% within equation 3.3, using the same rational as for WD-NO3-N uncertainties. 

Lower and upper uncertainty bounds surrounding national WD-NO3-N and WML-NO3-N 

estimates are reported in parentheses after flux values in Section 3.3. 

 

3.2.4 Comparison of Freshwater Withdrawal and Watermains Leakage Nitrate Fluxes with 

Other Nitrogen Fluxes 

National-scale WD-NO3-N and WML-NO3-N fluxes were conceptualised to be internal within 

national-scale N budgets. The significance of national WD-NO3-N fluxes should therefore, ideally, 

be determined through its comparison to other national-level internal N retention flux estimates. 

Such estimates are scant across the US. In this research, the national-level WD-NO3-N flux was 

compared to both a previously published estimate of a national scale internal retention flux (total 

pastureland N uptake (Byrnes et al., 2020)), and external N fluxes at the system boundary (total 

denitrification from US rivers (Baron et al., 2012)). The national-level WD-NO3-N estimate was 

also compared to an initial global WD-NO3-N flux estimate (Ascott et al., 2018b). California’s total 

WD-NO3-N flux estimate was conceptualised as an internal flux of N within state-scale budgets. 

Due to the total annual change in internal N storage within the California’s surface waters and 

groundwaters being calculated as the difference between all major inputs and outputs of N to 

the state’s surface waters and groundwaters by Liptzin and Dahlgren (2016), the proportional 

contribution that the California WD-NO3-N flux could make to this value was estimated. The 

state’s WD-NO3-N flux was compared to external N retention fluxes at the system boundary 

(surface water N exports to the ocean, and total denitrification within surface waters and 

groundwaters (Liptzin and Dahlgren, 2016)). Finally, the state’s IRR-NO3-N flux was compared to 

a previous irrigation withdrawal NO3 flux estimate (Liptzin and Dahlgren, 2016).  

 

The relative importance of the national WML-NO3-N flux was evaluated by its comparison to 

other national-level and internal N input flux estimates, including: N leached to groundwaters 
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from septic tanks (Sobota et al., 2013), total N input to streams from point sources (Skinner and 

Wise, 2019), and an initial global WML-NO3-N estimate (Ascott et al., 2018b). National and 

county-level WML-NO3-N fluxes were also compared to the amount of N applied to land as 

agricultural fertilizer that is then leached from the soil to groundwater. Due to the absence of a 

published gridded soil N leaching dataset for the US, agricultural N fertilizer application values 

from Swaney et al. (2018a) were corrected with a fixed leaching emission factor of 0.18 

(Mekonnen and Hoekstra, 2015). It should be noted that assigning a single leaching emission 

factor (which ignores its large variability around the globe) has a large associated uncertainty 

(Bijay and Craswell, 2021; Goulding et al., 2000; Wang et al., 2019; Zhou and Butterbach-Bahl, 

2014). However, this method provides a comparison flux that is useful for contextualising 

county-level WML-NO3-N fluxes. California’s WML-NO3-N flux was compared to estimates of N 

leaching from agricultural fertilizer input (Swaney et al., 2018a), leaching from urban land, leaking 

sewers and wastewater to groundwater (Liptzin and Dahlgren, 2016), as well as N input into 

streams from point sources (Skinner and Wise, 2019). 

 

3.3 Results 

3.3.1 Freshwater Withdrawal Nitrate Fluxes 

The total freshwater withdrawal flux (WD-NO3-Ntotal) for the US was estimated to be 417 

(190-857) kt NO3-N yr-1, with 45% and 55% of this total being due to surface water and 

groundwater withdrawals, respectively (Table 3.2). State-level WD-NO3-N fluxes range from 

0.08 - 42.7 kt NO3-N yr-1, with Nebraska, California and Illinois having the largest fluxes (Figure 

3.1a). Contributions of each water use sector to the national-level WD-NO3-Ntotal flux are 44% 

from irrigation, 29% from thermoelectric, 13% from public water supply, 6% from industry, 4% 

from domestic and 3% combined from aquaculture, livestock and mining (Figure 3.1b). The 

sectoral contributions to state-level WD-NO3-N fluxes vary geographically, with irrigation 

(IRR-NO3-N) and thermoelectric (THERM-NO3-N) fluxes dominating from western to eastern 

regions, respectively, and public water supply (PWS-NO3-N) and self-supplied domestic 

(DOMESTIC-NO3-N) fluxes dominating northeastern states (Figure 3.1b and Appendix 10). Total 
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area-normalised WD-NO3-Ngw and WD-NO3-Nsw county fluxes range from 0-1,024 and 0-8,249 kg 

NO3-N km-2 yr-1, respectively (Figure 3.2a and b). Counties within the states of California, Kansas 

and Nebraska are associated with the larger area-normalised WD-NO3-Ngw fluxes (Figure 3.2a). 

Counties within states of California, Oregon and Montana are associated with the larger area-

normalised WD-NO3-Nsw fluxes (Figure 3.2b). The WD-NO3-N flux estimate for the US is equivalent 

to 57% of estimated total denitrification within the US rivers, 21% of pastureland N uptake, and 

2% of the estimated global WD-NO3-N flux (Table 3.2). California’s WD-NO3-Ntotal estimate 

(38 kt NO3-Nyr-1) is equivalent to 97% of the export of N to the ocean by rivers, 31% of 

denitrification within the states surface waters and groundwaters and 12% of total change in 

state-wide N storage internally within surface waters and groundwaters (Table 3.2). The 

California estimate made using the national dataset is in close agreement with the California 

estimate made using the more comprehensive state-level dataset (Table 3.2). The California 

IRR-NO3-N estimate made in this work (29 kt NO3-N yr-1) is equivalent to 70% of the previous 

estimate (41 kt NO3-N yr-1) for 2005, as reported by Liptzin and Dahlgren (2016). 
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Table 3.2. Total freshwater withdrawal nitrate fluxes (WD-NO3-N) for the United States and 

California, compared to previously determined nitrogen retention and export fluxes. 

Flux Reference Value  

(kt NO3-N yr-1)a 

WD-NO3-N/flux 

(%) 

National Level    

WD-NO3-Ntotal This study 417 (0-8,267) - 

WD-NO3-Nsw This study 189  - 

WD-NO3-Ngw This study 228  - 

Total denitrification within rivers across the 
United States 

Baron et al. (2012) 730 57 

Pastureland N uptake across the United 
States 

Byrnes et al. (2020) 2,016 21 

Global-level WD-NO3-N Ascott et al. (2018b) 22,600 2 

California     

WD-NO3-Ntotal This study 38 - 

WD-NO3-Ntotal  This study b 39  

Total N export from rivers to ocean Liptzin and Dahlgren (2016) 39 97 

Total denitrification of N within surface 
waters and groundwaters 

Liptzin and Dahlgren (2016) 121 31 

Change in N storage within surface waters 
and groundwaters 

Liptzin and Dahlgren (2016) 331 12 

a Values in parentheses are minimum and maximum county flux values, in units of kg N km-2 yr-1 

b This estimate was made using the national-level dataset 
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Figure 3.1. a) Total freshwater withdrawal fluxes of nitrate (WD-NO3-Ntotal) for each state across 

the United States. States on the x-axis are ordered from west to east and red error bars represent 

uncertainties on state fluxes. b) Percentage contribution of each water use sector to the national 

and state WD-NO3-Ntotal fluxes. 
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Figure 3.2. a) Area-normalised fresh groundwater withdrawal fluxes of nitrate (WD-NO3-Ngw) for 

each county across the United States. b) Area-normalised fresh surface water withdrawal fluxes 

(WD-NO3-Nsw) for each county across the United States. Breaks in the colour scale are defined as 

separate quintile groups. Linework was created using the ‘usmap’ package on R (Di Lorenzo, 

2022). c) Boxplot showing the distribution of county-level WD-NO3-Ntotal flux values for each state 

across the United States. States are ordered from west to east. 
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3.3.2 Watermains Leakage Nitrate Fluxes 

The national-level watermains leakage (WML-NO3-N) flux for the US was estimated to be 

7.0 (6.3-7.7) kt NO3-N yr-1, returning 13% of PWS-NO3-N back to the environment (Table 3.3). 

Area-normalised county WML-NO3-N fluxes range from 0 to 576 kg NO3-N km-2 yr-1, with the 

highest values observed in many urbanised counties (Figure 3.3 and Figure 3.5) and a general 

trend of increasing fluxes from west to east (Figure 3.6). The national WML-NO3-N flux is 

equivalent to 16% of N leached from non-agricultural fertilizer application, 4% of N leached from 

septic tanks, 1.4% of total N from point sources, 0.3% of N leached from agricultural fertilizer 

input and 1.3% of the global WML-NO3-N flux estimate (Table 3.3). There is also large inter-county 

variability in the relative importance of WML-NO3-N fluxes. This flux is equivalent to >10% of N 

inputs from leaching of agricultural fertilizer across 265 counties, often across the northeast and 

western coastal areas, with some county WML-NO3-N fluxes even exceeding this input (Figure 

3.4). 
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Table 3.3. Total watermains leakage nitrate fluxes (WML-NO3-N) compared to public supply 

freshwater withdrawal nitrate fluxes (PWS-NO3-N) and other sources of nitrogen (N), for the 

United States and states of California and Georgia.  

 
Flux Reference Value 

(kt NO3-N yr-1)a 

WML-NO3-N/flux 

(%) 

National Level    

WML-NO3-N This study  7.0 (0-576) - 

PWS-NO3-N  This study 55.5 13 

N leached from non-agricultural 
fertilizer input 

Swaney et al. (2018a)b 44.6 16 

N leached from septic tanks Sobota et al. (2013) 200 4 

N from point source facilities Skinner and Wise (2019) 503 1.4 

N leached from agricultural fertilizer 
input  

Swaney et al. (2018a)b 2,155 0.3 

Global-level WML-NO3-N Ascott et al. (2018b) 525 1.3 

California    

State-level WML-NO3-N This study  0.758 (1x10-4 – 65) - 

State-level WML-NO3-N c This study 2.1 36 

State-level N leached to groundwater 
from urban land 

Liptzin and Dahlgren (2016) 1 76 

State-level N to groundwater from 
leaking sewers 

Liptzin and Dahlgren (2016) 15 5 

State-level N leached to groundwater 
from treated wastewater 

Liptzin and Dahlgren (2016) 27 2.8 

State-level N to rivers from point 
source facilities 

Skinner and Wise (2019) 33.3 2.3 

State-level N leached to groundwater 
from agricultural fertilizer input 

Swaney et al. (2018a)a 88 0.9 

Georgia     

State-level WML-NO3-N  This study 0.110 (0-17) - 

State-level WML-NO3-N c This study  0.108 - 
a Values in parentheses are minimum and maximum county flux values, in units of kg N km-2 yr-1 
b Input of N from agricultural and non-agricultural fertilizer were for corrected using a leaching emission factor of 0.18, sourced 
from Mekonnen and Hoekstra (2015) 
c These estimates were made using national average leakage factor (0.16) and a state average Ct (NO3-N) 
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Figure 3.3. a) Total area-normalised watermains leakage fluxes of nitrate (WML-NO3-N) for each 

county across the United States. Breaks in the colour scale are defined as separate quintile 

groups. Linework was created using the ‘usmap’ package on R (Di Lorenzo, 2022). b) Boxplot 

showing the distribution of county-level WML-NO3-N flux values across each state. States are 

ordered from west to east. 
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Figure 3.4. County-level watermains leakage nitrate fluxes (WML-NO3-N) expressed as a 

percentage equivalence of nitrogen leached to groundwater from agricultural fertilizer 

application. Linework was created using the ‘usmap’ package on R (Di Lorenzo, 2022). 

 

 

Figure 3.5. Plot showing the relationship between watermains leakage nitrate fluxes 

(WML-NO3-N) and population density for urban and non-urban counties across the United States. 

Urban counties are those defined as ‘metro’ and ‘nonmetro’ within the US Department of 

Agriculture’s Rural Urban Continuum Codes, respectively (USDA, 2020a). Spearman’s rank 

correlation test returned a p-value < 0.01 and a positive rank correlation (ρ = 0.70), suggesting a 

strong monotonic relationship between WML-NO3-N fluxes and population density 
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Figure 3.6. Box plot showing the distribution of county-level watermains leakage nitrate fluxes 

(WML-NO3-N) across eastern and western regions of the United States. A county was defined as 

being in either the eastern or western region of the United States due to the longitude of its 

centroid being east or west of the 100th meridian west, respectively. Running the Mann Whitney 

U test on WML-NO3-N fluxes from eastern and western regions of the country returned a p-value 

< 0.01, suggesting there is statistically significant difference in the magnitude of this flux between 

the two regions. 

 

The WML-NO3-N estimates for Georgia, made using both the utility-level dataset and that made 

by adopting state averages (Section 3.2.2), are in close agreement (Table 3.3). In contrast, 

California’s estimate made using the state-average method is nearly three times as large as that 

made using more local utility-level dataset (Table 3.3). There is inter-county variation in 

area-normalised WML-NO3-N fluxes within both states (Figure 3.7). Urban counties in both 

California and Georgia (e.g. San Francisco and Fulton, respectively) are associated with larger 

estimated fluxes than more rural counties (e.g. Alpine and Burke, respectively) (Figure 3.7a and 

b).  
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California’s total WML-NO3-N flux is equivalent to 76% of N leached to groundwater from urban 

soils, 5% of N leached to groundwater from leaking sewers, 2.8% of N leached to groundwater 

from treated wastewater, 2.3% of total N released to rivers from point source facilities and 0.9% 

of N leached to groundwater from agricultural fertilizer inputs across the state (Table 3.3). There 

is also significant inter-county variation in the relative importance of these fluxes, when 

compared to leached N and PWS-NO3-N withdrawal fluxes across both states (Figure 3.8).  

 

 

Figure 3.7. Area-normalised watermains leakage nitrate fluxes (WML-NO3-N) for each county 

within the states of a) California and b) Georgia, calculated using utility-level audit data. Breaks 

in colour scales are defined as separate quintile groups. Linework was created using the ‘usmap’ 

package on R (Di Lorenzo, 2022). 
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Figure 3.8. County-level watermains leakage nitrate fluxes (WML-NO3-N) expressed as a 

percentage equivalence of leached nitrogen from agricultural fertilizer application 

across a) California and b) Georgia. County-level WML-NO3-N fluxes expressed as percentage 

equivalence of public supply withdrawal fluxes of nitrate (PWS-NO3-N) across c) California and 

d) Georgia. Breaks in colour scales in Figures c and d are defined as separate quintile groups. 

Linework was created using the ‘usmap’ package on R (Di Lorenzo, 2022). 



 

51 
 

3.4 Discussion 

3.4.1 Controls Upon Freshwater Withdrawal Nitrate Fluxes 

Retention processes control both the amount of N within inland fresh waters and the amount 

exported downstream to coastal environments (Baron et al., 2012; Saunders and Kalff, 2001). 

This research has quantified the significance of freshwater withdrawals for both public and 

non-public supply uses as NO3 retention mechanisms for the first time across the US. These 

WD-NO3-N fluxes have largely been neglected in N cycling research and this work begins to 

address specific calls for an increased understanding of these fluxes globally (Ascott et al., 2018b; 

Stahl, 2019). Whilst freshwater withdrawals across the US account for approximately 10% of 

global freshwater withdrawals (FAO, 2024), the WD-NO3-N estimate made in this work accounts 

for only 2% of initial global WD-NO3-N estimates (Table 3.3). This is likely due to relatively low 

NO3 concentrations within raw surface waters and groundwaters across the US, when compared 

to other countries that make globally significant freshwater withdrawals, such as India (FAO, 

2024; Zhou, 2015). Despite the small contribution from the US to global WD-NO3-N estimates, 

the transferable methodology presented here will allow this flux to be estimated in other 

countries, thus further resolving the global WD-NO3-N estimate. 

 

Contributions from different water use sectors to the national WD-NO3-Ntotal flux largely reflect 

sectoral water withdrawal volumes, with freshwater withdrawals for irrigation, thermoelectric 

power and public supply collectively accounting for 90% of the country’s annual total water 

withdrawal volume (Dieter et al., 2018b) and 89% of the WD-NO3-Ntotal flux (Figure 3.1b). 

Variations between county WD-NO3-N fluxes (Figure 3.2) and the sectoral contributions to 

state-totals (Figure 3.1b) also reflect strong regional differences in the use of freshwater 

resources and thus withdrawal volumes. For example, IRR-NO3-N fluxes dominate in western 

states, whereas this flux only accounts for 37% of the national WD-NO3-Ntotal flux. Conversely, 

THERM-NO3-N fluxes dominate in eastern states, facilitating 70% of net US power generation 

(Dieter et al., 2018b), despite collectively only accounting for 27% of the national WD-NO3-Ntotal 

flux.  
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Counties and states whose water use sectors have a larger dependency on groundwater 

withdrawals are likely to have withdrawal fluxes relatively larger than surface water withdrawals 

of the same volume would have, due to the higher NO3 concentrations generally found within 

groundwaters compared to surface waters (Appendices 1, 2, 5 and 6) (Pennino et al., 2017). The 

influence of Cr (GW-NO3-N) concentrations upon final WD-NO3-N fluxes is illustrated by the fact that 

although freshwater withdrawals for public supply made up 46% of New York’s total freshwater 

withdrawals, they are responsible for 51% of the state’s WD-NO3-N flux (Figure 3.1b). Across New 

York, freshwater withdrawals for public supply are 25% from groundwater and 75% from surface 

water (Dieter et al., 2018a). However, due to the fact that groundwater NO3-N concentrations 

are over four times that of surface water (Appendices 1 and 5), groundwater and surface water 

withdrawals contribute 60% and 40% to the state’s total PWS-NO3-N flux, respectively. The 

adoption of a median state-level Cr (NO3-N) concentration for each county results in high levels of 

uncertainty surrounding state-level WD-NO3-N fluxes (Figure 3.1a). State-level WD-NO3-N flux 

estimates with higher levels of uncertainty, such as for California (Figure 3.1a), reflect the greater 

inter-quartile range of raw water NO3-N concentrations used to derive median values (see 

Section 3.2.3). In reality, these concentrations are highly spatially variable, even within individual 

counties (Appendices 3, 4, 7 and 8). Minimising the uncertainties associated with WD-NO3-N flux 

estimates should be a future priority, particularly as the availability and spatial distribution of 

concentration data increases.  

 

This effect of elevated groundwater NO3 concentrations on withdrawal fluxes is even stronger 

for self-supplied domestic withdrawals. Although self-supplied domestic withdrawals account for 

3.5% of New York’s total withdrawals (Dieter et al., 2018a), the state’s DOMESTIC-NO3-N flux 

constitutes 15% of its WD-NO3-Ntotal flux (Figure 3.1b). Domestic supply wells often have higher 

NO3 concentrations than public supply wells, due to the fact that these wells are screened at 

shallower depths and are often located in rural areas heavily influenced by agricultural fertilizer 

practices, and thus closer to anthropogenic sources of NO3 contamination (Desimone et al., 2009; 

Johnson and Belitz, 2015). With irrigation withdrawals only decreasing by 23% since 2005, the 

40% difference between the IRR-NO3-N estimate made for California in 2005 by Liptzin and 
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Dahlgren (2016) compared to that in this work (Table 3.3) is only partially explained by changing 

withdrawal volumes. Changes to raw water NO3-N concentrations are also suggested to control 

the spatial and temporal variations observed in WD-NO3-N estimates, and geographic areas and 

sectors withdrawing water with elevated NO3-N concentrations can have disproportionate 

impacts on WD-NO3-N fluxes (Stahl, 2019). Whilst data availability allowed specific public and 

domestic supply raw groundwater NO3-N concentration (Cr) datasets to be used in estimating 

PWS-NO3-N and DOMESTIC-NO3-N withdrawal fluxes, the surface water and groundwater 

Cr-(NO3-N) datasets for other water uses do not distinguish values between each sector. Future 

research should investigate the potential differences in Cr (NO3-N) values between each water use 

sector and utilise these sector specific values to further resolve withdrawal flux estimates. 

 

3.4.2 Freshwater Withdrawal Nitrate Fluxes as a Nitrogen Retention Mechanism of Local, 

National and Global Importance 

Whilst denitrification permanently removes N from the freshwater system boundary (Grizzetti et 

al., 2015), withdrawal fluxes instead temporarily re-route NO3 internally within the defined 

system, before being returned to the environment. Such a distinction reflects that made by 

Liptzin and Dahlgren (2016), in which the irrigation withdrawal N flux estimate was represented 

as an internal flux between different sub-systems, as opposed to a permanent removal from the 

state-level system. Whilst this work acknowledges the limitation of comparing transient and 

internal N fluxes with longer-term external boundary fluxes (see Section 3.2.4), the 57% and 97% 

equivalence of national-level and California state-level WD-NO3-N fluxes made in this work 

(respectively) to total denitrification provides an initial insight into the potential importance of 

these internal fluxes (Table 3.2).  

 

Contrasting patterns in transport, consumption and fate of fresh waters withdrawn for different 

uses will likely have varying effects upon N cycling. Deducing the implications of these withdrawal 

fluxes thus requires a disaggregation of WD-NO3-Ntotal fluxes into their constituent sectors. With 

regards to PWS-NO3-N fluxes, the average residence time for water in the US public supply 
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distribution system is estimated at 1.3 days (USEPA, 2002). Therefore WML-NO3-N fluxes could 

be expected to return some of the PWS-NO3-N flux within a similar timeframe. Despite this, 

denitrification can be used as an intentional treatment option, either pre-supply (Hunter, 2008) 

or as a wastewater treatment process, and will result in the long-term removal of NO3 from water 

and the release of N into the atmosphere (USEPA, 2007). In addition, water that is withdrawn 

and transported across catchment boundaries, often for agricultural and municipal use (Dickson 

and Dzombak, 2017; Young and Brozovik, 2019), can be thought of as a permanent removal from 

the catchment of withdrawal and as an input into the receiving catchment. This invalidates the 

assumption that withdrawal fluxes merely occur internally between sub-systems and instead 

contribute to net anthropogenic inputs of N (Hong et al., 2011; Swaney et al., 2018a). 

 

The exceedance of WML-NO3-N fluxes when compared to PWS-NO3-N fluxes across some 

counties (Figure 3.8) may potentially be attributable to freshwater transfers across county 

boundaries (Dickson and Dzombak, 2017), where low PWS-NO3-N fluxes are a result of water 

imports offsetting the need for freshwater withdrawals. Many urbanised areas across the US are 

particularly reliant on such transfers, such as in San Francisco and counties in the San Joaquin 

Valley (e.g. Fresno, Stanislaus and San Joaquin) and Greater Sacramento areas (Placer and Yolo). 

In these counties, a significant amount of fresh water for public use is sourced from imports via 

the State Water and Central Valley Projects (Feinstein and Thebo, 2021; USBR, 2021). Similarly, 

many of the counties across northwest Georgia, where WML-NO3-N fluxes return a large 

proportion of the PWS-NO3-N flux (Figure 3.8), receive drinking water from inter-basin transfers 

(Metropolitan North Georgia Water Planning District, 2017). Under predicted future water stress 

(Brown et al., 2019b), the influence of increasing water transfers upon N fluxes across 

hydrological and administrative boundaries will add nuance to many of the existing input-output 

anthropogenic N budget methodologies (Byrnes et al., 2020; Swaney et al., 2018a). 

 

The timeframe and spatial distribution of NO3 return fluxes, and the overall effect of withdrawals 

for non-public water use sectors upon N cycling remain largely unknown. Unlike public supply 
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withdrawals, where water is often distributed large distances via distribution networks, irrigation 

withdrawals (responsible for IRR-NO3-N fluxes) are often done on-site or near to the location of 

irrigation (Young and Brozovik, 2019). Whilst some of the water withdrawn for irrigation use is 

returned to the environment, including via seepage from irrigation canals (Hrozencik et al., 2021), 

more than 50% of irrigation withdrawals are consumptive (Dieter et al., 2018a). The consumptive 

use of water for irrigation could act as a mechanism that retains substantial masses of N from 

freshwater systems on timeframes relevant to nutrient budgets that inform nutrient 

management plans (Zhang et al., 2020). With over half of nation-wide irrigation water 

withdrawals being from groundwater, this flux also represents substantial movement of NO3 

from the subsurface to surface environment, where different environmental conditions will 

significantly affect the behaviour of NO3 (Winter et al., 1998). Once applied on land, the NO3 

deposited on agricultural soils may become concentrated due to the large volumes of water 

applied being subjected to evapotranspiration (Dieter et al., 2018b). This N can either accumulate 

in the soil, be taken up by plants, be emitted to the atmosphere or leached back to groundwater, 

resulting in IRR-NO3-N fluxes operating over a range of timescales (Galloway et al., 2003). 

 

Thermoelectric water withdrawals are also typically self-supplied and often undertaken on-site, 

however are predominantly taken from (and returned to) surface water. On a national level, 

water use for the thermoelectric power generation is largely non-consumptive, with 64% of the 

total freshwater withdrawn for this sector returned to its source (Dieter et al., 2018b). Whilst the 

elevated temperatures of return flows are known to impact the quality of source water bodies, 

NO3 concentrations within these waters may also be more concentrated as a result of water 

evaporation during the cooling process (Petrakopoulou, 2021). Whilst low on a national level, 

consumptive water use for the generation of thermoelectric power is proportionally higher 

across certain regions. Due to the lower availability of fresh water, the majority of thermoelectric 

power plants across western US states continually circulate water through heat exchangers, 

which leads to a larger proportion of water consumption. In contrast, the higher availability of 

fresh water across eastern states means that once water has passed through heat exchangers, it 

is then returned to its source, thus consuming less water (Lee et al., 2018). Although 
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THERM-NO3-N fluxes make a smaller relative contribution to overall WD-NO3-N fluxes in western 

states (Figure 3.1b), the higher proportion of water consumption in these areas will result in these 

fluxes acting as a transient anthropogenic store of N. Whilst the timescale and magnitude of N 

retention associated with consumptive withdrawals may be transient when compared with more 

permanent removals, such as denitrification and burial in sediments (Baron et al., 2012), they 

may become relevant when considered in relation to nutrient balances and management 

decisions related to smaller sub-national (e.g. catchment-scale) systems (Ator and Denver, 2015). 

With Europe also dedicating large volumes of water to thermoelectric power generation 

(Magagna et al., 2018), the potential for THERM-NO3-N fluxes to retain N across the US warrants 

their quantification elsewhere around the globe. 

 

Comprehensive consumptive water use data for the remaining water use sectors (industry, 

domestic, aquaculture, livestock and mining) are unavailable across the US, however regional 

assessments have been made (Shaffer, 2008; Shaffer and Runkle, 2007). In addition, consumptive 

use volumes of fresh water for thermoelectric use exceed total fresh water thermoelectric 

withdrawals in Arizona, California and Oregon, potentially due to this sector receiving water 

transfers in these states (see previous discussion on the effects of transfers). The amount of 

water consumed by these water use sectors depends on a wide range of processes that vary 

geographically across the US, including evapotranspiration, incorporation of water into products, 

as well as livestock and human consumption (Shaffer and Runkle, 2007). 

 

An improved understanding of the different effects that sectoral withdrawal fluxes may have 

upon N cycling across the US is imperative in order to further resolve nuances within nutrient 

budget methodologies, with implications within the nutrient spiralling paradigm (Ensign and 

Doyle, 2006). For example, changes to the internal storage of N within surface waters and 

groundwaters is a component of the California Nitrogen Assessment (Liptzin and Dahlgren, 2016) 

and is quantified as the difference between the other input and output N fluxes that are defined 

within budgets of these sub-systems. The transient anthropogenic store of N that California’s 
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WD-NO3-N flux represents may thus account for 12% of the internal storage of N within 

California’s surface waters and groundwaters (Table 3.2), thus emphasizing the importance of its 

inclusion within future state-level N balances. 

 

The annual WD-NO3-N flux estimates presented here neglect seasonal fluctuations in both 

volume and quality of withdrawn water (Bexfield and Jurgens, 2014; Josset et al., 2019; Lee et 

al., 2020; Ornelas Van Horne et al., 2019; Wiener et al., 2020). As more temporally and spatially 

resolved water withdrawal volume and quality data becomes available, future research should 

seek to assess the seasonality in, and reduce uncertainties associated with, WD-NO3-N flux 

estimates. Anticipated increases in the human population and a changing climate will also affect 

future WD-NO3-N fluxes across the US and around the world (Brown et al., 2013; Harris and Diehl, 

2019; McDonald and Girvetz, 2013; Pickard et al., 2017; Wada and Bierkens, 2014), thus making 

estimates of these fluxes in the future an important area of research.  

 

3.4.3 Watermains Leakage Nitrate Fluxes Return Variable Amounts of Nitrogen Back to the 

Environment 

The national WML-NO3-N estimate returns a relatively small flux of NO3 to the environment when 

compared to other global and national N input and return fluxes (Table 3.3). Despite the volume 

of leaked water within the US accounting for around 11% of the estimated global total (Wyatt 

and Liemberger, 2019), the WML-NO3-N estimate made here accounts for only 1.3% of the global 

WML-NO3-N estimate made by Ascott et al. (2018b). This potentially reflects the relatively low 

NO3 concentrations of treated water across the US as a result of high prevalence and standard of 

drinking water treatment (EWG, 2019). The ratio of the national-level WML-NO3-N estimate, 

when compared to the PWS-NO3-N estimate (Table 3.3), is also similar to that of England, UK 

(Ascott et al., 2018b). As developed countries, both the US and England have relatively low 

average leakage rates and concentrations of NO3 in drinking water when compared to many 

developing countries, such as Vietnam (Hung et al., 2020; Kingdom et al., 2006), where 

area-normalised WML-NO3-N fluxes may be more significant. 
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The national-level WML-NO3-N estimate masks the localised importance of this flux across many 

urban and coastal counties (Figure 3.3a). Despite the relatively low NO3 concentrations in treated 

tap water across the country, leakage from water distribution networks can still lead to large 

overall nutrient loads due to the large volume of water released into the environment. Higher 

area-normalised county-level WML-NO3-N fluxes largely reflect higher population densities of 

more urbanised counties, that are often situated in coastal areas (Figure 3.7; Appendix 11). These 

areas have larger volumes of water input into their distribution network and a higher density of 

watermains pipes with the potential to leak, per unit of land area. The ages of water distribution 

networks also vary regionally across the US, with older pipes more susceptible to leakage largely 

found in the older cities in eastern states (Speight, 2015). Although available data is limited, larger 

fleakage values are concentrated in eastern states (Appendix 9), where together with their larger 

population densities, larger WML-NO3-N fluxes are observed (Figure 3.6Error! Reference source n

ot found.).  

 

The relative importance of county-level WML-NO3-N fluxes to overall county-level N cycling (e.g. 

Figure 3.8) is largely determined by the importance of other N retention and input mechanisms 

in these areas. For example, the counties of San Francisco (California) and Fulton (Georgia) have 

WML-NO3-N fluxes that exceed the amount of N leached from agricultural fertilizer (Figure 3.8). 

This is due to the likely influence of urbanisation on more intense WML-NO3-N flux estimates and 

the simultaneously lower levels agricultural activity (i.e. fertilizer application) in these areas. 

More broadly, urban counties (those defined as ‘metro’ by US Department of Agriculture; USDA 

(2020a)) account for 96% of the total number of counties whose WML-NO3-N flux exceeds the 

median WD-NO3-N flux for all counties. Urban counties are also found to account for 84% of total 

counties where WML-NO3-N fluxes exceed N leached from agricultural fertilizer, highlighting the 

significance of WML-NO3-N fluxes as a component of overall anthropogenic N cycles in these 

areas (Figure 3.4). With a trend of decreasing agricultural N fertilizer input across many urban US 

counties, particularly in the northeast (Sabo et al., 2019), as well as reports of zero agricultural N 

fertilizer application across many interior and southeastern states (Swaney et al., 2018a), the 

relative importance of WML-NO3-N fluxes on overall N inputs may increase. In contrast, in areas 
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with intensive agricultural activity, such as counties within the midwestern states and California’s 

Central Valley region, N fertilizer application is the largest terrestrial N input (Sabo et al., 2019) 

and the main cause of elevated groundwater NO3 concentrations (Exner et al., 2014; Harter et 

al., 2017). Therefore WML-NO3-N fluxes make a relatively small contribution to local 

anthropogenic N cycles in these areas (Figure 3.4). Ultimately, whilst N fertilizer application 

remains the largest anthropogenic N input on a national scale, N inputs on more localised (e.g. 

sub-watershed) scales can be dominated by other natural and anthropogenic processes, 

including natural N fixation, rock weathering and human waste (Sabo et al., 2019; Swaney et al., 

2018a). This research now highlights the potential for watermains leakage to be an additional 

locally important, yet previously overlooked, anthropogenic input of N. 

  

Along with contributions of leaky sewers to N within the country’s urban streams (Divers et al., 

2013; Pennino et al., 2016; Viers et al., 2012), these newly quantified WML-NO3-N fluxes further 

develop an understanding of how urban development acts as an agent of environmental change 

(McGrane, 2016). These results not only contribute to the challenge of understanding non-point 

source pollution in urban watersheds (Cappiella et al., 2012; Hobbie et al., 2017; Pennino et al., 

2016), but also an understanding of the risks to the wider environment. For example, the 

proximity of many urbanised areas to coastal environments (Appendix 11) means that nutrients 

delivered to urban fresh waters may be more likely to affect coastal water quality and ecosystems 

(Sawyer et al., 2016). 

 

In the face of increasing water scarcity, the need to reduce leakage from water distribution 

networks has been well-established (Speight, 2015; Xu et al., 2014). Although WML-NO3-N fluxes 

may have associated environmental impacts, largely due to their potential contribution to NO3 

in groundwaters and other receiving waters downstream, the relatively low NO3 concentrations 

within leaked treated water, in comparison to those from nearby sewage network leakage, 

means WML-NO3-N fluxes may dilute concentrations of N in groundwater (Yates et al., 1990). 

Understanding the trade-off between these negative and positive impacts, as well as the fate of 
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WML-NO3-N fluxes once leaked into the environment, will be important in future evaluations of 

environmental impacts and policy surrounding leakage control (Ascott et al., 2018b; Xu et al., 

2014). 

 

The consistency of WML-NO3-N flux estimates in California and Georgia using both methods 

outlined in Section 3.2.2 indicates that, whilst using utility-level data will likely carry less 

uncertainty, the suite of assumptions adopted for many states due to the absence of data may 

still provide a reasonable first estimate of WML-NO3-N fluxes. With some states planning to 

legally require validated audits that disclose utility-level volumetric leakage rates (e.g. New Jersey 

Department of Environmental Protection (2017)), these new datasets will allow WML-NO3-N 

fluxes to be determined with lower uncertainties and at finer spatial resolution in the future, such 

as for individual public water systems and watershed catchments.  

 

Extreme weather events across the US may lead to seasonal WML-NO3-N fluxes (Folkman, 2018; 

Healey et al., 2021; Miller, 2021), similar to those observed in England, UK, as a result of winter 

pipe burst events (Ascott et al., 2018a). Watermains leakage has been found to make significant 

contributions to baseflow in urban streams during summer months (Fillo et al., 2021), suggesting 

that the relative importance of WML-NO3-N fluxes may also change seasonally. Investigating how 

these fluxes change throughout the year, as well as with anticipated ageing water infrastructure 

replacement (USEPA, 2021a), should be a focus of future research. Watermains leakage is also 

an important return mechanism of phosphate in urban areas across England, UK (Ascott et al., 

2016; Gooddy et al., 2017; Holman et al., 2008; Wakida and Lerner, 2005). The widespread 

phosphate dosing of tap water across the US for the purpose of corrosion control (McNeill, 2002) 

and the known contribution of phosphate to freshwater eutrophication across the US, 

particularly within urban catchments (Haque, 2021; Hejna and Cutright, 2021; Metson et al., 

2017; Watson et al., 2016), warrants estimation of watermains leakage phosphate fluxes. 
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3.4.4 Policy Implications 

Whilst this work does not aim to make prescriptive policy suggestions, the advancement in 

understanding from this research could contribute to the formulation of more effective and 

integrated nutrient management strategies (Ator and Denver, 2015; EPA Science Advisory Board, 

2011; Grizzetti et al., 2015; Tomich et al., 2016). Now revealed to be a significant retention 

mechanism on a range of spatial scales, the absence of WD-NO3-N fluxes and variable return 

times for this flux in N balances may invalidate many models and budgets used by policymakers 

in their attempt to manage N (Ascott et al., 2021). For instance, increased understanding of 

IRR-NO3-N fluxes will aid the development of optimum N fertilizer application and crop 

production recommendations, as the movement of N associated with water withdrawals has 

implications for the amount of N required to be added to soils. The potential impact of water 

transfers on the balance between PWS-NO3-N and WML-NO3-N fluxes could also influence the 

future regulation of water withdrawal permits and transfers both across the US and around the 

world (Shumilova et al., 2018). The national-level WML-NO3-N estimate presented here will 

facilitate international comparisons (Swaney et al., 2018b). The importance of county-level 

WML-NO3-N fluxes should also help resolve urban watershed scale N budgets (Winiwarter et al., 

2020) and inform local and state optimum leakage control policy (Xu et al., 2014).  

 

3.5 Conclusions  

Understanding anthropogenic controls on the N cycle is imperative for mitigating the effects of 

human activity on nutrient pollution of fresh waters. This research quantifies how processes 

associated with water supply can drive changes in the cycling of N across the US. The withdrawal 

of fresh water for both public and non-public supply has a potentially significant influence on N 

cycling across the country. Consumptive water use may act as a relatively significant transient 

internal store of N on a national-level and post-withdrawal water transfers may be a mechanism 

importing and exporting N across system boundaries on a sub-national-level. These newly 

quantified processes may occur on timescales relevant to nutrient management, and thus be of 

interest to stakeholders involved in developing more effective nutrient management strategies. 
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Their significance in the context of other N fluxes suggests that internal fluxes may be a necessary 

nuance to be considered within future N budget methodologies. Watermains leakage is 

estimated to return 7.0 kt NO3-N yr-1 back to the environment across the US. Despite a small flux 

on a national level when compared to other major N inputs, this estimate masks greater relative 

importance of watermains leakage fluxes of N on more localised scales, with this flux exceeding 

the amount of N leached from agricultural fertilizer input within some urbanised counties. The 

results and transferrable methodology reported here, using the US as an exemplar, should 

support future research to quantify similar fluxes for other locations around the globe as more 

data becomes available. 

 

3.6 Data Availability 

All data used within this research are publicly available. Withdrawal data are available from 

Dieter et al. (2018a), raw surface water concentrations were available from the Water Quality 

Portal (www.waterqualitydata.us), and obtained using the ‘dataRetrieval’ package in R (De Cicco 

et al., 2018). Raw groundwater concentrations were sourced from the USGS Groundwater Data 

Releases as part of the National Water-Quality Assessment 

(https://www.sciencebase.gov/catalog/item/57f7f703e4b0bc0bec0a1ba8). Treated water 

concentrations are available from the Environmental Working Group’s Tap Water Database via 

their website (www.ewg.org/tapwater) and volumetric leakage rate data are available from a 

variety of sources (Appendix 9). 
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4. Watermains Leakage and Outdoor Water Use are Responsible for 

Significant Phosphorus Fluxes to the Environment Across the United 

States 
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4.1 Introduction 

Human society is reliant on phosphorus (P) for global food production and security (Cordell and 

White, 2014). However, rising P demands and the non-renewable nature of P reserves have led 

to global scarcity concerns (Cordell and White, 2014; Nedelciu et al., 2020; Van Vuuren et al., 

2010; Yuan et al., 2018). Further, anthropogenic activity is now thought to have caused the global 

biogeochemical fluxes of P to exceed safe planetary boundaries (Steffen et al., 2015). Excess P 

inputs from rural and urban environments have substantially increased P availability within fresh 

and coastal waterbodies around the world (Howarth, 2008; Jarvie et al., 2015; Metson et al., 

2020a; Suh and Yee, 2011). These inputs have had widespread effects on both environmental 

and human health (Carvalho et al., 2013; Davis and Shaw, 2006; Diaz et al., 2004), as well as 

significant economic costs (Garcia-Hernandez et al., 2022; Pretty et al., 2003; Sanseverino et al., 

2016). This simultaneous occurrence of both P scarcity and excess, the so-called paradox of P, 

has made the sustainable use of P a significant global challenge (Jarvie et al., 2015; Leinweber et 

al., 2018). 

 

Phosphorus pollution is a leading cause of degraded freshwater quality across the US (USEPA, 

2015). High P concentrations have caused 58% of the total miles of US rivers to be rated as having 

poor status (USEPA, 2020b) and the resulting eutrophication of the country’s fresh and marine 

waterbodies has persisted for decades (Bricker et al., 2008; Oswald and Golueke, 1966). The 

effects on environmental and human health, including decreases in potable and recreational 

water quality, loss of aquatic habitats and disruption to food chains (Chorus and Welker, 2021; 

Erdner et al., 2008; Kozacek, 2014; Munn et al., 2018), are estimated to cost the country billions 

of dollars a year (Dodds et al., 2009).  

 

Although reducing anthropogenic P inputs has been a focus of US policy for decades (Litke, 1999; 

USEPA, 1972), water quality improvements are often not timely or sufficient (Lintern et al., 2020; 

Sharpley et al., 2013; Stackpoole et al., 2019). Whilst this is partially due to the lag time between 

adoption of management practices and detection of outcomes (Meals et al., 2010), it is also due 
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to the continued difficulty in identifying and quantifying the vast number of persistent P sources 

and the release of legacy P from previous land management practices (Sharpley et al., 2013; 

Smith et al., 2019). As a result, the effectiveness of policies and other attempts to more 

sustainably manage P across the US, such as the improved management of both point and 

non-point sources and more extensive P recovery and recycling programs, have been relatively 

limited (Daneshgar et al., 2018; Haque, 2021; Metson et al., 2016). 

 

The ability for phosphate (PO4) dosed water to minimize lead and copper corrosion within water 

distribution networks has been understood for decades (Rice and Hatch, 1939; Schock, 1989). 

However, the contribution of this practice to the flux of P delivered to surface water 

environments around the world, via wastewater treatment plant effluents, has not been properly 

constrained, often due to lack of data which prevents quantification of the relevant P fluxes (van 

Puijenbroek et al., 2019). The PO4 dosing of public water supply for corrosion control has been a 

widespread practice by US public water systems (PWS) since the passing of the Lead and Copper 

Rule in 1991 (McNeill and Edwards, 2002; National Research Council, 2006; Singley et al., 1984; 

USEPA, 1991). The importance of this dosing was recently highlighted by the Flint Water Crisis in 

2014, where a lack of effective corrosion control practices resulted in multiple impacts, including 

the increased exposure of children to lead and a range of associated long-term health effects 

(Edwards et al., 2009; Hanna-Attisha et al., 2015; Pieper et al., 2017). 

 

Understanding the environmental impacts of PO4 dosing regimens has been an active area of 

research, however this research has largely focussed on the contribution that this dosing makes 

to influent loads of P at wastewater treatment plants (USEPA, 2020a; Water Research 

Foundation, 2017). Beyond a limited number of small-scale studies (McNeill and Edwards, 2002; 

Rodgers, 2014), the extent of PO4 dosing practices across the entire US remains poorly 

constrained. In addition, not all PO4 dosed water will be returned to wastewater treatment plants 

(WWTPs). Some PO4 is thought to be released from the water distribution network and into the 

environment as a result of outdoor water use at domestic residences, the release of effluent from 
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industrial cooling processes, and leakage of water from public water supply network pipes 

(USEPA, 2020a; Water Research Foundation, 2017). Despite this, research investigating and 

quantifying these processes is lacking across the US. 

 

Research has estimated the leakage flux of PO4 dosed tap water from the water distribution 

network to the environment on both a national and catchment level across the UK (Ascott et al., 

2018a; Ascott et al., 2016; Gooddy et al., 2017). During periods of high leakage, leakage fluxes of 

P were found to be equivalent to up to 20% of WWTP P inputs to rivers across urbanised 

catchments, highlighting their significance in these areas (Ascott et al., 2018a). Leakage from 

distribution networks is ubiquitous within water systems around the world (Al-Washali et al., 

2019; Lerner, 1990). With approximately 16% of the water entering the US watermains 

distribution network estimated to be lost due to leakage (USEPA, 2013), recent research has 

demonstrated that watermains leakage can be an important mechanism returning nitrogen to 

the environment across the US (Flint et al., 2022). Therefore, it is hypothesised that leakage of 

PO4 dosed water may also constitute an important source of P across the country. Outdoor water 

use also represents a large proportion of total potable water use across many countries (Statistics 

Canada, 2017), with around one third of water supplied to domestic residences across the US 

being used outdoors each year (USEPA, 2017). As a result, water from public supply that has been 

used for lawn irrigation has been found to contribute significantly to baseflow across some US 

cities (Fillo et al., 2021) and PO4 corrosion inhibitors have been reported as a potential source of 

P in urban runoff (Clary et al., 2020). Despite this, the fluxes of PO4 to the environment that are 

associated with processes of leakage and outdoor water use are lacking, both across the US and 

around the globe. 

 

In this work, recommended PO4 dosing concentrations (expressed as P), public water system 

dosing facility data, volumetric rate estimates of both public and domestic supply distribution 

inputs, as well as fractions of these inputs lost due to leakage and outdoor water use are 

synthesised to address the following research questions: 
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1. What is the spatial variability of PO4 dosing practices undertaken by public water systems for 

the purpose of corrosion control across US counties, and thus what is the annual mass flux of 

PO4 added to these systems? 

2. What is the annual mass flux of PO4 lost or actively removed from the watermains distribution 

network across US counties due to leakage and outdoor water use, respectively, and thus 

what is the residual mass flux of PO4 returned to wastewater treatment plants per year? 

3. What are the significance of, and dominant controls upon, estimated watermains leakage and 

outdoor water use PO4 fluxes across the US? 

 

4.2 Methods  

4.2.1 Estimating the Extent of Phosphate Dosing by Public Water Systems for Corrosion 

Control and the Mass Flux of Phosphate Entering the Water Distribution Network 

The mass flux of PO4 entering the water distribution network across each US county due to dosing 

by public water systems (DOSE-PO4-Ppws) was estimated using equations 4.1 to 4.3. The fraction 

of a county’s population served by public water systems that dose their water with either 

orthophosphate or polyphosphate (herein referred to as PO4; fdosed) was determined as the ratio 

of the county’s population served by PO4 dosed water (Popdosed) to the total population served 

by public water systems (Poppws). Pop dosed values were determined through querying the Safe 

Drinking Water Information System (SDWIS) (USEPA, 2022b) for PWS that had active PO4 dosing 

facilities for the purpose of corrosion control in the year 2015. The resulting dataset disclosed 

both the counties and the population size that each PWS supplied, and corresponded with the 

most recent water use data release year (Dieter et al., 2018a). County-level Poppws values were 

sourced from Dieter et al. (2018a). 

 

𝑓dosed = 
Popdosed 

Poppws
     (4.1) 
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fdosed was then applied to county-level volumetric rates of PWS distribution inputs to give the 

total volumetric rate of PO4 dosed water entering the public water supply distribution network 

(Volpws-dosed), in L yr-1 (equation 4.2). With PWS distribution input estimates omitted from water 

use reports, they were assumed to equal the total volume of freshwater withdrawn for public 

supply in each county for the year 2015 (WDpws-total) in L yr-1, and were sourced from Dieter et al. 

(2018a). 

 

Volpws-dosed = WDpws-total x 𝑓dosed    (4.2) 

 

DOSE-PO4-Ppws values for each county, in kg PO4-P yr-1, were estimated as the product of 

Volpws-dosed and PO4 concentrations within dosed tap water (Ct (PO4-P)), in mg PO4-P L-1 (equation 

4.3). Due to generally low PO4 concentrations in natural waters (Hem, 1985; Litke, 1999), and the 

lack of a health-based PO4 limit within potable water (USEPA, 2021b; World Health Organization, 

2005), PO4 concentrations are not widely reported for dosed or non-dosed water. It was 

therefore assumed that concentrations of PO4 in potable water were only present as a result of 

dosing practices by public water systems (Cornwell et al., 2015). Given no comprehensive 

national Ct (PO4-P) dataset, USEPA (2016b) recommended lower and upper target residual PO4 

concentrations at the consumers tap (0.33 and 1 mg PO4-P L-1, respectively) were adopted in 

order to make both lower and upper DOSE-PO4-Ppws flux estimates. County level DOSE-PO4-Ppws 

estimates were aggregated to give a final national-level estimate, in metric kt PO4-P yr-1. The 

sources of data for all terms used to estimate DOSE-PO4-Ppws fluxes are outlined in Table 4.1. 

 

DOSE-PO4-Ppws = Volpws-dosed x Ct (PO4-P)    (4.3) 
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Table 4.1. Table summarising data sources for key terms used to estimate the fluxes of phosphate 

entering the water distribution network due to corrosion control practices (DOSE-PO4-Ppws), 

fluxes of PO4 leaked to the environment from watermains (WML-PO4-P) and fluxes of PO4 lost to 

the environment due to outdoor water use at domestic residences (OWU-PO4-P) across the 

United States. 

 

 

Term  Term Description Reference 

DOSE-PO4-P   

𝑓dosed Fraction of population served by PO4 dosed water - 

Popdosed Population served by PO4 dosed water USEPA (2022b) 

Poppws Population served by public water systems Dieter et al. (2018a) 

Volpws-dosed Volumetric rate of PO4 dosed water entering the public water 
supply distribution network 

- 

WDpws-total Volumetric rate of freshwater withdrawn for public supply Dieter et al. (2018a) 

Ct (PO4-P) PO4 concentrations within dosed tap water USEPA (2016b) 

WML-PO4-P   

𝑓leakage Leakage factor Various (see Appendix 12) 

Volleaked-dosed Volumetric rate of PO4 dosed water leaking from the public 
water supply distribution network 

- 

OWU-PO4-P   

Voldomestic-dosed Volumetric rate of PO4 dosed water supplied for domestic use - 

DIdomestic                       Volumetric rate of water supplied for domestic use Dieter et al. (2018a) 

𝑓owu Outdoor water use factor Various (see Appendix 14) 

Volowu-dosed Volumetric rate of PO4 dosed water lost from the public 
water supply distribution network due to outdoor water use 

- 
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4.2.2 Estimating Watermains Leakage and Outdoor Water Use Phosphate Fluxes and Their 

Comparison with Other Phosphorus Fluxes to the Environment 

County-level PO4 fluxes due to watermains leakage (WML-PO4-P) were estimated across the US 

using equations 4.4 and 4.5. Volpws-dosed was adjusted using a leakage factor (fleakage; unitless) to 

give a final volumetric rate of leaked dosed water (Volleaked-dosed), in L yr-1 (equation 4.4). With the 

exception of California and Georgia, a lack of county-level leakage factor data meant that state 

level fleakage values were obtained from various sources and assigned to their respective counties 

(Appendix 12 and 14). Where possible, fleakage values were determined by dividing volume of real 

water loss by volume of total water supplied from validated American Water Works Association 

(AWWA) water utility audits for the year of 2016. Utility fleakage values were then averaged and 

extrapolated for the relevant state (see Kunkel Water Efficiency Consulting (2018)), with this 

method applied to 16 states. In the absence of water audit data, fleakage values for seven states 

were sourced from various reports (Appendix 12). For the 22 states without fleakage values, the 

national average of 0.16 was used (USEPA, 2013).  

 

Volleaked-dosed = Volpws-dosed x 𝑓leakage      (4.4) 

 

County-level WML-PO4-P estimates, in kg PO4 yr-1, were estimated as the product of Volleaked-dosed 

and Ct (PO4-P) (equation 4.5). Effective corrosion control within in-building plumbing requires target 

Ct (PO4-P) values to be met at the consumers tap. Due to PO4 reacting with other compounds and 

influencing biological processes within pipe networks (Douterelo et al., 2020), water leaving 

dosing plants will often have higher PO4 concentrations than that further along the network (Hill 

and Cantor, 2011; USEPA, 2016b). Over time, dosing concentrations of PO4 will equal those at the 

tap (Comber et al., 2013), however the time to reach this equilibrium remains largely unknown 

and varies between individual water supply systems (USEPA, 2016b). As a result, it was assumed 

that Ct (PO4-P) values were the same along the entire pipe network. County-level WML-PO4-P fluxes 

were aggregated to give a national-level estimate, in metric kt PO4-P yr-1, as well as normalised 
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for land area, in kg PO4-P km-2 yr-1. The sources of data for all terms used to estimate WML-PO4-P 

fluxes are outlined in Table 4.1. 

 

WML-PO4-P = Volleaked-dosed x Ct (PO4-P)    (4.5) 

 

County-level fluxes of PO4 leaving the distribution network due to the use of PO4 dosed water 

outdoors at domestic residences across the US (OWU-PO4-P) were estimated using equations 4.6 

to 4.8. The volume of PO4 dosed water supplied for domestic use (Voldomestic-dosed) was estimated 

as the product of public supply delivered to domestic users (DI domestic) in L yr-1 reported by Dieter 

et al. (2018a) and fdosed (equation 4.6). Voldomestic-dosed was corrected using an outdoor water use 

factor (fowu; unitless) to give the volumetric flow rate of dosed water for outdoor use (Volowu-dosed) 

(equation 4.7). Lack of county-level fowu data meant that state-level values, ranging from 0.25-0.6, 

were obtained from various sources (Appendix 14). For the nine states with a state-level fowu 

value, this value represented a state average and was sourced from a mixture of Cooperative 

State Research, Education, and Extension Service reports and state environmental department 

and agency reports. For the 38 states without fowu values, the national average of 0.3 was used 

(USEPA, 2017). County-level OWU-PO4-P fluxes, in kg PO4-P yr-1, were estimated as the product 

of Volowu-dosed and Ct (PO4-P) (equation 4.8) and were both normalised for land area, in kg PO4 km-2 

yr-1 as well as aggregated to give a national-level estimate in metric kt PO4-P yr-1. The sources of 

data for all terms used to estimate OWU-PO4-P fluxes are outlined in Table 4.1. 

 

Voldomestic-dosed = DIdomestic x 𝑓dosed    (4.6) 

Volowu-dosed = Voldomestic-dosed x 𝑓owu        (4.7) 

OWU-PO4-P = Volowu-dosed x Ct (PO4-P)       (4.8) 
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Median outdoor water use and watermains leakage fluxes of PO4 were determined through 

assuming a dosing concentration of 0.67 mg PO4-P L-1, the median value between lower and 

upper target residual concentrations of 0.33 and 1.0 mg PO4-P L-1, respectively (USEPA, 2016b). 

Upper and lower estimates of national-level WML-PO4-P and OWU-PO4-P fluxes were determined 

by adjusting Ct (PO4-P) to lower and upper target residual concentrations and WDpws-total and 

DIdomestic values of ±10%, respectively. Although the inherent uncertainty associated with USGS 

withdrawal data is currently not reported (National Research Council, 2002), a ±10% uncertainty 

on WDpws-total and DIdomestic values was adopted, reflecting the uncertainty used within previous 

US water budget research (Maupin and Weakland, 2009). 

 

County-level WML-PO4-P and OWU-PO4-P fluxes were summated and normalised for county 

area, in kg PO4-P km-2 yr-1. The significance of county and national-level WML-PO4-P and 

OWU-PO4-P fluxes, in the context of US P budgets, was evaluated through their comparison with 

estimates of P fluxes from other sources to the environment, including P fluxes to surface 

waterbodies from point sources, including both municipal and industrial wastewater treatment 

plant effluents (USEPA, 2023a), the use of farm and non-farm (urban) P fertilizers and P from 

manure application (Falcone, 2021). Key controls upon OWU-PO4-P and WML-PO4-P fluxes were 

investigated through their comparison with potentially influencing factors, such as population 

density. 

 

County-level mass fluxes of PO4 returned to wastewater treatment plants (WWTPs) due to PO4 

dosing (DOSE-PO4-Pwwtp) were estimated using a mass balance equation (equation 4.9 and Figure 

4.1) and aggregated to give a national-level estimate, in metric kt PO4-P yr-1. It should be noted 

that whilst leaking and overflowing sewers and septic tanks have been found to be important 

sources of nutrient loading across the US (Delesantro et al., 2022; Iverson et al., 2018), estimating 

the loss of drinking water derived PO4 between domestic residences and WWTPs associated with 

these processes is beyond the scope of this research.  
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DOSE-PO4-Pwwtp = DOSE-PO4-Ppws - WML-PO4-P - OWU-PO4-P   (4.9) 

Where DOSE-PO4-Pwwtp is the flux of dosing derived phosphate that is returned to wastewater treatment 

plants. DOSE-PO4-Ppws is the flux of phosphate added to the water distribution network due to dosing for 

the purpose of corrosion control. WML-PO4-P is the flux of phosphate lost from the public supply 

distribution network due to the leakage of phosphate dosed water from leaking watermains pipes. 

OWU-PO4-P is the flux of phosphate lost from the public supply distribution network due to outdoor water 

use at domestic residences. The units for all terms in this equation are in kg and kt PO4-P for fluxes 

estimated on a county and national level, respectively.  

 

Figure 4.1. Schematic figure showing the national scale mass balance developed to estimate the 

contribution that phosphate (PO4) dosed water returned to wastewater treatment plants 

(DOSE-PO4-Pwwtp) makes to total estimated loading of phosphorus (P) to municipal wastewater 

treatment plants (WWTPs) across the United States for the year 2015. Flux ranges represent 

lower and upper-bound estimates for the input of PO4 by public water systems (DOSE-PO4-Ppws), 

losses from the water distribution network due to watermains leakage (WML-PO4-P) and outdoor 

water use (OWU-PO4-P) and DOSE-PO4-Pwwtp. These flux values may not sum due to rounding. 

Fluxes sourced from a Hallas et al. (2019) and b USEPA (2023a). 
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4.3 Results  

4.3.1 The Extent of Phosphate Dosing by Public Water Systems for Corrosion Control and 

the Mass Flux of Phosphate Entering the Water Distribution Network 

This analysis reveals that, in 2015, 4,572 of the 152,104 active public water systems (PWS) across 

the US (3%) had at least one facility that dosed their water with PO4 for the purpose of controlling 

lead and copper corrosion (Table 4.2 and Figure 4.2a). These facilities were found within 1,402 

of the 3,109 US counties considered within this research (Figure 4.2b). The percentage of PWS 

that dose is positively correlated with the size of the PWS, as represented by the size category of 

population it serves (i.e. the number of people it serves; Table 4.2). For example, 25% of very 

large PWS (those that serve >100,000 people) dose water with PO4 for corrosion control 

purposes, whereas the figure is only 1% for very small systems (that serve <500 people). 

However, when combined, the large absolute number of ‘small’ and ‘very small’ PWS (serving 

<500 and 501-3,300 people, respectively) means that they contribute over 60% of the total 4,572 

PWS that dose with PO4. Although the absolute number of PWS undertaking PO4 dosing 

decreases as PWS size increases, the total population served by PWS that dose is also positively 

correlated with PWS size (Table 4.2). Consequently, although only 3% of PWS across the US 

undertook PO4 dosing in 2015, 25% of the total population were supplied with PO4 dosed water 

(Table 4.2). The number of PWS with PO4 dosing facilities, as well as total and percentage of state 

populations they serve, are generally larger within constituent counties of Midwestern, 

Northeastern and Mid-Atlantic states (e.g., Minnesota, Illinois, New York, New Jersey and 

Pennsylvania), as well as several Californian counties (Figure 4.2). Nationally, it was estimated 

that 4-14.9 kt PO4-P yr-1 entered the distribution network due to PO4 dosing (Figure 4.1 and 

Appendix 15). 
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Table 4.2. The total number of public water systems (PWS) and the population these systems served across the United States, as well 

as the number of these systems that undertook phosphate (PO4) dosing and the population served by PO4 dosed water, for each 

defined PWS size category in the year 2015. The percentage of PWS that undertook PO4 dosing when compared to the total number 

of PWS, as well as the percentage of the population served by PO4 dosed water when compared to the total population served by PWS 

are also shown for each PWS size category.  

a USEPA (2022a) 
b USEPA (2022b) 
c Values in parentheses show the percentage contribution that the number of dosing public water systems and the populations they serve in each system size category make to 

the total number of dosing public water systems and total population served by dosed water (n = 4,572 and n = 78,203,911, respectively).

PWS size  

(by population served) 

Total number 

of PWS a 

Total population 

served a 

Number of PWS that dose 

for corrosion control b 

Population served 

by PWS that dose b 

% of PWS 

that dose c 

% of population served 

by PWS that dose c 

Very Small (< 500) 124,291 13,913,830 1,316 290,260 1.0 (29) 2.0 (0.40)  

Small (501 – 3,300)  18,487 24,255,378 1,572 2,358,574 8.5 (34) 10 (3.0) 

Medium (3,301 – 10,000) 5,090 29,613,444 777 4,569,572 15 (17) 15 (6.0)  

Large (10,000 – 100,000) 3,813 108,954,823 802 23,549,372 21 (18) 22 (30) 

Very Large (> 100,000) 422 139,224,370 105 47,436,133 25 (2.0) 34 (61) 

PWS (all) 152,104 315,961,845 4,572 78,203,911 3 25 
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Figure 4.2. a) The number of public water systems with active phosphate (PO4) dosing facilities 

across the United States in the year 2015 indicated by purple bars and the total population that 

these public water systems serve indicated by green bars. States on the x-axis are ordered from 

west to east. b) Percentage of the population supplied with PO4 dosed water for each county 

across the United States, with state labels indicating areas with particularly high values. Linework 

was created using the ‘usmap’ package in R (Di Lorenzo, 2022). 
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4.3.2 Watermains Leakage and Outdoor Water Use Phosphate Fluxes  

Nationally, an estimated 5-17% of PO4 dosed water within the water distribution network was 

lost due to watermains leakage, with the associated flux of PO4 (WML-PO4-P) estimated to be 

between 0.7-2.6 kt PO4-P yr-1 (Table 4.3), with a median estimated flux of 1.6 kt PO4-P yr-1. Of the 

1,402 counties with at least one PWS that undertook PO4 dosing in 2015, 58% are defined as 

urban. A general trend of increasing WML-PO4-P fluxes from west to east across the US prevails, 

with the highest estimated fluxes observed in urbanised counties of Midwestern, Northeastern 

and mid-Atlantic states, such as Philadelphia County in Pennsylvania and Union County in New 

Jersey (Figure 4.3b). 

 

On a national level, 5-21% of PO4 dosed water was removed from the water distribution network 

due to outdoor water use at domestic residences, with the associated PO4 flux (OWU-PO4-P) 

estimated to be 0.8-3.1 kt PO4-P yr-1 (Figure 4.1 and Appendix 14), with a median estimated flux 

of 1.9 kt PO4-P yr-1. Counties in the Northeast and state of California had the largest OWU-PO4-P 

fluxes (Figure 4.3c). When combined, the upper bound national WML-PO4-P and OWU-PO4-P flux 

estimates (2.6 and 3.1 kt PO4-P yr-1, respectively) are equivalent to around 12% of P inputs to the 

environment from urban fertilizer, 2.6% of the P load to surface waterbodies from point sources, 

and 0.3% of P inputs to the environment from farm fertilizers and manure application (Table 4.3). 

There is large inter-county variability in combined area-normalised WML-PO4-P and OWU-PO4-P 

fluxes, with estimates ranging from 0-817 kg PO4-P km-2 yr-1 (Figure 4.4a). A moderate monotonic 

relationship was observed between the combination of area-normalised OWU-PO4-P and 

WML-PO4-P fluxes and population density (ρ = 0.41, p < 0.01; Figure 4.5). When combined, lower 

and upper county-level WML-PO4-P and OWU-PO4-P flux estimates exceed P inputs to the 

environment from urban and farm fertilizer usage and manure application across 16-56, 13-21 

and 17-32 counties respectively, and exceed P inputs from point sources to fresh waters across 

461-541 counties, out of a total of 3,101 US counties included in this research (Figure 4.4b-e). In 

addition, when upper bound county-level estimates are considered, 39 counties have combined 

WML-PO4-P and OWU-PO4-P fluxes that exceed the sum of all major P inputs to the environment 
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(farm and non-farm fertilizer, manure and point source P inputs). The total mass flux of P 

returned to US WWTPs due to PO4 dosing (DOSE-PO4-Pwwtp), having accounted for OWU-PO4-P 

and WML-PO4-P fluxes, was estimated to be 2.5-9.3 kt PO4-P yr-1 (Figure 4.1). Counties with the 

highest DOSE-PO4-Pwwtp fluxes were found across the Northeast and mid-Atlantic regions and the 

state of California (Figure 4.3d).  

 

   

Figure 4.3. a) The mass flux of phosphate (PO4) added to public water supply distribution 

networks across each county of the United States due to PO4 dosing (DOSE-PO4-Ppws). The 

percentage of each county’s estimated DOSE-PO4-Ppws flux that was lost from its water 

distribution network due to b) watermains leakage (WML-PO4-P) and removed due to c) outdoor 

water use (OWU-PO4-P). d) The percentage of a county’s DOSE-PO4-Ppws flux returned to 

wastewater treatment plants (DOSE-PO4-Pwwtp), once WML-PO4-P and OWU-PO4-P fluxes had 

been accounted for. All fluxes are for the year 2015 and grey areas indicate counties where no 

PO4 dosing was reported. Linework was created using the ‘usmap’ package on R (Di Lorenzo, 

2022). 
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Table 4.3. National-level watermains leakage flux of phosphate (WML-PO4-P) and outdoor water 

use flux of phosphate (OWU-PO4-P) expressed as percentage equivalence of other estimates of 

major phosphorus (P) inputs to the environment. Values in parentheses are in units of metric 

kt PO4-P yr-1. 

Flux Urban P fertilizer 
input  

(47) a 

Loads of P from point 
sources  
(217) b 

Farm P fertilizer 
input 

(1,829) a 

Manure P input  
 

(1,908) a 

WML-PO4-P 
(0.7-2.6) 

1.5-5.5 0.32-1.2 0.038-0.14 0.037-0.13 

OWU-PO4-P 
(0.8-3.1) 

1.7-6.5 0.37-1.4 0.044-0.17 0.042-0.16 

WML-PO4-P +  
OWU-PO4-P 

(1.5-5.6) 

3.2-12 0.69-2.6 0.082-0.30 0.079-0.30 

a Falcone (2021)  

b USEPA (2023a) 
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Figure 4.4. a) The sum of estimated area-normalised county-level watermains leakage phosphate 

fluxes (WML-PO4-P) and outdoor water use phosphate fluxes (OWU-PO4-P) across the United 

States for the year 2015. The sum of estimated county-level WML-PO4-P and OWU-PO4-P fluxes 

expressed as a percentage equivalence of P fluxes from b) farm and c) urban fertilizer inputs, d) 

manure inputs and e) point sources. Grey areas indicate counties where no phosphate dosing 

was reported. Linework was created using the ‘usmap’ package on R (Di Lorenzo, 2022). 

 



 

81 
 

  

Figure 4.5. Relationship between the sum of combined area-normalised watermains leakage 

fluxes of phosphate (WML-PO4-P) and outdoor water use fluxes of phosphate (OWU-PO4-P) and 

population density (p-value < 0.01, ρ = 0.41), for both urban and non-urban counties across the 

United States. Urban counties are those defined as ‘metro’ and ‘nonmetro’ within the US 

Department of Agriculture’s Rural Urban Continuum Codes, respectively (USDA, 2020a). Counties 

with WML-PO4-P and OWU-PO4-P fluxes equal to zero are where no phosphate dosing occurred. 

 

4.4 Discussion  

4.4.1 Controls on the Extent of Phosphate Dosing for Corrosion Control and Mass Flux of 

Phosphorus Entering the Water Distribution Network 

The methodology and the data reported in this research have allowed, for the first time, P flux 

estimates associated with PO4 dosing by public water systems (DOSE-PO4-Ppws), watermains 

leakage (WML-PO4-P), domestic outdoor water use (OWU-PO4-P) and the returns of PO4 dosed 

water to wastewater treatment plants (DOSE-PO4-Pwwtp) on a sub-national scale across the US. 

Results show that the national-level DOSE-PO4-Ppws flux across the US may have been up to 14.9 

kt PO4-P yr-1 in the year 2015, with up to 17% of this PO4 lost to the environment via watermains 

leakage and 21% input to the environment via domestic outdoor water use. Some upper bound 
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county-level WML-PO4-P and OWU-PO4-P fluxes exceeded other well-constrained P fluxes to the 

environment, such as point source P inputs. Once WML-PO4-P and OWU-PO4-P fluxes had been 

accounted for, the national DOSE-PO4-Pwwtp flux was estimated to be up to 9.3 kt PO4-P yr-1. The 

most recent and comprehensive analysis of the extent of PO4 dosing, undertaken by the USEPA 

(2020a), estimates that the number of public water systems (PWS) undertaking dosing nationally 

is slightly larger than the one presented here (around 8,500, or 5.6%), suggesting that the 

approach used in this work may have underestimated the number of PWS undertaking dosing, 

and thus DOSE-PO4-Ppws, WML-PO4-P and OWU-PO4-P estimates. Despite this, the analysis 

presented here provides the first sub-national scale insight into the variance of PO4 dosing across 

the country (Figure 4.3a). 

 

The inverse relationship between the number of PWS that undertake PO4 dosing and the size of 

population they serve (Table 4.2) is consistent with findings reported by McNeill and Edwards 

(2002). However, the proportion of PWS dosing was found to be lower for all PWS size categories 

when compared to previously published research (Arnold et al., 2019; McNeill and Edwards, 

2002). Whilst these previous studies investigated the extent of PO4 dosing across the US 

(concluding that more than 50% of utilities use PO4 based corrosion inhibitors), they targeted a 

limited number of utilities (264 and 60 out of around 50,000, respectively). The disparity between 

their estimates, the USEPA (2020a) estimate (5.6%), and the one reported here (3%) may also be 

due to the bias incorporated within past research through only investigating medium to large size 

utilities, with this analysis suggesting that larger size PWS are more likely to undertake PO4 

dosing. 

 

Although around 7% of the total US population is thought to be served by PWS with lead 

watermains pipes (Cornwell et al., 2016), this analysis suggests 26% of people served by 

community water systems were supplied with PO4 dosed water. This disparity is likely due to 

precautionary PO4 dosing by PWS, given the lack of comprehensive lead watermain pipe 

inventories (USEPA, 2019a), alongside the fact that many remaining lead solder components are 
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located within property boundaries, and are thus not the responsibility of the utility. PWS may 

also undertake PO4 dosing in order to prevent other metals (copper, manganese and iron) found 

within non-lead pipes to be released into the water distribution network (Comber et al., 2011; 

Lytle et al., 2018; Lytle and White, 2014; McNeill and Edwards, 2002; USEPA, 2016b). Recent Lead 

and Copper Rule revisions may drive changes in both the spatial extent of PO4 dosing practices 

and the PO4 concentrations required in the future (USEPA, 2019a; USEPA, 2020a). Estimating the 

extent of future PO4 dosing practices across the country, and the effect this might have upon 

WML-PO4-P, OWU-PO4-P and DOSE-PO4-Pwwtp fluxes, should therefore be a priority for future 

research.  

 

Urbanised counties across Midwestern and Northeastern regions, such as Philadelphia, Chicago 

and Milwaukee have the largest total and proportional populations served by dosed water 

(Figure 4.2). The higher proportion of PWS undertaking PO4 dosing in these areas likely reflects 

the dense network of lead watermains pipes in these areas (Cornwell et al., 2016; NRDC, 2022), 

that would have been installed prior to the lead piping ban in 1986 (AWWA, 2012; USEPA, 1989). 

Higher dosing rates across many urbanised areas have also been linked to the elevated corrosivity 

of their raw surface waters (Stets et al., 2018). Further, corrosivity of raw groundwater used for 

public supply is also higher across eastern regions of the US, including the states of New Jersey, 

Maryland, Delaware and South Carolina (Belitz et al., 2016), where higher dosing rates were 

observed (Figure 4.2). However, regions of the US with a low prevalence of PO4 dosing, such as 

Georgia (Figure 4.2), do not necessarily indicate a lower presence of lead watermains pipes. Many 

of these areas use alternative corrosion control methods, such as pH adjustment instead (USEPA, 

2022b). 

 

Prescribing a fixed lower or upper PO4 dosing concentration within calculations (0.33 or 

1.0 mg PO4-P L-1, respectively) will have propagated uncertainty to DOSE-PO4-Ppws, WML-PO4-P, 

OWU-PO4-P and DOSE-PO4-Pwwtp estimates. In reality, PWS across the US add PO4 in varying 

concentrations both within and outside of the USEPA target range (Comber et al., 2013; The 
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Cadmus Group Inc., 2004; USEPA, 2016b). When PWS first establish PO4 dosing regimens, they 

may add PO4 at concentrations two to three times higher than the target concentration required 

at the consumers tap, meaning county-level DOSE-PO4-Ppws values may have been 

underestimated in the research reported here, at least for any PWS in the early stages of 

establishing a dosing regimen. Whilst assuming a dosing concentration of 3 mg PO4-P L-1 across 

the entire US would result in a DOSE-PO4-Ppws flux of 44.7 kt PO4-P yr-1, opposed to the 

14.9 kt PO4-P yr-1 upper estimate reported in this research, these higher doses are often only 

needed to be applied for a few weeks before they can be reduced back to target maintenance 

concentrations (Hill and Cantor, 2011; MOE, 2009; USEPA, 2016b). Along with the fact that 

concentrations of PO4 can also vary with distance along the distribution pipe network, an 

improved understanding of how PO4 concentrations may change at various points along water 

distribution networks is fundamental to better constrain the uncertainties associated with 

DOSE-PO4-Ppws, WML-PO4-P, OWU-PO4-P and DOSE-PO4-Pwwtp fluxes.  

 

4.4.2  Losses of Phosphate from Water Distribution Networks due to Watermains Leakage 

and Outdoor Water Use and Implications for Phosphorus Returns to Wastewater 

Treatment Plants 

Whilst a number of previous studies have assumed that residual PO4 loads within the distribution 

network will ultimately be returned to WWTPs (Comber et al., 2013; Vaccari, 2011), the research 

reported here highlights that these residual loads may also be released into the environment and 

bypass WWTPs. Results suggest that 5-17% and 5-21% of DOSE-PO4-Ppws is either lost from the 

water distribution network across the US due to watermains leakages or removed due to outdoor 

water use at domestic residences, respectively. Whilst the USEPA (2020a) incorporated leakage 

and outdoor water use within their conceptual mass balance model to investigate increases in P 

loading at WWTPs as a result of dosing for corrosion control, a single rate of water loss was 

applied to each process across the country. Further, the study did not report the national level, 

sub-national scale variance or significance of the estimated loss of P to the environment. The use 

of more locally determined leakage rates within this research, either on a utility-level for the 

states of California and Georgia, or state-level where possible, allows for greater spatial 
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resolution in WML-PO4-P estimates when compared to previous research. Results presented here 

still do not fully capture the localised variance in leakage rates across the country, however. The 

proportion of water lost due to leakage (fleakage) can vary significantly even within a single state, 

with Californian utilities having leakage factors varying between <0.01 and 0.75 for the year 2015 

(California Department of Water Resources, 2019; DeOreo et al., 2011). It is likely that many 

counties within the Northwest and Midwestern regions of the US will have locally elevated water 

leakage rates, due to the ageing condition of infrastructure in these areas (Folkman, 2018). The 

use of state-average factors will have masked these highly localised differences and have 

therefore introduced further uncertainty into the resulting WML-PO4-P flux estimates. 

 

The largest county-level OWU-PO4-P fluxes were observed across densely populated urban areas 

in the Northeastern US (Figure 4.3c). These are areas associated with the largest public supply 

deliveries to domestic users (Appendix 13c), although the proportion of water used outdoors 

(fowu) at domestic residences is often below the national average (Appendix 13a). The effect of 

population density upon public supply withdrawals and domestic deliveries, and thus on both 

WML-PO4-P and OWU-PO4-P fluxes, is highlighted in Figure 4.5. Higher fowu values across the 

Southwestern US (Appendix 14), due to the arid climate in these areas (USEPA, 2017), contribute 

to the larger OWU-PO4-P estimates across constituent counties within this region, such as 

California (Figure 4.3c). Despite this, data disclosing fowu values across the US is limited, with only 

nine states having values reported either on state environmental department websites or within 

reports. The use of a nationally averaged fowu value masks the large differences in outdoor water 

use rates between states. Even the use of a single state reported fowu value will have masked the 

spatial heterogeneity that persists in the use of water outdoors, even between individual cities 

and properties (DeOreo et al., 2011; Mini et al., 2014), thus adding uncertainty to OWU-PO4-P 

flux estimates. Future work should aim to utilise more localised fleakage and fowu values, as well as 

to incorporate seasonality in both leakage (Folkman, 2018; Healey et al., 2021) and outdoor 

water use rates (Opalinski et al., 2020), in order to enhance the accuracy of WML-PO4-P and 

OWU-PO4-P estimates.  
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Whilst it was assumed that PO4 would only be present within publicly supplied water if added for 

corrosion control purposes, low PO4 concentrations are also found within non-dosed water. This 

may be associated with both natural processes and other human activities, for example resulting 

in median concentrations of non-dosed groundwater used for US public supply reaching 

0.033 mg PO4-P L-1 (Hem, 1985; Kent et al., 2020). With ubiquitous watermains leakage and 

outdoor water use across all water systems (USEPA, 2017), low level WML-PO4-P and OWU-PO4-P 

fluxes will occur even in the absence of dosing, and are likely to have resulted in marginally 

conservative WML-PO4-P and OWU-PO4-P flux estimates. As a result of these data limitations, 

hotspots of WML-PO4-P and OWU-PO4-P fluxes are largely determined by differences in public 

supply withdrawals and domestic water deliveries, respectively (Appendix 13b and c). Higher 

county-level WML-PO4-P fluxes, particularly across Midwestern and Eastern regions (Figure 4.3b), 

not only reflect the higher proportion of PO4 dosing in these areas (see Section 4.4.1), but also 

larger WDpws-total and fleakage values in these areas (Appendix 12 and 13). For example, densely 

populated urban areas, such as the cities of New York, Chicago and Philadelphia, are underlain 

by dense networks of watermain pipes (Bonneau et al., 2017). These networks are capable of 

supplying higher volumetric rates of water for public supply, as reflected in county-level water 

use estimates made by Dieter et al. (2018a) (Appendix 13b and c).  

 

Once WML-PO4-P and OWU-PO4-P fluxes had been accounted for, the national-scale 

DOSE-PO4-Pwwtp estimate presented here (9.3 kt PO4-P yr-1) was in broad agreement with 

the 6 kt PO4-P yr-1 reported by the USEPA (2020a), thereby supporting the robustness of the 

method developed in this research. This annual DOSE-PO4-Pwwtp flux is equivalent to 

approximately 2.7% of the total inflow P load to municipal WWTPs estimated by Hallas et al. 

(2019), and is relatively low when compared to other major contributors, such as human excreta 

and detergents (Vaccari, 2011). In proportional terms, this is below the 6% estimated for WWTPs 

in England (Comber et al., 2013). This likely reflects the lower prevalence of PO4 dosing across 

the US compared to the UK, with around 95% of water supplies in the UK dosed (CIWEM, 2011; 
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Environment Agency, 2019) compared to the 25% estimated across the US. The non-ubiquitous 

nature of dosing across the US means that in the 84% of counties where dosing is undertaken, 

PO4 dosed water may represent a larger proportion of the P loads entering their constituent 

WWTPs than suggested by the national-scale figure (Rodgers, 2014). Assessing the proportional 

contribution that DOSE-PO4-Pwwtp fluxes make to individual WWTP influent P loads is beyond the 

scope of this study, although is an important area for future research. Leaking and overflowing 

sewage infrastructure and septic tanks are commonplace across the US (ASCE, 2017) and can be 

major sources of nutrients to catchments across the country (Delesantro et al., 2022; Iverson et 

al., 2018). Omitting losses of drinking water derived PO4 from sewage infrastructure due to these 

processes (equation 4.9) may have led to overestimation of DOSE-PO4-Pwwtp values. Improved 

understanding and quantification of P losses from sewage infrastructure should therefore be a 

future research priority. 

  

The localised significance of WML-PO4-P and OWU-PO4-P fluxes highlights that these fluxes 

should be included within WWTP mass balances that aim to quantify P loads and financial impacts 

associated with PO4 dosing practices (The Cadmus Group Inc., 2004). A nation-wide analysis of 

these loads to individual WWTPs is imperative, as P treatment is estimated to cost WWTPs 

around $2.08 per kg of P incrementally added upstream at drinking water treatment plants prior 

to distribution (USEPA, 2020a). Further, these mass balances would also reveal the extent to 

which P dosing ultimately contributes to the release of P into the environment from WWTPs.  

 

4.4.3 Significance and Potential Environmental Impacts of Watermains Leakage and 

Outdoor Water Use Phosphate Fluxes 

WML-PO4-P and OWU-PO4-P fluxes represent not only a loss of water and P from distribution 

networks, but also an additional source of P to the environment. Unlike the fluxes of nitrate 

associated with watermains leakage, where leakage acts to return nitrate that was previously 

retained via public supply water withdrawals (Flint et al., 2022), WML-PO4-P fluxes represent a 

new source of P to the local environment. On a national level, WML-PO4-P and OWU-PO4-P fluxes 
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were small when compared to other major P inputs (Table 4.3). The inclusion of these fluxes 

within national-level US P source apportionment studies, as they have been in the UK 

(Environment Agency, 2019; Gooddy et al., 2017), could support more informed P source 

management strategies (Sabo et al., 2021b; Smith et al., 2019). More importantly, the 

exceedance of county-level WML-PO4-P and OWU-PO4-P fluxes over other major P sources 

(Figure 4.4) supports calls for more localised nutrient management approaches, that consider 

these WML-PO4-P and OWU-PO4-P fluxes when developing best management practices for 

individual watersheds (Frei et al., 2021; Hejna and Cutright, 2021; Mooney et al., 2020; Smith et 

al., 2019). Climate change and an increasing population are growing threats to the quality and 

availability of drinking water across the US (Brown et al., 2019b) and concerns surrounding 

watermains leakage and outdoor water as unsustainable uses of water and energy are rising 

globally (Chini and Stillwell, 2018; Gober et al., 2016; Jarvie et al., 2015; Xu et al., 2014). 

Watermains leakage reduction and more conservative outdoor water use are established tools 

for more sustainable water management (Mini et al., 2014; Rupiper et al., 2022). The WML-PO4-P 

and OWU-PO4-P fluxes reported in this work now highlight the need to integrate P and water 

resource management strategies (Metson et al., 2012). 

 

Although the fate of leakages from watermains is largely unknown (D'Aniello et al., 2021), most 

leakages are not major burst events that are visible from the surface, but instead occur into the 

subsurface and go relatively undetected (Rupiper et al., 2022). It is therefore hypothesised that 

WML-PO4-P fluxes will largely be released into the shallow sub-surface alongside watermains 

leakage nitrate fluxes (Flint et al., 2022) and leaking sewage mains (Howard and Gerber, 2018; 

Lee et al., 2015; Pennino et al., 2016; Sercu et al., 2011). Once released, these fluxes may be 

transported through the vadose zone and within groundwater flow to surface water 

environments via base flow (Fillo et al., 2021), potentially contributing to elevated concentrations 

of P in surface waters (Howard and Gerber, 2018). The fate of WML-PO4-P fluxes will depend on 

local watershed hydrology and a range of widely varying environmental conditions. For example, 

soils rich in calcium carbonate, clays and metal oxides are more likely than sandy soils to reduce 

the movement of PO4 due to adsorption (Domagalski and Johnson, 2012; Smith et al., 2019). This 
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temporary retention of leakage derived PO4 may then contribute to legacy P that may be released 

in the future, thus hampering the water quality response time of future of P management 

practices (Sharpley et al., 2013). Pipe infrastructure can also alter hydrology, such as through the 

creation of sub-surface fractures, meaning that urbanisation may not only influence the 

magnitude of WML-PO4-P and OWU-PO4-P fluxes (Figure 4.5), but also enhance the transport and 

alter the fate of these fluxes within the shallow sub-surface (Bonneau et al., 2017; Howard and 

Gerber, 2018; Kaushal and Belt, 2012). Around half of water used outdoors across the US is for 

lawn irrigation. Inefficient watering practices across the country means that a proportion of this 

water will leach into the sub-surface or be lost via runoff (USEPA, 2017). Quantifying the amount 

of drinking water derived PO4 that is being applied to lawns will allow for the extent to which this 

P already contributed to fertilization requirements to be determined, and thus help to address 

the unsustainable use of P-based fertilizers across many urban watersheds (Hobbie et al., 2017). 

 

The PWS responsible for DOSE-PO4-Ppws, WML-PO4-P and OWU-PO4-P fluxes, and the 

downstream WWTPs and agencies responsible for P management, may extend beyond county, 

watershed and country boundaries. For this reason, understanding the fate of both OWU-PO4-P 

and WML-PO4-P fluxes and the potential for these fluxes to modify DOSE-PO4-Pwwtp fluxes and 

contribute to elevated P concentrations within freshwater environments, remains an important 

area of future research. The characterisation of the stable oxygen isotope composition of PO4 

dosed public supply water may provide an important framework and isotopic label through which 

to explore the fate of these fluxes (Davies et al., 2014; Gooddy et al., 2015). The transferrable 

methodology developed in this research could help to quantify fluxes of PO4 associated with 

leakage and outdoor water use in other locations that use PO4 based corrosion inhibitors. 

Minimising OWU-PO4-P and WML-PO4-P fluxes is important for reducing the reliance of water 

and wastewater industries upon sparse and finite P rock reserves. Additionally, reducing these 

fluxes will increase DOSE-PO4-Pwwtp fluxes and thus enhance potential for more sustainable P 

recovery and recycling processes at WWTPs (Haque, 2021). 
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4.5 Conclusions 

This work estimates that PO4 dosing of publicly supplied water for corrosion control purposes 

across the US added 4-14.9 kt PO4-P yr-1 into the water distribution network in the year 2015. 

Watermains leakage and outdoor water use across the US were estimated to result in 5-17% and 

5-21% of this added PO4 (0.7-2.6 and 0.8-3.1 kt PO4-P yr-1) being lost or actively removed from 

the water distribution network, respectively. These estimates suggest that up to 9.3 kt PO4-P yr-1 

of the PO4 initially added was returned to wastewater treatment plants, representing around 

2.7% of the national wastewater treatment plant influent P load estimated for the US. This work 

demonstrates that county-level PO4 dosing, watermains leakage and outdoor water use PO4 

fluxes are heterogenous across the US. The greater prevalence of PO4 dosing across urbanised 

counties in Midwestern and Eastern regions of the country likely reflects the presence of legacy 

lead piping in these areas. When combined, regions with the largest area-normalised watermains 

leakage and outdoor water use PO4 fluxes were also found across these same regions. This 

reflects not only the occurrence of PO4 dosing, but also larger volumes of water required to 

supply more dense populations in these areas. Estimates reported in this work represent an initial 

assessment of the significance of dosing-derived PO4 fluxes in the context of existing US P 

budgets, with lower and upper estimates of combined watermains leakage and outdoor water 

use PO4 fluxes exceeding P loads to surface waterbodies from point sources across 461-541 

counties. Future work should use the methodology developed in this research with utility specific 

data, as a way of more accurately estimating these fluxes. The significance of these fluxes in the 

context of other major anthropogenic P inputs encourages their inclusion within P source 

apportionment studies and could help develop more effective P management strategies, 

particularly within urban areas, both across the US and around the world.  
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5.1 Introduction 

Fresh waters are critical, reactive interfaces that influence the transport and fate of carbon (C) 

(Cole et al., 2007). Accurately estimating fluxes of the multiple chemical and physical species of 

C (dissolved, particulate, inorganic and organic) to and from freshwater environments is essential 

for understanding the quality of potable water, ecosystem functioning, and the role of fresh 

waters in the transfer of different C fractions between terrestrial, atmospheric and oceanic 

systems (Aufdenkampe et al., 2011; Butman et al., 2016; Cole et al., 2007). The delivery of both 

organic and inorganic C to the oceans by rivers and subterranean groundwater flow, as well as 

the burial of organic C within freshwater sediments and outgassing of CO2 from fresh waters to 

the atmosphere, have been estimated on global (Cole et al., 2007; Li et al., 2017; Mendonça et 

al., 2017; Raymond et al., 2013; Zhang and Planavsky, 2019) and continental scales (Butman et 

al., 2016; Clow et al., 2015; Zhang et al., 2022). However, despite growing recognition of fresh 

waters as critical interfaces that moderate the global C cycle (Tranvik et al., 2018), many 

processes with the potential to perturb C fluxes remain poorly constrained, particularly those 

associated with groundwater and anthropogenic activities. Human activities, including climate 

and landscape change and the construction of reservoirs can impact C burial, outgassing and 

export (Regnier et al., 2013). Whilst some research has focused on developing a more integrated 

understanding of freshwater C cycling (Vachon et al., 2021), the continued omission of these 

anthropogenic influences within C budgets can lead to biased estimation and associated 

uncertainty of other C budget components (Butman et al., 2018; Chaplot and Mutema, 2021; 

Regnier et al., 2013; Regnier et al., 2022; Zhang and Planavsky, 2019). This may hinder the 

development of the robust and integrated C budgets that are necessary to inform policies that 

are able to respond effectively to a changing C cycle (Regnier et al., 2022).  

 

Freshwater withdrawals are defined by the USGS as “the total amount of water removed from 

the water source for a particular use” (Dieter et al., 2018b), with these sources being most 

commonly either a groundwater or surface water intake. Recent research has identified the 

anthropogenic withdrawal of fresh water as a potentially significant mechanism perturbing 

freshwater C cycling. Globally, withdrawals of groundwater were estimated to bring 19 Tg C yr-1 
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to surface water environments (Downing and Striegl, 2018), with 70% of this flux (13.3 Tg C yr-1) 

being in the form of dissolved inorganic carbon (DIC). The degassing of CO2 supersaturated 

groundwaters upon their equilibration with the atmosphere (Huo et al., 2022; McCarthy et al., 

2020; Mishra et al., 2018; Wood and Hyndman, 2017) and the treatment of organic C within 

withdrawn fresh water prior to distribution (Finlay et al., 2016) are identified as sources of 

atmospheric CO2 around the world. Reservoir drawdown areas, that are hotpots for emissions of 

CO2 to the atmosphere, can also be created in part due to anthropogenic water withdrawal 

(Keller et al., 2021). Freshwater withdrawals have also been found to prevent the downstream 

export of organic C to the oceans by rivers (Finlay et al., 2016; You et al., 2023). Despite these 

findings, an integrated understanding of the impact that both fresh groundwater and surface 

water withdrawals can have on C cycling, either nationally or globally, is yet to be developed. 

Perturbations to the C cycle continue to generate increased risks of tipping over a range of 

planetary boundaries (Steffen et al., 2015). Addressing this gap in understanding is therefore 

increasingly urgent and the focus of the research reported here. 

 

Fluxes of total dissolved C from US fresh waters to the ocean are predominantly in the form of 

DIC (Stets and Striegl, 2012) and the country has some of the highest DIC exports to the ocean of 

anywhere globally (Chaplot and Mutema, 2021; Li et al., 2017). The US also has some of the 

highest total and per capita withdrawals of fresh water in the world (FAO, 2024). The removal of 

this water from both groundwaters and surface water environments has been identified as an 

important inorganic nitrogen retention mechanism (Flint et al., 2022) and a nationally significant 

CO2 emissions source (Wood and Hyndman, 2017). In the research reported here, the US is used 

as an exemplar to develop and apply a new framework that serves to quantify the impacts of 

both groundwater and surface withdrawals on freshwater DIC fluxes. It was hypothesised that: 

1. Surface water and groundwater withdrawals will perturb lateral dissolved inorganic carbon 

fluxes within freshwater environments across the US 

2. Degassing fresh groundwater withdrawals will act as a locally important source of 

atmospheric CO2, that will vary spatially and by water use sector across the US 
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These hypotheses are addressed using a range of publicly available datasets including freshwater 

withdrawal volumes and DIC concentrations. The implications of these US-based findings for 

global C cycling and future research needs are discussed. 

 

5.2 Methods 

5.2.1 Estimating the Gross Impact of Withdrawals of Fresh Water on the Lateral Export of 

Dissolved Inorganic Carbon 

The gross fluxes of DIC removed from fresh waters due to groundwater and surface water 

withdrawals (WD-DICgw and WD-DICsw, in Tg C yr-1) were estimated for each county across the US 

as the product of county-level fresh groundwater and surface water withdrawal volumes for each 

major water use sector (WDgw and WDsw, in L yr-1) during the year 2015, sourced from Dieter et 

al. (2018a), and median county-level groundwater and surface water DIC concentrations (DICgw 

and DICsw, in Tg C L-1, see equations 5.1 and 5.2). Median fresh groundwater and surface water 

DIC concentrations were adopted in flux calculations due to the skewed (non-normal) 

distribution of DIC concentration data (Appendix 16). 

 

WD-DICgw = WDgw x DICgw            (5.1)  

  WD-DICsw = WDsw x DICsw     (5.2)  

The workflow developed in this research for obtaining DICgw and DICsw concentrations is outlined 

in Figure 5.1. Measured DIC concentrations generally carry less uncertainty than calculated DIC 

concentrations, predominantly due to the sensitivity of calculations to the accuracy of a 

measured pH value. Although the use of directly measured freshwater DIC concentrations is 

therefore preferable, concentrations of DIC within fresh waters are infrequently measured during 

water quality monitoring. To increase data capture, water quality parameter queries were 

extended to be between 01.01.2010 and 31.12.2020. Data retrievals from the Water Quality 

Portal (WQP, 2023) returned no measured DIC data for groundwater sites and measured surface 

water DIC data for only 79 counties (Figure 5.1). Given this lack of measured DIC concentration 
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data, THINCARB (Thermodynamic modelling of Inorganic CARBon) was used to model DICgw and 

DICsw concentrations (Jarvie et al., 2017). The THINCARB model builds upon thermodynamic 

equations developed by Neal et al. (1998). It uses commonly measured freshwater quality 

parameters (pH, alkalinity, temperature and altitude) to estimate DIC concentration, speciation 

and excess partial pressures of carbon dioxide in freshwaters. Model inputs were queried using 

the advanced search tool within the Water Quality Portal (WQP, 2023). More specifically, 

alkalinity (from filtered samples), pH, water temperature, altitude, and calcium concentrations 

from groundwater (well) or surface water (stream, lake, reservoir or impoundment) sites were 

queried as characteristics using parameter codes detailed in Table 5.1. This facilitated the return 

of values from both EPA and USGS databases, as well as state, federal, tribal and local agencies. 

This enabled the modelling of DICgw and DICsw concentrations across 1,024 and 584 counties, 

respectively (Figure 5.1). Where possible, modelled DICsw concentrations were validated against 

measured DICsw concentrations that had been determined during the same sampling activity (n 

= 2,961), with this approach concurrent with other literature (Jarvie et al., 2017). The agreement 

between modelled and measured DICsw values was strong (ρ = 0.98), with a regression slope close 

to one (Figure 5.2). Although there is likely to be some degree of bias in the selection of locations 

for water quality testing across the United States, the use of each of these methods produced a 

DIC concentration dataset with sites distributed across varying land uses and geologies (Figure 

5.3).   
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Figure 5.1. Schematic outlining the methodology used to determine county-level freshwater 

dissolved inorganic carbon concentrations across the United States. Dissolved inorganic carbon 

(DIC) concentrations are seldom measured and reported on the Water Quality Portal (WQP). To 

expand the DIC concentration dataset, this research made use of thermodynamic inorganic 

carbon modelling (THINCARB) and equilibrium equation to estimate additional DIC 

concentrations. The number of counties (n) that made use of each method to obtain 

groundwater and surface water DIC concentrations (DICgw and DICsw) are detailed in Figure 5.1. 
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Table 5.1. Table of parameter codes used to obtain parameter inputs for subsequent use in DIC 

THINCARB modelling and equilibrium calculations. The percentage of returned water quality 

measurements that have been accepted and percentage of pH values measured in-situ that were 

used within the analysis are also detailed. 

Parameter Parameter Code % of Values 
Accepted 

% pH Values 
Measured in 

Field 

Groundwater (Wells)    

Equilibrium Calculations    

pH 00400, 00403, 00408 - 53 
Carbonate and bicarbonate 00452, 29807, 29808, 29809, 63788, 

00453, 29804, 29805, 29806, 63786 
90 - 

THINCARB    

pH 00400, 00403, 00408 - 67 
Calcium 00915, 91051 - - 
Alkalinity 00418, 00421, 29801, 29802, 39036, 

39086, 39087 
74 - 

Surface Water 
(Streams, Lakes, Reservoirs 
and Impoundments) 

   

Measured DIC    

DIC 00691 86 - 

Equilibrium Calculations    

pH 00400, 00403, 00408 - <1 
Carbonate and bicarbonate  00452, 29807, 29808, 29809, 63788, 

00453, 29804, 29805, 29806, 63786 
99.9 - 

THINCARB    

pH 00400, 00403, 00408 - 84 
Calcium 00915, 91051 - - 
Alkalinity 00418, 00421, 29801, 29802, 39036, 

39086, 39087 
93 - 
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Figure 5.2. Measured surface water DIC concentrations (WQP, 2023) compared to those 

modelled using THINCARB. The regression line is shown in red, with a Spearman correlation 

coefficient (ρ) value of 0.98 and p-value < 0.01. 

 

Field measured pH values within THINCARB modelling and DIC equilibrium equations were 

preferentially used (opposed to laboratory measured pH values), due to the potential for pH 

values to reduce between sample acquisition and laboratory analysis. This resulted in 

approximately 67% and 84% of groundwater and surface water pH values used within THINCARB 

model inputs were explicitly reported as being measured in the field, respectively (Table 5.1). 

Where a site had both reported field and laboratory pH values, the impact of using laboratory pH 

values upon DICsw and DICgw concentrations (opposed those measured in the field) was 

investigated. Using laboratory pH values, median DICgw and DICsw concentrations across the 

country were -7% and -1% of the DICgw and DICsw concentrations determined using field 

measured pH values, respectively, and therefore within reasonable uncertainty bounds (i.e. 

±10%). With approximately 53% and <1% of groundwater and surface water pH values used 

within equilibrium calculations explicitly reported as being measured in the field, respectively, 

DICgw and DICsw concentrations using this method may also have been slightly underestimated. 

 



 

99 
 

The inherent quality of data from the Water Quality Portal used within this analysis has also been 

investigated. It was found that the majority of water quality data points used in this analysis have 

a final status of ‘accepted’, opposed to ‘preliminary’ (Table 5.1), suggesting that data used within 

this work has undergone quality assurance and quality control checks (e.g. acceptable ion 

balance), and is therefore of reliable and publishable quality. The status of alkalinity, carbonate 

and bicarbonate results used within this analysis is also shown in more detail within Table 5.1.  

 

Where input data required for modelling DIC concentrations were not available, equilibrium 

equations (Appelo and Postma, 2005), using measured pH and the measured concentration of 

either carbonate or bicarbonate (CO3
2- or HCO3

-) from groundwaters and surface waters, were 

used to calculate DICgw and DICsw concentrations for a further 463 and 188 counties, respectively 

(Figure 5.1). Measured values of pH, CO3
2- and HCO3

- were queried using the Water Quality 

Portal’s advanced search tool (WQP, 2023), with specific parameter codes detailed in Table 5.1. 

For the 1,621 and 2,223 counties without sufficient input data to model or calculate DICgw and 

DICsw values, respectively, median state-level DIC concentrations (derived from THINCARB 

modelling) were applied to the state’s constituent county (Figure 5.1). It should be noted that 

DIC concentration data was not able to be linked to specific withdrawals from individual 

groundwater wells or surface water intakes, due to the fact that withdrawal data is provided on 

a county-level resolution (Dieter et al., 2018a). The limitations associated with acquiring DIC 

concentration data using these various approaches are discussed in Section 5.4.1.  

 

County-level fluxes were aggregated to give a national-level total, and lower and upper estimates 

for all fluxes were made by applying a ±10% uncertainty on withdrawal volumes (Kulongoski and 

McMahon, 2019) and using 25th and 75th percentile DIC concentrations from equations 5.1 and 

5.2 (Helsel et al., 2020). County-level fluxes were also expressed following normalisation for land 

area, in kg C km-2 yr-1. 
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Figure 5.3. Maps showing the distribution of freshwater DIC and E[CO2 gw-atm] concentration data 

points estimated using different methods across the United States. Maps showing the 

distribution of sites where fresh groundwater DIC concentrations were estimated, in the context 

of a) principal aquifers (U.S. Geological Survey, 2003) and b) land uses (U.S. Geological Survey, 

2024) across the United States. Maps showing the distribution of sites where fresh surface water 

DIC concentrations were estimated, in the context of c) geology (McCafferty, 2023) and d) land 

use (U.S. Geological Survey, 2024) across the United States. Maps showing the distribution of 

sites where fresh groundwater E[CO2 gw-atm] concentrations were estimated, in the context of e) 

principal aquifers (U.S. Geological Survey, 2003) and b) land uses (U.S. Geological Survey, 2024) 

across the United States. 
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5.2.2 Estimating the Net Impact of Withdrawals of Fresh Water on the Lateral Export of 

Dissolved Inorganic Carbon 

Fully understanding the impact of freshwater withdrawals on C cycling requires the fate of 

withdrawn DIC to be determined. The research reported here attempts to estimate net 

withdrawal DIC fluxes through assessing the key processes that may affect the speciation and flux 

of DIC returned to fresh waters following withdrawal. These net fluxes can be defined as the flux 

of DIC that is permanently prevented from downstream transport on timescales relevant to C 

budgets, due to either groundwater or surface water withdrawal, having accounted for 

speciation changes, return flows, and consumption. A positive net WD-DIC flux indicates DIC 

retention from the fresh surface water or groundwater system, whereas a negative flux denotes 

a net contribution of DIC to fresh water. As a hypothetical example, if DIC was removed 

exclusively from groundwater via withdrawals but was then returned entirely to surface water 

after use via effluent discharge, this would result in a positive net WD-DICgw flux and a negative 

net WD-DICsw flux.  
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Table 5.2. Table detailing the sources of data and assumptions that were adopted to estimate 

net freshwater withdrawal dissolved inorganic carbon fluxes (WD-DIC). Note that no assumptions 

or data were available to estimate any process associated with net mining fluxes. 

 

 

The current lack of county-level and state-level data meant that several assumptions were 

adopted to estimate national-level net WD-DIC fluxes, with these assumptions summarised in 

Table 5.2. Previous work has assumed that once fresh water has been used (for all water use 

sectors, including irrigation) it will be returned to downstream surface water bodies (Caldwell et 

al., 2012; Duan et al., 2018), whilst other water balance studies have assumed all returns of water 

post irrigation to be to groundwater (de Graaf et al., 2014). Both assumptions represent an 

oversimplification. Instead, the impacts of freshwater withdrawals for irrigation upon surface 

water and groundwater interactions and surface-subsurface water budgets across the US are 

highly localised and depend on factors such as the presence of artificial drainage and efficiency 

of irrigation method (Döll et al., 2012; Leng et al., 2014). Determining the proportion of irrigation 

return flows via surface runoff and subsurface recharge has important implications for C cycling 

Assumption/Data Value (unit) Reference 

Irrigation   

Off-farm withdrawals/leakage of conveyance 
infrastructure 

40%/15% Hrozencik et al. (2022) 

Thermoelectric   

Consumptive use of water in recirculating/once-
through plants 

100%/0% Dieter et al. (2018a); Lee et al. (2018) 

Proportion of return flows to surface water 100% Templin et al. (1980) 

Public Supply and Domestic   

National average leakage rate 16% USEPA (2013) 
Outdoor water use 33% USEPA (2017) 

Proportion of centralised wastewater treatment 
plant return flows to surface water 

95% USEPA (2016a) 

Industry   

Proportion of return flows to surface water 100% McCarthy et al. (2022) 

Livestock   

Consumptive use 100% Marston et al. (2018), Döll et al. 
(2012) 

Aquaculture   

Proportion of return flows to surface water 100% Dieter et al. (2018b) 
Average pond depth 2m Boyd et al. (2008) 
Total aquaculture pond surface area 5.74x108 m2 USDA (2019) 
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and will require comprehensive, country-wide datasets reporting on irrigation efficiency and the 

impacts of irrigation on the water balance. Whilst this data is currently lacking, fluxes of DIC 

returned to groundwater due to leakages from irrigation canals have been estimated through 

adopting that assumption that 40% of freshwater withdrawals are done so away from the 

location of use and that 15% of this water is subsequently leaked from irrigation channels during 

conveyance (Hrozencik et al., 2022).  

 

Similarly to how reservoirs and dams for public supply and irrigation can retain fresh waters (Yang 

et al., 2018a), the recirculation of water within recirculating thermoelectric cooling plants can 

retain both fresh water and associated DIC. The consumptive use of water within once-through 

and recirculating thermoelectric plants were assumed to be 0% and 100%, respectively (Lee et 

al., 2018). The proportion of total freshwater thermoelectric withdrawals that were used within 

recirculating plants across the US (Dieter et al., 2018a) was determined and applied to gross 

county-level thermoelectric WD-DICgw and WD-DICsw estimates. Return flows of water used for 

thermoelectric, industrial and aquaculture sectors were assumed to be exclusively to surface 

water environments (McCarthy et al., 2022; Templin et al., 1980). 

 

It was hypothesised that the elevated temperatures of once-through cooling plant effluents may 

result in reduced CO2 solubility and thus additional CO2 degassing. To test this hypothesis, the 

THINCARB model was used to calculate the excess partial pressure of CO2 (EpCO2) within effluent 

waters of elevated temperatures. Median county-level thermoelectric plant effluent 

temperatures, for the year 2015, were calculated using data sourced from the USEPA’s online 

‘Water Pollution Search’ tool (USEPA, 2023a). These effluent temperatures were then assigned 

to any of that county’s constituent surface water sites that had corresponding alkalinity, pH, 

altitude, and where possible calcium concentrations, sourced from the USGS Water Quality Portal 

(WQP, 2023) (see Section 5.2.1 for more information on the acquisition of these water quality 

determinants). This assumed that water used within once-through cooling plants was entirely 

sourced from surface water, based on the fact that over 99.9% of water withdrawals for once-
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through cooling are from surface water (Dieter et al., 2018a). Model output EpCO2 values were 

then used to determine excess CO2 concentrations within effluents (E[CO2]eff) at each site (see 

Section 5.2.3). County-level CO2 emissions from thermoelectric effluent degassing were then 

determined as the product of median county-level E[CO2]eff values and county-level volumes of 

water returned after use within once-through cooling plants (Dieter et al., 2018a). 

 

Most withdrawals of fresh water for aquaculture are used within flow-through aquaculture 

systems that return water directly to surface water environments with negligible consumption 

(Dieter et al., 2018b). In contrast, water used within aquaculture ponds was assumed to be 

consumptive (Gephart et al., 2017). The total volume of water stored in these ponds 

(1.14x1012 L yr-1) was estimated from known pond surface area and average depth across the US 

(area = 5.72x108 m2, depth = 2 m) (Boyd et al., 2008; USDA, 2019). The proportion of water 

therefore stored in ponds, in comparison to total freshwater aquaculture withdrawals 

(9.83x1012 L yr-1) (Dieter et al., 2018a), is 12%. Applying this proportion to total gross freshwater 

aquaculture WD-DICgw and WD-DICsw fluxes facilitated the estimation of net aquaculture 

withdrawal DIC fluxes. 

 

After withdrawal, leakage and outdoor water use have been identified as mechanisms returning 

fresh water and associated dissolved constituents to the subsurface (Flint et al., 2022; Flint et al., 

2023). Assuming a nationally averaged leakage rate of 16% (USEPA, 2013), an outdoor water use 

rate of 33% (USEPA, 2017) and that 95% of the remaining public supply and domestic WD-DICgw 

and WD-DICsw fluxes will be returned to wastewater treatment plants and subsequently be 

released into a surface water environment (USEPA, 2016a), return fluxes of DIC due to 

watermains leakage and outdoor water use have been estimated. It was assumed that 100% of 

water used for livestock was consumed (Döll et al., 2012; Marston et al., 2018). Processes such 

as flowback water and reinjection make determining the fate of freshwater withdrawals used for 

mining highly complex (Kondash et al., 2017; Veil, 2020). Data disclosing the proportion of mining 



 

105 
 

water that is stored or returned to surface water and groundwater environments, as well as any 

associated changes in DIC concentrations, are currently limited across the US. 

 

5.2.3 Estimating Carbon Dioxide Emissions Associated with Degassing Groundwater 

Withdrawals 

County-level emissions of CO2 due to the degassing of CO2 supersaturated groundwater 

withdrawals (WD-CO2 gw, in kg CO2 yr-1) were estimated as the product of county-level fresh 

groundwater withdrawal volumes (WDgw, in L yr-1) and median county-level excess CO2 

concentrations of groundwater when in equilibrium with the atmosphere (E[CO2 gw-atm]; equation 

5.3). E[CO2 gw-atm] concentrations were estimated using excess CO2 partial pressures (EpCO2) 

modelled by THINCARB using inputs described in Section 5.2.1. EpCO2 is the ratio of the partial 

pressure of CO2 in the groundwater sample (pCO2 gw) to the partial pressure of CO2 in the 

atmosphere (pCO2 atm), which was assumed to be 0.0003994 atm for the year 2015 (equation 5.4).  

 

WD-CO2 gw = WDgw x E[CO2 gw-atm]      (5.3) 

EpCO2 = 
pCO2 gw

pCO2 atm
      (5.4) 

 

This methodology assumes the rate of CO2 degassing from supersaturated groundwaters to be 

faster than the rate of groundwater’s return to aquifers after use (Deirmendjian et al., 2018; 

Macpherson, 2009), as well as the full equilibration of pCO2 gw with pCO2 atm (Cole et al., 2007). 

EpCO2 values were subsequently used to determine E[CO2 gw-atm] concentrations using equations 

5.5-5.8. Use of the Van’t Hoff equation allowed changes in temperature (T) to be related to 

changes in equilibrium constant (KH; equation 5.5). pCO2 atm values were then corrected using KH 

to give the partial pressure of groundwater when in equilibrium with the atmosphere (pCO2 gw-atm; 

equation 5.6). pCO2 gw was then estimated as the product of EpCO2 and pCO2 gw-atm (equation 5.7). 
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Finally, excess concentrations of CO2 in groundwater samples (E[CO2 gw-atm]), in mg CO2 L-1, were 

determined as the difference between pCO2 gw and pCO2 gw-atm (equation 5.8). Median state-level 

E[CO2 gw-atm] concentrations were applied to the 2,084 counties without a modelled EpCO2 value.  

 

KH = 0.034e −(2400( 1
289

( 1
273+T

)))         (5.5) 

pCO2 gw-atm = KH x pCO2 atm      (5.6) 

pCO2 gw = EpCO2 x pCO2 gw-atm          (5.7) 

                               E[CO2 gw-atm] = (pCO2 gw - pCO2 gw-atm) x 1000 x 44.01 (5.8) 

Where EpCO2 is the excess CO2 partial pressure of groundwater with respect to the atmosphere 

(expressed as a ratio), KH is the equilibrium constant, T is the temperature of the water sample in degrees 

Celsius, sourced from the WQP (2023). pCO2 gw-atm is the partial pressure of the groundwater sample when 

in equilibrium with the atmosphere, pCO2 atm is the partial pressure of the atmosphere, pCO2 gw is the 

partial pressure of the groundwater sample and E[CO2 gw-atm] is the excess concentration of CO2 in the 

groundwater sample, with respect to the atmosphere. 

 

It is known that a lack of accurately reported field pH values may lead to underestimated 

E[CO2 gw-atm] concentrations and thus WD-CO2 gw fluxes (Macpherson, 2009). The impact of using 

laboratory pH values upon E[CO2 gw-atm] concentrations (opposed those measured in the field) 

was investigated using data from sites with both reported field and laboratory pH values. The 

median difference between calculating E[CO2 gw-atm] concentrations using lab versus field pH 

values was -70%. Despite this, the majority (67%) of groundwater pH values used within this 

analysis were measured in the field (in-situ). 

 

The impact of assuming both groundwater’s full equilibration with the atmosphere and rapid rate 

of CO2 degassing upon WD-CO2 gw fluxes was also investigated. This additional analysis assumed 

groundwater CO2 would degas until it reached an equivalent CO2 supersaturation level of fresh 

surface water. County-level emissions of CO2 due to the degassing of CO2 supersaturated 

groundwater withdrawals until reaching equilibrium with surface waters (WD-CO2 gw-sw, in kg CO2 
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yr-1) were estimated as the product of county-level fresh groundwater withdrawal volumes 

(WDgw, in L yr-1) and median county-level excess CO2 concentrations of groundwater when in 

equilibrium with surface water (E[CO2 gw-sw]; equation 5.9). County-level E[CO2 gw-sw] 

concentrations, in mg CO2 L-1, were determined as the difference between CO2 gw concentrations 

and median state-level surface water CO2 concentrations (CO2 sw) (Toavs et al., 2023) (equation 

5.10). CO2 gw values were estimated using pCO2 [gw] values (equation 5.11 and 5.7). Median state-

level E[CO2 gw-sw] concentrations were assigned to any constituent counties without a county-

level concentration (n = 2,084 counties). The national-level WD-CO2 gw-sw emission was 

determined through the summation of county-level estimates.  

 

WD-CO2 gw-sw = WDgw x E[CO2 gw-sw]         (5.9) 

E[CO2 gw-sw] = CO2 gw - CO2 sw      (5.10) 

CO2 [gw] = pCO2 [gw] x 1000 x 44.01          (5.11) 

 

5.2.4 Contextualising the Magnitude of Gross Freshwater Withdrawal Dissolved Inorganic 

Carbon Fluxes and Groundwater Withdrawal Carbon Dioxide Emissions  

The magnitude of the gross national-level WD-DICsw flux was contextualised through its 

comparison with the national-level DIC flux from US fresh surface waters, which is the sum of 

lateral DIC export to the oceans and the outgassing of CO2 from rivers and lakes (Butman et al., 

2016). The gross national-level WD-DICgw flux was compared to the subterranean groundwater 

discharge DIC flux to the oceans (DICSGD) across the US (Table 5.1). The DICSGD flux (0.7 Tg C yr-1) 

was estimated as the product of the annual US fresh subterranean groundwater discharge 

volume (1.5x1013 L yr-1) (Sawyer et al., 2016), and the median DICgw concentration determined in 

this research (48.2 mg C L-1). The contribution that withdrawals from each individual water use 

sector make to these gross withdrawal fluxes was also assessed. 
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The potential importance of the national-level WD-CO2 gw flux was evaluated through comparison 

with the estimated CO2 emissions from rivers and lakes across the US (Butman et al., 2016). 

WD-CO2 gw fluxes due to irrigation and public supply water use sectors were also compared to 

other sector-specific CO2 emissions, including those from agricultural liming practices (USEPA, 

2023c), electricity generation both for pumping groundwater for irrigation (Driscoll et al., 2024) 

and for the operation of drinking water systems (Zib et al., 2021). Counties with significant 

WD-CO2 gw emissions were identified through the comparison of county-level WD-CO2 gw 

estimates to the county’s total CO2 emissions from major sources (USEPA, 2023b), specifically, 

those sources obliged to report to the US Environmental Protection Agency’s (USEPA) 

Greenhouse Gas Reporting Program (GHGRP-CO2). These detailed emissions data are collected 

from approximately 7,300 greenhouse gas emitting facilities across the US that emit over 

25,000 t CO2 yr-1, either via combustion or process emissions. When combined, these emissions 

account for around 50% of total US greenhouse gas emissions (USEPA, 2023d). 

 

5.3 Results 

5.3.1 Gross Dissolved Inorganic Carbon Fluxes Associated with Withdrawals of Fresh Water 

Median groundwater and surface water DIC concentrations (DICgw and DICsw) across the US 

between 01.01.2010 – 31.12.2020 were modelled (using THINCARB) to be 48.2 and 29.7 mg C L-1, 

respectively. Gross median national-level fresh groundwater and surface water withdrawal DIC 

fluxes (WD-DICgw and WD-DICsw) across the US were 6.9 (5.3-8.8) and 8.2 (6.7-9.9) Tg C yr-1, 

respectively (Table 5.3), with values in parentheses representing lower and upper estimates (see 

Section 5.2.1). Irrigation and public supply withdrawals contribute 92% of the total national-level 

WD-DICgw flux, and irrigation and thermoelectric withdrawals contribute 81% of the total 

national-level WD-DICsw flux (Figure 5.4a). Counties with largest area-normalised WD-DICgw and 

WD-DICsw fluxes were concentrated within the states of Nebraska (NE), Florida (FL) and California 

(CA; Figure 5.4b), and Montana (MT) and Wyoming (WY; Figure 5.4c), respectively. The water use 

sector making the largest contribution to total gross WD-DIC fluxes (WD-DICtotal; the sum of 

WD-DICgw and WD-DICsw) for each county across the US is shown in Figure 5.4d, with the irrigation 
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and public supply sectors being the largest contributors to counties across western and eastern 

regions of the country, respectively. 

 

The national-level WD-DICgw flux (5.3-8.8 Tg C yr-1) was estimated to be 7-12 times larger than 

the median estimate of the US subterranean groundwater discharge DIC flux to the ocean (Table 

5.3). The national-level WD-DICsw flux (6.7-9.9 Tg C yr-1) was equivalent to 7.9-11.6% of the 

outgassing of CO2 by rivers and lakes and 23.1-34.1% of the DIC exported to the oceans by rivers, 

making it equivalent to 5.9-8.7% of the total surface water DIC flux (Table 5.3). The gross national 

level WD-DICtotal flux (12-18.7 Tg C yr-1) was equivalent to 40.4-63.0% of the total discharge of DIC 

to the oceans from fresh groundwater and rivers across the US (Table 5.3).  

 

Table 5.3. Gross freshwater withdrawal dissolved inorganic carbon fluxes for groundwater and 

surface water (WD-DICgw and WD-DICsw), expressed as a percentage, compared to other 

components of the freshwater carbon cycle across the United States.  

Flux  
(Tg C yr-1) 

Outgassing of CO2 by 
rivers and lakes 

(85.3) a 

River DIC export 
to the ocean  

(29) a 

Total surface 
water DIC export 

flux 
(114.3) a 

Subterranean groundwater 
discharge DIC flux to the 

ocean 
(0.7) b  

Total DIC flux to the 
ocean by rivers and 

groundwater 
(29.7) 

WD-DICsw 

(6.7-9.9) 
7.9-11.6 23.1-34.1 5.9-8.7 -  - 

WD-DICgw 

(5.3-8.8) 

- - - 757-1,257 - 

WD-DICtotal 

(12.0-18.7) 

    40.4-63.0 

a Butman et al. (2016) 
b Estimated using the total subterranean groundwater discharge estimate made by Sawyer et al. (2016) and the median DIC 

concentration of groundwater determined in this study (48.2 mg C L-1) 
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Figure 5.4. a) Contribution of water use sector withdrawals to gross national-level surface water 

and groundwater withdrawal DIC fluxes (WD-DICsw and WD-DICgw), and the national-level 

emissions of CO2 due to degassing groundwater withdrawals (WD-CO2 gw) across the United 

States. b) Total area-normalised county-level groundwater withdrawal DIC fluxes (WD-DICgw) 

across the United States. c) Total area-normalised county-level surface water withdrawal DIC 

fluxes (WD-DICsw) across the United States. Scales represent quintile groups. d) The water use 

sector that makes the largest contribution to the gross total withdrawal DIC flux (WD-DICtotal) for 

each county across the United States. Linework created using the ‘usmap’ package in R (Di 

Lorenzo, 2022). 
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5.3.2 Net Dissolved Inorganic Carbon Fluxes Associated with Withdrawals of Fresh Water 

The net national-level WD-DIC fluxes that could be estimated in this thesis are summarised in 

Figure 5.5. It was estimated that 0.18 Tg C yr-1 and 0.30 Tg C yr-1 of the irrigation WD-DICsw and 

WD-DICgw flux could be returned to groundwater via leakage during irrigation conveyance, 

respectively. Determining the fate of DIC once both surface waters and groundwaters are used 

for irrigation is beyond the scope of this study (Section 5.4.2). Thermoelectric plants utilising 

water recirculating technologies result in net WD-DICgw and WD-DICsw fluxes of 0.024 Tg C yr-1 

and 0.17 Tg C yr-1, respectively. The return of withdrawals from once-through cooling plants to 

surface water environments via effluents was estimated to cause net WD-DICgw and WD-DICsw 

fluxes of 0.008 and -0.008 Tg C yr-1, respectively. The reduced solubility of CO2 within once-

through cooling plant effluents due to their elevated temperatures was estimated to cause the 

degassing of 0.35 Tg CO2 yr-1.  

 

The return of WD-DICsw to groundwater due to leakage from public supply distribution pipes and 

outdoor water use at domestic residences resulted in a net public supply WD-DICsw flux of 

0.43 Tg C yr-1. Approximately 95% of the remaining public supply and domestic WD-DICgw and 

WD-DICsw fluxes will be returned to wastewater treatment plants and subsequently be released 

into a surface water environment (USEPA, 2016a), resulting in a combined net public supply and 

domestic WD-DICgw flux of 0.75 Tg C yr-1. The return of groundwater used within the industrial 

sector to surface water environments results in a net industry WD-DICgw flux of 0.21 Tg C yr-1. The 

consumption of water for livestock results in net WD-DICsw and WD-DICgw fluxes of 0.033 Tg C yr-1 

and 0.11 Tg C yr-1, respectively. The storage of fresh water within aquaculture ponds was 

estimated to temporarily retain 0.010 Tg C yr-1 and 0.025 Tg C yr-1 from groundwaters and surface 

waters, respectively. In addition to the storage of DIC in ponds, the return of water exclusively to 

surface water environments after aquacultural use results in a total net aquaculture WD-DICgw 

flux of 0.11 Tg C yr-1 (Figure 5.5). 
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Figure 5.5. a) Sankey diagram showing median gross and net freshwater withdrawal DIC fluxes 

for each major water use sector across the United States due to groundwater withdrawals. b) 

Sankey diagram showing median gross and net freshwater withdrawal DIC fluxes for each major 

water use sector across the United States due to surface water withdrawals. 

a) 

b) 
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5.3.3 Impact of Degassing Fresh Groundwater Withdrawals on Carbon Dioxide Emissions 

Through the use of the THINCARB model, the median excess CO2 partial pressure of groundwater 

(EpCO2) across the US was estimated to be 29.2 (unitless), with 97% of samples being 

supersaturated relative to the atmosphere (EpCO2 > 1). The median national-level excess CO2 

concentration of groundwater (E[CO2 gw-atm]) was estimated to be 13.7 mg CO2 L-1. The 

national-level emission of CO2 due to the degassing of CO2 supersaturated groundwater 

withdrawals (WD-CO2 gw) across the US was estimated to be 3.6 (2.2-5.5) Tg CO2 yr-1 (Table 5.4), 

with irrigation and public supply withdrawals contributing 93% of this total (Figure 5.4a). Counties 

with the largest area-normalised WD-CO2 gw fluxes were generally concentrated within the states 

of Nebraska (NE) and North Carolina (NC; Figure 5.6a).  

 

The national-level WD-CO2 gw flux (2.5-5.5 Tg CO2 yr-1) was estimated to be equivalent to between 

0.7-1.8% of the CO2 outgassed by rivers and lakes and 0.08-0.2% of total CO2 emissions from 

major directly emitting facilities required to report to the USEPA’s Greenhouse Gas Reporting 

Program (GHGRP-CO2; Table 5.4). The national-level WD-CO2 gw flux due to irrigation withdrawals 

(1.6-3.9 Tg CO2 yr-1) was equivalent to 42.1-102.6% of the CO2 emissions associated with the 

country’s liming practices and between 14.9-36.4% of the CO2 emissions associated with 

electricity generation for pumping groundwater for irrigation use. The national-level WD-CO2 gw 

flux due to public supply and self-supplied domestic withdrawals (0.5-1.1 Tg CO2 yr-1) was 

equivalent to between 1.8-4.1% of the CO2 emissions associated with electricity generation for 

the operation of US drinking water systems (Table 5.4). Approximately 45% of all US counties 

(1,401) were estimated to have median WD-CO2 gw fluxes that exceeded county-level GHGRP-CO2 

emissions, with these counties concentrated in the states of Montana, South Dakota (SD), 

Nebraska and Idaho (Figure 5.6b). 
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Table 5.4. National-level carbon dioxide (CO2) emissions associated with the degassing of 

withdrawn groundwaters (WD-CO2 gw), expressed as a percentage, when compared to other 

major national-level CO2 sources across the United States.  

Flux  
(Tg CO2 yr-

1) 

Outgassing by 
rivers and lakes 

(313) a 

Facility emissions 
(GHGRP-CO2) 

(2,640) b 

Liming 
practices 

(3.8) c 

Electricity use for 
pumping irrigation 

groundwater 
(10.7) d 

Degassing of CO2 from 
groundwater irrigation 

withdrawals (1.43) e 

Electricity 
generation 
for drinking 

water 
system 

operation  
(26.5) f 

National       

WD-CO2 gw 

(2.2-5.5) 

0.7-1.8 0.08-0.2 -   - 

Irrigation       

WD-CO2 gw 

(1.6-3.9) 

 
 

42.1-102.6 14.9-36.4 112-273  

Public 
Supply & 
Domestic 

      

WD-CO2 gw 

(0.5-1.1) 

 
 

   1.8-4.1 

a Butman et al. (2016) 
b USEPA (2023b) 
c USEPA (2023c) 
d Driscoll et al. (2024) 
e Qin et al. (2024) 
f Zib et al. (2021) 

 

 

Figure 5.6. a) Total area-normalised emissions of carbon dioxide due to groundwater withdrawals 

(WD-CO2 gw) for each county across the United States. b) The percentage equivalence of carbon 

dioxide emissions due to degassing groundwater withdrawals (WD-CO2 gw), to the carbon dioxide 

emissions from the facilities required to report to the Greenhouse Gas Reporting Program 

(GHGRP-CO2), for each county across the United States. GHGRP-CO2 data was sourced from the 

USEPA (2023b). Linework created using the ‘usmap’ package in R (Di Lorenzo, 2022).  
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Assuming equilibrium between groundwater and surface water (Section 5.2.3) resulted in a 

national-level WD-CO2 gw emission of 3.3 Tg CO2 yr-1, which is 8% lower than the initial estimate 

made using the assumption of full equilibrium with the atmosphere (3.6 Tg CO2 yr-1). Whilst 

neither of the methodologies presented in this work can utilise data that capture the complexity 

of localised conditions controlling CO2 degassing from groundwater (such as turbulent mixing), 

the similarity of the national-level WD-CO2 gw emissions flux (i.e. within 10% of each other) 

suggests that this methodology is robust and provides a good opportunity to begin estimating 

the sub-national scale patterns in this emissions source. 

 

5.4 Discussion 

5.4.1 Anthropogenic Withdrawals of Fresh Water Perturb the Lateral Transport of Dissolved 

Inorganic Carbon 

This research provides the first insights into how anthropogenic withdrawals of fresh water 

across the US may act as an important DIC retention mechanism, delaying the delivery of DIC to 

the ocean via fresh subterranean groundwater discharge and surface water export. The 

magnitude of the country’s gross surface water and groundwater withdrawal DIC fluxes 

(WD-DICsw and WD-DICgw), in comparison to other DIC fluxes to the oceans, suggests withdrawals 

may cause important perturbations to overall national-level DIC cycling (Table 5.3). Carbon 

budgets are often determined using a mass balance approach. These findings therefore 

emphasise the importance of incorporating WD-DIC fluxes into national-scale C cycling budgets 

as a way of more accurately determining other budget components (Butman et al., 2018; Butman 

et al., 2016; Regnier et al., 2013; Regnier et al., 2022). Uncertainties associated with gross WD-

DIC fluxes, largely due to the scarcity of measured DIC concentration data, should be reduced as 

more temporally and spatially resolved water use and DIC concentration data become available 

(Luukkonen, 2023). 

 

The most recent release of water use data by the USGS discloses annual total water use for each 

defined major water use sector across each county of the United States (Dieter et al., 2018a). As 
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a result, annual freshwater withdrawal DIC fluxes were estimated, where possible, using annually 

averaged (median) county-level freshwater DIC concentration values. Due to limited availability 

of a county-level freshwater DIC concentration value, 1,621 and 2,233 counties had to adopt 

state-level median fresh groundwater and surface water DIC concentrations within flux 

calculations, respectively (Figure 5.1). Freshwater DIC concentrations are spatially 

heterogeneous (Stets et al., 2023). The state-level aggregation of DIC concentration data within 

county-level flux calculations will have therefore given rise to an increase in the uncertainty 

associated with flux estimates, as expressed by lower and upper estimates made using 25th and 

75th percentile DIC concentrations. It should be noted that even the use of an annual median 

county-level DIC concentration neglects the inherent local and seasonal variability in freshwater 

DIC concentrations (Potter and Xu, 2022; Stets et al., 2023). Despite this, the use of a single state 

or county-level median DIC concentration provides an appropriate starting point for estimating 

these fluxes on a spatial scale as large as the contiguous United States. 

 

5.4.2 Future Priorities for Estimating Gross Dissolved Inorganic Carbon Fluxes 

Estimating freshwater withdrawal DIC fluxes with greater temporal (e.g. monthly) and spatial 

(e.g. for individual intakes and wells) resolution, initially focusing on WD-DIC flux hotspots 

identified in this work, will facilitate a more accurate assessment of freshwater withdrawal DIC 

fluxes. It would also provide more insight into heterogeneity of anthropogenic influences, natural 

controls and ecological impacts of these fluxes, which could feed into the development of more 

tailored and effective water management decisions. Increasing the spatial and temporal 

resolution of freshwater withdrawal DIC flux estimates should therefore be a future research 

priority, once required data becomes available. For example, data disclosing freshwater 

withdrawal volumes and DIC concentrations associated with individual US reservoirs are 

currently lacking, with reservoir withdrawals currently making an unknown contribution to 

surface water withdrawals (Dieter et al., 2018a). Reservoirs for water supply purposes are 

widespread across the US, with approximately 15% of US dams being constructed for municipal 

and irrigation water supply purposes (Song et al., 2018; Steyaert et al., 2022). Processes 
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controlling DIC concentrations within the lentic environment of a reservoir will often differ 

substantially from those within the wider lotic network of a river or stream (Tranvik et al., 2009). 

The physical, biological and chemical characteristics of individual reservoirs are also highly 

variable, which in turn may have a substantial influence on the DIC concentrations found within 

them (Li et al., 2024). Although contribution of withdrawals from individual reservoirs to overall 

US WD-DICsw fluxes and downstream DIC export is beyond the scope of this study, future research 

should focus on this area of work, when relevant data become available.  

 

5.4.3 Sector Dependent Controls on Net Dissolved Inorganic Carbon Fluxes 

Estimating gross WD-DIC fluxes provides a necessary first step in understanding the net impact 

of freshwater withdrawals upon DIC cycling across the US. Subsequent to freshwater withdrawal, 

a vast range of interlinked hydrological, biological and chemical processes will modify the amount 

of DIC that is either retained or returned to fresh waters. This means that gross WD-DIC flux 

estimates often exceed their net WD-DIC flux counterparts. Comparing gross WD-DIC fluxes with 

other freshwater DIC retention fluxes therefore only serves to help assess the potential maximum 

magnitude and importance of WD-DIC fluxes in the broader context of freshwater DIC cycling, 

and to justify future determination of more accurate net WD-DIC fluxes. 

 

The retention of DIC through the consumption and storage of water varies across the country 

and between different water use sectors (Marston et al., 2018). The storage and consumption of 

water within industrial water use sector is largely unknown and complex to estimate (McCall et 

al., 2021; McCarthy et al., 2022; Miranda and Sauer, 2010), contributing to unresolved net 

industry WD-DIC flux estimates. The consumption and storage of water within mining derived 

products and tailings is a major component of the mining sectors hydrological impact across the 

US. The amount of water consumed and stored at mining sites is localised and relevant data is 

scant (Northey et al., 2016), meaning the potential for deducing US-wide DIC retention through 

this process is currently limited. The capacity for recirculating thermoelectric plants to 

temporarily store DIC is small compared to other naturally freshwater DIC retention mechanisms 
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(Table 5.1), however this capacity may increase in the future given the predicted transition to 

recirculating technologies across the US (Peer and Sanders, 2018).  

 

Return flows of withdrawn water can also redistribute water and associated DIC between 

groundwater and surface water environments (de Graaf et al., 2014; Voisin et al., 2017). The 

flowback and reinjection of produced water associated with mining activities will result in a 

complex and site-specific reapportioning of DIC between surface water and groundwater 

environments (Kondash et al., 2017; Veil, 2020). Industrial, thermoelectric, public supply and 

aquaculture sectors return both withdrawn groundwaters and surface waters almost exclusively 

to surface water environments via effluents, resulting in the net removal of DIC from 

groundwaters (Figure 5.5a). Conversely, the leakage of water from mains distribution pipes and 

the return of water during outdoor water use can return biologically important nutrients to 

subsurface environments (Flint et al., 2022; Flint et al., 2023), thus resulting in the net removal 

of DIC from surface waters (Figure 5.5b). 

 

The use of water for irrigation and mining will also result in the complex and localised movement 

of water and associated DIC between groundwater, surface water and atmospheric 

environments (Caldwell et al., 2012; de Graaf et al., 2014; Haddeland et al., 2006; Leng et al., 

2014; Veil, 2020). However, there are no comprehensive national-level datasets disclosing the 

volume of water that is retained and returned to each environment. For example, the 

consumptive use of surface water for irrigation across the US was modelled to decrease fresh 

surface water discharge to the ocean by 4.2% (Haddeland et al., 2006). A lack of data relating to 

whether this consumption was due to evaporative loss or reallocation to groundwater, as well as 

any associated C speciation changes, hinders the determination of a net irrigation WD-DICsw flux. 

Despite this, the (4.2%) decrease in surface water export can be used as a means of validating 

the magnitude of the irrigation WD-DICsw flux estimated here. Applying a proportional decrease 

to the reported river DIC export flux estimated by Butman et al. (2016) (29 Tg C yr-1) would result 
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in a retention flux of 1.3 Tg C yr-1 due to fresh surface water withdrawals for irrigation, which is 

around 44% of the gross WD-DICsw flux estimate presented in this work (2.95 Tg C yr-1). 

 

This research has also estimated the impact of increased thermoelectric plant effluent 

temperatures upon national-level CO2 emissions. More localised assessments could be 

undertaken to reveal hotspots of these emissions, particularly across eastern regions of the 

country, where once-through technologies responsible for thermal pollution are more common 

(Chini et al., 2020). Estimating CO2 emissions across heavily thermally polluted river systems 

worldwide will be necessary to understand the impact of thermal pollution upon global CO2 

degassing (Raptis et al., 2016). The use of water for irrigation, public supply, industrial and mining 

sectors will also lead to changes in DIC speciation and concentration. For example, after 

freshwater irrigation, the precipitation of carbonate minerals within soils, CO2 emissions and the 

utilisation of DIC for primary production, can act to decrease DIC concentrations and the amount 

of DIC that can be leached to groundwaters or transported via runoff to surface waters (Ortiz et 

al., 2022). Fresh water used for public supply and industry is also likely to undergo a vast range 

of chemical or physical processes that that may impact DIC speciation and retention, such as the 

deliberate adjustment of the pH of publicly supplied water (Arnold et al., 2019). Similarly, in-pipe 

processes such as the precipitation of carbonates within municipal and industrial water supply 

pipes may retain DIC and prevent it from being further transported downstream (Tang et al., 

2021b; Tang et al., 2021a). However, data relating to these speciation and concentration changes 

remain spatially limited, and alongside the lack of comprehensive data regarding the impact of 

freshwater withdrawals upon the US water balance, net national-level WD-DICgw fluxes for 

irrigation and mining sectors (Figure 5.5a), and net WD-DICsw fluxes for irrigation, industrial, 

mining and public supply sectors remain unknown (Figure 5.5b). Research priorities and data 

needed to resolve these issues are highlighted in Section 5.4.4.  
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5.4.4 Future Priorities for Estimating Net Dissolved Inorganic Carbon Fluxes 

Determining the proportion of irrigation return flows via surface runoff and subsurface 

infiltration has important implications for C cycling (You et al., 2023). Along with the 

physiochemical changes associated with this redistribution of water (Vachon et al., 2021), 

estimating net US irrigation WD-DIC fluxes is highly complex and beyond the scope of this thesis. 

With irrigation being the largest sector contributing to the gross national-level WD-DICtotal flux, 

estimating the net impact of irrigation withdrawals on DIC cycling may impact the determination 

of other sectoral net WD-DIC fluxes and thus warrants additional research. This will require 

comprehensive country-wide datasets quantifying the impact of irrigation on the water balance, 

crop uptake of DIC and the extent of carbonate precipitation within soils, followed by the 

integration of results into overall DIC export models (Ren et al., 2015).  

 

Similarly, a lack of comprehensive national-level data detailing potable water treatment and 

in-pipe processes that may affect DIC speciation and retention, such as pH adjustment and the 

precipitation of carbonates within potable water distribution pipes, limits the ability to accurately 

determine a net WD-DICsw flux at this time (Figure 5.5b). It has been estimated that municipal 

WWTPs process around 6.06x1013 L wastewater yr-1 (Arabi et al., 2021). This volume exceeds the 

volume of water initially withdrawn for public supply and domestic uses and is likely due to 

processes including inflow of groundwater and precipitation into potable and wastewater 

distribution networks and inter-basin water transfers (McCarthy et al., 2022). WWTP effluents 

are returned to surface water environments with elevated DIC concentrations (Ator et al., 2022; 

Regnier et al., 2013) that can contribute to increased DIC exports and acidification downstream 

(Alshboul et al., 2016; Barnes and Raymond, 2009; Hossler and Bauer, 2013; Yang et al., 2018b). 

Assuming bicarbonate concentrations from US WWTP discharges are analogous to DIC 

concentrations (USEPA, 2023a), a median WWTP effluent DIC concentration of 48 mg C L-1 was 

estimated to result in a total WWTP effluent DIC flux of 2.9 Tg C yr -1. The input of DIC via public 

supply return flows (WWTP effluent) therefore exceeds the retention capacity provided by 

withdrawals, with combined WD-DICgw and WD-DICsw fluxes (1.2 Tg C yr-1) equivalent to 41% of 
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the WWTP effluent DIC flux. Despite this exceedance, future research should continue to 

estimate DIC retention within the water distribution system and the degree to which freshwater 

withdrawals can moderate the downstream export of potentially environmentally damaging DIC 

inputs from municipal wastewater effluents (Yang et al., 2018b). 

 

Although withdrawals for industrial, aquaculture and mining water use sectors are minor on a 

large (global and national) spatial scale, when compared to irrigation and public supply sectors, 

they can make major contributions to overall freshwater withdrawals on more localised scales. 

In addition, these sectors often withdraw water within environmentally sensitive locations 

(Miranda and Sauer, 2010), meaning they may have an important impact on overall freshwater 

nutrient cycling within an area. Data detailing the proportion of water withdrawn for industrial, 

aquaculture and mining water use sectors that is stored and returned to surface water and 

groundwater environments (Marston et al., 2018; Veil, 2020), as well as any associated DIC 

concentration changes, are currently limited on a national scale. Net WD-DIC fluxes for these 

water use sectors should be estimated as more comprehensive datasets emerge. With 10% of 

counties responsible for over 70% of total freshwater consumption across the country (Marston 

et al., 2018), efforts to determine net WD-DIC fluxes could also be prioritised in these areas.  

 

5.4.5 Degassing of Carbon Dioxide from Groundwater Withdrawals 

The degassing of CO2 supersaturated groundwater withdrawals across the US are known to 

contribute to the country’s atmospheric CO2 emissions (McCarthy et al., 2020; Wood and 

Hyndman, 2017). The research reported here develops a more robust methodology to estimate 

the sub-national and sectoral contributions to an updated national-level CO2 emission estimate 

of 3.6 Tg CO2 yr-1 (Figure 5.4a). This value is over two times greater than the 1.7 Tg CO2 yr-1 

previously reported (Wood and Hyndman, 2017). This is primarily due to the use of total 

groundwater withdrawal volumes within the calculations presented here, as opposed to the 

lower volumes that represent groundwater depletion, or net withdrawals used by Wood and 

Hyndman (2017). Although this research uses larger (gross) withdrawal volumes for estimating 
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WD-CO2 gw emissions, as opposed to net withdrawal (depletion) volumes, the excess groundwater 

CO2 concentrations (E[CO2 gw-atm]) determined and used within this research are on average lower 

than those adopted in previous work (Wood and Hyndman, 2017). This work advocates that the 

approach reported here is conceptually more representative of the amount of CO2 degassed, as 

withdrawn groundwater will degas more rapidly than the time it takes for it to be returned to an 

aquifer (Deirmendjian et al., 2018; Macpherson, 2009), and that the use of THINCARB has 

modelled more spatially resolved and accurate E[CO2 gw-atm] concentrations across the US than in 

previous research. The use of lab measured pH values within calculations, due to a lack of 

reported field pH values, may have led to an underestimate of CO2 emissions from groundwater 

(Section 5.2.3).  

 

Ninety-six percent of the 1,401 counties that have WD-CO2 gw emissions exceeding those from 

major emitting facilities (Figure 5.6b) have no emissions reported as part of the GHGRP (USEPA, 

2023b), which is assumed to largely reflect the fact that any emissions from facilities within those 

counties are below the reporting threshold (USEPA, 2023d). Despite this, the identification of 

regions where WD-CO2 gw emissions are important in relation to other major CO2 emission 

sources (Figure 5.6b) suggests that these emissions should be included within regional and 

local-scale C budgets, C footprint assessments and net-zero efforts by the US water supply sector 

(Liu and Mauter, 2022). 

 

Previous work has generally focused on quantifying the CO2 emissions associated with degassing 

groundwater withdrawals for irrigation use (Huo et al., 2022; McCarthy et al., 2020). A more 

comprehensive assessment of the sectoral withdrawals that can contribute to total withdrawal 

CO2 emissions has been made in this research, with observed sectoral differences in WD-CO2 gw 

emissions driven by the contrasting dependence of each water use sector on groundwater 

withdrawals. Although irrigation groundwater withdrawals make a dominant contribution to 

total national-level WD-CO2 gw emissions, neglecting groundwater withdrawals from other water 

use sectors would cause a 27% underestimate of WD-CO2 gw emissions (Figure 5.4a). With the 



 

123 
 

volume of groundwater withdrawals anticipated to increase across many regions of the US 

(Warziniack et al., 2022), WD-CO2 gw emissions are likely to persist or even increase into the 

future. Whilst beyond the scope of this research, the E[CO2 gw-atm] dataset and methodology 

developed in this thesis should facilitate a more detailed investigation into the mechanisms 

controlling E[CO2 gw-atm] concentrations and thus WD-CO2 gw emissions. This is likely to include 

consideration of land use (Kellner et al., 2015; McDonough et al., 2020) and hydrogeological 

setting (Klaus, 2023) (Figure 5.3e and f). An improved understanding of these mechanisms would 

then support more sustainable groundwater management strategies, not only for the purpose of 

conserving fresh groundwater resources, but also for reducing atmospheric CO2 emissions 

through the regulation of irrigation method, for example (McCarthy et al., 2020). Whilst this work 

highlights the localised importance of WD-CO2 gw emissions, future work must also determine to 

what extent human induced groundwater withdrawal CO2 emissions affect the amount of CO2 

degassing by natural discharge downstream (Macpherson, 2009). Future research should also 

integrate degassing groundwater withdrawal CO2 emissions with other water supply related CO2 

emissions, including those from drawdown, surface water withdrawal degassing, thermoelectric 

effluents and aeration during irrigation. 

 

5.4.6 A Global Perspective on the Impacts of Water Withdrawals on Freshwater Carbon Fluxes 

Whilst the research reported here has estimated the impacts of freshwater withdrawals on 

freshwater C fluxes across the contiguous US, withdrawals of fresh water are likely to perturb 

freshwater C fluxes globally. Using global net groundwater and surface water withdrawal 

volumes (Döll et al., 2012) and adopting median US DICgw and DICsw concentrations determined 

in this study, this thesis estimates net global WD-DICgw and WD-DICsw fluxes to be 12.4 and 35.0 

Tg C yr-1, respectively. These net global WD-DICgw and WD-DICsw fluxes may therefore be 

equivalent to approximately 82.6% of the global DICSGD flux (15 Tg DIC yr-1) and 6.7% of global 

riverine DIC export (520 Tg DIC yr-1), respectively (Liu et al., 2024). These coarse calculations 

highlight the potential importance of net freshwater withdrawal DIC fluxes with respect to global 

freshwater DIC cycling. Using recent global groundwater withdrawal volumes (959 km3 yr-1 for 

the year 2017) (United Nations, 2022) and the median excess groundwater CO2 concentration 
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estimated in this study (13.7 mg CO2 L-1), the global WD-CO2 gw flux is estimated to be 13.1 Tg CO2 

yr-1. This estimate is slightly lower than the upper depletion WD-CO2 gw flux (9.7-13.5 Tg CO2 yr-1) 

made by Wood and Hyndman (2017), an artefact of the simultaneously higher gross WDgw 

volume but lower E[CO2 gw-atm] concentration adopted in the research reported here. This 

estimate is much lower than the 36.7-110 Tg CO2 yr-1 estimated by Macpherson (2009) due to 

the lower E[CO2 gw-atm] concentration adopted in this study. Emerging global datasets estimating 

sectoral water use and consumption should be used to resolve similar fluxes elsewhere around 

the world (Khan et al., 2023), with priority given to countries undertaking globally significant 

withdrawals of fresh water.  
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6. Concluding Discussion 

6.1 Contributions of this Research to Scientific Knowledge in Relation to Thesis Objectives 

The main aim of this thesis was to develop an understanding of how water supply processes can 

impact C, N and P cycling across the US. Unknown fluxes of N, C and P identified at the beginning 

of this thesis (Figure 2.2) have been estimated and are detailed in Figure 6.1. Through addressing 

the research objectives in Section 1.2, this thesis has made the following major contributions to 

scientific knowledge:  

• Withdrawals of fresh surface water and groundwater have been identified as a fresh 

water NO3 retention mechanism, for the first time across the US. On a national level, fresh 

surface water and groundwater withdrawals for the year 2015 have been estimated to 

result in median retention fluxes of 189 and 228 kt NO3-N yr-1, respectively. Together, 

these freshwater NO3 retention fluxes were equivalent to 57% of in-stream denitrification 

and 21% of N uptake by pasturelands. For the first time anywhere globally, this research 

has determined the contribution that withdrawals for each major water use sector make 

to total withdrawal NO3 fluxes, with irrigation, thermoelectric and public supply sectors 

contributing to 86% of this total. These results highlight the importance of freshwater 

withdrawals as an influence on N cycling across the US and therefore support the 

inclusion of freshwater withdrawals within the development of N budgets across the 

country (objective 2). 

 

• Withdrawals of fresh surface water and groundwater have been identified as a fresh 

water DIC retention mechanism across the US. On a national level, fresh surface water 

and groundwater withdrawals in the year 2015 have been estimated, for the first time 

anywhere globally, to result in median retention fluxes of 8.2 and 6.9 Tg DIC yr-1, 

respectively. These fluxes are equivalent to 28% of the total export of DIC to the oceans 

from US rivers and nearly ten times the magnitude of the DIC export to the oceans by US 

subterranean groundwater discharge, respectively. These results have implications for 

the accurate determination of other components of the US freshwater C budget, such as 
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terrestrial inputs of C to fresh waters, net ecosystem productivity and CO2 emissions from 

fresh waters (objective 2).  

 

• Upon withdrawal, degassing fresh CO2 supersaturated groundwaters across the US are a 

source of CO2 to the atmosphere. This research has re-estimated national-level CO2 

emissions from degassing fresh groundwater withdrawals, through the development and 

use of a more robust methodology than previous work, to be 3.6 Tg CO2 yr-1 (over two 

times greater than a previous estimate). For the first time, this research identifies the 

relative contribution that each major water use sector makes to this national-level CO2 

emissions value, with irrigation and public supply contributing to 93% of the total. This 

analysis therefore highlights the importance of estimating groundwater degassing CO2 

emissions beyond those caused by irrigation withdrawals alone. This research makes a 

novel contribution by revealing the local significance of these emissions on a county-level 

across the country, with CO2 emissions from degassing groundwater withdrawals 

exceeding total county-level CO2 emissions from major emitting facilities across 1,401 

counties (objective 2). 

 

• On a national-level, PO4 dosing of potable US water supplies in the year 2015, for the 

purpose of minimising lead and copper corrosion and release, was estimated to add up 

to 14.9 kt PO4-P yr-1 into the US water distribution network (objective 3). 

 

• For the first time, the dosing of potable water with PO4 and subsequent leakage of dosed 

water from watermains and its use outdoors at domestic residences have been identified 

as inputs of P to the environment across the US. On a national level, watermains leakage 

and outdoor water use were responsible for the release of up to 2.6 and 3.1 kt PO4-P yr-1, 

respectively. When combined, upper county-level estimates of watermains leakage and 

outdoor water use P inputs exceeded P loads from documented point sources across 541 

counties. The localised significance of watermains leakage and outdoor water use P 

inputs, in the context of overall anthropogenic cycling of P, promotes their inclusion 
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within the development of P budgets and have novel implications for the sustainable use 

management of P. For example, the potential environmental impact and economic loss 

that leaked PO4 might induce when lost from the water supply system might support the 

replacement of both aged and lead service lines, particularly across the northeast region 

of the country (objective 3). 

 

• For the first time, watermains leakage of NO3 from distribution pipes has been identified 

as an important mechanism that can return N back to the environment across the US. On 

a national level, watermains leakage was estimated to return a median flux of 7 

kt NO3-N yr-1 to the environment, which was equivalent to 13% of the NO3-N initially 

retained due to freshwater withdrawals for public supply. Watermains leakage fluxes 

estimated on a county level across the US have also revealed the localised importance of 

watermains leakage as a mechanism returning N across urban environments, with 265 

counties having watermains leakage N inputs that were equivalent to 10% or more of N 

inputs from agricultural fertilizer. These results support the inclusion of treated water 

transfers and watermains leakage N fluxes within the future development of US N 

budgets (objective 3). 
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Figure 6.1 Schematic showing the contribution that this research makes to understanding the 

impact of water supply processes upon macronutrient cycling across the United States. Major 

nitrogen, carbon and phosphorus fluxes determined in previous work are shown in black (a Baron 

et al. (2012), b USEPA (2023a), c Skinner and Wise (2019), d Driscoll et al. (2024), e Butman et al. 

(2016), f Estimated using the total subterranean groundwater discharge estimate made by 

Sawyer et al. (2016) and the median DIC concentration of groundwater (48 mg C L-1) determined 

in this study. Median fluxes estimated in this thesis are shown in red. Corresponding research 

objectives as follows: g objective 2, h objective 3. 

 

6.2 Implications for Integrated Nitrogen, Carbon and Phosphorus Budgets 

Ultimately, the balance between N, P and C input and retention processes along the freshwater 

continuum will control the downstream export of these nutrients to the ocean and the gaseous 

exchange of N and C between fresh waters and the atmosphere. As a result, omission of any 

component within these balances can lead to biased estimation of other components, with 

implications for the subsequent development of effective nutrient management practices. 

Ensuring all inputs, transformations and retention processes are incorporated within N, C and P 
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budgets is therefore required as part of an integrated approach (Casas-Ruiz et al., 2023; Grizzetti 

et al., 2015; Wu and Ma, 2015). Whilst water supply processes have been identified as 

mechanisms impacting fluxes of N, C and P around the world, these fluxes have largely been 

estimated as part of small-scale studies and omitted from nutrient budgets. The research 

presented in this thesis therefore has important implications for the development of integrated 

N, C and P budgets, both across the US and around the world. 

 

The omission of freshwater withdrawal and watermains leakage NO3 fluxes within N budgets and 

models used by policymakers in their attempts to manage N may invalidate budget and model 

outputs. Integrating these fluxes into budgets is particularly important when the budget in 

question is deduced using a mass balance methodology, such as when undertaking net 

anthropogenic N input assessments (Hong et al., 2011). Similarly, incorporating freshwater 

withdrawal retention fluxes of DIC into the hydrological components of net ecosystem and 

watershed C balance assessments, particularly those using a bottom-up approach, is 

fundamental to accurately determine other components of the inland water C budget, as well as 

wider terrestrial and atmospheric components of the C cycle (Casas-Ruiz et al., 2023; Vachon et 

al., 2021). The importance of watermains leakage PO4 fluxes across the UK was impetus for their 

incorporation into national-level source apportionment studies by the country’s environmental 

regulator (Environment Agency, 2019). Acknowledgement of both watermains leakage and 

outdoor water use derived N and P inputs should now be made within source apportionment 

studies undertaken by the USEPA and the country’s individual state agencies (Sabo et al., 2021b; 

Tomich et al., 2016). The localised significance of county-level fluxes estimated within this work, 

in the context of other N, C and P budget components, has particularly strong implications for 

developing accurate nutrient budgets on more localised scales. Leakage and outdoor water use 

have been identified as important sources of N and P across urban areas of the US, and as such 

will be important to include within urban watershed nutrient budget studies across the country 

(Hobbie et al., 2017; Small et al., 2023). A conceptual mass balance model has published 

estimated annual P loads to WWTPs and the environment due to PO4 dosing practices on a 

national level (USEPA, 2020a). The heterogeneity in county-level dosing, watermains leakage, 
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outdoor water use and WWTP return PO4 fluxes now calls for the publication of these estimates 

on more localised and management-relevant scales (e.g. for individual watersheds and utilities). 

This in turn will facilitate more targeted nutrient management strategies. Similarly, the localised 

importance of CO2 emissions from degassing groundwater withdrawals is an impetus for 

incorporating this mechanism into sectoral, city or water supply system level net greenhouse gas 

emission assessments (Liu and Mauter, 2022; McGill et al., 2018; Sowby and Capener, 2022). 

 

6.3 Implications for Nutrient and Water Management 

A lack in observed water quality improvements following the implementation of nutrient 

management strategies across the US has partially been attributed to the need for more locally 

targeted and tailored nutrient management strategies (Frei et al., 2021; Kirk et al., 2024; Sabo et 

al., 2021a; USDA, 2020b). The source apportionment of nutrients on a national level is often 

unsuitable for informing these more targeted nutrient and water management strategies, with 

locally important sources and sinks of nutrients often not identified or robustly quantified. Whilst 

this research does not aim to make prescriptive policy suggestions, the advancement in 

understanding that this research provides should inform the development of more integrated 

nutrient budgets that can inform more effective nutrient management strategies on a range of 

spatial scales. 

 

Specifically, county-level fluxes estimated within this research may have greater implications for 

more accurate source apportionment and the implementation of effective and targeted nutrient 

management practices. County-level hotspots of P inputs via watermains leakage and outdoor 

water use that have been identified as part of this work could provide some basis for 

understanding why reductions to other anthropogenic P inputs, such as wastewater treatment 

plant effluents, may not have resulted in expected improvements in water quality and aquatic 

ecology. They may also be used as impetus for prioritising the removal of ageing and lead pipe 

networks within these hotspot areas (DEC, 2022; USEPA, 2019b). The economic and 

environmental costs associated with N and P loss from the US public water supply network may 
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result in the water supply industry incorporating these fluxes into sustainable economic level of 

leakage assessments (California State Water Resources Control Board, 2021; Rupiper et al., 

2022), whereby the economic cost of mains pipe replacement would be evaluated against the 

costs of water loss, phosphate loss (and thus unrecoverable nature of P at downstream WWTPs) 

and environmental impacts associated with WML-PO4-P fluxes. The amount of P unintentionally 

applied to domestic lawns through using PO4 dosed water for lawn irrigation may also have 

implications for P fertilizer requirements at domestic residences within states where its use 

remains permissible (Carey et al., 2012). Further, a number of states have passed laws banning 

the use of lawn P fertilizer (Lee and McCann, 2018) and OWU-PO4-P fluxes estimated in this work 

might support the development of similar policies across other states.  

 

Similarly, irrigation withdrawal N fluxes have already been highlighted as a mechanism that can 

contribute to state-level fertilizer N requirements (Stahl, 2019). This work now provides 

county-level irrigation withdrawal NO3 flux estimates to which more localised (and regulatorily 

enforceable) assessments could be made. This research reveals the potential impact that treated 

water transfers and watermains leakage may have on the N balance of the receiving location. 

These impacts may now be a consideration in the future regulation of water transfer permits 

both across the US and around the world (Stormwater Report, 2015). The CO2 emissions from 

degassing fresh groundwater withdrawals may also have implications for policy development 

surrounding sustainable groundwater withdrawals and use (Kovacs and West, 2016). For 

example, the propagation of groundwater withdrawal wells to deeper depths in the future may 

result in the withdrawal of groundwaters with greater E[CO2]gw concentrations (Macpherson, 

2009; Perrone and Jasechko, 2019). With these deeper withdrawals potentially leading to greater 

CO2 degassing, the results presented in this work are additional rationale supporting the narrative 

that deeper well drilling in inherently unsustainable (Perrone and Jasechko, 2019). Future policy 

may also strive to both limit well propagation in areas likely to have notably high E[CO2]gw 

concentrations, as well as to take degassing groundwater withdrawal CO2 emissions into account 

when developing and enforcing optimum irrigation practices (McCarthy et al., 2020). 
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6.4 Further Research 

Whilst this research has made significant strides in increasing understanding of how water supply 

processes can impact macronutrient cycling across the US, it has also identified a range of 

knowledge gaps. Several future research areas are therefore suggested: 

• Transfers of water from areas of surplus to those of stress can affect nutrient cycling (Zeng 

et al., 2015; Zhuang, 2016). A comprehensive investigation into the impacts of raw and 

treated water transfers upon input and output fluxes of nutrients (e.g. N), from both 

source and recipient catchments across the US, should be undertaken. This work could 

prioritise large-scale ‘mega’ transfers, defined as those transferring water a distance of 

more than 190 km or a volume of water greater than 0.23 km3 yr-1 (Shumilova et al., 2018). 

Data relating to water transfers across the US (Siddik et al., 2023; Young and Brozovik, 

2019) could also be used to verify that transfers may be a cause of the watermains leakage 

NO3 fluxes that exceed retention fluxes of NO3 due to public supply withdrawals (see 

Section 3.4.2). 

 

• The magnitude and importance of water supply processes upon N, C and P fluxes across 

the US in the future should be determined. This could include the impacts of both future 

water treatment regulation changes, including increased prevalence and concentration 

of PO4 dosed for corrosion control (USEPA, 2020a), as well as potential future increases 

in freshwater withdrawal, transfers and use across the US (Shumilova et al., 2018; 

Warziniack et al., 2022) upon N, C and P fluxes. 

 

• Future work should continue to resolve net freshwater withdrawal fluxes of DIC and NO3 

across the US, that account for speciation changes, return flows, consumption and 

transfers. This must include a robust rationale as to how to apportion withdrawal fluxes 

as being either gross or net, which in term will require the permanency or transiency of 

withdrawal fluxes to be defined, in the context of both ecologically and policy relevant 

timescales. Data required for this will be specific to each major water use sector, and will 
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reflect the contrasting withdrawal, treatment and end use processes that are 

characteristic for each of them.  

 

• Determining the impact of in-pipe processes on the retention of N, C and P will have 

implications on accurately determining the fate of these nutrients once in public supply 

systems and thus assessing the sustainability of nutrient use within the water supply 

industry. For example, differing pipe materials, climate change, urbanisation, and 

changing water use patterns will have a complex effect on both the biotic (Liu et al., 2019; 

Rhoads et al., 2015) and abiotic environment within water distribution networks 

(Agudelo-Vera et al., 2020; Pelletier et al., 2017; Tang et al., 2021b).  

 

• The fate of watermains leakage and outdoor water use N and P within the environment 

should be determined across the US. This could involve building upon research that has 

begun isotopically labelling dosing derived PO4 (Davies et al., 2014; Gooddy et al., 2015). 

Determining the fate of these fluxes, particularly within urban areas, has important 

implications as to whether the released N and P is retained within groundwaters and 

sub-surface sediment to become potential sources of legacy pollution, released directly 

into surface waters via surface run-off, or incorporated back into the wastewater system 

via run-off into drains, where N and P can then undergo treatment before being released 

into surface waters (Carey et al., 2013). 

 

• The impact of freshwater withdrawal, treatment and use upon fluxes of other C and N 

species (e.g. organic N and C and NH4) should be investigated and incorporated into 

nutrient budgets across the US. This includes impact of freshwater withdrawals on the 

riverine export of both particulate and dissolved organic C (Casas-Ruiz et al., 2023; You et 

al., 2023). 
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• Research should assess the net impact that degassing groundwater withdrawals can have 

on the release of CH4 and N2O to the atmosphere, as part of a wider greenhouse gas 

assessment (McGill et al., 2018; Trost et al., 2013). 

 

• Fluxes presented in this research should be continually re-examined and estimated as 

more comprehensive water use, water quality and leakage data become available across 

the US, with particular focus on the hotspot areas identified in this thesis. Fluxes should 

be integrated within numerical modelling efforts that seek to quantify the impacts of 

anthropogenic water supply upon nutrient cycling (Pennino et al., 2023; Zhu et al., 2020). 

The reprojection or modelling of these fluxes on a watershed scale may also be beneficial, 

given that many nutrient budgets and management strategies are estimated and 

implemented on this spatial scale (Swaney et al., 2012; USEPA, 2010; Van Meter et al., 

2021). 

 

• Uncertainties associated with fluxes estimated in this thesis are expressed as lower and 

upper estimates, through applying ±10% on terms relating to volumetric flow rates of 

water and the use of lower and upper quartile concentrations. The uncertainty associated 

with water use data remains difficult to constrain, due to the vast range of data sources 

and assumptions used in its compilation (Bradley, 2017). However, future work should 

explore uncertainties more robustly through implementation of a bootstrapping method. 

Here, freshwater NO3 and DIC concentrations, as well as values within the recommended 

range for PO4 dosing, along with freshwater withdrawal volumes between ±10% of 

reported values, would be randomly resampled to allow for a distribution of flux values 

to be estimated and interpreted. 

 

• This research has estimated the magnitude of perturbations that water supply processes 

can have upon separate N, C and P cycles. Developing integrated nutrient management 

practices, that can successfully address the impacts of anthropogenically altered nutrient 

cycles, will require the impacts of water supply processes upon the stoichiometry of 
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freshwater N, C and P to be investigated (Maranger et al., 2018; Shousha et al., 2023; 

Whitehead and Crossman, 2012). For example, the enrichment of fresh waterbodies with 

respect to N and P is known to significantly alter C cycling on a range of spatial scales 

(Cross et al., 2022; Mackenzie et al., 2002). However, the impact of N import into a 

watershed via water transfers upon the C mineralisation and CO2 emissions from the 

receiving waterbody remains to be investigated. 

 

• An understanding of what other water supply processes may impact N, C and P cycles 

across countries, with both similar and contrasting development pathways, water 

management practices and climates, is limited. The transferable methodology presented 

in this research should therefore motivate similar assessments to be undertaken around 

the world. Implementing this methodology will require data relating to the volumetric 

flow rate of freshwater use, nutrient concentrations within raw fresh waters, the 

treatment of fresh water for various end uses and freshwater transfers. Therefore, this 

work also serves to promote for the collection and open reporting of these related 

datasets, with the ultimate goal being to contribute to a globally comprehensive 

assessment of the impacts that water supply processes can have upon macronutrient 

cycling. 

 

6.5 Conclusion 

Anthropogenic activity continues to significantly disrupt natural cycles of N, C and P. Despite 

long-standing efforts to regulate inputs of N and P in the environment, human perturbations 

continue to persist and contribute to the extensive eutrophication of both freshwater bodies and 

downstream coastal areas. The importance of fresh waters as moderators of the wider C cycle 

has only recently been acknowledged. This has resulted in many natural and anthropogenic 

freshwater C fluxes being poorly constrained or omitted entirely from C budgets, with 

implications for the accurate determination of terrestrial and atmospheric C, the management 

of C and ultimately the effective tackling of climate change. Successfully mitigating the impacts 
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of human caused eutrophication and climate change requires the development of integrated 

nutrient budgets, that identify and accurately quantify all nutrient inputs, transformations, and 

outputs to a given system. These budgets will then inform more locally tailored and effective 

nutrient management strategies. 

 

The primary aim of this thesis was to advance an understanding of how water supply processes 

can impact C, N and P cycles across the US. This research has undertaken an up-to-date review 

the current state of science related to the impacts of water supply processes upon N, C and P 

cycles around the world and across the US (objective 1). This review identified that, although 

there has been progress in understanding how human use of fresh water can affect N, C and P 

cycles, research in this field remains limited and estimates of associated fluxes across the US and 

around the globe are either unavailable or poorly defined (objective 1). Given the globally 

significant use of fresh water across the US, the persistence of nutrient pollution and greenhouse 

gas emissions across the country and the fact that many US water supply challenges reflect those 

of other countries with globally significant freshwater use, it serves as a pertinent case study for 

further investigating the influence of water supply processes on N, C and P cycles.  

 

For the first time, this thesis has shown that withdrawals of fresh water across the US are a fresh 

water NO3 and DIC retention mechanism, with median national-level flux estimates equivalent 

to 57% of N retention due to denitrification and 51% of the DIC exported to the ocean via rivers 

and subterranean groundwater discharge, respectively (objective 2). The degassing of CO2 

supersaturated fresh groundwaters upon withdrawal were also identified to be important source 

of CO2 emissions across the US, with the median estimate presented in this research 

(3.6 Tg CO2 yr-1) being over two times larger than a previous estimate. For the first time, this 

research details the contribution that groundwater withdrawals for each major water use sector 

make to this national-level total. Results also highlight degassing groundwater withdrawals as a 

locally important source of atmospheric CO2, with CO2 emissions from degassing groundwater 
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withdrawals exceeding total county-level CO2 emissions from major emitting facilities across 

1,401 counties (objective 2). 

 

For the first time, watermains leakage of NO3 from distribution pipes across the US has been 

identified as a mechanism returning up to 7.7 kt NO3-N yr-1 back to the environment, with 265 

counties having watermains leakage N inputs that were equivalent to 10% or more of N inputs 

from agricultural fertilizer (objective 2). The dosing of potable water with PO4 and subsequent 

leakage of dosed water from watermains and its use outdoors at domestic residences have also 

been identified as novel inputs that can release up to 2.6 and 3.1 kt PO4-P yr-1 into the 

environment across the US, respectively (objective 3). The local significance of these inputs have 

been highlighted, with upper county-level estimates of watermains leakage and outdoor water 

use P inputs exceeding P loads from documented point sources across 541 counties. Conclusions 

from this research have also made a range of suggestions for priority areas of future work 

(objective 4). 

 

The knowledge developed through this research should contribute to the creation of more 

integrated nutrient budgets. Specifically, the importance of withdrawal, treatment, leakage and 

outdoor water use induced N, C and P fluxes estimated within this work, on both a national and 

local level, demonstrates the importance of incorporating these water supply processes within 

N, C and P budgets, as well as within more spatially detailed process-based modelling 

approaches. The improved accuracy of these budgets and models can then better inform the 

development of targeted N, C and P management strategies that work towards curbing the 

impacts of eutrophication and climate change, as well as expectations about the timeliness and 

effectiveness of associated water quality improvements. This could include the incorporation of 

WML-PO4 -P fluxes within US water system assessments of economic levels of leakage and the 

sustainability of P use, as well as future developments to the Lead and Copper Rule. Similarly, the 

localised importance of OWU-PO4-P fluxes estimated in this work may help support the 

development of state-level policies that seek to regulate the use of P based lawn fertilizers at 
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domestic residences. The contribution of irrigation and public supply WD-CO2 gw emissions may 

have implications for the sustainable use of groundwater, the development of policies guiding 

irrigation methods (for example flood vs. drip irrigation) and the ability for water systems to 

achieve net-zero targets. 

 

Both the global significance of water use across the US and transferrable methodology developed 

within this research have implications for advancing understanding of the impacts that water 

supply processes can have on macronutrient cycling around the globe. This understanding is 

imperative, given the future predictions of a planet dominated by population growth, economic 

development and climate change. 
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6.6 Research Dissemination  

Table 6.1. Dissemination of the research presented in this thesis.

News and Reviews Paper Title URL/DOI 

Nature Reviews 
Earth & Environment 

Water supply processes are responsible for significant nitrogen fluxes 
across the United States 

https://doi.org/10.1038/s43017-022-00352-2 

EoS Research 
Highlight 

Watermains leakage and outdoor water use are responsible for 
significant phosphorus fluxes to the environment across the United States 

https://eos.org/research-spotlights/u-s-public-water-
supply-is-a-local-source-of-phosphorus-pollution 

One Water News Watermains leakage and outdoor water use are responsible for 
significant phosphorus fluxes to the environment across the United States 

https://www.onewaternews.com/phosphate-in-
drinking-water-can-contribute-to-nutrient-pollution-
study-says 

BGS 
Communications 

Water supply processes are responsible for significant nitrogen fluxes 
across the United States 
 
Watermains leakage and outdoor water use are responsible for 
significant phosphorus fluxes to the environment across the United States 

https://www.bgs.ac.uk/news/missing-components-of-
nitrogen-cycling-budgets-across-the-united-states/ 
 
https://www.bgs.ac.uk/news/how-does-public-water-
use-influence-the-amount-of-phosphorus-in-the-
environment/  

Conference Presentations 

Flint, EM, Ascott, MJ, Gooddy, DC, Surridge, BWJ., and Stahl, MO: Carbon dioxide emissions associated with fresh groundwater withdrawals across the United 
States, AGU Fall Meeting 2023, San Francisco, 2023 (oral) 

Flint, EM, Ascott, MJ, Gooddy, DC, Surridge, BWJ, and Stahl, MO: Anthropogenic water withdrawals impact freshwater inorganic carbon fluxes across the 
United States, AGU Fall Meeting 2023, San Francisco, 2023 (poster) 

Flint, EM, Ascott, MJ, Gooddy, DC, Surridge, BWJ., and Stahl, MO: Losses of phosphate from water distribution networks have a significant impact on 
phosphorus cycling across urban areas of the United States, AGU Fall Meeting 2022, Chicago, 2022 (oral) 

Flint, EM, Ascott, MJ, Gooddy, DC, Surridge, BWJ., and Stahl, MO: Water supply processes are responsible for significant nitrogen fluxes across the United 
States, AGU Fall Meeting 2022, Chicago, 2022 (poster) 

Flint, EM, Ascott, MJ, Gooddy, DC, Surridge, BWJ., and Stahl, MO: Losses of phosphate from water distribution networks have a significant impact on 
phosphorus cycling across urban areas of the United States, American Water Resources Association Conference, Seattle, 2022 (oral) 

Flint, EM, Ascott, MJ, Gooddy, DC, Surridge, BWJ., and Stahl, MO: Water supply processes are responsible for significant nitrogen fluxes across the United 
States, American Water Resources Association Conference, Seattle, 2022 (poster) 

Flint, EM, Ascott, MJ, Gooddy, DC, Surridge, BWJ, and Stahl, MO: Leakage of water from public supply distribution networks is responsible for significant 
phosphorus fluxes within many urban catchments across the United States, EGU General Assembly 2022, Vienna, Austria, 23–27 May 2022, EGU22-6063, 
https://doi.org/10.5194/egusphere-egu22-6063, 2022 (oral, virtual) 

Flint, EM, Ascott, MJ, Gooddy, DC, Surridge, BWJ, and Stahl, MO: Understanding current and future impacts of public water supply on global nitrogen cycling, 
EGU General Assembly 2021, online, 19–30 Apr 2021, EGU21-15033, https://doi.org/10.5194/egusphere-egu21-15033, 2021 (oral, virtual – vOSPA Winner) 
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7. Appendices 
 

Appendix 1. The number and spread of raw groundwater NO3-N concentration values from 

public supply wells for each state across the United States. These concentrations were used 

to estimate withdrawal NO3 fluxes for the public water supply sector. 

 

Appendix 2. The number and spread of raw groundwater NO3-N concentration values from 

domestic wells for each state across the United States. These concentrations were used to 

determine withdrawal NO3 fluxes for the domestic water supply sector. 
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Appendix 3. The number and spread of raw groundwater NO3-N concentration values from 

public supply wells within each county across the state of California. Concentrations were 

used to determine withdrawal NO3 fluxes for public water supply sector. 

 

Appendix 4. The number and spread of raw groundwater NO3-N concentration values from 

domestic wells within each county across the state of California. Concentrations were used 

to determine withdrawal NO3 fluxes for domestic water supply sector. 
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Appendix 5. The number and spread of raw surface water NO3-N concentration values for 

each state across the United States. Concentrations were used to determine surface water 

withdrawal NO3 fluxes for all water use sectors. 

 

 

Appendix 6. The number and spread of raw groundwater NO3-N concentration values for 

each state across the United States. These concentrations were used to determine 

withdrawal NO3 fluxes for the irrigation, thermoelectric, industrial, mining, aquaculture and 

livestock water use sectors. 
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Appendix 7. The number and spread of raw surface water NO3-N concentration values for 

each county across the state of California. Concentrations were used to determine 

withdrawal NO3 fluxes for all major water use sectors across California. 

 

 

Appendix 8. The number and spread of raw groundwater NO3-N concentration values within 

each county across the state of California. Concentrations were used to determine 

withdrawal NO3 fluxes for irrigation, thermoelectric, industrial, mining, aquaculture and 

livestock water use sectors. 
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Appendix 9. Table disclosing the value and source of state-level leakage factors (fleakage), and 

watermains leakage fluxes (WML-NO3-N) for each state across the United States, in units of 

kg NO3-N yr-1. 

State fleakage Source of fleakage WML-NO3-N 

Alabama 33 American Water Works Association (2021) 0.196 

Arizona 10.3 Jernigan et al. (2018) 0.425 

Arkansas 16 National average - USEPA (2013) 0.029 

California 6.44 California Department of Water Resources (2019) 0.758 

Colorado 4.24 American Water Works Association (2021) 0.018 

Connecticut 16 National average - USEPA (2013) 0.043 

Delaware 28.9 American Water Works Association (2021) 0.106 

Florida 4.1 American Water Works Association (2021) 0.036 

Georgia 18.8 Georgia EPD (2016) 0.108 

Idaho 16 National average - USEPA (2013) 0.084 

Illinois 15.9 Illinois Department of Natural Resources (2015) 0.248 

Indiana 16 Indiana Finance Authority (2016) 0.127 

Iowa 16 National average - USEPA (2013) 0.182 

Kansas 9.81 American Water Works Association (2021) 0.067 

Kentucky 10.1 American Water Works Association (2021) 0.055 

Louisiana 16 National average - USEPA (2013) 0.058 

Maine 16 National average - USEPA (2013) 0.004 

Maryland 15.6 Maryland Department of the Environment (2015) 0.242 

Massachusetts 16 National average - USEPA (2013) 0.076 

Michigan 16 National average - USEPA (2013) 0.074 

Minnesota 16 Minnesota Department of Natural Resources (2019) 0.052 

Mississippi 16 National average - USEPA (2013) 0.008 

Missouri 34 American Water Works Association (2021) 0.453 

Montana 16 National average - USEPA (2013) 0.018 

Nebraska 16 National average - USEPA (2013) 0.132 

Nevada 4.07 American Water Works Association (2021) 0.040 

New Hampshire 16 National average - USEPA (2013) 0.009 

New Jersey 12.2 National average Kunkel Water Efficiency Consulting (2017) 0.221 

New Mexico 9.66 American Water Works Association (2021) 0.031 

New York 16 National average - USEPA (2013) 0.304 

North Carolina 26 American Water Works Association (2021) 0.037 

North Dakota 16 National average - USEPA (2013) 0.005 

Ohio 20 American Water Works Association (2021) 0.346 

Oklahoma 22 American Water Works Association (2021) 0.146 

Oregon 16 National average - USEPA (2013) 0.038 

Pennsylvania 32.4 American Water Works Association (2021) 1.114 

Rhode Island 16 National average - USEPA (2013) 0.015 

South Carolina 18.5 American Water Works Association (2021) 0.101 

South Dakota 16 National average - USEPA (2013) 0.006 

Tennessee 16.7 American Water Works Association (2021) 0.095 

Texas 13.9 American Water Works Association (2021) 0.311 

Utah 16 National average - USEPA (2013) 0.166 

Vermont 16 National average - USEPA (2013) 0.002 

Virginia 16 National average - USEPA (2013) 0.091 

Washington 8.2 AQUEOUS / Amy Vickers & Associates (2016) 0.087 

West Virginia 16 National average - USEPA (2013) 0.030 

Wisconsin 15.3 American Water Works Association (2021) 0.106 

Wyoming 16 National average - USEPA (2013) 0.011 

United States - - 7.0 
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Appendix 10. Sectoral contributions to total withdrawal NO3 fluxes (WD-NO3-N) for each 

state across the United States, in units of kt NO3-N yr-1. 

 

State IRR-NO3-N THERM-NO3-N PWS-NO3-N IND--
NO3-N 

DOM-
NO3-N 

AQUA-
NO3-N 

LIVE-
NO3-N 

MINE-
NO3-N 

WD-NO3-Ntotal 

Alabama 0.126 1.530 0.362 0.139 0.234 0.032 0.015 0.023 2.461 

Arizona 5.610 0.141 1.570 0.014 0.101 0.058 0.087 0.153 7.734 

Arkansas 17.500 0.245 0.218 0.076 0.074 0.298 0.029 0.001 18.440 

California 25.500 0.039 9.990 0.684 1.700 0.581 0.174 0.057 38.725 

Colorado 9.280 0.025 0.521 0.042 0.204 0.146 0.135 0.031 10.384 

Connecticut 0.010 0.085 0.197 0.155 0.178 0.023 0.002 0.004 0.653 

Delaware 1.330 0.036 0.594 0.844 0.131 0.027 0.018 0.005 2.985 

Florida 1.270 0.081 1.780 0.182 0.291 0.012 0.025 0.091 3.731 

Georgia 1.540 0.325 0.564 0.623 0.266 0.068 0.079 0.043 3.509 

Idaho 21.300 0.007 0.104 0.184 0.321 0.439 0.169 0.008 22.533 

Illinois 0.178 28.100 4.050 1.110 0.532 0.022 0.021 0.148 34.161 

Indiana 0.326 9.560 1.440 5.710 0.736 0.036 0.096 0.315 18.219 

Iowa 0.112 0.094 1.100 0.324 0.185 0.026 0.433 0.004 2.278 

Kansas 17.500 0.623 1.040 0.213 0.102 0.024 0.582 0.037 20.121 

Kentucky 0.110 5.400 1.460 0.522 0.128 0.139 0.115 0.088 7.962 

Louisiana 2.200 5.860 1.360 3.330 0.227 1.030 0.012 0.011 14.030 

Maine 0.013 0.004 0.058 0.126 0.183 0.037 0.001 0.004 0.425 

Maryland 0.337 0.412 1.590 0.140 1.030 0.042 0.041 0.093 3.685 

Massachusetts 0.646 0.063 1.600 0.097 0.203 0.046 0.004 0.035 2.693 

Michigan 0.913 3.770 0.519 0.435 0.536 0.039 0.073 0.087 6.372 

Minnesota 0.846 8.420 1.170 1.020 0.475 0.067 0.171 0.034 12.203 

Mississippi 1.890 0.095 0.397 0.155 0.278 0.123 0.015 0.010 2.962 

Missouri 0.414 4.970 0.508 0.048 0.332 0.136 0.045 0.013 6.466 

Montana 7.240 0.058 0.197 0.012 0.137 0.016 0.044 0.017 7.723 

Nebraska 35.800 5.240 0.646 0.272 0.073 0.096 0.609 0.017 42.753 

Nevada 1.840 0.013 0.189 0.002 0.071 0.022 0.009 0.350 2.496 

New Hampshire 0.000 0.003 0.012 0.002 0.172 0.002 0.000 0.001 0.193 

New Jersey 0.043 0.357 0.820 0.066 0.524 0.001 0.000 0.057 1.867 

New Mexico 1.680 0.019 0.229 0.003 0.142 0.022 0.032 0.048 2.175 

New York 0.051 0.995 2.010 0.184 0.606 0.044 0.037 0.027 3.954 

North Carolina 0.125 1.660 0.251 0.059 0.973 0.275 0.041 0.024 3.408 

North Dakota 0.312 0.680 0.087 0.023 0.021 0.004 0.033 0.060 1.219 

Ohio 0.234 22.000 5.510 1.430 0.805 0.166 0.105 0.449 30.699 

Oklahoma 3.220 0.070 0.865 0.069 0.175 0.003 0.147 0.047 4.596 

Oregon 4.750 0.010 0.526 0.090 0.039 0.546 0.015 0.012 5.987 

Pennsylvania 0.165 6.220 2.680 1.390 2.720 0.461 0.287 0.264 14.187 

Rhode Island 0.008 0.001 0.070 0.002 0.038 0.015 0.000 0.004 0.138 

South Carolina 0.117 0.583 0.233 0.064 0.683 0.001 0.006 0.011 1.698 

South Dakota  0.039 0.000 0.013 0.005 0.032 0.003 0.007 0.001 0.102 

Tennessee 0.155 4.530 0.813 0.850 0.021 0.086 0.053 0.074 6.583 

Texas 10.100 2.870 3.820 0.284 0.038 0.029 0.343 0.258 17.742 

Utah 1.760 0.044 0.545 0.052 0.060 0.100 0.013 0.003 2.577 

Vermont 0.001 0.000 0.014 0.002 0.063 0.004 0.004 0.001 0.089 

Virginia 0.022 0.445 0.154 0.172 0.587 0.018 0.016 0.015 1.428 

Washington 3.830 0.058 1.640 0.525 0.216 0.315 0.082 0.052 6.718 

West Virginia 0.010 2.630 0.432 0.911 0.398 0.130 0.022 0.278 4.811 

Wisconsin 1.550 3.630 1.350 0.517 0.286 0.144 0.333 0.027 7.837 

Wyoming 2.580 0.009 0.214 0.023 0.052 0.021 0.025 0.129 3.051 

United States 184.6 122.01 55.5 23.2 17.4 5.97 4.60 3.52 416.8 
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Appendix 11. The population density for counties across the United States, in units of 

people km-2. 
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Appendix 12. Value and source of state-level leakage factors (fleakage) and watermains 

leakage PO4 fluxes (WML-PO4-P) for each state across the United States, in units of 

kt PO4-P yr-1. 

State fleakage Source of fleakage WML-PO4-P 

   Lower Median Upper 

Alabama 0.33 American Water Works Association (2021) 0.041 0.091 0.150 

Arizona 0.103 Jernigan et al. (2018) 0.017 0.039 0.064 

Arkansas 0.16 National average - USEPA (2013) 0.006 0.013 0.022 

California 0.0644 California Department of Water Resources (2019) 0.022 0.044 0.067 

Colorado 0.0424 American Water Works Association (2021) 0.001 0.002 0.003 

Connecticut 0.16 National average - USEPA (2013) 0.013 0.029 0.048 

Delaware 0.289 American Water Works Association (2021) 0.007 0.017 0.028 

Florida 0.041 American Water Works Association (2021) 0 0 0 

Georgia 0.188 Georgia EPD (2016) 1.57x10-4 3.16x10-4 4.76x10-4 

Idaho 0.16 National average - USEPA (2013) 1.72x10-5 3.89x10-5 6.39x10-5 

Illinois 0.159 Illinois Department of Natural Resources (2015) 0.048 0.108 0.178 

Indiana 0.16 Indiana Finance Authority (2016) 0.007 0.017 0.027 

Iowa 0.16 National average - USEPA (2013) 0.016 0.004 0.006 

Kansas 0.0981 American Water Works Association (2021) 0.003 0.002 0.003 

Kentucky 0.101 American Water Works Association (2021) 0.004 0.016 0.026 

Louisiana 0.16 National average - USEPA (2013) 0.013 0.036 0.06 

Maine 0.16 National average - USEPA (2013) 0.019 0.007 0.012 

Maryland 0.156 Maryland Department of the Environment (2015) 0.020 0.008 0.013 

Massachusetts 0.16 National average - USEPA (2013) 0.008 0.029 0.047 

Michigan 0.16 National average - USEPA (2013) 0.019 0.042 0.07 

Minnesota 0.16 Nelson and Steidel (2019) 0.020 0.045 0.074 

Mississippi 0.16 National average - USEPA (2013) 0.008 0.018 0.029 

Missouri 0.34 American Water Works Association (2021) 0.003 0.007 0.011 

Montana 0.16 National average - USEPA (2013) 0.001 0.002 0.004 

Nebraska 0.16 National average - USEPA (2013)  0.001 0.001 

Nevada 0.0407 American Water Works Association (2021) 0.001 0.002 0.004 

New Hampshire 0.16 National average - USEPA (2013) 0.002 0.005 0.008 

New Jersey 0.122 Kunkel Water Efficiency Consulting (2017) 0.033 0.074 0.122 

New Mexico 0.0966 American Water Works Association (2021) 6.36x10-5 1.43x10-5 2.35x10-4 

New York 0.16 National average - USEPA (2013) 0.043 0.098 0.161 

North Carolina 0.26 American Water Works Association (2021) 0.068 0.154 0.254 

North Dakota 0.16 National average - USEPA (2013) 0.004 0.009 0.014 

Ohio 0.2 American Water Works Association (2021) 0.055 0.123 0.203 

Oklahoma 0.22 American Water Works Association (2021) 0.010 0.023 0.038 

Oregon 0.16 National average - USEPA (2013) 0.001 0.001 0.002 

Pennsylvania 0.324 American Water Works Association (2021) 0.142 0.321 0.528 

Rhode Island 0.16 National average - USEPA (2013) 0.002 0.004 0.006 

South Carolina 0.185 American Water Works Association (2021) 0.021 0.046 0.0766 

South Dakota 0.16 National average - USEPA (2013) 0.002 0.005 0.009 

Tennessee 0.167 American Water Works Association (2021) 0.014 0.032 0.053 

Texas 0.139 American Water Works Association (2021) 0.021 0.047 0.077 

Utah 0.16 National average - USEPA (2013) 5.23x10-5 1.18x10-4 1.94x10-4 

Vermont 0.16 National average - USEPA (2013) 0.001 0.002 0.003 

Virginia 0.16 National average - USEPA (2013) 0.007 0.016 0.026 

Washington 0.082 AQUEOUS / Amy Vickers & Associates (2016) 0.001 0.002 0.003 

West Virginia 0.16 National average - USEPA (2013) 0.004 0.008 0.014 

Wisconsin 0.153 American Water Works Association (2021) 0.012 0.028 0.046 

Wyoming 0.16 National average - USEPA (2013) 3.96x10-5 8.94x10-5 1.47x10-4 

United States - - 0.695 1.59 2.56 
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Appendix 13. a) Value of state-level outdoor water use and leakage factors (fowu and fleakage) 

across the United States from west to east. b) County-level volumetric rate of domestic 

water deliveries from public supply, sourced from Dieter et al. (2018) and courtesy of the 

US Geological Survey c) County-level volumetric rate of public supply distribution inputs, 

sourced from Dieter et al. (2018) and courtesy of the US Geological Survey. 
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Appendix 14. Source and value of state-level outdoor water use factors (fowu) and outdoor 

water use fluxes (OWU-PO4-P) for each state across the United States, in units of 

kt PO4-P yr-1. 

 

State fOWU Source of fOWU OWU-PO4-P 

   Lower Median Upper 

Alabama 0.3 USEPA (2017) 0.014 0.031 0.051 

Arizona 0.7 Arizona Department of Water Resources (2022) 0.097 0.218 0.358 

Arkansas 0.3 USEPA (2017) 0.007 0.016 0.027 

California 0.5 Hodel and Pittenger (2015) 0.135 0.304 0.498 

Colorado 0.55 Waskom and Neibauer (2014) 0.009 0.021 0.034 

Connecticut 0.6 Wallace and Siegel-Miles (2017) 0.019 0.042 0.069 

Delaware 0.3 USEPA (2017) 0.005 0.012 0.020 

Florida 0.3 USEPA (2017) 0 0 0 

Georgia 0.3 USEPA (2017) 0.001 0.002 0.003 

Idaho 0.3 USEPA (2017) 2.53x10-5 5.70x10-5 9.36x10-5 

Illinois 0.3 Schneemann (2014) 0.053 0.119 0.196 

Indiana 0.3 USEPA (2017) 0.008 0.018 0.030 

Iowa 0.3 USEPA (2017) 0.001 0.003 0.005 

Kansas 0.3 USEPA (2017) 0.001 0.003 0.005 

Kentucky 0.3 USEPA (2017) 0.012 0.027 0.044 

Louisiana 0.3 USEPA (2017) 0.025 0.026 0.092 

Maine 0.3 USEPA (2017) 0.003 0.006 0.009 

Maryland 0.3 USEPA (2017) 0.004 0.009 0.015 

Massachusetts 0.3 USEPA (2017) 0.011 0.026 0.043 

Michigan 0.3 USEPA (2017) 0.015 0.034 0.055 

Minnesota 0.3 USEPA (2017) 0.017 0.039 0.065 

Mississippi 0.3 USEPA (2017) 0.010 0.022 0.035 

Missouri 0.3 USEPA (2017) 0.001 0.003 0.004 

Montana 0.3 USEPA (2017) 0.001 0.002 0.004 

Nebraska 0.3 USEPA (2017) 4.48 x10-4 0.001 0.002 

Nevada 0.45 Nevada Irrigation District (2022) 0.007 0.015 0.024 

New Hampshire 0.3 USEPA (2017) 0.002 0.005 0.009 

New Jersey 0.3 USEPA (2017) 0.035 0.080 0.131 

New Mexico 0.3 USEPA (2017) 1.19x10-4 2.67x10-4 4.39x10-4 

New York 0.3 USEPA (2017) 0.090 0.202 0.332 

North Carolina 0.25 North Carolina Division of Pollution Prevention and 
Environmental Assistance (2009) 

0.035 0.079 0.130 

North Dakota 0.3 USEPA (2017) 0.004 0.010 0.017 

Ohio 0.3 USEPA (2017) 0.036 0.082 0.135 

Oklahoma 0.35 Moore et al. (2020) 0.007 0.017 0.028 

Oregon 0.3 USEPA (2017) 0.001 0.002 0.003 

Pennsylvania 0.3 USEPA (2017) 0.049 0.110 0.180 

Rhode Island 0.3 USEPA (2017) 0.002 0.004 0.006 

South Carolina 0.3 USEPA (2017) 0.025 0.056 0.093 

South Dakota 0.3 USEPA (2017) 0.003 0.006 0.010 

Tennessee 0.3 USEPA (2017) 0.014 0.032 0.053 

Texas 0.3 USEPA (2017) 0.037 0.084 0.138 

Utah 0.6 Utah State University (2022) 1.57x10-4 3.55x10-4 5.82x10-4 

Vermont 0.3 USEPA (2017) 0.001 0.001 0.002 

Virginia 0.3 USEPA (2017) 0.009 0.021 0.034 

Washington 0.3 USEPA (2017) 0.002 0.004 0.007 

West Virginia 0.3 USEPA (2017) 0.004 0.008 0.013 

Wisconsin 0.3 USEPA (2017) 0.012 0.026 0.043 

Wyoming 0.3 USEPA (2017) 7.06x10-5 1.59x10-4 2.62x10-4 

United States - - 0.825 1.86 3.1 
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Appendix 15. The mass flux of PO4 added by public water systems to distribution networks 

for the purpose of corrosion control (DOSE-PO4-Ppws) for each state across the United States, 

in units of kt PO4-P yr-1. 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

State  DOSE-PO4-Ppws 

 Lower Value Higher 

Alabama 0.123 0.275 0.455 

Arizona 0.169 0.377 0.624 

Arkansas 0.036 0.082 0.135 

California 0.421 0.944 1.56 

Colorado 0.022 0.048 0.080 

Connecticut 0.081 0.181 0.300 

Delaware 0.026 0.058 0.095 

Florida 0 0 0 

Georgia 0.005 0.011 0.019 

Idaho 1.08x10-4 2.41x10-4 3.99x10-4 

Illinois 0.302 0.676 1.12 

Indiana 0.046 0.103 0.170 

Iowa 0.010 0.022 0.037 

Kansas 0.009 0.020 0.034 

Kentucky 0.070 0.158 0.261 

Louisiana 0.101 0.225 0.373 

Maine 0.020 0.044 0.073 

Maryland 0.023 0.052 0.086 

Massachusetts 0.080 0.178 0.294 

Michigan 0.118 0.263 0.436 

Minnesota 0.125 0.281 0.465 

Mississippi 0.049 0.109 0.181 

Missouri 0.009 0.020 0.033 

Montana 0.006 0.014 0.024 

Nebraska 0.002 0.004 0.007 

Nevada 0.024 0.054 0.090 

New Hampshire 0.014 0.032 0.053 

New Jersey 0.270 0.604 1.00 

New Mexico 0.001 0.001 0.002 

New York 0.271 0.607 1.00 

North Carolina 0.263 0.590 0.975 

North Dakota 0.024 0.053 0.088 

Ohio 0.273 0.612 1.01 

Oklahoma 0.047 0.105 0.174 

Oregon 0.003 0.008 0.013 

Pennsylvania 0.440 0.985 1.63 

Rhode Island 0.010 0.022 0.037 

South Carolina 0.111 0.249 0.412 

South Dakota 0.015 0.033 0.055 

Tennessee 0.085 0.191 0.317 

Texas 0.150 0.337 0.557 

Utah 3.27x10-4 7.32x10-4 0.001 

Vermont 0.006 0.013 0.021 

Virginia 0.043 0.097 0.161 

Washington 0.010 0.022 0.037 

West Virginia 0.023 0.052 0.085 

Wisconsin 0.081 0.182 0.302 

Wyoming 2.48x10-4 5.55x10-4 9.18x10-4 

United States 4.00 9.00 14.9 
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Appendix 16. Histograms showing the distribution of fresh surface water and groundwater 

dissolved inorganic carbon concentration data points used within this thesis. The non-

normal distribution (right skewness) of measured and modelled DIC concentration data 

provided justification for adopting median county-level DIC concentrations within DIC flux 

calculations. These plots support results of a Kolmogorov-Smirnov test (p-value < 0.05), that 

also indicates the non-normal distribution of DIC concentrations. 

 



 

152 
 

8. References  
Abbott, B. W., Bishop, K., Zarnetske, J. P., Minaudo, C., Chapin, F. S., Krause, S., Hannah, D. M., 

Conner, L., Ellison, D., Godsey, S. E., Plont, S., Marçais, J., Kolbe, T., Huebner, A., Frei, R. J., 
Hampton, T., Gu, S., Buhman, M., Sara Sayedi, S., Ursache, O., Chapin, M., Henderson, K. 
D. & Pinay, G. (2019). Human domination of the global water cycle absent from depictions 
and perceptions. Nature Geoscience, 12(7), 533-540. 10.1038/s41561-019-0374-y. 

Agudelo-Vera, C., Avvedimento, S., Boxall, J., Creaco, E., de Kater, H., Di Nardo, A., Djukic, A., 
Douterelo, I., Fish, K. E., Iglesias Rey, P. L., Jacimovic, N., Jacobs, H. E., Kapelan, Z., 
Martinez Solano, J., Montoya Pachongo, C., Piller, O., Quintiliani, C., Ručka, J., Tuhovčák, L. 
& Blokker, M. (2020). Drinking Water Temperature around the Globe: Understanding, 
Policies, Challenges and Opportunities. Water, 12(4). 10.3390/w12041049. 

Akbarzadeh, Z., Maavara, T., Slowinski, S. & Van Cappellen, P. (2019). Effects of Damming on River 
Nitrogen Fluxes: A Global Analysis. Global Biogeochemical Cycles, 33(11), 1339-1357. 
https://doi.org/10.1029/2019GB006222. 

Akinnawo, S. O. (2023). Eutrophication: Causes, consequences, physical, chemical and biological 
techniques for mitigation strategies. Environmental Challenges, 12, 100733. 
https://doi.org/10.1016/j.envc.2023.100733. 

Akoumainaki, I. (2017). Lead in drinking water: public health, mitigation, and economic 
perspectives. Available at: 
https://www.crew.ac.uk/sites/www.crew.ac.uk/files/publication/CD2016_03_Lead_In_Dri
nking_Water_Main_Report.pdf. 

Al-Washali, T., Sharma, S., Al-Nozaily, F., Haidera, M. & Kennedy, M. (2019). Monitoring 
Nonrevenue Water Performance in Intermittent Supply. Water, 11(6). 
10.3390/w11061220. 

Algren, M., Burke, T. T., Chowdhury, Z. U. M., Costello, C. & Landis, A. E. (2023). Potential of 
existing strategies to reduce net anthropogenic inputs of phosphorus to land in the United 
States. Environmental Research: Infrastructure and Sustainability, 3(1), 015005. 
10.1088/2634-4505/acbabb. 

Allesson, L., Andersen, T., Dörsch, P., Eiler, A., Wei, J. & Hessen, D. O. (2020). Phosphorus 
Availability Promotes Bacterial DOC-Mineralization, but Not Cumulative CO2-Production. 
Frontiers in Microbiology, 11. 10.3389/fmicb.2020.569879. 

Alshboul, Z., Encinas-Fernández, J., Hofmann, H. & Lorke, A. (2016). Export of Dissolved Methane 
and Carbon Dioxide with Effluents from Municipal Wastewater Treatment Plants. 
Environmental Science & Technology, 50(11), 5555-5563. 10.1021/acs.est.5b04923. 

American Water Works Association (2021). Validated Water Audit Data - Water Audit Data 
Initiative (WADI). Available at: https://www.awwa.org/Resources-Tools/Resource-
Topics/Water-Loss-Control. 

Anderson, N. J., Heathcote, A. J., Engstrom, D. R. & Globocarb data, c. Anthropogenic alteration of 
nutrient supply increases the global freshwater carbon sink. Science Advances, 6(16), 
eaaw2145. 10.1126/sciadv.aaw2145. 

Appelo, T. & Postma, D. (2005). Geochemistry, Ground Water and Pollution. Geochemistry, 
Groundwater and Pollution, Second Edition. 10.1201/9781439833544. 

AQUEOUS / Amy Vickers & Associates, I. (2016). Energy Efficiency Potential for Real Water Loss 
Reduction in the Pacific Northwest. Available at: 
https://documents.dps.ny.gov/public/Common/ViewDoc.aspx?DocRefId=%7B337A794C-
D1C0-44DF-9115-41953A3EC15A%7D. 

https://doi.org/10.1029/2019GB006222
https://doi.org/10.1016/j.envc.2023.100733
https://www.crew.ac.uk/sites/www.crew.ac.uk/files/publication/CD2016_03_Lead_In_Drinking_Water_Main_Report.pdf
https://www.crew.ac.uk/sites/www.crew.ac.uk/files/publication/CD2016_03_Lead_In_Drinking_Water_Main_Report.pdf
https://www.awwa.org/Resources-Tools/Resource-Topics/Water-Loss-Control
https://www.awwa.org/Resources-Tools/Resource-Topics/Water-Loss-Control
https://documents.dps.ny.gov/public/Common/ViewDoc.aspx?DocRefId=%7B337A794C-D1C0-44DF-9115-41953A3EC15A%7D
https://documents.dps.ny.gov/public/Common/ViewDoc.aspx?DocRefId=%7B337A794C-D1C0-44DF-9115-41953A3EC15A%7D


 

153 
 

Arabi, S. M. S., Alicata, J., Hanigan, D. & Hiibel, S. R. (2021). Capturing atmospheric carbon dioxide 
by depleting inorganic carbon in municipal wastewater. International Journal of 
Greenhouse Gas Control, 111, 103472. https://doi.org/10.1016/j.ijggc.2021.103472. 

Arizona Department of Water Resources (2022). Conservation: Landscaping - Residential and 
Professional. Available at: https://new.azwater.gov/conservation/landscaping [2022]. 

Arnold, R. B., Rosenfeldt, B., Rhoades, J., Owen, C. & Becker, B. (2019). Corrosion Control: Results 
from a National Survey. Hazen and Sawyer. Available at: 
https://www.hazenandsawyer.com/publications/evolving-utility-practices-and-
experiences-with-corrosion-control-results-f/. 

Arnold, T. L., Bexfield, L. M., Musgrove, M., Lindsey, B. D., Stackelberg, P. E., Barlow, J. R., 
DeSimone, L. A., Kulongoski, J. T., Kingsbury, J. A., Ayotte, J. D., Fleming, B. J. & Belitz, K. 
(2017). Datasets from groundwater-quality data from the National Water-Quality 
Assessment Project, January through December 2014 and select quality-control data from 
May 2012 through December 2014. U.S. Geological Survey Data Release. 
https://doi.org/10.5066/F7W0942N. 

Arnold, T. L., Bexfield, L. M., Musgrove, M., Lindsey, B. D., Stackelberg, P. E., Lindsey, B. D., Barlow, 
J. R., Kulongoski, J. T. & Belitz, K. (2018). Datasets from Groundwater-Quality and Select 
Quality-Control Data from the National Water-Quality Assessment Project, January 
through December 2015 and Previously Unpublished Data from 2013-2014. U.S. 
Geological Survey Data Release. https://doi.org/10.5066/F7XK8DHK. 

Arnold, T. L., DeSimone, L. A., Bexfield, L. M., Lindsey, B. D., Barlow, J. R., Kulongoski, J. T., 
Musgrove, M., Kingsbury, J. A. & Belitz, K. (2016). Groundwater Quality Data from the 
National Water Quality Assessment Project, May 2012 through December 2013. U.S. 
Geological Survey Data Release. http://dx.doi.org/10.5066/F7HQ3X18. 

Arnold, T. L., Sharpe, J. B., Bexfield, L. M., Musgrove, M., Erickson, M. L., Kingsbury, J. A., Degnan, J. 
R., Tesoriero, A. J., Kulongoski, J. T. & Belitz, K. (2020). Datasets from groundwater-quality 
and select quality-control data from the National Water-Quality Assessment Project, 
January through December 2016, and previously unpublished data from 2013 to 2015. U.S. 
Geological Survey Data Release https://doi.org/10.5066/P9W4RR74. 

ASCE (2017). Infrastructure Report Card. American Society of Civil Engineers,. Available at: 
https://infrastructurereportcard.org/. 

Ascott, M. J., Gooddy, D. C., Fenton, O., Vero, S., Ward, R. S., Basu, N. B., Worrall, F., Van Meter, K. 
& Surridge, B. W. J. (2021). The need to integrate legacy nitrogen storage dynamics and 
time lags into policy and practice. Science of The Total Environment, 781, 146698. 
https://doi.org/10.1016/j.scitotenv.2021.146698. 

Ascott, M. J., Gooddy, D. C., Lapworth, D. J., Davidson, P., Bowes, M. J., Jarvie, H. P. & Surridge, B. 
W. J. (2018a). Phosphorus fluxes to the environment from mains water leakage: 
Seasonality and future scenarios. Sci Total Environ, 636, 1321-1332. 
10.1016/j.scitotenv.2018.04.226. 

Ascott, M. J., Gooddy, D. C., Lapworth, D. J. & Stuart, M. E. (2016). Estimating the leakage 
contribution of phosphate dosed drinking water to environmental phosphorus pollution at 
the national-scale. Sci Total Environ, 572, 1534-1542. 10.1016/j.scitotenv.2015.12.121. 

Ascott, M. J., Gooddy, D. C. & Surridge, B. W. J. (2018b). Public Water Supply Is Responsible for 
Significant Fluxes of Inorganic Nitrogen in the Environment. Environ Sci Technol, 52(24), 
14050-14060. 10.1021/acs.est.8b03204. 

Ascott, M. J., Gooddy, D. C., Wang, L., Stuart, M. E., Lewis, M. A., Ward, R. S. & Binley, A. M. (2017). 
Global patterns of nitrate storage in the vadose zone. Nat Commun, 8(1), 1416. 
10.1038/s41467-017-01321-w. 

https://doi.org/10.1016/j.ijggc.2021.103472
https://new.azwater.gov/conservation/landscaping
https://www.hazenandsawyer.com/publications/evolving-utility-practices-and-experiences-with-corrosion-control-results-f/
https://www.hazenandsawyer.com/publications/evolving-utility-practices-and-experiences-with-corrosion-control-results-f/
https://doi.org/10.5066/F7W0942N
https://doi.org/10.5066/F7XK8DHK
http://dx.doi.org/10.5066/F7HQ3X18
https://doi.org/10.5066/P9W4RR74
https://infrastructurereportcard.org/
https://doi.org/10.1016/j.scitotenv.2021.146698


 

154 
 

Ator, S. W. & Denver, J. M. (2015). Understanding nutrients in the Chesapeake Bay watershed and 
implications for management and restoration: The Eastern Shore. U.S. Geological Survey. 
10.3133/cir1406. 

Ator, S. W., Miller, O. L. & Saad, D. A. (2022). Effects of return flows on stream water quality and 
availability in the Upper Colorado, Delaware, and Illinois River Basins. PLOS Water, 1(7), 
e0000030. 10.1371/journal.pwat.0000030. 

Aufdenkampe, A. K., Mayorga, E., Raymond, P. A., Melack, J. M., Doney, S. C., Alin, S. R., Aalto, R. E. 
& Yoo, K. (2011). Riverine coupling of biogeochemical cycles between land, oceans, and 
atmosphere. Frontiers in Ecology and the Environment, 9(1), 53-60. 
doi.org/10.1890/100014. 

AWWA (2012). Buried no longer: Confronting America’s Water Infrastructure challenge. American 
Water Works Association. Available at: 
https://www.awwa.org/Portals/0/AWWA/Government/BuriedNoLonger.pdf?ver=2013-
03-29-125906-653. 

Azizian, M., Boano, F., Cook, P. L. M., Detwiler, R. L., Rippy, M. A. & Grant, S. B. (2017). Ambient 
groundwater flow diminishes nitrate processing in the hyporheic zone of streams. Water 
Resources Research, 53(5), 3941-3967. https://doi.org/10.1002/2016WR020048. 

Baker, L. A., Hartzheim, P. M., Hobbie, S. E., King, J. Y. & Nelson, K. C. (2007). Effect of consumption 
choices on fluxes of carbon, nitrogen and phosphorus through households. Urban 
Ecosystems, 10(2), 97-117. 10.1007/s11252-006-0014-3. 

Barnes, R. T. & Raymond, P. A. (2009). The contribution of agricultural and urban activities to 
inorganic carbon fluxes within temperate watersheds. Chemical Geology, 266(3), 318-327. 
https://doi.org/10.1016/j.chemgeo.2009.06.018. 

Baron, J., Hall, E., Nolan, B., Finlay, J., Bernhardt, E., Harrison, J., Chan, F. & Boyer, E. (2012). The 
Interactive Effects of Excess Reactive Nitrogen and Climate Change on Aquatic Ecosystems 
and Water Resources of the United States. Biogeochemistry, 114. 10.1007/s10533-012-
9788-y. 

Beaulieu, J. J., DelSontro, T. & Downing, J. A. (2019). Eutrophication will increase methane 
emissions from lakes and impoundments during the 21st century. Nature 
Communications, 10(1), 1375. 10.1038/s41467-019-09100-5. 

Beaulieu, J. J., Waldo, S., Balz, D. A., Barnett, W., Hall, A., Platz, M. C. & White, K. M. (2020). 
Methane and Carbon Dioxide Emissions From Reservoirs: Controls and Upscaling. J 
Geophys Res Biogeosci, 125(12). 10.1029/2019jg005474. 

Belitz, K., Jurgens, B. C. & Johnson, T. D. (2016). Potential corrosivity of untreated groundwater in 
the United States: U.S. Geological Survey Scientific Investigations Report 2016–5092. 
http://dx.doi.org/10.3133/sir20165092. 

Beusen, A. H. W., Bouwman, A. F., Van Beek, L. P. H., Mogollón, J. M. & Middelburg, J. J. (2016). 
Global riverine N and P transport to ocean increased during the 20th century despite 
increased retention along the aquatic continuum. Biogeosciences, 13(8), 2441-2451. 
10.5194/bg-13-2441-2016. 

Bexfield, L. M. & Jurgens, B. C. (2014). Effects of seasonal operation on the quality of water 
produced by public-supply wells. Ground water, 52 Suppl 1(Suppl 1), 10-24. 
10.1111/gwat.12174. 

Bijay, S. & Craswell, E. (2021). Fertilizers and nitrate pollution of surface and ground water: an 
increasingly pervasive global problem. SN Applied Sciences, 3(4), 518. 10.1007/s42452-
021-04521-8. 

https://www.awwa.org/Portals/0/AWWA/Government/BuriedNoLonger.pdf?ver=2013-03-29-125906-653
https://www.awwa.org/Portals/0/AWWA/Government/BuriedNoLonger.pdf?ver=2013-03-29-125906-653
https://doi.org/10.1002/2016WR020048
https://doi.org/10.1016/j.chemgeo.2009.06.018
http://dx.doi.org/10.3133/sir20165092


 

155 
 

Bonneau, J., Fletcher, T. D., Costelloe, J. F. & Burns, M. J. (2017). Stormwater infiltration and the 
‘urban karst’ – A review. Journal of Hydrology, 552, 141-150. 
https://doi.org/10.1016/j.jhydrol.2017.06.043. 

Boretti, A. & Rosa, L. (2019). Reassessing the projections of the World Water Development Report. 
npj Clean Water, 2(1). 10.1038/s41545-019-0039-9. 

Bouwman, L., Goldewijk, K. K., Van Der Hoek, K. W., Beusen, A. H. W., Van Vuuren, D. P., Willems, 
J., Rufino, M. C. & Stehfest, E. (2013). Exploring global changes in nitrogen and phosphorus 
cycles in agriculture induced by livestock production over the 1900–2050 period. 
Proceedings of the National Academy of Sciences, 110(52), 20882. 
10.1073/pnas.1012878108. 

Boyd, C. E. B., Lim, C. L., de Queiroz Queiroz, J. F., Salie, K. S. & Lorens de Wet, W. (2008). Best 
management practices for responsible aquaculture. USAID. Available at: 
https://www.dffe.gov.za/sites/default/files/legislations/guidebestmanagementpractice_re
sponsibleaquaculture.pdf. 

Bradley, M. (2017). Guidelines for preparation of State water-use estimates for 2015. U. S. 
Geological Survey. Available at: https://pubs.usgs.gov/publication/ofr20171029. 
10.3133/ofr20171029. 

Bricker, S. B., Longstaff, B., Dennison, W., Jones, A., Boicourt, K., Wicks, C. & Woerner, J. (2008). 
Effects of nutrient enrichment in the nation's estuaries: A decade of change. Harmful 
Algae, 8(1), 21-32. https://doi.org/10.1016/j.hal.2008.08.028. 

Brown, C., Alexander, P., Arneth, A., Holman, I. & Rounsevell, M. (2019a). Achievement of Paris 
climate goals unlikely due to time lags in the land system. Nature Climate Change, 9(3), 
203-208. 10.1038/s41558-019-0400-5. 

Brown, T. & Froemke, P. (2012). Nationwide Assessment of Nonpoint Source Threats to Water 
Quality. BioScience, 62, 136-146. 10.1525/bio.2012.62.2.7. 

Brown, T. C., Foti, R. & Ramirez, J. A. (2013). Projected freshwater withdrawals in the United States 
under a changing climate. Water Resources Research, 49(3), 1259-1276. 
10.1002/wrcr.20076. 

Brown, T. C., Mahat, V. & Ramirez, J. A. (2019b). Adaptation to Future Water Shortages in the 
United States Caused by Population Growth and Climate Change. Earth's Future, 7(3), 219-
234. 10.1029/2018ef001091. 

Butman, D., R. Striegl, S. Stackpoole, P. del Giorgio, Y. Prairie, D. Pilcher, P. Raymond, F. Paz Pellat 
& Alcocer, J. (2018). Chapter 14: Inland waters. In Second State of the Carbon Cycle Report 
(SOCCR2): A Sustained Assessment. U.S. Global Change Research Program. 
https://doi.org/10.7930/SOCCR2.2018.Ch14. 

Butman, D., Stackpoole, S., Stets, E., McDonald, C. P., Clow, D. W. & Striegl, R. G. (2016). Aquatic 
carbon cycling in the conterminous United States and implications for terrestrial carbon 
accounting. Proceedings of the National Academy of Sciences, 113(1), 58-63. 
10.1073/pnas.1512651112. 

Butman, D. E., Wilson, H. F., Barnes, R. T., Xenopoulos, M. A. & Raymond, P. A. (2015). Increased 
mobilization of aged carbon to rivers by human disturbance. Nature Geoscience, 8(2), 112-
116. 10.1038/ngeo2322. 

Byrnes, D. K., Van Meter, K. J. & Basu, N. B. (2020). Long-Term Shifts in U.S. Nitrogen Sources and 
Sinks Revealed by the New TREND-Nitrogen Data Set (1930–2017). Global Biogeochemical 
Cycles, 34(9), e2020GB006626. https://doi.org/10.1029/2020GB006626. 

Caldwell, P. V., Sun, G., McNulty, S. G., Cohen, E. C. & Moore Myers, J. A. (2012). Impacts of 
impervious cover, water withdrawals, and climate change on river flows in the 
conterminous US. Hydrol. Earth Syst. Sci., 16(8), 2839-2857. 10.5194/hess-16-2839-2012. 

https://doi.org/10.1016/j.jhydrol.2017.06.043
https://www.dffe.gov.za/sites/default/files/legislations/guidebestmanagementpractice_responsibleaquaculture.pdf
https://www.dffe.gov.za/sites/default/files/legislations/guidebestmanagementpractice_responsibleaquaculture.pdf
https://pubs.usgs.gov/publication/ofr20171029
https://doi.org/10.1016/j.hal.2008.08.028
https://doi.org/10.7930/SOCCR2.2018.Ch14
https://doi.org/10.1029/2020GB006626


 

156 
 

California Department of Water Resources (2019). 2016 Water Loss Audit Data. California 
Department of Water Resources,. Available at: https://data.cnra.ca.gov/dataset/water-
loss-audit-data-from-urban-retail-water-suppliers. 

California State Water Resources Control Board (2021). Guidance for the Water Loss Economic 
Model. California State Water Resources Control Board. Available at: 
https://www.waterboards.ca.gov/conservation/docs/water-loss-model-guidance-12-03-
2021.pdf. 

Camargo, J. A. & Alonso, Á. (2006). Ecological and toxicological effects of inorganic nitrogen 
pollution in aquatic ecosystems: A global assessment. Environment International, 32(6), 
831-849. https://doi.org/10.1016/j.envint.2006.05.002. 

Cappiella, K., Stack, W. P., Fraley-McNeal, L., Lane, C. & McMahon, G. (2012). Strategies for 
managing the effects of urban development on streams. U.S. Geological Survey. 
10.3133/cir1378. 

Carey, R. O., Hochmuth, G. J., Martinez, C. J., Boyer, T. H., Dukes, M. D., Toor, G. S. & Cisar, J. L. 
(2013). Evaluating nutrient impacts in urban watersheds: Challenges and research 
opportunities. Environmental Pollution, 173, 138-149. 
https://doi.org/10.1016/j.envpol.2012.10.004. 

Carey, R. O., Hochmuth, G. J., Martinez, C. J., Boyer, T. H., Nair, V. D., Dukes, M. D., Toor, G. S., 
Shober, A. L., Cisar, J. L., Trenholm, L. E. & Sartain, J. B. (2012). A Review of Turfgrass 
Fertilizer Management Practices: Implications for Urban Water Quality. HortTechnology 
hortte, 22(3), 280-291. 10.21273/HORTTECH.22.3.280. 

Carvalho, L., McDonald, C., de Hoyos, C., Mischke, U., Phillips, G., Borics, G., Poikane, S., Skjelbred, 
B., Solheim, A. L., Van Wichelen, J. & Cardoso, A. C. (2013). Sustaining recreational quality 
of European lakes: minimizing the health risks from algal blooms through phosphorus 
control. Journal of Applied Ecology, 50(2), 315-323. https://doi.org/10.1111/1365-
2664.12059. 

Casas-Ruiz, J. P., Bodmer, P., Bona, K. A., Butman, D., Couturier, M., Emilson, E. J. S., Finlay, K., 
Genet, H., Hayes, D., Karlsson, J., Paré, D., Peng, C., Striegl, R., Webb, J., Wei, X., Ziegler, S. 
E. & del Giorgio, P. A. (2023). Integrating terrestrial and aquatic ecosystems to constrain 
estimates of land-atmosphere carbon exchange. Nature Communications, 14(1), 1571. 
10.1038/s41467-023-37232-2. 

Chang, S. Y., Zhang, Q., Byrnes, D. K., Basu, N. B. & Van Meter, K. J. (2021). Chesapeake legacies: 
the importance of legacy nitrogen to improving Chesapeake Bay water quality. 
Environmental Research Letters, 16(8), 085002. 10.1088/1748-9326/ac0d7b. 

Chaplot, V. & Mutema, M. (2021). Sources and main controls of dissolved organic and inorganic 
carbon in river basins: A worldwide meta-analysis. Journal of Hydrology, 603, 126941. 
10.1016/j.jhydrol.2021.126941. 

Chen, D., Shen, H., Hu, M., Wang, J., Zhang, Y. & Dahlgren, R. A. (2018). Chapter Five - Legacy 
Nutrient Dynamics at the Watershed Scale: Principles, Modeling, and Implications. 
Academic Press. https://doi.org/10.1016/bs.agron.2018.01.005. 

Chini, C. M., Logan, L. H. & Stillwell, A. S. (2020). Grey water footprints of U.S. thermoelectric 
power plants from 2010–2016. Advances in Water Resources, 145, 103733. 
10.1016/j.advwatres.2020.103733. 

Chini, C. M. & Stillwell, A. S. (2018). The State of U.S. Urban Water: Data and the Energy-Water 
Nexus. Water Resources Research, 54(3), 1796-1811. 
https://doi.org/10.1002/2017WR022265. 

https://data.cnra.ca.gov/dataset/water-loss-audit-data-from-urban-retail-water-suppliers
https://data.cnra.ca.gov/dataset/water-loss-audit-data-from-urban-retail-water-suppliers
https://www.waterboards.ca.gov/conservation/docs/water-loss-model-guidance-12-03-2021.pdf
https://www.waterboards.ca.gov/conservation/docs/water-loss-model-guidance-12-03-2021.pdf
https://doi.org/10.1016/j.envint.2006.05.002
https://doi.org/10.1016/j.envpol.2012.10.004
https://doi.org/10.1111/1365-2664.12059
https://doi.org/10.1111/1365-2664.12059
https://doi.org/10.1016/bs.agron.2018.01.005
https://doi.org/10.1002/2017WR022265


 

157 
 

Chorus, I. & Welker, M. (2021). Toxic Cyanobacteria in Water: A Guide to Their Public Health 
Consequences, Monitoring and Management. 2nd ed.: CRC Press. 
https://doi.org/10.1201/9781003081449. 

Chowdhury, R. B., Moore, G. A., Weatherley, A. J. & Arora, M. (2014). A review of recent substance 
flow analyses of phosphorus to identify priority management areas at different 
geographical scales. Resources, Conservation and Recycling, 83, 213-228. 
https://doi.org/10.1016/j.resconrec.2013.10.014. 

Chung, A. H., Elliott, E. M., Bain, D. J., Thomas, B. F., River, M., Nim, C. J. & Darden, J. A. (2023). 
Riverine nitrogen source and yield in urban systems. Frontiers in Ecology and the 
Environment, 21(10), 461-468. https://doi.org/10.1002/fee.2679. 

CIWEM (2011). Policy Position Statement: Lead in Drinking Water. CIWEM. Available at: 
https://www.ciwem.org/policy/processed-water. 

Clary, J., Jones, J., Leisenring, M., Hobson, P. & Strecker, E. (2020). International Stormwater BMP 
Database: 2020 Summary Statistics. Water Research Foundation. Available at: 
https://www.waterrf.org/system/files/resource/2020-11/DRPT-4968_0.pdf. 

Clow, D. W., Stackpoole, S. M., Verdin, K. L., Butman, D. E., Zhu, Z., Krabbenhoft, D. P. & Striegl, R. 
G. (2015). Organic Carbon Burial in Lakes and Reservoirs of the Conterminous United 
States. Environmental Science & Technology, 49(13), 7614-7622. 10.1021/acs.est.5b00373. 

Cole, J. J., Prairie, Y. T., Caraco, N. F., McDowell, W. H., Tranvik, L. J., Striegl, R. G., Duarte, C. M., 
Kortelainen, P., Downing, J. A., Middelburg, J. J. & Melack, J. (2007). Plumbing the Global 
Carbon Cycle: Integrating Inland Waters into the Terrestrial Carbon Budget. Ecosystems, 
10(1), 172-185. 10.1007/s10021-006-9013-8. 

Comber, S., Cassé, F., Brown, B., Martin, J., Hillis, P. & Gardner, M. (2011). Phosphate treatment to 
reduce plumbosolvency of drinking water also reduces discharges of copper into 
environmental surface waters. Water and Environment Journal, 25(2), 266-270. 
10.1111/j.1747-6593.2010.00219.x. 

Comber, S., Gardner, M., Georges, K., Blackwood, D. & Gilmour, D. (2013). Domestic source of 
phosphorus to sewage treatment works. Environmental Technology, 34(10), 1349-1358. 
10.1080/09593330.2012.747003. 

Cordell, D. & White, S. (2014). Life's Bottleneck: Sustaining the World's Phosphorus for a Food 
Secure Future. Annual Review of Environment and Resources, 39(1), 161-188. 
10.1146/annurev-environ-010213-113300. 

Cornwell, D., Brown, R. & McTigue, N. (2015). Controlling Lead and Copper Rule Water Quality 
Parameters. Journal AWWA, 107(2), E86-E96. 
https://doi.org/10.5942/jawwa.2015.107.0011. 

Cornwell, D. A., Brown, R. A. & Via, S. H. (2016). National Survey of Lead Service Line Occurrence. 
Journal - American Water Works Association, 108, E182-E191. 
10.5942/jawwa.2016.108.0086. 

Cross, W. F., Hood, J. M., Benstead, J. P., Huryn, A. D., Welter, J. R., Gíslason, G. M. & Ólafsson, J. S. 
(2022). Nutrient enrichment intensifies the effects of warming on metabolic balance of 
stream ecosystems. Limnology and Oceanography Letters, 7(4), 332-341. 
https://doi.org/10.1002/lol2.10244. 

D'Aniello, A., Cimorelli, L. & Pianese, D. (2021). Leaking pipes and the urban karst: a pipe scale 
numerical investigation on water leaks flow paths in the subsurface. Journal of Hydrology, 
603, 126847. https://doi.org/10.1016/j.jhydrol.2021.126847. 

Daneshgar, S., Callegari, A., Capodaglio, A. G. & Vaccari, D. (2018). The Potential Phosphorus Crisis: 
Resource Conservation and Possible Escape Technologies: A Review. Resources, 7(2). 
10.3390/resources7020037. 

https://doi.org/10.1201/9781003081449
https://doi.org/10.1016/j.resconrec.2013.10.014
https://doi.org/10.1002/fee.2679
https://www.ciwem.org/policy/processed-water
https://www.waterrf.org/system/files/resource/2020-11/DRPT-4968_0.pdf
https://doi.org/10.5942/jawwa.2015.107.0011
https://doi.org/10.1002/lol2.10244
https://doi.org/10.1016/j.jhydrol.2021.126847


 

158 
 

Davies, C. L., Surridge, B. W. J. & Gooddy, D. C. (2014). Phosphate oxygen isotopes within aquatic 
ecosystems: Global data synthesis and future research priorities. Science of The Total 
Environment, 496, 563-575. https://doi.org/10.1016/j.scitotenv.2014.07.057. 

Davis, J. & Shaw, G. (2006). Impacts of Eutrophication on the Safety of Drinking and Recreational 
Water. Water and Health-Volume II(147). http://www.eolss.net/sample-chapters/c03/e2-
20a-04-02.pdf. 

De Cicco, L. A., Lorenz, D., Hirsch, R. M., Watkins, W. & M., J. (2018). dataRetrieval: R packages for 
discovering and retrieving water data available from U.S. federal hydrologic web services. 
10.5066/P9X4L3GE. 

de Graaf, I. E. M., van Beek, L. P. H., Wada, Y. & Bierkens, M. F. P. (2014). Dynamic attribution of 
global water demand to surface water and groundwater resources: Effects of abstractions 
and return flows on river discharges. Advances in Water Resources, 64, 21-33. 
10.1016/j.advwatres.2013.12.002. 

De Klein, J. (2008). From ditch to delta: nutrient retention in running waters. 
https://edepot.wur.nl/122001. 

DEC (2022). Guidance on Lead Service Line Replacement Plans. Conservation, V. D. o. E. Available 
at: https://dec.vermont.gov/sites/dec/files/dwgwp/DW/LSLRPlanGuidance_3.8.22.pdf. 

Decina, S. M., Templer, P. H. & Hutyra, L. R. (2018). Atmospheric Inputs of Nitrogen, Carbon, and 
Phosphorus across an Urban Area: Unaccounted Fluxes and Canopy Influences. Earth's 
Future, 6(2), 134-148. https://doi.org/10.1002/2017EF000653. 

Deirmendjian, L., Loustau, D., Augusto, L., Lafont, S., Chipeaux, C., Poirier, D. & Abril, G. (2018). 
Hydro-ecological controls on dissolved carbon dynamics in groundwater and export to 
streams in a temperate pine forest. Biogeosciences, 15(2), 669-691. 10.5194/bg-15-669-
2018. 

Delesantro, J. M., Duncan, J. M., Riveros-Iregui, D., Blaszczak, J. R., Bernhardt, E. S., Urban, D. L. & 
Band, L. E. (2022). The Nonpoint Sources and Transport of Baseflow Nitrogen Loading 
Across a Developed Rural-Urban Gradient. Water Resources Research, 58(7), 
e2021WR031533. https://doi.org/10.1029/2021WR031533. 

DeOreo, W. B., Mayer, P. W., Martien, L., Hayden, M., Funk, A., Kramer-Duffield, M., Davis, R., 
Henderson, J., Raucher, B. & Gleick, P. (2011). California single-family water use efficiency 
study. Aquacraft Water Engineeing & Management. Available at: 
https://cawaterlibrary.net/document/california-single-family-water-use-efficiency-study/. 

Desimone, L., Hamilton, P. & Gilliom, R. (2009). Quality of water from domestic wells in principal 
aquifers of the United States, 1991–2004—Overview of major findings. 10.3133/cir1332. 

Di Lorenzo, P. (2022). usmap: US Maps Including Alaska and Hawaii. Available at: https://CRAN.R-
project.org/package=usmap. 

Diaz, R. J., Nestlerode, J. & Diaz, M. L. (2004). A Global Perspective On The Effects Of 
Eutrophication And Hypoxia On Aquatic Biota And Water Quality. VIMS Books and Book 
Chapters. 14. https://scholarworks.wm.edu/vimsbooks/14. 

Dickson, K. E. & Dzombak, D. A. (2017). Inventory of Interbasin Transfers in the United States. 
JAWRA Journal of the American Water Resources Association, 53(5), 1121-1132. 
10.1111/1752-1688.12561. 

Dieter, C. A., Linsey, K. S., Caldwell, R. R., Harris, M. A., Ivahnenko, T. I., Lovelace, J. K., Maupin, M. 
A. & Barber, N. L. (2018a). Estimated Use of Water in the United States County-Level Data 
for 2015. https://doi.org/10.5066/F7TB15V5. 

Dieter, C. A., Maupin, M. A., Caldwell, R. R., Harris, M. A., Ivahnenko, T. I., Lovelace, J. K., Barber, N. 
L. & Linsey, K. S. (2018b). Estimated use of water in the United States in 2015. U.S. 
Geological Survey. 10.3133/cir1441. 

https://doi.org/10.1016/j.scitotenv.2014.07.057
http://www.eolss.net/sample-chapters/c03/e2-20a-04-02.pdf
http://www.eolss.net/sample-chapters/c03/e2-20a-04-02.pdf
https://edepot.wur.nl/122001
https://dec.vermont.gov/sites/dec/files/dwgwp/DW/LSLRPlanGuidance_3.8.22.pdf
https://doi.org/10.1002/2017EF000653
https://doi.org/10.1029/2021WR031533
https://cawaterlibrary.net/document/california-single-family-water-use-efficiency-study/
https://cran.r-project.org/package=usmap
https://cran.r-project.org/package=usmap
https://scholarworks.wm.edu/vimsbooks/14
https://doi.org/10.5066/F7TB15V5


 

159 
 

Divers, M. T., Elliott, E. M. & Bain, D. J. (2013). Constraining Nitrogen Inputs to Urban Streams from 
Leaking Sewers Using Inverse Modeling: Implications for Dissolved Inorganic Nitrogen 
(DIN) Retention in Urban Environments. Environmental Science & Technology, 47(4), 1816-
1823. 10.1021/es304331m. 

Dodds, W. K., Bouska, W. W., Eitzmann, J. L., Pilger, T. J., Pitts, K. L., Riley, A. J., Schloesser, J. T. & 
Thornbrugh, D. J. (2009). Eutrophication of U.S. Freshwaters: Analysis of Potential 
Economic Damages. Environmental Science & Technology, 43(1), 12-19. 
10.1021/es801217q. 

Döll, P., Hoffmann-Dobrev, H., Portmann, F. T., Siebert, S., Eicker, A., Rodell, M., Strassberg, G. & 
Scanlon, B. R. (2012). Impact of water withdrawals from groundwater and surface water 
on continental water storage variations. Journal of Geodynamics, 59-60, 143-156. 
10.1016/j.jog.2011.05.001. 

Domagalski, J. & Johnson, H. (2012). Phosphorus and Groundwater: Establishing Links Between 
Agricultural Use and Transport to Streams. https://doi.org/10.3133/fs20123004. 

Douterelo, I., Dutilh, B. E., Calero, C., Rosales, E., Martin, K. & Husband, S. (2020). Impact of 
phosphate dosing on the microbial ecology of drinking water distribution systems: 
Fieldwork studies in chlorinated networks. Water Research, 187, 116416. 
https://doi.org/10.1016/j.watres.2020.116416. 

Downing, J. A., Polasky, S., Olmstead, S. M. & Newbold, S. C. (2021). Protecting local water quality 
has global benefits. Nature Communications, 12(1), 2709. 10.1038/s41467-021-22836-3. 

Downing, J. A. & Striegl, R. G. (2018). Size, age, renewal, and discharge of groundwater carbon. 
Inland Waters, 8(1), 122-127. 10.1080/20442041.2017.1412918. 

Drake, T. W., Raymond, P. A. & Spencer, R. G. M. (2018). Terrestrial carbon inputs to inland waters: 
A current synthesis of estimates and uncertainty. Limnology and Oceanography Letters, 
3(3), 132-142. https://doi.org/10.1002/lol2.10055. 

Driscoll, A. W., Conant, R. T., Marston, L. T., Choi, E. & Mueller, N. D. (2024). Greenhouse gas 
emissions from US irrigation pumping and implications for climate-smart irrigation policy. 
Nature Communications, 15(1), 675. 10.1038/s41467-024-44920-0. 

Duan, K., Sun, G., Caldwell, P. V., McNulty, S. G. & Zhang, Y. (2018). Implications of Upstream Flow 
Availability for Watershed Surface Water Supply across the Conterminous United States. 
JAWRA Journal of the American Water Resources Association, 54(3), 694-707. 
https://doi.org/10.1111/1752-1688.12644. 

Durand, P., Breuer, L., Johnes, P., Billen, G., Butturini, A., Pinay, G., Grinsven, H., Garnier, J., Rivett, 
M., Reay, D., Curtis, C., Siemens, J., Maberly, S., Kaste, Ø., Humborg, C., Loeb, R., De Klein, 
J., Hejzlar, J., Skoulikidis, N. & Wright, R. (2011). Nitrogen processes in aquatic ecosystems. 
http://www.nine-esf.org/files/ena_doc/ENA_pdfs/ENA_c7.pdf. 

Edwards, M., Triantafyllidou, S. & Best, D. (2009). Elevated blood lead in young children due to 
lead-contaminated drinking water: Washington, DC, 2001-2004. Environ Sci Technol, 43(5), 
1618-23. 10.1021/es802789w. 

Ensign, S. H. & Doyle, M. W. (2006). Nutrient spiraling in streams and river networks. Journal of 
Geophysical Research: Biogeosciences, 111(G4). https://doi.org/10.1029/2005JG000114. 

Environment Agency (2019). Phosphorus and Freshwater Eutrophication Pressure Narrative. 
Environment Agency. Available at: https://consult.environment-
agency.gov.uk/++preview++/environment-and-business/challenges-and-
choices/user_uploads/phosphorus-pressure-rbmp-2021.pdf. 

EPA Science Advisory Board (2011). Reactive nitrogen in the united states: An analysis of inputs, 
flows, consequences, and management options. Available at: 
https://nepis.epa.gov/Exe/ZyPURL.cgi?Dockey=P100DD0K.TXT. 

https://doi.org/10.3133/fs20123004
https://doi.org/10.1016/j.watres.2020.116416
https://doi.org/10.1002/lol2.10055
https://doi.org/10.1111/1752-1688.12644
http://www.nine-esf.org/files/ena_doc/ENA_pdfs/ENA_c7.pdf
https://doi.org/10.1029/2005JG000114
https://consult.environment-agency.gov.uk/++preview++/environment-and-business/challenges-and-choices/user_uploads/phosphorus-pressure-rbmp-2021.pdf
https://consult.environment-agency.gov.uk/++preview++/environment-and-business/challenges-and-choices/user_uploads/phosphorus-pressure-rbmp-2021.pdf
https://consult.environment-agency.gov.uk/++preview++/environment-and-business/challenges-and-choices/user_uploads/phosphorus-pressure-rbmp-2021.pdf
https://nepis.epa.gov/Exe/ZyPURL.cgi?Dockey=P100DD0K.TXT


 

160 
 

Erdner, D. L., Dyble, J., Parsons, M. L., Stevens, R. C., Hubbard, K. A., Wrabel, M. L., Moore, S. K., 
Lefebvre, K. A., Anderson, D. M., Bienfang, P., Bidigare, R. R., Parker, M. S., Moeller, P., 
Brand, L. E. & Trainer, V. L. (2008). Centers for Oceans and Human Health: a unified 
approach to the challenge of harmful algal blooms. Environ Health, 7 Suppl 2(Suppl 2), S2. 
10.1186/1476-069x-7-s2-s2. 

Erisman, J. W., Sutton, M. A., Galloway, J., Klimont, Z. & Winiwarter, W. (2008). How a century of 
ammonia synthesis changed the world. Nature Geoscience, 1(10), 636-639. 
10.1038/ngeo325. 

European Commission (1991). The Nitrates Directive [91/676/EEC]. 
European Environment Agency (2005). Source apportionment of nitrogen and phosphorus inputs 

into the aquatic environment. Agency, E. E. Available at: 
https://www.eea.europa.eu/publications/eea_report_2005_7. 

EWG (2019). EWG's Tap Water Database - 2019 Update. EWG. Available at: 
https://www.ewg.org/tapwater/contaminant.php?contamcode=1040 [Accessed 15th 
March 2021]. 

Exner, M. E., Hirsh, A. J. & Spalding, R. F. (2014). Nebraska's groundwater legacy: Nitrate 
contamination beneath irrigated cropland. Water Resources Research, 50(5), 4474-4489. 
https://doi.org/10.1002/2013WR015073. 

Falcone, J. A. (2021). Tabular county-level nitrogen and phosphorus estimates from fertilizer and 
manure for approximately 5-year periods from 1950 to 2017. 
https://doi.org/10.5066/P9VSQN3C. 

FAO (2024). AQUASTAT Dissemination System. Available at: 
https://data.apps.fao.org/aquastat/?lang=en [Accessed 02.02.2024 2024]. 

Feinstein, L. & Thebo, A. (2021). Water for a Growing Bay Area: How the region can grow without 
increasing water demand. Available at: https://www.spur.org/sites/default/files/2021-
10/SPUR_PI_Water_for_a_Growing_Bay_Area.pdf. 

Fields, S. (2004). Global nitrogen: cycling out of control. Environmental health perspectives, 
112(10), A556-A563. 10.1289/ehp.112-a556. 

Fillo, N. K., Bhaskar, A. S. & Jefferson, A. J. (2021). Lawn Irrigation Contributions to Semi-Arid 
Urban Baseflow Based on Water-Stable Isotopes. Water Resources Research, 57(8), 
e2020WR028777. https://doi.org/10.1029/2020WR028777. 

Finlay, N. C., Johnson, K. & Worrall, F. (2016). The role of water treatment abstraction in the flux 
and greenhouse gas emissions from organic carbon and nitrogen within UK rivers. Water 
Resources Research, 52(10), 8190-8201. 10.1002/2016WR019362. 

Flint, E. M., Ascott, M. J., Gooddy, D. C., Stahl, M. O. & Surridge, B. W. J. (2022). Water Supply 
Processes Are Responsible for Significant Nitrogen Fluxes Across the United States. Global 
Biogeochemical Cycles, 36(9). 10.1029/2022GB007340. 

Flint, E. M., Ascott, M. J., Gooddy, D. C., Stahl, M. O. & Surridge, B. W. J. (2023). Watermains 
Leakage and Outdoor Water Use Are Responsible for Significant Phosphorus Fluxes to the 
Environment Across the United States. Global Biogeochemical Cycles, 37(3), 
e2022GB007614. https://doi.org/10.1029/2022GB007614. 

Folkman, S. (2018). Water Main Break Rates In the USA and Canada: A Comprehensive Study. Utah 
State University Buried Structures Laboratory. Available at: 
https://digitalcommons.usu.edu/mae_facpub/174. 

Fowler, D., Coyle, M., Skiba, U., Sutton, M. A., Cape, J. N., Reis, S., Sheppard, L. J., Jenkins, A., 
Grizzetti, B., Galloway, J. N., Vitousek, P., Leach, A., Bouwman, A. F., Butterbach-Bahl, K., 
Dentener, F., Stevenson, D., Amann, M. & Voss, M. (2013). The global nitrogen cycle in the 

https://www.eea.europa.eu/publications/eea_report_2005_7
https://www.ewg.org/tapwater/contaminant.php?contamcode=1040
https://doi.org/10.1002/2013WR015073
https://doi.org/10.5066/P9VSQN3C
https://data.apps.fao.org/aquastat/?lang=en
https://www.spur.org/sites/default/files/2021-10/SPUR_PI_Water_for_a_Growing_Bay_Area.pdf
https://www.spur.org/sites/default/files/2021-10/SPUR_PI_Water_for_a_Growing_Bay_Area.pdf
https://doi.org/10.1029/2020WR028777
https://doi.org/10.1029/2022GB007614
https://digitalcommons.usu.edu/mae_facpub/174


 

161 
 

twenty-first century. Philosophical Transactions of the Royal Society B: Biological Sciences, 
368(1621), 20130164. 10.1098/rstb.2013.0164. 

Frei, R. J., Lawson, G. M., Norris, A. J., Cano, G., Vargas, M. C., Kujanpää, E., Hopkins, A., Brown, B., 
Sabo, R., Brahney, J. & Abbott, B. W. (2021). Limited progress in nutrient pollution in the 
U.S. caused by spatially persistent nutrient sources. PLOS ONE, 16(11). 
https://doi.org/10.1371/journal.pone.0258952. 

Galloway, J. N., Aber, J. D., Erisman, J. W., Seitzinger, S. P., Howarth, R. W., Cowling, E. B. & Cosby, 
B. J. (2003). The Nitrogen Cascade. BioScience, 53(4), 341-356. 
https://doi.org/10.1641/0006-3568(2003)053[0341:TNC]2.0.CO;2. 

Garcia-Hernandez, J. A., Brouwer, R. & Pinto, R. (2022). Estimating the Total Economic Costs of 
Nutrient Emission Reduction Policies to Halt Eutrophication in the Great Lakes. Water 
Resources Research, 58(4), e2021WR030772. https://doi.org/10.1029/2021WR030772. 

Georgia EPD (2016). Water Efficiency and Water Loss Audits. Available at: 
https://epd.georgia.gov/watershed-protection-branch/water-efficiency-and-water-loss-
audits. 

Gephart, J. A., Troell, M., Henriksson, P. J. G., Beveridge, M. C. M., Verdegem, M., Metian, M., 
Mateos, L. D. & Deutsch, L. (2017). The `seafood gap' in the food-water nexus literature—
issues surrounding freshwater use in seafood production chains. Advances in Water 
Resources, 110, 505-514. 10.1016/j.advwatres.2017.03.025. 

Gober, P., Quay, R. & Larson, K. L. (2016). Outdoor Water Use as an Adaptation Problem: Insights 
from North American Cities. Water Resources Management, 30(3), 899-912. 
10.1007/s11269-015-1205-6. 

Gooddy, D. C., Ascott, M. J., Lapworth, D. J., Ward, R. S., Jarvie, H. P., Bowes, M. J., Tipping, E., Dils, 
R. & Surridge, B. W. (2017). Mains water leakage: Implications for phosphorus source 
apportionment and policy responses in catchments. Sci Total Environ, 579, 702-708. 
10.1016/j.scitotenv.2016.11.038. 

Gooddy, D. C. & Darling, W. G. (2005). The potential for methane emissions from groundwaters of 
the UK. Science of The Total Environment, 339(1), 117-126. 
https://doi.org/10.1016/j.scitotenv.2004.07.019. 

Gooddy, D. C., Lapworth, D. J., Ascott, M. J., Bennett, S. A., Heaton, T. H. & Surridge, B. W. (2015). 
Isotopic Fingerprint for Phosphorus in Drinking Water Supplies. Environ Sci Technol, 
49(15), 9020-8. 10.1021/acs.est.5b01137. 

Google (2021). Overview: Geocoding API. Available at: 
https://developers.google.com/maps/documentation/geocoding/overview [Accessed 24th 
March 2021]. 

Goulding, K. W. T., Poulton, P. R., Webster, C. P. & Howe, M. T. (2000). Nitrate leaching from the 
Broadbalk Wheat Experiment, Rothamsted, UK, as influenced by fertilizer and manure 
inputs and the weather. Soil Use and Management, 16(4), 244-250. 
https://doi.org/10.1111/j.1475-2743.2000.tb00203.x. 

Grieger, S. R. & Harrison, J. A. (2021). Long-Term Disconnect Between Nutrient Inputs and Riverine 
Exports in a Semi-Arid, Agricultural Watershed: Yakima River Basin 1945–2012. Journal of 
Geophysical Research: Biogeosciences, 126(9), e2020JG006072. 
https://doi.org/10.1029/2020JG006072. 

Griffiths-Sattenspiel, B. & Wilson, W. (2009). The Carbon Footprint of Water. Network, R. Available 
at: https://www.csu.edu/cerc/researchreports/documents/CarbonFootprintofWater-
RiverNetwork-2009.pdf. 

Grizzetti, B., Passy, P., Billen, G., Bouraoui, F., Garnier, J. & Lassaletta, L. (2015). The role of water 
nitrogen retention in integrated nutrient management: assessment in a large basin using 

https://doi.org/10.1371/journal.pone.0258952
https://doi.org/10.1641/0006-3568(2003)053%5b0341:TNC%5d2.0.CO;2
https://doi.org/10.1029/2021WR030772
https://epd.georgia.gov/watershed-protection-branch/water-efficiency-and-water-loss-audits
https://epd.georgia.gov/watershed-protection-branch/water-efficiency-and-water-loss-audits
https://doi.org/10.1016/j.scitotenv.2004.07.019
https://developers.google.com/maps/documentation/geocoding/overview
https://doi.org/10.1111/j.1475-2743.2000.tb00203.x
https://doi.org/10.1029/2020JG006072
https://www.csu.edu/cerc/researchreports/documents/CarbonFootprintofWater-RiverNetwork-2009.pdf
https://www.csu.edu/cerc/researchreports/documents/CarbonFootprintofWater-RiverNetwork-2009.pdf


 

162 
 

different modelling approaches. Environmental Research Letters, 10(6). 10.1088/1748-
9326/10/6/065008. 

Groffman, P. M., Law, N. L., Belt, K. T., Band, L. E. & Fisher, G. T. (2004). Nitrogen fluxes and 
retention in urban watershed ecosystems. Ecosystems, 7(4), 393-403. 
https://doi.org/10.1007/s10021-003-0039-x. 

Guignard, M. S., Leitch, A. R., Acquisti, C., Eizaguirre, C., Elser, J. J., Hessen, D. O., Jeyasingh, P. D., 
Neiman, M., Richardson, A. E., Soltis, P. S., Soltis, D. E., Stevens, C. J., Trimmer, M., Weider, 
L. J., Woodward, G. & Leitch, I. J. (2017). Impacts of Nitrogen and Phosphorus: From 
Genomes to Natural Ecosystems and Agriculture. Frontiers in Ecology and Evolution, 5. 
10.3389/fevo.2017.00070. 

Haddeland, I., Skaugen, T. & Lettenmaier, D. P. (2006). Anthropogenic impacts on continental 
surface water fluxes. Geophysical Research Letters, 33(8). 10.1029/2006GL026047. 

Hallas, J. F., Mackowiak, C. L., Wilkie, A. C. & Harris, W. G. (2019). Struvite Phosphorus Recovery 
from Aerobically Digested Municipal Wastewater. Sustainability, 11(2). 
10.3390/su11020376. 

Hanna-Attisha, M., LaChance, J., Sadler, R. C. & Champney Schnepp, A. (2015). Elevated Blood Lead 
Levels in Children Associated With the Flint Drinking Water Crisis: A Spatial Analysis of Risk 
and Public Health Response. American Journal of Public Health, 106(2), 283-290. 
10.2105/AJPH.2015.303003. 

Haque, S. E. (2021). How Effective Are Existing Phosphorus Management Strategies in Mitigating 
Surface Water Quality Problems in the U.S.? Sustainability, 13(12). 10.3390/su13126565. 

Harris, M. A. & Diehl, T. H. (2019). Withdrawal and consumption of water by thermoelectric power 
plants in the United States, 2015. U.S. Geological Survey. 10.3133/sir20195103. 

Harter, T., K. Dzurella, G. Kourakos, A. Hollander, A. Bell, N. Santos, Q. Hart, A.King, J. Quinn, G. 
Lampinen, D. Liptzin, T. Rosenstock, M. Zhang, G.S. Pettygrove & Tomich, T. (2017). 
Nitrogen Fertilizer Loading to Groundwater in the Central Valley. Final Report to the 
Fertilizer Research Education Program. Available at: 
https://www.cdfa.ca.gov/is/ffldrs/frep/pdfs/CompletedProjects/15-0454_partialFR-
Harter.pdf. 

Hawkesford, M. J., Cakmak, I., Coskun, D., De Kok, L. J., Lambers, H., Schjoerring, J. K. & White, P. J. 
(2023). Chapter 6 - Functions of macronutrients. In: Rengel, Z., Cakmak, I. & White, P. J. 
(eds.) Marschner's Mineral Nutrition of Plants (Fourth Edition). San Diego: Academic Press. 
Available at: https://www.sciencedirect.com/science/article/pii/B9780128197738000198. 

Haygarth, P. M., Jarvie, H. P., Powers, S. M., Sharpley, A. N., Elser, J. J., Shen, J., Peterson, H. M., 
Chan, N.-I., Howden, N. J. K., Burt, T., Worrall, F., Zhang, F. & Liu, X. (2014). Sustainable 
Phosphorus Management and the Need for a Long-Term Perspective: The Legacy 
Hypothesis. Environmental Science & Technology, 48(15), 8417-8419. 10.1021/es502852s. 

He, C., Liu, Z., Wu, J., Pan, X., Fang, Z., Li, J. & Bryan, B. A. (2021). Future global urban water 
scarcity and potential solutions. Nature Communications, 12(1), 4667. 10.1038/s41467-
021-25026-3. 

Healey, J., Fausset, R. & Dobbins, J. (2021). Cracked Pipes, Frozen Wells, Offline Treatment Plants: 
A Texan Water Crisis. The New York Times. Available at: 
https://www.nytimes.com/2021/02/18/us/texas-water-crisis-winter-storm.html [Accessed 
March 2nd 2021]. 

Health Canada (2009). Guidance on Controlling Corrosion in Drinking Water Distribution Systems. 
Available at: https://www.canada.ca/en/health-canada/services/publications/healthy-
living/guidance-controlling-corrosion-drinking-water-distribution-systems.html. 

https://doi.org/10.1007/s10021-003-0039-x
https://www.cdfa.ca.gov/is/ffldrs/frep/pdfs/CompletedProjects/15-0454_partialFR-Harter.pdf
https://www.cdfa.ca.gov/is/ffldrs/frep/pdfs/CompletedProjects/15-0454_partialFR-Harter.pdf
https://www.sciencedirect.com/science/article/pii/B9780128197738000198
https://www.nytimes.com/2021/02/18/us/texas-water-crisis-winter-storm.html
https://www.canada.ca/en/health-canada/services/publications/healthy-living/guidance-controlling-corrosion-drinking-water-distribution-systems.html
https://www.canada.ca/en/health-canada/services/publications/healthy-living/guidance-controlling-corrosion-drinking-water-distribution-systems.html


 

163 
 

Hejna, M. & Cutright, T. J. (2021). Stream restoration reduces elevated phosphorus levels in an 
urban watershed. Limnologica, 91, 125921. https://doi.org/10.1016/j.limno.2021.125921. 

Helsel, D. R., Hirsch, R. M., Ryberg, K. R., Archfield, S. A. & Gilroy, E. J. (2020). Statistical methods in 
water resources. U.S. Geological Survey. 10.3133/tm4A3. 

Hem, J. D. (1985). Study and interpretation of the chemical characteristics of natural water. Water 
Supply Paper. 10.3133/wsp2254. 

Hill, C. P. & Cantor, A. F. (2011). Internal corrosion control in water distribution systems. Denver, 
CO: American Water Works Association. Available at: http://site.ebrary.com/id/10522359. 

Hobbie, S., Finlay, J., Janke, B., Nidzgorski, D., Millet, D. & Baker, L. (2017). Contrasting nitrogen 
and phosphorus budgets in urban watersheds and implications for managing urban water 
pollution. Proceedings of the National Academy of Sciences of the United States of 
America, 114. 10.1073/pnas.1618536114. 

Hodel, D. R. & Pittenger, D. R. (2015). 9%: Perspective on the California drought and landscape 
water use. University of California Cooperative Extension. Available at: 
https://ucanr.edu/sites/UrbanHort/files/216568.pdf. 

Holman, I. P., Whelan, M. J., Howden, N. J. K., Bellamy, P. H., Willby, N. J., Rivas-Casado, M. & 
McConvey, P. (2008). Phosphorus in groundwater-an overlooked contributor to 
eutrophication? Hydrological Processes, 22(26), 5121-5127. 10.1002/hyp.7198. 

Hong, B., Swaney, D. P. & Howarth, R. W. (2011). A toolbox for calculating net anthropogenic 
nitrogen inputs (NANI). Environmental Modelling & Software, 26(5), 623-633. 
https://doi.org/10.1016/j.envsoft.2010.11.012. 

Hossler, K. & Bauer, J. E. (2013). Amounts, isotopic character, and ages of organic and inorganic 
carbon exported from rivers to ocean margins: 2. Assessment of natural and 
anthropogenic controls. Global Biogeochemical Cycles, 27(2), 347-362. 
https://doi.org/10.1002/gbc.20034. 

Houlton, B. Z., Boyer, E., Finzi, A., Galloway, J., Leach, A., Liptzin, D., Melillo, J., Rosenstock, T. S., 
Sobota, D. & Townsend, A. R. (2013). Intentional versus unintentional nitrogen use in the 
United States: trends, efficiency and implications. Biogeochemistry, 114(1), 11-23. 
10.1007/s10533-012-9801-5. 

Howard, K. & Gerber, R. (2018). Impacts of urban areas and urban growth on groundwater in the 
Great Lakes Basin of North America. Journal of Great Lakes Research, 44(1), 1-13. 
https://doi.org/10.1016/j.jglr.2017.11.012. 

Howarth, R. W. (2008). Coastal nitrogen pollution: A review of sources and trends globally and 
regionally. Harmful Algae, 8(1), 14-20. 10.1016/j.hal.2008.08.015. 

Hrozencik, A., Wallander, S. & Aillery, M. (2021). Irrigation Organizations: Water Storage and 
Delivery Infrastructure. (Economic Brief No. (EB-32)), 24. 
https://www.ers.usda.gov/publications/pub-details/?pubid=102395. 

Hrozencik, R. A., Potter, N. A. & Wallander, S. (2022). A National Estimate of Irrigation Canal Lining 
and Piping Water Conservation. 10.3386/w30123. 

Hung, D. T., Thi Cuc, V., Thi Bich Phuong, V., Thi Thanh Diu, D., Thi Huyen Trang, N., Phuong Thoa, 
N., Thi Tuyet Chinh, D., Manh Hung, T., Manh Linh, C. & Van Long, N. (2020). Evaluation of 
Drinking Water Quality in Schools in a District Area in Hanoi, Vietnam. Environmental 
Health Insights, 14, 1178630220959672. 10.1177/1178630220959672. 

Hunter, W. J. (2008). Chapter 19. Remediation of Drinking Water for Rural Populations. 2008. 
http://lib.ugent.be/catalog/ebk01:4330000001224480. 

Huo, P., Li, H., Huang, X., Ma, X., Liu, L., Ji, W., Liu, Y. & Gao, P. (2022). Dissolved greenhouse gas 
emissions from agricultural groundwater irrigation in the Guanzhong Basin of China. 
Environmental Pollution, 309, 119714. 10.1016/j.envpol.2022.119714. 

https://doi.org/10.1016/j.limno.2021.125921
http://site.ebrary.com/id/10522359
https://ucanr.edu/sites/UrbanHort/files/216568.pdf
https://doi.org/10.1016/j.envsoft.2010.11.012
https://doi.org/10.1002/gbc.20034
https://doi.org/10.1016/j.jglr.2017.11.012
https://www.ers.usda.gov/publications/pub-details/?pubid=102395
http://lib.ugent.be/catalog/ebk01:4330000001224480


 

164 
 

Ice, G., Schilling, E. & Vowell, J. (2010). Trends for Forestry Best Management Practices 
Implementation. Journal of Forestry, 108, 267-273. https://doi.org/10.1093/jof/108.6.267. 

Illinois Department of Natural Resources (2015). LMO-2: Lake Michigan Water Allocation, Water 
Supplied and Non-Revenue Water Summary Table: Water Year 2015. Available at: 
https://www2.illinois.gov/dnr/WaterResources/Documents/LMO-2_Report_2015.pdf. 

Indiana Finance Authority (2016). Evaluation of Indiana’s Water Utilities: An analysis of the State’s 
aging infrastructure. Available at: https://www.in.gov/ifa/files/IFA-Evaluation-of-Indianas-
Water-Utilities-Report-11-18-2016.pdf. 

Iverson, G., Humphrey, C. P., O'Driscoll, M. A., Sanderford, C., Jernigan, J. & Serozi, B. (2018). 
Nutrient exports from watersheds with varying septic system densities in the North 
Carolina Piedmont. Journal of Environmental Management, 211, 206-217. 
https://doi.org/10.1016/j.jenvman.2018.01.063. 

Jakeman, A. J., Barreteau, O., Hunt, R., Rinaudo, J.-D. & Ross, A. (2016). Integrated Groundwater 
Management - Concepts, Approaches and Challenges. 10.1007/978-3-319-23576-9. 

Jarvie, H., Sharpley, A., Flaten, D., Kleinman, P., Jenkins, A. & Simmons, T. (2015). The Pivotal Role 
of Phosphorus in a Resilient Water-Energy-Food Security Nexus. Journal of Environmental 
Quality, 0. 10.2134/jeq2015.01.0030. 

Jarvie, H., Sharpley, A., Spears, B., Buda, A., May, L. & Kleinman, P. (2013). Water Quality 
Remediation Faces Unprecedented Challenges from "Legacy Phosphorus". Environmental 
science & technology, 47. 10.1021/es403160a. 

Jarvie, H. P., King, S. M. & Neal, C. (2017). Inorganic carbon dominates total dissolved carbon 
concentrations and fluxes in British rivers: Application of the THINCARB model – 
Thermodynamic modelling of inorganic carbon in freshwaters. Science of The Total 
Environment, 575, 496-512. 10.1016/j.scitotenv.2016.08.201. 

Jernigan, W., Blackwell, D. & Cavanaugh, S. (2018). Arizona M36 Water Loss Technical Assistance 
Program Pilot Phase. Arizona Department of Water Resources. Available at: 
https://new.azwater.gov/sites/default/files/AZ%20PIlot%20WLTAP%20FINAL%20Report.p
df. 

Johnson, T. D. & Belitz, K. (2015). Identifying the location and population served by domestic wells 
in California. Journal of Hydrology: Regional Studies, 3, 31-86. 
https://doi.org/10.1016/j.ejrh.2014.09.002. 

Jones, T. G., Evans, C. D. & Freeman, C. (2016). The greenhouse gas (GHG) emissions associated 
with aquatic carbon removal during drinking water treatment. Aquatic Sciences, 78(3), 
561-572. 10.1007/s00027-015-0458-8. 

Josset, L., Allaire, M., Hayek, C., Rising, J., Thomas, C. & Lall, U. (2019). The U.S. Water Data Gap—A 
Survey of State-Level Water Data Platforms to Inform the Development of a National 
Water Portal. Earth's Future, 7(4), 433-449. https://doi.org/10.1029/2018EF001063. 

Jurgens, B. C., Jasper, M., Nguyen, D. H. & Bennett, G. L. (2021). USGS CA GAMA-PBP 
Groundwater-Quality Results--Assessment and Trends. Available at: 
https://ca.water.usgs.gov/projects/gama/water-quality-results/. 

Kahle, D. & Wickham, H. (2013). ggmap: Spatial Visualization with ggplot2. The R Journal, 5, 144-
161. https://journal.r-project.org/archive/2013-1/kahle-wickham.pdf. 

Kaushal, S. S. & Belt, K. T. (2012). The urban watershed continuum: evolving spatial and temporal 
dimensions. Urban Ecosystems, 15(2), 409-435. 10.1007/s11252-012-0226-7. 

Kazmierczak, J., Nilsson, B., Postma, D., Sebok, E., Karan, S., Müller, S., Czekaj, J. & Engesgaard, P. 
(2021). Transport of geogenic phosphorus to a groundwater-dominated eutrophic lake. 
Journal of Hydrology, 598, 126175. https://doi.org/10.1016/j.jhydrol.2021.126175. 

https://doi.org/10.1093/jof/108.6.267
https://www2.illinois.gov/dnr/WaterResources/Documents/LMO-2_Report_2015.pdf
https://www.in.gov/ifa/files/IFA-Evaluation-of-Indianas-Water-Utilities-Report-11-18-2016.pdf
https://www.in.gov/ifa/files/IFA-Evaluation-of-Indianas-Water-Utilities-Report-11-18-2016.pdf
https://doi.org/10.1016/j.jenvman.2018.01.063
https://new.azwater.gov/sites/default/files/AZ%20PIlot%20WLTAP%20FINAL%20Report.pdf
https://new.azwater.gov/sites/default/files/AZ%20PIlot%20WLTAP%20FINAL%20Report.pdf
https://doi.org/10.1016/j.ejrh.2014.09.002
https://doi.org/10.1029/2018EF001063
https://ca.water.usgs.gov/projects/gama/water-quality-results/
https://journal.r-project.org/archive/2013-1/kahle-wickham.pdf
https://doi.org/10.1016/j.jhydrol.2021.126175


 

165 
 

Keiser, D. A., Kling, C. L. & Shapiro, J. S. (2019). The low but uncertain measured benefits of US 
water quality policy. Proceedings of the National Academy of Sciences, 116(12), 5262. 
10.1073/pnas.1802870115. 

Keiser, D. A. & Shapiro, J. S. (2019). Consequences of the Clean Water Act and the Demand for 
Water Quality*. The Quarterly Journal of Economics, 134(1), 349-396. 10.1093/qje/qjy019. 

Keller, P. S., Marcé, R., Obrador, B. & Koschorreck, M. (2021). Global carbon budget of reservoirs is 
overturned by the quantification of drawdown areas. Nature Geoscience, 14(6), 402-408. 
10.1038/s41561-021-00734-z. 

Kellner, E., Hubbart, J. A. & Ikem, A. (2015). A comparison of forest and agricultural shallow 
groundwater chemical status a century after land use change. Science of The Total 
Environment, 529, 82-90. https://doi.org/10.1016/j.scitotenv.2015.05.052. 

Kent, R., Johnson, T. D. & Rosen, M. R. (2020). Status and trends of orthophosphate concentrations 
in groundwater used for public supply in California. Environmental Monitoring and 
Assessment, 192(8), 550. 10.1007/s10661-020-08504-x. 

Khan, Z., Thompson, I., Vernon, C. R., Graham, N. T., Wild, T. B. & Chen, M. (2023). Global monthly 
sectoral water use for 2010–2100 at 0.5° resolution across alternative futures. Scientific 
Data, 10(1), 201. 10.1038/s41597-023-02086-2. 

Kingdom, B., Liemberger, R. & Marin, P. (2006). The challenge of reducing non-revenue water 
(NRW) in developing countries. Water Supply and Sanitation Sector Board discussion paper 
series ; no. 8 Washington, D.C. : World Bank Group. 
https://documents1.worldbank.org/curated/en/385761468330326484/pdf/394050Reduci
ng1e0water0WSS81PUBLIC1.pdf. 

Kirk, L., Compton, J. E., Neale, A., Sabo, R. D. & Christensen, J. (2024). Our national nutrient 
reduction needs: Applying a conservation prioritization framework to US agricultural 
lands. Journal of Environmental Management, 351, 119758. 
https://doi.org/10.1016/j.jenvman.2023.119758. 

Klaus, M. (2023). Decadal increase in groundwater inorganic carbon concentrations across 
Sweden. Communications Earth & Environment, 4(1), 221. 10.1038/s43247-023-00885-4. 

Klee, R. J. & Graedel, T. E. (2004). ELEMENTAL CYCLES: A Status Report on Human or Natural 
Dominance. Annual Review of Environment and Resources, 29(1), 69-107. 
10.1146/annurev.energy.29.042203.104034. 

Kondash, A. J., Albright, E. & Vengosh, A. (2017). Quantity of flowback and produced waters from 
unconventional oil and gas exploration. Sci Total Environ, 574, 314-321. 
10.1016/j.scitotenv.2016.09.069. 

Kovacs, K. & West, G. (2016). The Influence of Groundwater Depletion from Irrigated Agriculture 
on the Tradeoffs between Ecosystem Services and Economic Returns. PLOS ONE, 11(12), 
e0168681. 10.1371/journal.pone.0168681. 

Kozacek, C. (2014). Toledo Issues Emergency ‘Do Not Drink Water’ Warning to Residents. Circle of 
Blue. Available at: https://www.circleofblue.org/2014/world/toledo-issues-emergency-
warning-residents-drink-water/ [Accessed 12th March 2021]. 

Kulongoski, J. T. & McMahon, P. B. (2019). Methane emissions from groundwater pumping in the 
USA. npj Climate and Atmospheric Science, 2(1), 11. 10.1038/s41612-019-0068-6. 

Kunkel Water Efficiency Consulting (2017). Report on the Evaluation of Water Audit Data for New 
Jersey Water Utilities. Natural Resources Defense Council. Available at: 
https://www.nrdc.org/sites/default/files/nj-utilities-water-audit-data-evaluation-
20170110.pdf. 

Kunkel Water Efficiency Consulting (2018). Report on the Evaluation of 2016 Validated Water 
Audit Data of California Water Utilities. Natural Resources Defense Council. Available at: 

https://doi.org/10.1016/j.scitotenv.2015.05.052
https://documents1.worldbank.org/curated/en/385761468330326484/pdf/394050Reducing1e0water0WSS81PUBLIC1.pdf
https://documents1.worldbank.org/curated/en/385761468330326484/pdf/394050Reducing1e0water0WSS81PUBLIC1.pdf
https://doi.org/10.1016/j.jenvman.2023.119758
https://www.circleofblue.org/2014/world/toledo-issues-emergency-warning-residents-drink-water/
https://www.circleofblue.org/2014/world/toledo-issues-emergency-warning-residents-drink-water/
https://www.nrdc.org/sites/default/files/nj-utilities-water-audit-data-evaluation-20170110.pdf
https://www.nrdc.org/sites/default/files/nj-utilities-water-audit-data-evaluation-20170110.pdf


 

166 
 

https://www.nrdc.org/sites/default/files/report-on-the-evaluation-of-2016-validated-
water-audit-data-of-california-water-utilities_2018-05-16.pdf. 

Lal, R. (2004). Agricultural activities and the global carbon cycle. Nutrient Cycling in 
Agroecosystems, 70(2), 103-116. 10.1023/B:FRES.0000048480.24274.0f. 

Lamb, N. (2020). Taking the lead : an insight into orthophosphoric acid treatment for lead control 
in the UK drinking water industry. Perspectives in Public Health, 133-134. 
https://doi.org/10.1177/1757913920916148. 

Langholtz, M., Davison, B. H., Jager, H. I., Eaton, L., Baskaran, L. M., Davis, M. & Brandt, C. C. 
(2021). Increased nitrogen use efficiency in crop production can provide economic and 
environmental benefits. Science of The Total Environment, 758, 143602. 
https://doi.org/10.1016/j.scitotenv.2020.143602. 

Lee, D. G., Roehrdanz, P. R., Feraud, M., Ervin, J., Anumol, T., Jia, A., Park, M., Tamez, C., Morelius, 
E. W., Gardea-Torresdey, J. L., Izbicki, J., Means, J. C., Snyder, S. A. & Holden, P. A. (2015). 
Wastewater compounds in urban shallow groundwater wells correspond to exfiltration 
probabilities of nearby sewers. Water Research, 85, 467-475. 
https://doi.org/10.1016/j.watres.2015.08.048. 

Lee, S. & McCann, L. (2018). Passage of Phosphorus-free Lawn Fertilizer Laws by U.S. States. 
Journal of Natural Resources Policy Research, 8(1-2), 66-88. 10.5325/naturesopolirese.8.1-
2.0066. 

Lee, U., Chou, J., Xu, H., Carlson, D., Venkatesh, A., Shuster, E., Skone, T. J. & Wang, M. (2020). 
Regional and seasonal water stress analysis of United States thermoelectricity. Journal of 
Cleaner Production, 270, 122234. https://doi.org/10.1016/j.jclepro.2020.122234. 

Lee, U., Han, J., Elgowainy, A. & Wang, M. (2018). Regional water consumption for hydro and 
thermal electricity generation in the United States. Applied Energy, 210, 661-672. 
10.1016/j.apenergy.2017.05.025. 

Leinweber, P., Bathmann, U., Buczko, U., Douhaire, C., Eichler-Löbermann, B., Frossard, E., Ekardt, 
F., Jarvie, H., Krämer, I., Kabbe, C., Lennartz, B., Mellander, P.-E., Nausch, G., Ohtake, H. & 
Tränckner, J. (2018). Handling the phosphorus paradox in agriculture and natural 
ecosystems: Scarcity, necessity, and burden of P. Ambio, 47(1), 3-19. 10.1007/s13280-017-
0968-9. 

Leng, G., Huang, M., Tang, Q., Gao, H. & Leung, L. R. (2014). Modeling the Effects of Groundwater-
Fed Irrigation on Terrestrial Hydrology over the Conterminous United States. Journal of 
Hydrometeorology, 15(3), 957-972. 10.1175/JHM-D-13-049.1. 

Lerner, D., Yang, Y., Barrett, M. E. & Tellam, J. (1999). Loadings of non-agricultural nitrogen in 
urban groundwater. IAHS-AISH publication, 117-123. https://owl.cwp.org/?mdocs-
file=5007. 

Lerner, D. N. (1990). Groundwater recharge in urban areas. Atmospheric Environment. Part B. 
Urban Atmosphere, 24(1), 29-33. https://doi.org/10.1016/0957-1272(90)90006-G. 

Lerner, D. N. (2003). Estimating urban loads of nitrogen to groundwater. Water and Environment 
Journal, 17(4), 239-244. https://doi.org/10.1111/j.1747-6593.2003.tb00475.x. 

Li, C., Wang, Y., Yi, Y., Wang, X., Augusto Guimarães Santos, C. & Liu, Q. (2024). A review of 
reservoir carbon Cycling: Key Processes, influencing factors and research methods. 
Ecological Indicators, 166, 112511. https://doi.org/10.1016/j.ecolind.2024.112511. 

Li, M., Peng, C., Wang, M., Xue, W., Zhang, K., Wang, K., Shi, G. & Zhu, Q. (2017). The carbon flux of 
global rivers: A re-evaluation of amount and spatial patterns. Ecological Indicators, 80, 40-
51. 10.1016/j.ecolind.2017.04.049. 

Lintern, A., McPhillips, L., Winfrey, B., Duncan, J. & Grady, C. (2020). Best Management Practices 
for Diffuse Nutrient Pollution: Wicked Problems Across Urban and Agricultural 

https://www.nrdc.org/sites/default/files/report-on-the-evaluation-of-2016-validated-water-audit-data-of-california-water-utilities_2018-05-16.pdf
https://www.nrdc.org/sites/default/files/report-on-the-evaluation-of-2016-validated-water-audit-data-of-california-water-utilities_2018-05-16.pdf
https://doi.org/10.1177/1757913920916148
https://doi.org/10.1016/j.scitotenv.2020.143602
https://doi.org/10.1016/j.watres.2015.08.048
https://doi.org/10.1016/j.jclepro.2020.122234
https://owl.cwp.org/?mdocs-file=5007
https://owl.cwp.org/?mdocs-file=5007
https://doi.org/10.1016/0957-1272(90)90006-G
https://doi.org/10.1111/j.1747-6593.2003.tb00475.x
https://doi.org/10.1016/j.ecolind.2024.112511


 

167 
 

Watersheds. Environmental Science & Technology, 54(15), 9159-9174. 
10.1021/acs.est.9b07511. 

Liptzin, D. & Dahlgren, R. (2016). 4. A California nitrogen mass balance for 2005. The California 
Nitrogen Assessment: Challenges and Solutions for People, Agriculture, and the 
Environment. doi:10.1525/9780520962231-018. 

Litke, D. W. (1999). Review of Phosphorus Control Measures in the United States and Their Effects 
on Water Quality U.S. Geological Survey. Available at: 
https://pubs.usgs.gov/wri/wri994007/pdf/wri99-4007.pdf. 

Liu, D., Jin, J., Liang, S. & Zhang, J. (2019). Characteristics of water quality and bacterial 
communities in three water supply pipelines. RSC Advances, 9(7), 4035-4047. 
10.1039/C8RA08645A. 

Liu, M., Raymond, P. A., Lauerwald, R., Zhang, Q., Trapp-Müller, G., Davis, K. L., Moosdorf, N., Xiao, 
C., Middelburg, J. J., Bouwman, A. F., Beusen, A. H. W., Peng, C., Lacroix, F., Tian, H., Wang, 
J., Li, M., Zhu, Q., Cohen, S., van Hoek, W. J., Li, Y., Li, Y., Yao, Y. & Regnier, P. (2024). 
Global riverine land-to-ocean carbon export constrained by observations and multi-model 
assessment. Nature Geoscience, 17(9), 896-904. 10.1038/s41561-024-01524-z. 

Liu, Y., Engel, B. A., Flanagan, D. C., Gitau, M. W., McMillan, S. K. & Chaubey, I. (2017). A review on 
effectiveness of best management practices in improving hydrology and water quality: 
Needs and opportunities. Science of The Total Environment, 601-602, 580-593. 
https://doi.org/10.1016/j.scitotenv.2017.05.212. 

Liu, Y. & Mauter, M. S. (2022). High-Resolution Carbon Accounting Framework for Urban Water 
Supply Systems. Environmental Science & Technology, 56(19), 13920-13930. 
10.1021/acs.est.2c04127. 

Lun, F., Liu, J., Ciais, P., Nesme, T., Chang, J., Wang, R., Goll, D., Sardans, J., Peñuelas, J. & 
Obersteiner, M. (2018). Global and regional phosphorus budgets in agricultural systems 
and their implications for phosphorus-use efficiency. Earth Syst. Sci. Data, 10(1), 1-18. 
10.5194/essd-10-1-2018. 

Luukkonen, C. L., Alzraiee, A.H., Larsen, J.D., Martin, D.J., Herbert, D.M., Buchwald, C.A., Houston, 
N.A., Valseth, K.J., Paulinski, S., Miller, L.D., Niswonger, R.G., Stewart, J.S., and Dieter, C.A., 
(2023). Public supply water use reanalysis for the 2000-2020 period by HUC12, month, and 
year for the conterminous United States. Available at: https://doi.org/10.5066/P9FUL880. 
https://doi.org/10.5066/P9FUL880. 

Lytle, D. A., Schock, M. R., Leo, J. & Barnes, B. (2018). A Model for Estimating the Impact of 
Orthophosphate on Copper in Water. J Am Water Works Assoc, 110(10), E1-E15. 
10.1002/awwa.1109. 

Lytle, D. A. & White, C. P. (2014). The Effect of Phosphate on the Properties of Copper Drinking 
Water Pipes Experiencing Localized Corrosion. Journal of Failure Analysis and Prevention, 
14(2), 203-219. 10.1007/s11668-014-9786-6. 

Maavara, T., Lauerwald, R., Regnier, P. & Van Cappellen, P. (2017). Global perturbation of organic 
carbon cycling by river damming. Nature Communications, 8(1), 15347. 
10.1038/ncomms15347. 

Maavara, T., Parsons, C. T., Ridenour, C., Stojanovic, S., Dürr, H. H., Powley, H. R. & Van Cappellen, 
P. (2015). Global phosphorus retention by river damming. Proceedings of the National 
Academy of Sciences, 112(51), 15603-15608. doi:10.1073/pnas.1511797112. 

MacDonald, G. K., Bennett, E. M. & Carpenter, S. R. (2012). Embodied phosphorus and the global 
connections of United States agriculture. Environmental Research Letters, 7(4), 044024. 
10.1088/1748-9326/7/4/044024. 

https://pubs.usgs.gov/wri/wri994007/pdf/wri99-4007.pdf
https://doi.org/10.1016/j.scitotenv.2017.05.212
https://doi.org/10.5066/P9FUL880
https://doi.org/10.5066/P9FUL880


 

168 
 

Mackenzie, F. T., Ver, L. M. & Lerman, A. (2002). Century-scale nitrogen and phosphorus controls 
of the carbon cycle. Chemical Geology, 190(1), 13-32. https://doi.org/10.1016/S0009-
2541(02)00108-0. 

Macpherson, G. L. (2009). CO2 distribution in groundwater and the impact of groundwater 
extraction on the global C cycle. Chemical Geology, 264(1), 328-336. 
https://doi.org/10.1016/j.chemgeo.2009.03.018. 

Magagna, D., Medarac, H. & Hidalgo González, I. (2018). Projected fresh water use from the 
European energy sector : disaggregated fresh water withdrawal and consumption in the 
EU up to 2050. Publications Office. doi/10.2760/30414. 

Malone, T. C. & Newton, A. (2020). The Globalization of Cultural Eutrophication in the Coastal 
Ocean: Causes and Consequences. Frontiers in Marine Science, 7. 
10.3389/fmars.2020.00670. 

Manning, D. W. P., Rosemond, A. D., Benstead, J. P., Bumpers, P. M. & Kominoski, J. S. (2020). 
Transport of N and P in U.S. streams and rivers differs with land use and between 
dissolved and particulate forms. Ecological Applications, 30(6), e02130. 
https://doi.org/10.1002/eap.2130. 

Manuel, J. (2014). Nutrient pollution: a persistent threat to waterways. Environmental health 
perspectives, 122(11), A304-A309. 10.1289/ehp.122-A304. 

Mao, Y., Zhang, H., Tang, W., Zhao, J., Wang, Z. & Fan, A. (2021). Net anthropogenic nitrogen and 
phosphorus inputs in Pearl River Delta region (2008-2016). J Environ Manage, 282, 
111952. 10.1016/j.jenvman.2021.111952. 

Maranger, R., Jones, S. E. & Cotner, J. B. (2018). Stoichiometry of carbon, nitrogen, and 
phosphorus through the freshwater pipe. Limnology and Oceanography Letters, 3(3), 89-
101. https://doi.org/10.1002/lol2.10080. 

Marston, L., Ao, Y., Konar, M., Mekonnen, M. M. & Hoekstra, A. Y. (2018). High-Resolution Water 
Footprints of Production of the United States. Water Resources Research, 54(3), 2288-
2316. 10.1002/2017WR021923. 

Maryland Department of the Environment (2015). Water Audits and Loss Reduction Report: 2015. 
Maryland Department of the Environment. Available at: 
https://mde.maryland.gov/programs/Water/waterconservation/Documents/WaterAudits
AndLossReduction-MDE-2015.pdf. 

Maslin, M. A., Lang, J. & Harvey, F. (2023). A short history of the successes and failures of the 
international climate change negotiations. UCL Open Environ, 5, e059. 
10.14324/111.444/ucloe.000059. 

Maupin, M. A. & Weakland, R. J. (2009). Water Budgets for Coeur d’Alene Lake, Idaho, Water 
Years 2000–2005. U.S. Geological Survey Scientific Investigations Report 2009-5184, 16. 
https://doi.org/10.3133/sir20095184. 

McCafferty, A. E., San Juan, C.A., Lawley, C.J.M., Graham, G.E., Gadd, M.G., Huston, D.L., Kelley, 
K.D., Paradis, S., Peter, J.M., and Czarnota, K., (2023). National-scale geophysical, geologic, 
and mineral resource data and grids for the United States, Canada, and Australia: Data in 
support of the tri-national Critical Minerals Mapping Initiative: U.S. Geological Survey data 
release. doi.org/10.5066/P970GDD5  

McCall, J., Rao, P., Gonzalez, S. G., Nimbalkar, S., Das, S., Supekar, S. & Cresko, J. (2021). U.S. 
Manufacturing Water Use Data and Estimates: Current State, Limitations, and Future 
Needs for Supporting Manufacturing Research and Development. ACS ES&T Water, 1(10), 
2186-2196. 10.1021/acsestwater.1c00189. 

McCarthy, B., Anex, R., Wang, Y., Kendall, A. D., Anctil, A., Haacker, E. M. K. & Hyndman, D. W. 
(2020). Trends in Water Use, Energy Consumption, and Carbon Emissions from Irrigation: 

https://doi.org/10.1016/S0009-2541(02)00108-0
https://doi.org/10.1016/S0009-2541(02)00108-0
https://doi.org/10.1016/j.chemgeo.2009.03.018
https://doi.org/10.1002/eap.2130
https://doi.org/10.1002/lol2.10080
https://mde.maryland.gov/programs/Water/waterconservation/Documents/WaterAuditsAndLossReduction-MDE-2015.pdf
https://mde.maryland.gov/programs/Water/waterconservation/Documents/WaterAuditsAndLossReduction-MDE-2015.pdf
https://doi.org/10.3133/sir20095184


 

169 
 

Role of Shifting Technologies and Energy Sources. Environmental Science & Technology, 
54(23), 15329-15337. 10.1021/acs.est.0c02897. 

McCarthy, M., Brogan, C., Shortridge, J., Burgholzer, R., Kleiner, J. & Scott, D. (2022). Estimating 
Facility-Level Monthly Water Consumption of Commercial, Industrial, Municipal, and 
Thermoelectric Users in Virginia. JAWRA Journal of the American Water Resources 
Association, 58(6), 1358-1376. 10.1111/1752-1688.13037. 

McDonald, C. P., Stets, E. G., Striegl, R. G. & Butman, D. (2013). Inorganic carbon loading as a 
primary driver of dissolved carbon dioxide concentrations in the lakes and reservoirs of 
the contiguous United States. Global Biogeochemical Cycles, 27(2), 285-295. 
https://doi.org/10.1002/gbc.20032. 

McDonald, R. I. & Girvetz, E. H. (2013). Two Challenges for U.S. Irrigation Due to Climate Change: 
Increasing Irrigated Area in Wet States and Increasing Irrigation Rates in Dry States. PLOS 
ONE, 8(6), e65589. 10.1371/journal.pone.0065589. 

McDonough, L. K., Andersen, M. S., Behnke, M. I., Rutlidge, H., Oudone, P., Meredith, K., O’Carroll, 
D. M., Santos, I. R., Marjo, C. E., Spencer, R. G. M., McKenna, A. M. & Baker, A. (2022). A 
new conceptual framework for the transformation of groundwater dissolved organic 
matter. Nature Communications, 13(1), 2153. 10.1038/s41467-022-29711-9. 

McDonough, L. K., Santos, I. R., Andersen, M. S., O’Carroll, D. M., Rutlidge, H., Meredith, K., 
Oudone, P., Bridgeman, J., Gooddy, D. C., Sorensen, J. P. R., Lapworth, D. J., MacDonald, A. 
M., Ward, J. & Baker, A. (2020). Changes in global groundwater organic carbon driven by 
climate change and urbanization. Nature Communications, 11(1), 1279. 10.1038/s41467-
020-14946-1. 

McDowell, R. W., Noble, A., Pletnyakov, P., Haggard, B. E. & Mosley, L. M. (2020). Global mapping 
of freshwater nutrient enrichment and periphyton growth potential. Sci Rep, 10(1), 3568. 
10.1038/s41598-020-60279-w. 

McGill, B. M., Hamilton, S. K., Millar, N. & Robertson, G. P. (2018). The greenhouse gas cost of 
agricultural intensification with groundwater irrigation in a Midwest U.S. row cropping 
system. Global Change Biology, 24(12), 5948-5960. https://doi.org/10.1111/gcb.14472. 

McGrane, S. J. (2016). Impacts of urbanisation on hydrological and water quality dynamics, and 
urban water management: a review. Hydrological Sciences Journal, 61(13), 2295-2311. 
10.1080/02626667.2015.1128084. 

McNeill, L. S. & Edwards, M. (2002). Phosphate inhibitor use at US utilities. Journal AWWA, 94(7), 
57-63. https://doi.org/10.1002/j.1551-8833.2002.tb09506.x. 

Meals, D. W. & Dressing, S. A. (2008). Lag time in water quality response to land treatment. 
USEPA. Available at: https://www.epa.gov/sites/default/files/2016-
05/documents/tech_notes_4_dec2013_lag.pdf. 

Meals, D. W., Dressing, S. A. & Davenport, T. E. (2010). Lag Time in Water Quality Response to Best 
Management Practices: A Review. Journal of Environmental Quality, 39(1), 85-96. 
https://doi.org/10.2134/jeq2009.0108. 

Mekonnen, M. M. & Hoekstra, A. Y. (2015). Global Gray Water Footprint and Water Pollution 
Levels Related to Anthropogenic Nitrogen Loads to Fresh Water. Environmental Science & 
Technology, 49(21), 12860-12868. 10.1021/acs.est.5b03191. 

Mendonça, R., Müller, R. A., Clow, D., Verpoorter, C., Raymond, P., Tranvik, L. J. & Sobek, S. (2017). 
Organic carbon burial in global lakes and reservoirs. Nature Communications, 8(1), 1694. 
10.1038/s41467-017-01789-6. 

Menegat, S., Ledo, A. & Tirado, R. (2022). Greenhouse gas emissions from global production and 
use of nitrogen synthetic fertilisers in agriculture. Sci Rep, 12(1), 14490. 10.1038/s41598-
022-18773-w. 

https://doi.org/10.1002/gbc.20032
https://doi.org/10.1111/gcb.14472
https://doi.org/10.1002/j.1551-8833.2002.tb09506.x
https://www.epa.gov/sites/default/files/2016-05/documents/tech_notes_4_dec2013_lag.pdf
https://www.epa.gov/sites/default/files/2016-05/documents/tech_notes_4_dec2013_lag.pdf
https://doi.org/10.2134/jeq2009.0108


 

170 
 

Metropolitan North Georgia Water Planning District (2017). Water Resource Management Plan. 
Metropolitan North Georgia Water Planning District. Available at: 
https://northgeorgiawater.org/wp-content/uploads/2018/03/Water-Resource-
Management-Plan_REVISED.pdf. 

Metson, G., MacDonald, G., Leach, A., Compton, J., Harrison, J. & Galloway, J. (2020a). The U.S. 
consumer phosphorus footprint: Where do nitrogen and phosphorus diverge? 
Environmental Research Letters, 15. 10.1088/1748-9326/aba781. 

Metson, G. S., Hale, R. L., Iwaniec, D. M., Cook, E. M., Corman, J. R., Galletti, C. S. & Childers, D. L. 
(2012). Phosphorus in Phoenix: a budget and spatial representation of phosphorus in an 
urban ecosystem. Ecological Applications, 22(2), 705-721. https://doi.org/10.1890/11-
0865.1. 

Metson, G. S., Lin, J., Harrison, J. A. & Compton, J. E. (2017). Linking terrestrial phosphorus inputs 
to riverine export across the United States. Water Res, 124, 177-191. 
10.1016/j.watres.2017.07.037. 

Metson, G. S., Lin, J., Harrison, J. A. & Compton, J. E. (2020b). Where Have All the Nutrients Gone? 
Long-Term Decoupling of Inputs and Outputs in the Willamette River Watershed, Oregon, 
United States. Journal of Geophysical Research: Biogeosciences, 125(10), e2020JG005792. 
https://doi.org/10.1029/2020JG005792. 

Metson, G. S., MacDonald, G. K., Haberman, D., Nesme, T. & Bennett, E. M. (2016). Feeding the 
Corn Belt: Opportunities for phosphorus recycling in U.S. agriculture. Sci Total Environ, 
542(Pt B), 1117-26. 10.1016/j.scitotenv.2015.08.047. 

Miller, R. W. (2021). Millions of gallons have leaked from burst water pipes in just one Texas city: 
'That is an incredible amount of water'. USA Today. Available at: 
https://eu.usatoday.com/story/news/nation/2021/02/18/texas-winter-weather-frozen-
pipes-burst-food-damage-expected/4489631001/ [Accessed 9th March 2021]. 

Mini, C., Hogue, T. S. & Pincetl, S. (2014). Estimation of residential outdoor water use in Los 
Angeles, California. Landscape and Urban Planning, 127, 124-135. 
https://doi.org/10.1016/j.landurbplan.2014.04.007. 

Minnesota Department of Natural Resources (2019). Minnnesota Water Conservation Report 
2019. Available at: 
https://files.dnr.state.mn.us/waters/watermgmt_section/water_conservation/statewide-
report.pdf. 

Miranda, M. & Sauer, A. (2010). Mine the Gap: Connecting Water Risks and Disclosure in the 
Mining Sector. World Resources Institute. Available at: 
http://pdf.wri.org/working_papers/mine_the_gap.pdf. 

Mishra, V., Asoka, A., Vatta, K. & Lall, U. (2018). Groundwater Depletion and Associated CO2 
Emissions in India. Earth's Future, 6(12), 1672-1681. 10.1029/2018EF000939. 

MOE (2009). Guidance Document for Preparing Corrosion Control Plans for Drinking Water 
Systems. Ontario Ministry of Environment. Available at: 
https://ia903403.us.archive.org/35/items/guidancedocument00snsn21738/guidancedocu
ment00snsn21738.pdf. 

Mooney, R., J., Stanley, E., H., Rosenthal, W., C., Esselman, P., C., Kendall, A., D. & McIntyre, P., B. 
(2020). Outsized nutrient contributions from small tributaries to a Great Lake. Proceedings 
of the National Academy of Sciences, 117(45), 28175-28182. 10.1073/pnas.2001376117. 

Moore, K., Hillock, D., Keck, C., Laughlin, J., Campbell, J., Ashmore, J., Anella, L., Martin, D., 
Schnelle, M., Hentges, C., Mitchell, S. & Moss, J. (2020). Water-Efficient Landscapes for 
Oklahoma (E-1051). Oklahoma Cooperative Extension Service, Division of Agricultural 

https://northgeorgiawater.org/wp-content/uploads/2018/03/Water-Resource-Management-Plan_REVISED.pdf
https://northgeorgiawater.org/wp-content/uploads/2018/03/Water-Resource-Management-Plan_REVISED.pdf
https://doi.org/10.1890/11-0865.1
https://doi.org/10.1890/11-0865.1
https://doi.org/10.1029/2020JG005792
https://eu.usatoday.com/story/news/nation/2021/02/18/texas-winter-weather-frozen-pipes-burst-food-damage-expected/4489631001/
https://eu.usatoday.com/story/news/nation/2021/02/18/texas-winter-weather-frozen-pipes-burst-food-damage-expected/4489631001/
https://doi.org/10.1016/j.landurbplan.2014.04.007
https://files.dnr.state.mn.us/waters/watermgmt_section/water_conservation/statewide-report.pdf
https://files.dnr.state.mn.us/waters/watermgmt_section/water_conservation/statewide-report.pdf
http://pdf.wri.org/working_papers/mine_the_gap.pdf
https://ia903403.us.archive.org/35/items/guidancedocument00snsn21738/guidancedocument00snsn21738.pdf
https://ia903403.us.archive.org/35/items/guidancedocument00snsn21738/guidancedocument00snsn21738.pdf


 

171 
 

Sciences and Natural Resources & Oklahoma State University. Available at: 
https://extension.okstate.edu/fact-sheets/water-efficient-landscapes-for-oklahoma.html. 

Mosheim, R. & Sickles, R. C. (2021). Spatial effects of nutrient pollution on drinking water 
production. Empirical Economics, 60(6), 2741-2764. 10.1007/s00181-021-02019-1. 

Munn, M. D., Frey, J. W., Tesoriero, A. J., Black, R. W., Duff, J. H., Lee, K., Maret, T. R., Mebane, C. 
A., Waite, I. R. & Zelt, R. B. (2018). Understanding the influence of nutrients on stream 
ecosystems in agricultural landscapes. 1-80. 10.3133/cir1437. 

Najjar, R. G., Herrmann, M., Alexander, R., Boyer, E. W., Burdige, D. J., Butman, D., Cai, W. J., 
Canuel, E. A., Chen, R. F., Friedrichs, M. A. M., Feagin, R. A., Griffith, P. C., Hinson, A. L., 
Holmquist, J. R., Hu, X., Kemp, W. M., Kroeger, K. D., Mannino, A., McCallister, S. L., 
McGillis, W. R., Mulholland, M. R., Pilskaln, C. H., Salisbury, J., Signorini, S. R., St-Laurent, 
P., Tian, H., Tzortziou, M., Vlahos, P., Wang, Z. A. & Zimmerman, R. C. (2018). Carbon 
Budget of Tidal Wetlands, Estuaries, and Shelf Waters of Eastern North America. Global 
Biogeochemical Cycles, 32(3), 389-416. https://doi.org/10.1002/2017GB005790. 

National Research Council (2002). Estimating Water Use in the United States: A New Paradigm for 
the National Water-Use Information Program. Washington, DC: The National Academies 
Press. 10.17226/10484. 

National Research Council (2006). Drinking Water Distribution Systems: Assessing and Reducing 
Risks. Washington, DC: The National Academies Press. 10.17226/11728. 

Neal, C., House, W. A. & Down, K. (1998). An assessment of excess carbon dioxide partial pressures 
in natural waters based on pH and alkalinity measurements. Science of The Total 
Environment, 210-211, 173-185. https://doi.org/10.1016/S0048-9697(98)00011-4. 

Nedelciu, C. E., Ragnarsdottir, K. V., Schlyter, P. & Stjernquist, I. (2020). Global phosphorus supply 
chain dynamics: Assessing regional impact to 2050. Global Food Security, 26, 100426. 
https://doi.org/10.1016/j.gfs.2020.100426. 

Nelson, C. & Steidel, L. (2019). Minnnesota Water Conservation Report 2019. Minnesota 
Department of Natural Resources. Available at: 
https://files.dnr.state.mn.us/waters/watermgmt_section/water_conservation/statewide-
report.pdf. 

Nevada Irrigation District (2022). Water Use Efficiency. Nevada Irrigation District,. Available at: 
https://nidwater.specialdistrict.org/water-use-efficiency [Accessed 10th October 2022]. 

New Jersey Department of Environmental Protection (2017). New Jersey Water Supply Plan 2017-
2022. Available at: http://www.nj.gov/dep/watersupply/wsp.html. 

NOAA (2022). Carbon dioxide now more than 50% higher than pre-industrial levels. National 
Oceanic and Atmospheric Administration. Available at: https://www.noaa.gov/news-
release/carbon-dioxide-now-more-than-50-higher-than-pre-industrial-levels [Accessed 
26th February 2024]. 

North Carolina Division of Pollution Prevention and Environmental Assistance (2009). Water 
Efficiency: Water Management Options. North Carolina Division of Pollution Prevention 
and Environmental Assistance. Available at: https://deq.nc.gov/media/21249/download. 

Northey, S. A., Mudd, G. M., Saarivuori, E., Wessman-Jääskeläinen, H. & Haque, N. (2016). Water 
footprinting and mining: Where are the limitations and opportunities? Journal of Cleaner 
Production, 135, 1098-1116. https://doi.org/10.1016/j.jclepro.2016.07.024. 

NRDC (2022). Lead pipes are widespread and used in every state. NRDC. Available at: 
https://www.nrdc.org/lead-pipes-widespread-used-every-state [Accessed 21st March 
2022]. 

https://extension.okstate.edu/fact-sheets/water-efficient-landscapes-for-oklahoma.html
https://doi.org/10.1002/2017GB005790
https://doi.org/10.1016/S0048-9697(98)00011-4
https://doi.org/10.1016/j.gfs.2020.100426
https://files.dnr.state.mn.us/waters/watermgmt_section/water_conservation/statewide-report.pdf
https://files.dnr.state.mn.us/waters/watermgmt_section/water_conservation/statewide-report.pdf
https://nidwater.specialdistrict.org/water-use-efficiency
http://www.nj.gov/dep/watersupply/wsp.html
https://www.noaa.gov/news-release/carbon-dioxide-now-more-than-50-higher-than-pre-industrial-levels
https://www.noaa.gov/news-release/carbon-dioxide-now-more-than-50-higher-than-pre-industrial-levels
https://deq.nc.gov/media/21249/download
https://doi.org/10.1016/j.jclepro.2016.07.024
https://www.nrdc.org/lead-pipes-widespread-used-every-state


 

172 
 

Oelsner, G. P. & Stets, E. G. (2019). Recent trends in nutrient and sediment loading to coastal areas 
of the conterminous U.S.: Insights and global context. Science of The Total Environment, 
654, 1225-1240. https://doi.org/10.1016/j.scitotenv.2018.10.437. 

Opalinski, N. F., Bhaskar, A. S. & Manning, D. T. (2020). Spatial and Seasonal Response of Municipal 
Water Use to Weather across the Contiguous U.S. JAWRA Journal of the American Water 
Resources Association, 56(1), 68-81. https://doi.org/10.1111/1752-1688.12801. 

Ornelas Van Horne, Y., Parks, J., Tran, T., Abrell, L., Reynolds, K. A. & Beamer, P. I. (2019). Seasonal 
Variation of Water Quality in Unregulated Domestic Wells. International Journal of 
Environmental Research and Public Health, 16(9). 10.3390/ijerph16091569. 

Ortiz, A. C., Jin, L., Ogrinc, N., Kaye, J., Krajnc, B. & Ma, L. (2022). Dryland irrigation increases 
accumulation rates of pedogenic carbonate and releases soil abiotic CO2. Scientific 
Reports, 12(1), 464. 10.1038/s41598-021-04226-3. 

Oswald, W. J. & Golueke, C. G. (1966). Eutrophication Trends in the United States: A Problem? 
Journal (Water Pollution Control Federation), 38(6), 964-975. 
https://www.jstor.org/stable/25035572. 

Palmer, R. N. & Characklis, G. W. (2009). Reducing the costs of meeting regional water demand 
through risk-based transfer agreements. Journal of Environmental Management, 90(5), 
1703-1714. https://doi.org/10.1016/j.jenvman.2008.11.003. 

Patel, A. I., Hecht, C. E., Cradock, A., Edwards, M. A. & Ritchie, L. D. (2020). Drinking Water in the 
United States: Implications of Water Safety, Access, and Consumption. Annual Review of 
Nutrition, 40(1), 345-373. 10.1146/annurev-nutr-122319-035707. 

Peer, R. A. M. & Sanders, K. T. (2018). The water consequences of a transitioning US power sector. 
Applied Energy, 210, 613-622. 10.1016/j.apenergy.2017.08.021. 

Pelletier, G., Rochette, S. & Rodriguez, M. (2017). Impacts of the ageing and rehabilitation of water 
pipes on residence times at the residential neighborhood scale. Urban Water Journal, 14, 
1-7. 10.1080/1573062X.2017.1301503. 

Pennino, M. J., Compton, J. E. & Leibowitz, S. G. (2017). Trends in Drinking Water Nitrate Violations 
Across the United States. Environ Sci Technol, 51(22), 13450-13460. 
10.1021/acs.est.7b04269. 

Pennino, M. J., Fry, M. M., Sabo, R. D. & Carleton, J. N. (2023). Nutrient explorer: An analytical 
framework to visualize and investigate drivers of surface water quality. Environmental 
Modelling & Software, 170, 105853. https://doi.org/10.1016/j.envsoft.2023.105853. 

Pennino, M. J., Kaushal, S. S., Mayer, P. M., Utz, R. M. & Cooper, C. A. (2016). Stream restoration 
and sewers impact sources and fluxes of water, carbon, and nutrients in urban 
watersheds. Hydrol. Earth Syst. Sci., 20(8), 3419-3439. 10.5194/hess-20-3419-2016. 

Perrone, D. & Jasechko, S. (2019). Deeper well drilling an unsustainable stopgap to groundwater 
depletion. Nature Sustainability, 2(8), 773-782. 10.1038/s41893-019-0325-z. 

Petrakopoulou, F. (2021). Defining the cost of water impact for thermoelectric power generation. 
Energy Reports, 7, 2101-2112. https://doi.org/10.1016/j.egyr.2021.04.001. 

Pickard, B. R., Nash, M., Baynes, J. & Mehaffey, M. (2017). Planning for community resilience to 
future United States domestic water demand. Landsc Urban Plan, 158, 75-86. 
10.1016/j.landurbplan.2016.07.014. 

Pieper, K. J., Tang, M. & Edwards, M. A. (2017). Flint Water Crisis Caused By Interrupted Corrosion 
Control: Investigating “Ground Zero” Home. Environmental Science & Technology, 51(4), 
2007-2014. 10.1021/acs.est.6b04034. 

Pilla, R. M., Griffiths, N. A., Gu, L., Kao, S.-C., McManamay, R., Ricciuto, D. M. & Shi, X. (2022). 
Anthropogenically driven climate and landscape change effects on inland water carbon 

https://doi.org/10.1016/j.scitotenv.2018.10.437
https://doi.org/10.1111/1752-1688.12801
https://www.jstor.org/stable/25035572
https://doi.org/10.1016/j.jenvman.2008.11.003
https://doi.org/10.1016/j.envsoft.2023.105853
https://doi.org/10.1016/j.egyr.2021.04.001


 

173 
 

dynamics: What have we learned and where are we going? Global Change Biology, 28(19), 
5601-5629. 10.1111/gcb.16324. 

Pinder, R. W., Bettez, N. D., Bonan, G. B., Greaver, T. L., Wieder, W. R., Schlesinger, W. H. & 
Davidson, E. A. (2013). Impacts of human alteration of the nitrogen cycle in the US on 
radiative forcing. Biogeochemistry, 114(1), 25-40. 10.1007/s10533-012-9787-z. 

Plappally, A. K. & Lienhard V, J. H. (2012). Energy requirements for water production, treatment, 
end use, reclamation, and disposal. Renewable and Sustainable Energy Reviews, 16(7), 
4818-4848. https://doi.org/10.1016/j.rser.2012.05.022. 

Poore, J. & Nemecek, T. (2018). Reducing food’s environmental impacts through producers and 
consumers. Science, 360(6392), 987-992. 10.1126/science.aaq0216. 

Potter, L. & Xu, Y. J. (2022). Variability of Carbon Export in the Lower Mississippi River during an 
Extreme Cold and Warm Year. Water, 14(19). 

Pretty, J. N., Mason, C. F., Nedwell, D. B., Hine, R. E., Leaf, S. & Dils, R. (2003). Environmental Costs 
of Freshwater Eutrophication in England and Wales. Environmental Science & Technology, 
37(2), 201-208. 10.1021/es020793k. 

Qin, J., Duan, W., Zou, S., Chen, Y., Huang, W. & Rosa, L. (2024). Global energy use and carbon 
emissions from irrigated agriculture. Nature Communications, 15(1), 3084. 
10.1038/s41467-024-47383-5. 

Raptis, C. E., van Vliet, M. T. H. & Pfister, S. (2016). Global thermal pollution of rivers from 
thermoelectric power plants. Environmental Research Letters, 11(10), 104011. 
10.1088/1748-9326/11/10/104011. 

Raymond, P. A., Hartmann, J., Lauerwald, R., Sobek, S., McDonald, C., Hoover, M., Butman, D., 
Striegl, R., Mayorga, E., Humborg, C., Kortelainen, P., Dürr, H., Meybeck, M., Ciais, P. & 
Guth, P. (2013). Global carbon dioxide emissions from inland waters. Nature, 503(7476), 
355-359. 10.1038/nature12760. 

Raymond, P. A., Oh, N.-H., Turner, R. E. & Broussard, W. (2008). Anthropogenically enhanced 
fluxes of water and carbon from the Mississippi River. Nature, 451(7177), 449-452. 
10.1038/nature06505. 

Reddy, K. R., Kadlec, R. H., Flaig, E. & Gale, P. M. (1999). Phosphorus Retention in Streams and 
Wetlands: A Review. Critical Reviews in Environmental Science and Technology, 29(1), 83-
146. 10.1080/10643389991259182. 

Reffold, E., Leighton, F., Choudhury, F. & Rayner, P. S. (2008). Greenhouse gas emissions of water 
supply and demand management options Agency, E. Available at: 
https://assets.publishing.service.gov.uk/media/5a7cbfd4e5274a38e5756843/scho0708bof
v-e-e.pdf. 

Regnier, P., Friedlingstein, P., Ciais, P., Mackenzie, F. T., Gruber, N., Janssens, I. A., Laruelle, G. G., 
Lauerwald, R., Luyssaert, S., Andersson, A. J., Arndt, S., Arnosti, C., Borges, A. V., Dale, A. 
W., Gallego-Sala, A., Goddéris, Y., Goossens, N., Hartmann, J., Heinze, C., Ilyina, T., Joos, F., 
LaRowe, D. E., Leifeld, J., Meysman, F. J. R., Munhoven, G., Raymond, P. A., Spahni, R., 
Suntharalingam, P. & Thullner, M. (2013). Anthropogenic perturbation of the carbon fluxes 
from land to ocean. Nature Geoscience, 6(8), 597-607. 10.1038/ngeo1830. 

Regnier, P., Resplandy, L., Najjar, R. G. & Ciais, P. (2022). The land-to-ocean loops of the global 
carbon cycle. Nature, 603(7901), 401-410. 10.1038/s41586-021-04339-9. 

Ren, W., Tian, H., Cai, W.-J., Lohrenz, S. E., Hopkinson, C. S., Huang, W.-J., Yang, J., Tao, B., Pan, S. 
& He, R. (2016). Century-long increasing trend and variability of dissolved organic carbon 
export from the Mississippi River basin driven by natural and anthropogenic forcing. 
Global Biogeochemical Cycles, 30(9), 1288-1299. https://doi.org/10.1002/2016GB005395. 

https://doi.org/10.1016/j.rser.2012.05.022
https://assets.publishing.service.gov.uk/media/5a7cbfd4e5274a38e5756843/scho0708bofv-e-e.pdf
https://assets.publishing.service.gov.uk/media/5a7cbfd4e5274a38e5756843/scho0708bofv-e-e.pdf
https://doi.org/10.1002/2016GB005395


 

174 
 

Ren, W., Tian, H., Tao, B., Yang, J., Pan, S., Cai, W.-J., Lohrenz, S. E., He, R. & Hopkinson, C. S. 
(2015). Large increase in dissolved inorganic carbon flux from the Mississippi River to Gulf 
of Mexico due to climatic and anthropogenic changes over the 21st century. Journal of 
Geophysical Research: Biogeosciences, 120(4), 724-736. 
https://doi.org/10.1002/2014JG002761. 

Rhoads, W. J., Pearce, A., Pruden, A. & Edwards, M. A. (2015). Anticipating the Effects of Green 
Buildings on Water Quality and Infrastructure. Journal AWWA, 107(4), 50-61. 
https://doi.org/10.5942/jawwa.2015.107.0058. 

Rice, O. & Hatch, G. B. (1939). Threshold Treatment of Municipal Water Supplies. Journal AWWA, 
31(7), 1171-1185. https://doi.org/10.1002/j.1551-8833.1939.tb12855.x. 

Ritchie, H. (2019). Who has contributed most to global CO2 emissions? Available at: 
https://ourworldindata.org/contributed-most-global-co2 [Accessed 5th March 2024]. 

Robinson, D., Bryan, J. & Elias, J. (2020). Package 'fuzzyjoin'. https://cran.r-
project.org/web/packages/fuzzyjoin/index.html. 

Rodgers, M. (2014). Impact of Corrosion Control on Publicly Owned Treatment Works. Proceedings 
of the Water Quality and Technology Conference. AWWA. Denver, CO. 

Rosario-Ortiz, F., Rose, J., Speight, V., von Gunten, U. & Schnoor, J. (2016). How do you like your 
tap water? Science, 351(6276), 912-4. 10.1126/science.aaf0953. 

Roy, E. D., Hammond Wagner, C. R. & Niles, M. T. (2021). Hot spots of opportunity for improved 
cropland nitrogen management across the United States. Environmental Research Letters, 
16(3), 035004. 10.1088/1748-9326/abd662. 

Rupiper, A., Weill, J., Bruno, E., Jessoe, K. & Loge, F. (2022). Untapped potential: leak reduction is 
the most cost-effective urban water management tool. Environmental Research Letters, 
17(3), 034021. 10.1088/1748-9326/ac54cb. 

Russell, M. J., Weller, D. E., Jordan, T. E., Sigwart, K. J. & Sullivan, K. J. (2008). Net anthropogenic 
phosphorus inputs: spatial and temporal variability in the Chesapeake Bay region. 
Biogeochemistry, 88(3), 285-304. 10.1007/s10533-008-9212-9. 

Sabo, R. D., Clark, C. M., Bash, J., Sobota, D., Cooter, E., Dobrowolski, J. P., Houlton, B. Z., Rea, A., 
Schwede, D., Morford, S. L. & Compton, J. E. (2019). Decadal Shift in Nitrogen Inputs and 
Fluxes Across the Contiguous United States: 2002–2012. Journal of Geophysical Research: 
Biogeosciences, 124(10), 3104-3124. https://doi.org/10.1029/2019JG005110. 

Sabo, R. D., Clark, C. M. & Compton, J. E. (2021a). Considerations when using nutrient inventories 
to prioritize water quality improvement efforts across the US. Environmental Research 
Communications, 3(4), 045005. 10.1088/2515-7620/abf296. 

Sabo, R. D., Clark, C. M., Gibbs, D. A., Metson, G. S., Todd, M. J., LeDuc, S. D., Greiner, D., Fry, M. 
M., Polinsky, R., Yang, Q., Tian, H. & Compton, J. E. (2021b). Phosphorus Inventory for the 
Conterminous United States (2002–2012). Journal of Geophysical Research: 
Biogeosciences, 126(4), e2020JG005684. https://doi.org/10.1029/2020JG005684. 

Sabo, R. D., Pickard, B., Lin, J., Washington, B., Clark, C. M., Compton, J. E., Pennino, M., 
Bierwagen, B., LeDuc, S. D., Carleton, J. N., Weber, M., Fry, M., Hill, R., Paulsen, S., Herlihy, 
A. & Stoddard, J. L. (2023). Comparing Drivers of Spatial Variability in U.S. Lake and Stream 
Phosphorus Concentrations. Journal of Geophysical Research: Biogeosciences, 128(8), 
e2022JG007227. https://doi.org/10.1029/2022JG007227. 

Sabo, R. D., Sullivan, B., Wu, C., Trentacoste, E., Zhang, Q., Shenk, G. W., Bhatt, G. & Linker, L. C. 
(2022). Major point and nonpoint sources of nutrient pollution to surface water have 
declined throughout the Chesapeake Bay watershed. Environmental Research 
Communications, 4(4), 045012. 10.1088/2515-7620/ac5db6. 

https://doi.org/10.1002/2014JG002761
https://doi.org/10.5942/jawwa.2015.107.0058
https://doi.org/10.1002/j.1551-8833.1939.tb12855.x
https://ourworldindata.org/contributed-most-global-co2
https://cran.r-project.org/web/packages/fuzzyjoin/index.html
https://cran.r-project.org/web/packages/fuzzyjoin/index.html
https://doi.org/10.1029/2019JG005110
https://doi.org/10.1029/2020JG005684
https://doi.org/10.1029/2022JG007227


 

175 
 

Sanseverino, I., Conduto, D., Pozzoli, L., Dobricic, S. & Lettieri, T. (2016). Algal bloom and its 
economic impact. EUR 27905 EN. doi:10.2788/660478. 

Saunders, D. L. & Kalff, J. (2001). Nitrogen retention in wetlands, lakes and rivers. Hydrobiologia, 
443(1), 205-212. 10.1023/A:1017506914063. 

Sawyer, A. H., David, C. H. & Famiglietti, J. S. (2016). Continental patterns of submarine 
groundwater discharge reveal coastal vulnerabilities. Science, 353(6300), 705-707. 
10.1126/science.aag1058. 

Scanlon, B. R., Faunt, C. C., Longuevergne, L., Reedy, R. C., Alley, W. M., McGuire, V. L. & 
McMahon, P. B. (2012). Groundwater depletion and sustainability of irrigation in the US 
High Plains and Central Valley. Proceedings of the National Academy of Sciences, 109(24), 
9320-9325. 10.1073/pnas.1200311109. 

Schneemann, M. (2014). Conserving Water Outdoors (IISG/14/02). Northwest Planning Alliance. 
Available at: http://www.nwpa.us/pdfs/resource_center/FY14-
0073_LAWN%20TO%20LAKES%20NWPA%20Brochure_CONSERVING%20WATER_WEB.pdf. 

Schock, M. R. (1989). Understanding Corrosion Control Strategies for Lead. Journal AWWA, 81(7), 
88-100. https://doi.org/10.1002/j.1551-8833.1989.tb03244.x. 

Seitzinger, S., Harrison, J., Bohlke, J., Bouwman, A., Lowrance, R., Peterson, B., Tobias, C. & Drecht, 
G. (2007). Denitrification Across Landscapes and Waterscapes: A Synthesis. Ecological 
applications : a publication of the Ecological Society of America, 16, 2064-90. 
10.1890/1051-0761(2006)016[2064:DALAWA]2.0.CO;2. 

Sercu, B., Van De Werfhorst, L. C., Murray, J. L. S. & Holden, P. A. (2011). Sewage Exfiltration As a 
Source of Storm Drain Contamination during Dry Weather in Urban Watersheds. 
Environmental Science & Technology, 45(17), 7151-7157. 10.1021/es200981k. 

Shaffer, K. H. (2008). Consumptive Water Use in the Great Lakes Basin. Geological, S. Available at: 
http://pubs.er.usgs.gov/publication/fs20083032. 10.3133/fs20083032. 

Shaffer, K. H. & Runkle, D. L. (2007). Consumptive Water-Use Coefficients for the Great Lakes Basin 
and Climatically Similar Areas. Geological, S. Available at: 
http://pubs.er.usgs.gov/publication/sir20075197. 10.3133/sir20075197. 

Sharpley, A., Jarvie, H. P., Buda, A., May, L., Spears, B. & Kleinman, P. (2013). Phosphorus Legacy: 
Overcoming the Effects of Past Management Practices to Mitigate Future Water Quality 
Impairment. Journal of Environmental Quality, 42(5), 1308-1326. 
https://doi.org/10.2134/jeq2013.03.0098. 

Sharpley, A. N., Daniel, T., Gibson, G., Bundy, M., Cabrera, M., Sims, T., Stevens, R., Lemunyon, J., 
Kleinman, P. & Parry, R. (2006). Best Management Practices to Minimize Agricultural 
Phosphorus Impacts on Water Quality. U.S. Department of Agriculture, Agricultural 
Research Service 50. 
https://www.ars.usda.gov/is/np/bestmgmtpractices/best%20management%20practices.p
df. 

Shen, W., Li, S., Basu, N. B., Ury, E. A., Jing, Q. & Zhang, L. (2023). Size and temperature drive 
nutrient retention potential across water bodies in China. Water Research, 239, 120054. 
https://doi.org/10.1016/j.watres.2023.120054. 

Shortle, J. S., Mihelcic, J. R., Zhang, Q. & Arabi, M. (2020). Nutrient control in water bodies: A 
systems approach. Journal of Environmental Quality, 49(3), 517-533. 
https://doi.org/10.1002/jeq2.20022. 

Shousha, S., Maranger, R. & Lapierre, J.-F. (2023). Decadal Changes in Anthropogenic Inputs and 
Precipitation Influence Riverine Exports of Carbon, Nitrogen, and Phosphorus, and Alter 
Ecosystem Level Stoichiometry. Global Biogeochemical Cycles, 37(9), e2023GB007820. 
https://doi.org/10.1029/2023GB007820. 

http://www.nwpa.us/pdfs/resource_center/FY14-0073_LAWN%20TO%20LAKES%20NWPA%20Brochure_CONSERVING%20WATER_WEB.pdf
http://www.nwpa.us/pdfs/resource_center/FY14-0073_LAWN%20TO%20LAKES%20NWPA%20Brochure_CONSERVING%20WATER_WEB.pdf
https://doi.org/10.1002/j.1551-8833.1989.tb03244.x
http://pubs.er.usgs.gov/publication/fs20083032
http://pubs.er.usgs.gov/publication/sir20075197
https://doi.org/10.2134/jeq2013.03.0098
https://www.ars.usda.gov/is/np/bestmgmtpractices/best%20management%20practices.pdf
https://www.ars.usda.gov/is/np/bestmgmtpractices/best%20management%20practices.pdf
https://doi.org/10.1016/j.watres.2023.120054
https://doi.org/10.1002/jeq2.20022
https://doi.org/10.1029/2023GB007820


 

176 
 

Shukla, S. & Saxena, A. (2018). Global Status of Nitrate Contamination in Groundwater: Its 
Occurrence, Health Impacts, and Mitigation Measures. https://doi.org/10.1007/978-3-
319-73645-7_20. 

Shumilova, O., Thieme, M., Koska, A. & Zarfl, C. (2018). Global Water Transfer Megaprojects: A 
Potential Solution for the Water-Food-Energy Nexus? Frontiers in Environmental Science, 
6. 10.3389/fenvs.2018.00150. 

Siddik, M. A. B., Dickson, K. E., Rising, J., Ruddell, B. L. & Marston, L. T. (2023). Interbasin water 
transfers in the United States and Canada. Scientific Data, 10(1), 27. 10.1038/s41597-023-
01935-4. 

Singley, J. E., Beaudet, B. A. & Markey, P. H. (1984). Corrosion Manual for Internal Corrosion of 
Water Distribution Systems USEPA. Available at: https://www.osti.gov/biblio/6808456. 

Sinha, E., Michalak, A. M., Calvin, K. V. & Lawrence, P. J. (2019). Societal decisions about climate 
mitigation will have dramatic impacts on eutrophication in the 21st century. Nature 
Communications, 10(1), 939. 10.1038/s41467-019-08884-w. 

Skinner, K. D. & Wise, D. (2019). Point-Source Nutrient Loads to Streams of the Conterminous 
United States, 2012: U.S. Geological Survey data release. 
https://doi.org/10.5066/P9PYVPFT. 

Small, G. E., Martensson, N., Janke, B. D. & Metson, G. S. (2023). Potential for high contribution of 
urban gardens to nutrient export in urban watersheds. Landscape and Urban Planning, 
229, 104602. https://doi.org/10.1016/j.landurbplan.2022.104602. 

Smith, D. R., Macrae, M. L., Kleinman, P. J. A., Jarvie, H. P., King, K. W. & Bryant, R. B. (2019). The 
Latitudes, Attitudes, and Platitudes of Watershed Phosphorus Management in North 
America. J Environ Qual, 48(5), 1176-1190. 10.2134/jeq2019.03.0136. 

Sobota, D. J., Compton, J. E. & Harrison, J. A. (2013). Reactive nitrogen inputs to US lands and 
waterways: how certain are we about sources and fluxes? Frontiers in Ecology and the 
Environment, 11(2), 82-90. https://doi.org/10.1890/110216. 

Sobota, D. J., Compton, J. E., McCrackin, M. L. & Singh, S. (2015). Cost of reactive nitrogen release 
from human activities to the environment in the United States. Environmental Research 
Letters, 10(2). 10.1088/1748-9326/10/2/025006. 

Song, C., Gardner, K. H., Klein, S. J. W., Souza, S. P. & Mo, W. (2018). Cradle-to-grave greenhouse 
gas emissions from dams in the United States of America. Renewable and Sustainable 
Energy Reviews, 90, 945-956. 10.1016/j.rser.2018.04.014. 

Soumis, N., Duchemin, É., Canuel, R. & Lucotte, M. (2004). Greenhouse gas emissions from 
reservoirs of the western United States. Global Biogeochemical Cycles, 18(3). 
https://doi.org/10.1029/2003GB002197. 

Sowby, R. B. & Capener, A. (2022). Reducing carbon emissions through water conservation: An 
analysis of 10 major U.S. cities. Energy Nexus, 7, 100094. 
https://doi.org/10.1016/j.nexus.2022.100094. 

Speight, V. L. (2015). Innovation in the water industry: barriers and opportunities for US and UK 
utilities. Wiley Interdisciplinary Reviews: Water, 2(4), 301-313. 10.1002/wat2.1082. 

Stackpoole, S. M., Stets, E. G. & Sprague, L. A. (2019). Variable impacts of contemporary versus 
legacy agricultural phosphorus on US river water quality. Proceedings of the National 
Academy of Sciences, 116(41), 20562. 10.1073/pnas.1903226116. 

Stahl, M. O. (2019). Groundwater Pumping Is a Significant Unrecognized Contributor to Global 
Anthropogenic Element Cycles. Ground Water, 57(3), 455-464. 10.1111/gwat.12817. 

Stanley, E. H., Powers, S. M., Lottig, N. R., Buffam, I. & Crawford, J. T. (2012). Contemporary 
changes in dissolved organic carbon (DOC) in human-dominated rivers: is there a role for 

https://doi.org/10.1007/978-3-319-73645-7_20
https://doi.org/10.1007/978-3-319-73645-7_20
https://www.osti.gov/biblio/6808456
https://doi.org/10.5066/P9PYVPFT
https://doi.org/10.1016/j.landurbplan.2022.104602
https://doi.org/10.1890/110216
https://doi.org/10.1029/2003GB002197
https://doi.org/10.1016/j.nexus.2022.100094


 

177 
 

DOC management? Freshwater Biology, 57(s1), 26-42. https://doi.org/10.1111/j.1365-
2427.2011.02613.x. 

Statistics Canada (2017). Outdoor Water Use, 2015. Environment Energy and Transport Statistics 
Devision. Available at: https://www150.statcan.gc.ca/n1/en/pub/16-508-x/16-508-
x2017002-eng.pdf?st=VVagdlvG. 

Steffen, W., Richardson, K., Rockström, J., Cornell, S. E., Fetzer, I., Bennett, E. M., Biggs, R., 
Carpenter, S. R., de Vries, W., de Wit, C. A., Folke, C., Gerten, D., Heinke, J., Mace, G. M., 
Persson, L. M., Ramanathan, V., Reyers, B. & Sörlin, S. (2015). Planetary boundaries: 
Guiding human development on a changing planet. Science, 347(6223), 1259855. 
doi:10.1126/science.1259855. 

Stets, E. & Striegl, R. (2012). Carbon export by rivers draining the conterminous United States. 
Inland Waters, 2, 177-184. 10.5268/IW-2.4.510. 

Stets, E. G., Lee, C. J., Lytle, D. A. & Schock, M. R. (2018). Increasing chloride in rivers of the 
conterminous U.S. and linkages to potential corrosivity and lead action level exceedances 
in drinking water. Science of The Total Environment, 613-614, 1498-1509. 
https://doi.org/10.1016/j.scitotenv.2017.07.119. 

Stets, E. G., Striegl, R. G., Wickland, K. P., Dornblaser, M. & Foks, S. (2023). Dissolved Carbon 
Export by Large River Systems Is Influenced by Source Area Heterogeneity. Global 
Biogeochemical Cycles, 37(2), e2022GB007392. 10.1029/2022GB007392. 

Steyaert, J. C., Condon, L. E., W.D. Turner, S. & Voisin, N. (2022). ResOpsUS, a dataset of historical 
reservoir operations in the contiguous United States. Scientific Data, 9(1), 34. 
10.1038/s41597-022-01134-7. 

Stormwater Report (2015). NPDES Permits Should Be Requested for Water Transfers, States Say. 
Available at: https://stormwater.wef.org/2015/01/npdes-permits-required-water-
transfers-states-say/ [Accessed 15th March 2024]. 

Strokal, M., Kahil, T., Wada, Y., Albiac, J., Bai, Z., Ermolieva, T., Langan, S., Ma, L., Oenema, O., 
Wagner, F., Zhu, X. & Kroeze, C. (2020). Cost-effective management of coastal 
eutrophication: A case study for the Yangtze river basin. Resources, Conservation and 
Recycling, 154, 104635. https://doi.org/10.1016/j.resconrec.2019.104635. 

Suh, S. & Yee, S. (2011). Phosphorus use-efficiency of agriculture and food system in the US. 
Chemosphere, 84(6), 806-13. 10.1016/j.chemosphere.2011.01.051. 

Sun, B., Zhang, L., Yang, L., Zhang, F., Norse, D. & Zhu, Z. (2012). Agricultural Non-Point Source 
Pollution in China: Causes and Mitigation Measures. AMBIO, 41(4), 370-379. 
10.1007/s13280-012-0249-6. 

Sutton, M., Howard, C. & Erisman, J. W. (2011). The European Nitrogen Assessment: Sources, 
Effects and Policy Perspectives. 10.1017/CBO9780511976988. 

Sutton, M. A., Bleeker, A., Howard, C., Erisman, J. W., Abrol, Y. P., Bekunda, M., Datta, A., 
Davidson, E., Vries, W., Oenema, O. & Zhang, F. S. (2013). Our nutrient world. The 
challenge to produce more food & energy with less pollution. Global Overview of Nutrient 
Management. https://nora.nerc.ac.uk/id/eprint/500700/1/N500700BK.pdf. 

Swaney, D. P., Hong, B., Ti, C., Howarth, R. W. & Humborg, C. (2012). Net anthropogenic nitrogen 
inputs to watersheds and riverine N export to coastal waters: a brief overview. Current 
Opinion in Environmental Sustainability, 4(2), 203-211. 
https://doi.org/10.1016/j.cosust.2012.03.004. 

Swaney, D. P., Howarth, R. W. & Hong, B. (2018a). County, subregional and regional nitrogen data 
derived from the Net Anthropogenic Nitrogen Inputs (NANI) toolbox. Data in brief, 18, 
1877-1888. 10.1016/j.dib.2018.04.098. 

https://doi.org/10.1111/j.1365-2427.2011.02613.x
https://doi.org/10.1111/j.1365-2427.2011.02613.x
https://www150.statcan.gc.ca/n1/en/pub/16-508-x/16-508-x2017002-eng.pdf?st=VVagdlvG
https://www150.statcan.gc.ca/n1/en/pub/16-508-x/16-508-x2017002-eng.pdf?st=VVagdlvG
https://doi.org/10.1016/j.scitotenv.2017.07.119
https://stormwater.wef.org/2015/01/npdes-permits-required-water-transfers-states-say/
https://stormwater.wef.org/2015/01/npdes-permits-required-water-transfers-states-say/
https://doi.org/10.1016/j.resconrec.2019.104635
https://nora.nerc.ac.uk/id/eprint/500700/1/N500700BK.pdf
https://doi.org/10.1016/j.cosust.2012.03.004


 

178 
 

Swaney, D. P., Howarth, R. W. & Hong, B. (2018b). Nitrogen use efficiency and crop production: 
Patterns of regional variation in the United States, 1987–2012. Science of The Total 
Environment, 635, 498-511. https://doi.org/10.1016/j.scitotenv.2018.04.027. 

Tang, C., Godskesen, B., Aktor, H., Rijn, M. V., Kristensen, J. B., Rosshaug, P. S., Albrechtsen, H.-J. & 
Rygaard, M. (2021a). Procedure for Calculating the Calcium Carbonate Precipitation 
Potential (CCPP) in Drinking Water Supply: Importance of Temperature, Ionic Species and 
Open/Closed System. Water, 13(1). 

Tang, C., Godskesen, B., Aktor, H., Rijn, M. V., Kristensen, J. B., Rosshaug, P. S., Albrechtsen, H.-J. & 
Rygaard, M. (2021b). Procedure for Calculating the Calcium Carbonate Precipitation 
Potential (CCPP) in Drinking Water Supply: Importance of Temperature, Ionic Species and 
Open/Closed System. Water, 13(1). 10.3390/w13010042. 

Temkin, A., Evans, S., Manidis, T., Campbell, C. & Naidenko, O. V. (2019). Exposure-based 
assessment and economic valuation of adverse birth outcomes and cancer risk due to 
nitrate in United States drinking water. Environmental Research, 176, 108442. 
https://doi.org/10.1016/j.envres.2019.04.009. 

Templin, W., Herbert, R. A., Stalnaker, C. B., Horn, M. & Solley, W. B. (1980). Water Use: National 
Handbook of Recommended Methods for Water Data Acquisition. U.S. Geological Survey. 
https://pubs.usgs.gov/chapter11/. 

The Cadmus Group Inc. (2004). Investigation of Potential Environmental Impacts due to the use of 
Phosphate-based Corrosion Inhibitors in the District of Columbia. USEPA. Available at: 
https://archive.epa.gov/region03/dclead/web/pdf/impacts_report_final.pdf. 

Tian, H., Yang, Q., Najjar, R. G., Ren, W., Friedrichs, M. A. M., Hopkinson, C. S. & Pan, S. (2015). 
Anthropogenic and climatic influences on carbon fluxes from eastern North America to the 
Atlantic Ocean: A process-based modeling study. Journal of Geophysical Research: 
Biogeosciences, 120(4), 757-772. https://doi.org/10.1002/2014JG002760. 

Tian, H., Yao, Y., Li, Y., Shi, H., Pan, S., Najjar, R. G., Pan, N., Bian, Z., Ciais, P., Cai, W.-J., Dai, M., 
Friedrichs, M. A. M., Li, H.-Y., Lohrenz, S. & Leung, L. R. (2023). Increased Terrestrial 
Carbon Export and CO2 Evasion From Global Inland Waters Since the Preindustrial Era. 
Global Biogeochemical Cycles, 37(10), e2023GB007776. 
https://doi.org/10.1029/2023GB007776. 

Tilman, D., Balzer, C., Hill, J. & Befort, B. L. (2011). Global food demand and the sustainable 
intensification of agriculture. Proceedings of the National Academy of Sciences, 108(50), 
20260-20264. 10.1073/pnas.1116437108. 

Toavs, T. R., Hasler, C. T., Suski, C. D. & Midway, S. R. (2023). A 30-year dataset of CO2 in flowing 
freshwaters in the United States. Scientific Data, 10(1), 20. 10.1038/s41597-022-01915-0. 

Tomich, T. P., Brodt, S. B., Dahlgren, R. A. & Scow, K. M. (2016). The California Nitrogen 
Assessment Challenges and Solutions for People, Agriculture, and the Environment. 1 ed.: 
University of California Press. https://www.jstor.org/stable/10.1525/j.ctv1xxz7x. 

Tranvik, L. J., Cole, J. J. & Prairie, Y. T. (2018). The study of carbon in inland waters—from isolated 
ecosystems to players in the global carbon cycle. Limnology and Oceanography Letters, 
3(3), 41-48. 10.1002/lol2.10068. 

Tranvik, L. J., Downing, J. A., Cotner, J. B., Loiselle, S. A., Striegl, R. G., Ballatore, T. J., Dillon, P., 
Finlay, K., Fortino, K., Knoll, L. B., Kortelainen, P. L., Kutser, T., Larsen, S., Laurion, I., Leech, 
D. M., McCallister, S. L., McKnight, D. M., Melack, J. M., Overholt, E., Porter, J. A., Prairie, 
Y., Renwick, W. H., Roland, F., Sherman, B. S., Schindler, D. W., Sobek, S., Tremblay, A., 
Vanni, M. J., Verschoor, A. M., von Wachenfeldt, E. & Weyhenmeyer, G. A. (2009). Lakes 
and reservoirs as regulators of carbon cycling and climate. Limnology and Oceanography, 
54(6part2), 2298-2314. https://doi.org/10.4319/lo.2009.54.6_part_2.2298. 

https://doi.org/10.1016/j.scitotenv.2018.04.027
https://doi.org/10.1016/j.envres.2019.04.009
https://pubs.usgs.gov/chapter11/
https://archive.epa.gov/region03/dclead/web/pdf/impacts_report_final.pdf
https://doi.org/10.1002/2014JG002760
https://doi.org/10.1029/2023GB007776
https://www.jstor.org/stable/10.1525/j.ctv1xxz7x
https://doi.org/10.4319/lo.2009.54.6_part_2.2298


 

179 
 

Trost, B., Prochnow, A., Drastig, K., Meyer-Aurich, A., Ellmer, F. & Baumecker, M. (2013). Irrigation, 
soil organic carbon and N2O emissions. A review. Agronomy for Sustainable Development, 
33(4), 733-749. 10.1007/s13593-013-0134-0. 

U.S. Geological Survey (2003). Principal Aquifers of the 48 Conterminous United States, Hawaii, 
Puerto Rico, and the U.S. Virgin Islands: U.S. Geological Survey data release. Available at: 
https://doi.org/10.5066/P9Y2HOUJ. [Accessed 5th January 2024]. 

U.S. Geological Survey (2024). Annual NLCD Collection 1 Science Products: U.S. Geological Survey 
data release. 10.5066/P94UXNTS. 

UNEP/WHO (1988). Global Water Quality: A First Assessment. Global Environment Monitoring 
System. United Nations Environment Programme and World Health Organisation. 

UNFCCC (2015). The Paris Agreement. Available at: https://unfccc.int/documents/184656. 
United Nations (2018). Sustainable Development Goal 6: Synthesis Report 2018 on Water and 

Sanitation. Available at: 
https://www.unwater.org/sites/default/files/app/uploads/2018/12/SDG6_SynthesisRepor
t2018_WaterandSanitation_04122018.pdf. 

United Nations (2022). The United Nations World Water Development Report 2022. Groundwater: 
Making the Invisible Visible. UNESCO. Available at: 
https://unesdoc.unesco.org/ark:/48223/pf0000380721. 

United States Census Bureau (2024). U.S. Census Bureau Current Population. Available at: 
https://www.census.gov/popclock/print.php?component=counter [Accessed 21st 
February 2024]. 

USBR (2021). Central Valley Project. U.S. Bureau of Reclamation. Available at: 
https://www.usbr.gov/mp/cvp/ [Accessed 17th January 2022]. 

USDA (2019). 2018 Census of Aquaculture. USDA, N. A. S. S. Available at: 
https://www.nass.usda.gov/Publications/AgCensus/2017/Online_Resources/Aquaculture/
Aqua.pdf. 

USDA (2020a). Rural-Urban Continuum Codes. Economic Research Service: U.S. Department of 
Agriculture. Available at: https://www.ers.usda.gov/data-products/rural-urban-
continuum-codes/ [Accessed 1st June 2022]. 

USDA (2020b). USDA Agriculture Innovation Agenda. USDA. Available at: 
https://www.usda.gov/sites/default/files/documents/agriculture-innovation-agenda-
vision-statement.pdf. 

USEPA (1972). Clean Water Act. Environmental Protection Agency. Available at: 
https://www.epa.gov/laws-regulations/summary-clean-water-act. 

USEPA (1974). Safe Drinking Water Act. Available at: https://www.epa.gov/sdwa. 
USEPA (1989). The Lead Ban: Preventing the Use of Lead in Public Water Systems and Plumbing 

Used for Drinking Water. Environmental Protection Agency. Available at: 
https://nepis.epa.gov/Exe/ZyNET.exe/10003GWO.TXT?ZyActionD=ZyDocument&Client=EP
A&Index=1986+Thru+1990&Docs=&Query=&Time=&EndTime=&SearchMethod=1&TocRe
strict=n&Toc=&TocEntry=&QField=&QFieldYear=&QFieldMonth=&QFieldDay=&IntQFieldO
p=0&ExtQFieldOp=0&XmlQuery=&File=D%3A%5Czyfiles%5CIndex%20Data%5C86thru90%
5CTxt%5C00000003%5C10003GWO.txt&User=ANONYMOUS&Password=anonymous&Sort
Method=h%7C-
&MaximumDocuments=1&FuzzyDegree=0&ImageQuality=r75g8/r75g8/x150y150g16/i425
&Display=hpfr&DefSeekPage=x&SearchBack=ZyActionL&Back=ZyActionS&BackDesc=Resul
ts%20page&MaximumPages=1&ZyEntry=1&SeekPage=x&ZyPURL. 

https://doi.org/10.5066/P9Y2HOUJ
https://unfccc.int/documents/184656
https://www.unwater.org/sites/default/files/app/uploads/2018/12/SDG6_SynthesisReport2018_WaterandSanitation_04122018.pdf
https://www.unwater.org/sites/default/files/app/uploads/2018/12/SDG6_SynthesisReport2018_WaterandSanitation_04122018.pdf
https://unesdoc.unesco.org/ark:/48223/pf0000380721
https://www.census.gov/popclock/print.php?component=counter
https://www.usbr.gov/mp/cvp/
https://www.nass.usda.gov/Publications/AgCensus/2017/Online_Resources/Aquaculture/Aqua.pdf
https://www.nass.usda.gov/Publications/AgCensus/2017/Online_Resources/Aquaculture/Aqua.pdf
https://www.ers.usda.gov/data-products/rural-urban-continuum-codes/
https://www.ers.usda.gov/data-products/rural-urban-continuum-codes/
https://www.usda.gov/sites/default/files/documents/agriculture-innovation-agenda-vision-statement.pdf
https://www.usda.gov/sites/default/files/documents/agriculture-innovation-agenda-vision-statement.pdf
https://www.epa.gov/laws-regulations/summary-clean-water-act
https://www.epa.gov/sdwa
https://nepis.epa.gov/Exe/ZyNET.exe/10003GWO.TXT?ZyActionD=ZyDocument&Client=EPA&Index=1986+Thru+1990&Docs=&Query=&Time=&EndTime=&SearchMethod=1&TocRestrict=n&Toc=&TocEntry=&QField=&QFieldYear=&QFieldMonth=&QFieldDay=&IntQFieldOp=0&ExtQFieldOp=0&XmlQuery=&File=D%3A%5Czyfiles%5CIndex%20Data%5C86thru90%5CTxt%5C00000003%5C10003GWO.txt&User=ANONYMOUS&Password=anonymous&SortMethod=h%7C-&MaximumDocuments=1&FuzzyDegree=0&ImageQuality=r75g8/r75g8/x150y150g16/i425&Display=hpfr&DefSeekPage=x&SearchBack=ZyActionL&Back=ZyActionS&BackDesc=Results%20page&MaximumPages=1&ZyEntry=1&SeekPage=x&ZyPURL
https://nepis.epa.gov/Exe/ZyNET.exe/10003GWO.TXT?ZyActionD=ZyDocument&Client=EPA&Index=1986+Thru+1990&Docs=&Query=&Time=&EndTime=&SearchMethod=1&TocRestrict=n&Toc=&TocEntry=&QField=&QFieldYear=&QFieldMonth=&QFieldDay=&IntQFieldOp=0&ExtQFieldOp=0&XmlQuery=&File=D%3A%5Czyfiles%5CIndex%20Data%5C86thru90%5CTxt%5C00000003%5C10003GWO.txt&User=ANONYMOUS&Password=anonymous&SortMethod=h%7C-&MaximumDocuments=1&FuzzyDegree=0&ImageQuality=r75g8/r75g8/x150y150g16/i425&Display=hpfr&DefSeekPage=x&SearchBack=ZyActionL&Back=ZyActionS&BackDesc=Results%20page&MaximumPages=1&ZyEntry=1&SeekPage=x&ZyPURL
https://nepis.epa.gov/Exe/ZyNET.exe/10003GWO.TXT?ZyActionD=ZyDocument&Client=EPA&Index=1986+Thru+1990&Docs=&Query=&Time=&EndTime=&SearchMethod=1&TocRestrict=n&Toc=&TocEntry=&QField=&QFieldYear=&QFieldMonth=&QFieldDay=&IntQFieldOp=0&ExtQFieldOp=0&XmlQuery=&File=D%3A%5Czyfiles%5CIndex%20Data%5C86thru90%5CTxt%5C00000003%5C10003GWO.txt&User=ANONYMOUS&Password=anonymous&SortMethod=h%7C-&MaximumDocuments=1&FuzzyDegree=0&ImageQuality=r75g8/r75g8/x150y150g16/i425&Display=hpfr&DefSeekPage=x&SearchBack=ZyActionL&Back=ZyActionS&BackDesc=Results%20page&MaximumPages=1&ZyEntry=1&SeekPage=x&ZyPURL
https://nepis.epa.gov/Exe/ZyNET.exe/10003GWO.TXT?ZyActionD=ZyDocument&Client=EPA&Index=1986+Thru+1990&Docs=&Query=&Time=&EndTime=&SearchMethod=1&TocRestrict=n&Toc=&TocEntry=&QField=&QFieldYear=&QFieldMonth=&QFieldDay=&IntQFieldOp=0&ExtQFieldOp=0&XmlQuery=&File=D%3A%5Czyfiles%5CIndex%20Data%5C86thru90%5CTxt%5C00000003%5C10003GWO.txt&User=ANONYMOUS&Password=anonymous&SortMethod=h%7C-&MaximumDocuments=1&FuzzyDegree=0&ImageQuality=r75g8/r75g8/x150y150g16/i425&Display=hpfr&DefSeekPage=x&SearchBack=ZyActionL&Back=ZyActionS&BackDesc=Results%20page&MaximumPages=1&ZyEntry=1&SeekPage=x&ZyPURL
https://nepis.epa.gov/Exe/ZyNET.exe/10003GWO.TXT?ZyActionD=ZyDocument&Client=EPA&Index=1986+Thru+1990&Docs=&Query=&Time=&EndTime=&SearchMethod=1&TocRestrict=n&Toc=&TocEntry=&QField=&QFieldYear=&QFieldMonth=&QFieldDay=&IntQFieldOp=0&ExtQFieldOp=0&XmlQuery=&File=D%3A%5Czyfiles%5CIndex%20Data%5C86thru90%5CTxt%5C00000003%5C10003GWO.txt&User=ANONYMOUS&Password=anonymous&SortMethod=h%7C-&MaximumDocuments=1&FuzzyDegree=0&ImageQuality=r75g8/r75g8/x150y150g16/i425&Display=hpfr&DefSeekPage=x&SearchBack=ZyActionL&Back=ZyActionS&BackDesc=Results%20page&MaximumPages=1&ZyEntry=1&SeekPage=x&ZyPURL
https://nepis.epa.gov/Exe/ZyNET.exe/10003GWO.TXT?ZyActionD=ZyDocument&Client=EPA&Index=1986+Thru+1990&Docs=&Query=&Time=&EndTime=&SearchMethod=1&TocRestrict=n&Toc=&TocEntry=&QField=&QFieldYear=&QFieldMonth=&QFieldDay=&IntQFieldOp=0&ExtQFieldOp=0&XmlQuery=&File=D%3A%5Czyfiles%5CIndex%20Data%5C86thru90%5CTxt%5C00000003%5C10003GWO.txt&User=ANONYMOUS&Password=anonymous&SortMethod=h%7C-&MaximumDocuments=1&FuzzyDegree=0&ImageQuality=r75g8/r75g8/x150y150g16/i425&Display=hpfr&DefSeekPage=x&SearchBack=ZyActionL&Back=ZyActionS&BackDesc=Results%20page&MaximumPages=1&ZyEntry=1&SeekPage=x&ZyPURL
https://nepis.epa.gov/Exe/ZyNET.exe/10003GWO.TXT?ZyActionD=ZyDocument&Client=EPA&Index=1986+Thru+1990&Docs=&Query=&Time=&EndTime=&SearchMethod=1&TocRestrict=n&Toc=&TocEntry=&QField=&QFieldYear=&QFieldMonth=&QFieldDay=&IntQFieldOp=0&ExtQFieldOp=0&XmlQuery=&File=D%3A%5Czyfiles%5CIndex%20Data%5C86thru90%5CTxt%5C00000003%5C10003GWO.txt&User=ANONYMOUS&Password=anonymous&SortMethod=h%7C-&MaximumDocuments=1&FuzzyDegree=0&ImageQuality=r75g8/r75g8/x150y150g16/i425&Display=hpfr&DefSeekPage=x&SearchBack=ZyActionL&Back=ZyActionS&BackDesc=Results%20page&MaximumPages=1&ZyEntry=1&SeekPage=x&ZyPURL
https://nepis.epa.gov/Exe/ZyNET.exe/10003GWO.TXT?ZyActionD=ZyDocument&Client=EPA&Index=1986+Thru+1990&Docs=&Query=&Time=&EndTime=&SearchMethod=1&TocRestrict=n&Toc=&TocEntry=&QField=&QFieldYear=&QFieldMonth=&QFieldDay=&IntQFieldOp=0&ExtQFieldOp=0&XmlQuery=&File=D%3A%5Czyfiles%5CIndex%20Data%5C86thru90%5CTxt%5C00000003%5C10003GWO.txt&User=ANONYMOUS&Password=anonymous&SortMethod=h%7C-&MaximumDocuments=1&FuzzyDegree=0&ImageQuality=r75g8/r75g8/x150y150g16/i425&Display=hpfr&DefSeekPage=x&SearchBack=ZyActionL&Back=ZyActionS&BackDesc=Results%20page&MaximumPages=1&ZyEntry=1&SeekPage=x&ZyPURL
https://nepis.epa.gov/Exe/ZyNET.exe/10003GWO.TXT?ZyActionD=ZyDocument&Client=EPA&Index=1986+Thru+1990&Docs=&Query=&Time=&EndTime=&SearchMethod=1&TocRestrict=n&Toc=&TocEntry=&QField=&QFieldYear=&QFieldMonth=&QFieldDay=&IntQFieldOp=0&ExtQFieldOp=0&XmlQuery=&File=D%3A%5Czyfiles%5CIndex%20Data%5C86thru90%5CTxt%5C00000003%5C10003GWO.txt&User=ANONYMOUS&Password=anonymous&SortMethod=h%7C-&MaximumDocuments=1&FuzzyDegree=0&ImageQuality=r75g8/r75g8/x150y150g16/i425&Display=hpfr&DefSeekPage=x&SearchBack=ZyActionL&Back=ZyActionS&BackDesc=Results%20page&MaximumPages=1&ZyEntry=1&SeekPage=x&ZyPURL


 

180 
 

USEPA (1991). Maximum contaminant level goals and national primary drinking water regulations 
for lead and copper; final rule.: Environmental Protection Agency. Available at: 
https://www.govinfo.gov/content/pkg/FR-1998-04-22/pdf/98-10713.pdf. 

USEPA (2002). Effects of Water Age on Distirbution System Water Quality. Environmental 
Protection Agency. Available at: https://www.epa.gov/sites/default/files/2015-
09/documents/2007_05_18_disinfection_tcr_whitepaper_tcr_waterdistribution.pdf. 

USEPA (2007). Denitrifying Filters - Wastewater Management Fact Sheet. Environmental 
Protection Agency. Available at: https://www.epa.gov/sites/default/files/2019-
08/documents/denitrifying_filters_fact_sheet_p100il79.pdf. 

USEPA (2010). Guidance for Federal Land Management in the Chesapeake Bay Watershed. USEPA. 
Available at: https://www.epa.gov/sites/default/files/2015-
10/documents/chesbay_guidance-all.pdf. 

USEPA (2013). Water audits and water loss control for public water systems (EPA 816/F/13/002). 
Environmental Protection Agency. Available at: 
https://www.epa.gov/sites/default/files/2015-04/documents/epa816f13002.pdf. 

USEPA (2015). Preventing Eutrophication: Scientific Support for Dual Nutrient Criteria (EPA/ 
820/S/15/001). Environmental Protection Agency. Available at: 
https://www.epa.gov/sites/default/files/documents/nandpfactsheet.pdf. 

USEPA (2016a). Clean Watersheds Needs Survey 2012 - Report to Congress. USEPA. Available at: 
https://www.epa.gov/sites/default/files/2015-
12/documents/cwns_2012_report_to_congress-508-opt.pdf. 

USEPA (2016b). Optimal Corrosion Control Treatment Evaluation Technical Recommendations for 
Primacy Agencies and Public Water Systems (EPA/816/B-16/003). Environmental 
Protection Agency. Available at: https://www.epa.gov/sites/default/files/2019-
07/documents/occtmarch2016updated.pdf. 

USEPA (2017). Outdoor Water Use in the United States. Environmental Protection Agency. 
Available at: 
https://19january2017snapshot.epa.gov/www3/watersense/pubs/outdoor.html. 

USEPA (2019a). National Primary Drinking Water Regulations: Proposed Lead and Copper Rule 
Revisions. 86 FR 71574. Environmental Protection Agency. Available at: 
https://www.govinfo.gov/content/pkg/FR-2021-12-17/pdf/2021-27457.pdf. 

USEPA (2019b). Strategies to Achieve Full Lead Service Line Replacement. USEPA. Available at: 
https://www.epa.gov/sites/default/files/2019-
10/documents/strategies_to_achieve_full_lead_service_line_replacement_10_09_19.pdf. 

USEPA (2020a). Economic Analysis for the Final Lead and Copper Rule Revisions. Environmental 
Protection Agency. Available at: https://www.regulations.gov/document/EPA-HQ-OW-
2017-0300-1769. 

USEPA (2020b). National Rivers and Streams Assessment 2013–2014: A Collaborative Survey (EPA 
841-R-19-001). Available at: https://www.epa.gov/national-aquatic-resource-
surveys/nrsa. 

USEPA (2021a). FACT SHEET: EPA & The Bipartisan Infrastructure Deal. USEPA: USEPA. Available at: 
https://www.epa.gov/newsreleases/fact-sheet-epa-bipartisan-infrastructure-deal 
[Accessed 16th November 2021]. 

USEPA (2021b). National Primary Drinking Water Regulations. Available at: 
https://www.epa.gov/ground-water-and-drinking-water/national-primary-drinking-water-
regulations [Accessed 4th January 2023]. 

https://www.govinfo.gov/content/pkg/FR-1998-04-22/pdf/98-10713.pdf
https://www.epa.gov/sites/default/files/2015-09/documents/2007_05_18_disinfection_tcr_whitepaper_tcr_waterdistribution.pdf
https://www.epa.gov/sites/default/files/2015-09/documents/2007_05_18_disinfection_tcr_whitepaper_tcr_waterdistribution.pdf
https://www.epa.gov/sites/default/files/2019-08/documents/denitrifying_filters_fact_sheet_p100il79.pdf
https://www.epa.gov/sites/default/files/2019-08/documents/denitrifying_filters_fact_sheet_p100il79.pdf
https://www.epa.gov/sites/default/files/2015-10/documents/chesbay_guidance-all.pdf
https://www.epa.gov/sites/default/files/2015-10/documents/chesbay_guidance-all.pdf
https://www.epa.gov/sites/default/files/2015-04/documents/epa816f13002.pdf
https://www.epa.gov/sites/default/files/documents/nandpfactsheet.pdf
https://www.epa.gov/sites/default/files/2015-12/documents/cwns_2012_report_to_congress-508-opt.pdf
https://www.epa.gov/sites/default/files/2015-12/documents/cwns_2012_report_to_congress-508-opt.pdf
https://www.epa.gov/sites/default/files/2019-07/documents/occtmarch2016updated.pdf
https://www.epa.gov/sites/default/files/2019-07/documents/occtmarch2016updated.pdf
https://19january2017snapshot.epa.gov/www3/watersense/pubs/outdoor.html
https://www.govinfo.gov/content/pkg/FR-2021-12-17/pdf/2021-27457.pdf
https://www.epa.gov/sites/default/files/2019-10/documents/strategies_to_achieve_full_lead_service_line_replacement_10_09_19.pdf
https://www.epa.gov/sites/default/files/2019-10/documents/strategies_to_achieve_full_lead_service_line_replacement_10_09_19.pdf
https://www.regulations.gov/document/EPA-HQ-OW-2017-0300-1769
https://www.regulations.gov/document/EPA-HQ-OW-2017-0300-1769
https://www.epa.gov/national-aquatic-resource-surveys/nrsa
https://www.epa.gov/national-aquatic-resource-surveys/nrsa
https://www.epa.gov/newsreleases/fact-sheet-epa-bipartisan-infrastructure-deal
https://www.epa.gov/ground-water-and-drinking-water/national-primary-drinking-water-regulations
https://www.epa.gov/ground-water-and-drinking-water/national-primary-drinking-water-regulations


 

181 
 

USEPA (2021c). Safe Drinking Water Information System (SDWIS) Federal Reporting Services. 
USEPA. Available at: https://www.epa.gov/ground-water-and-drinking-water/safe-
drinking-water-information-system-sdwis-federal-reporting [Accessed 23rd March 2021]. 

USEPA (2021d). STOrage and RETrieval Data Available on the World Wide Web (EPA STORET). 
Available at: https://www.epa.gov/waterdata/storage-and-retrieval-and-water-quality-
exchange [Accessed September 2021]. 

USEPA (2022a). Analyze Trends: EPA/State Drinking Water Dashboard. Environmental Protection 
Agency,. Available at: https://echo.epa.gov/trends/comparative-maps-
dashboards/drinking-water-dashboard [Accessed 24th March 2022]. 

USEPA (2022b). SDWIS Federal Reports Advanced Search. Environmental Protection Agency,. 
Available at: https://sdwis.epa.gov/ords/sfdw_pub/f?p=108:6:::::P6_REPORT:FAC 
[Accessed 25th August 2023]. 

USEPA (2023a). Enformcement and Compliance History Online (ECHO). Water Pollutant Loading 
Tool. . Environmental Protection Agency,. Available at: 
https://echo.epa.gov/trends/loading-tool/get-data/custom-search/ [Accessed April 2023]. 

USEPA (2023b). Facility Level Information on GreenHouse gasses Tool (FLIGHT). Available at: 
https://ghgdata.epa.gov/ghgp/main.do. 

USEPA (2023c). Greenhouse Gas Inventory Data Explorer. USEPA. Available at: 
https://cfpub.epa.gov/ghgdata/inventoryexplorer/ [Accessed 13th September 2023]. 

USEPA (2023d). Learn About the Greenhouse Gas Reporting Program (GHGRP). USEPA,. Available 
at: https://climatechange.chicago.gov/ghgreporting/learn-about-greenhouse-gas-
reporting-program-ghgrp [Accessed October 2023]. 

USEPA (2024). National Pollutant Discharge Elimination System (NPDES). Available at: 
https://www.epa.gov/npdes [Accessed 6th March 2024]. 

USGCRP (2018). Second State of the Carbon Cycle Report (SOCCR2): A Sustained Assessment 
Report https://doi.org/10.7930/SOCCR2.2018. 

USGS (2021). National Water Information System - Web Interface. Available at: 
https://waterdata.usgs.gov/nwis. 

USGS (2022). The Water Cycle. Available at: https://www.usgs.gov/media/images/water-cycle-png 
[Accessed 6th February 2024]. 

Utah State University, C. f. W.-E. L. (2022). How to Irrigate Efficiently. Utah State University,. 
Available at: https://extension.usu.edu/cwel/irrigation-extension [2022]. 

Vaccari, D. A. (2011). Sustainability and the phosphorus cycle: inputs, outputs, material flow, and 
engineering. Environ. Eng, 12, 29-38. https://doi.org/10.1038/SCIENTIFICAMERICAN0609-
54. 

Vachon, D., Sponseller, R. A. & Karlsson, J. (2021). Integrating carbon emission, accumulation and 
transport in inland waters to understand their role in the global carbon cycle. Global 
Change Biology, 27(4), 719-727. 10.1111/gcb.15448. 

van Breemen, N., Boyer, E. W., Goodale, C. L., Jaworski, N. A., Paustian, K., Seitzinger, S. P., Lajtha, 
K., Mayer, B., van Dam, D., Howarth, R. W., Nadelhoffer, K. J., Eve, M. & Billen, G. (2002). 
Where did all the nitrogen go? Fate of nitrogen inputs to large watersheds in the 
northeastern U.S.A. Biogeochemistry, 57(1), 267-293. 10.1023/A:1015775225913. 

Van Grinsven, H. J. M., Holland, M., Jacobsen, B. H., Klimont, Z., Sutton, M. a. & Jaap Willems, W. 
(2013). Costs and Benefits of Nitrogen for Europe and Implications for Mitigation. 
Environmental Science & Technology, 47(8), 3571-3579. 10.1021/es303804g. 

Van Hecke, B. (2020). Lose the Leaks. Nickel Institute Available at: 
https://nickelinstitute.org/blog/2020/january/lose-the-leaks/ [Accessed 30th November 
2021]. 

https://www.epa.gov/ground-water-and-drinking-water/safe-drinking-water-information-system-sdwis-federal-reporting
https://www.epa.gov/ground-water-and-drinking-water/safe-drinking-water-information-system-sdwis-federal-reporting
https://www.epa.gov/waterdata/storage-and-retrieval-and-water-quality-exchange
https://www.epa.gov/waterdata/storage-and-retrieval-and-water-quality-exchange
https://echo.epa.gov/trends/comparative-maps-dashboards/drinking-water-dashboard
https://echo.epa.gov/trends/comparative-maps-dashboards/drinking-water-dashboard
https://sdwis.epa.gov/ords/sfdw_pub/f?p=108:6:::::P6_REPORT:FAC
https://echo.epa.gov/trends/loading-tool/get-data/custom-search/
https://ghgdata.epa.gov/ghgp/main.do
https://cfpub.epa.gov/ghgdata/inventoryexplorer/
https://climatechange.chicago.gov/ghgreporting/learn-about-greenhouse-gas-reporting-program-ghgrp
https://climatechange.chicago.gov/ghgreporting/learn-about-greenhouse-gas-reporting-program-ghgrp
https://www.epa.gov/npdes
https://doi.org/10.7930/SOCCR2.2018
https://waterdata.usgs.gov/nwis
https://www.usgs.gov/media/images/water-cycle-png
https://extension.usu.edu/cwel/irrigation-extension
https://doi.org/10.1038/SCIENTIFICAMERICAN0609-54
https://doi.org/10.1038/SCIENTIFICAMERICAN0609-54
https://nickelinstitute.org/blog/2020/january/lose-the-leaks/


 

182 
 

Van Meter, K. J., Basu, N. B., Veenstra, J. J. & Burras, C. L. (2016). The nitrogen legacy: emerging 
evidence of nitrogen accumulation in anthropogenic landscapes. Environmental Research 
Letters, 11(3), 035014. 10.1088/1748-9326/11/3/035014. 

Van Meter, K. J., McLeod, M. M., Liu, J., Tenkouano, G. T., Hall, R. I., Van Cappellen, P. & Basu, N. B. 
(2021). Beyond the Mass Balance: Watershed Phosphorus Legacies and the Evolution of 
the Current Water Quality Policy Challenge. Water Resources Research, 57(10), 
e2020WR029316. https://doi.org/10.1029/2020WR029316. 

Van Meter, K. J., Van Cappellen, P. & Basu, N. B. (2018). Legacy nitrogen may prevent achievement 
of water quality goals in the Gulf of Mexico. Science, 360(6387), 427-430. 
10.1126/science.aar4462. 

van Puijenbroek, P., Beusen, A. H. W. & Bouwman, A. F. (2019). Global nitrogen and phosphorus in 
urban waste water based on the Shared Socio-economic pathways. J Environ Manage, 
231, 446-456. 10.1016/j.jenvman.2018.10.048. 

Van Vuuren, D. P., Bouwman, A. F. & Beusen, A. H. W. (2010). Phosphorus demand for the 1970–
2100 period: A scenario analysis of resource depletion. Global Environmental Change, 
20(3), 428-439. https://doi.org/10.1016/j.gloenvcha.2010.04.004. 

Veil, J. (2020). US Produced Water Volumes and Management Practices in 2017. Groundwater 
Protection Council. Available at: https://www.gwpc.org/wp-
content/uploads/2020/02/pw_report_2017___final.pdf. 

Viers, J. H., Liptzin, D., Rosenstock, T. S., Jensen, V. B., Hollander, A. D., McNally, A., King, A. M., 
Kourakos, G., Lopez, E. M., De La Mora, N., Fryjoff-Hung, A., Dzurella, K. N., Canada, H. E., 
Laybourne, S., McKenney, C., Darby, J., Quinn, J. F. & Harter, T. (2012). Nitrogen Sources 
and Loading to Groundwater. Technical Report 2 in: Addressing Nitrate in California’s 
Drinking Water with a Focus on Tulare Lake Basin and Salinas Valley Groundwater. Report 
for the State Water Resources Control Board Report to the Legislature. Available at: 
https://ucanr.edu/sites/groundwaternitrate/files/138956.pdf. 

Voisin, N., Hejazi, M. I., Leung, L. R., Liu, L., Huang, M., Li, H.-Y. & Tesfa, T. (2017). Effects of 
spatially distributed sectoral water management on the redistribution of water resources 
in an integrated water model. Water Resources Research, 53(5), 4253-4270. 
10.1002/2016WR019767. 

Wada, Y. & Bierkens, M. F. P. (2014). Sustainability of global water use: past reconstruction and 
future projections. Environmental Research Letters, 9(10), 104003. 10.1088/1748-
9326/9/10/104003. 

Wada, Y., Flörke, M., Hanasaki, N., Eisner, S., Fischer, G., Tramberend, S., Satoh, Y., van Vliet, M. T. 
H., Yillia, P., Ringler, C., Burek, P. & Wiberg, D. (2016). Modeling global water use for the 
21st century: the Water Futures and Solutions (WFaS) initiative and its approaches. 
Geoscientific Model Development, 9(1), 175-222. 10.5194/gmd-9-175-2016. 

Wakida, F. & Lerner, D. (2005). Non-Agricultural Sources of Groundwater Nitrate: A Review and 
Case Study. Water research, 39, 3-16. 10.1016/j.watres.2004.07.026. 

Wallace, V. & Siegel-Miles, A. (2017). Water Conservation in Connecticut Landscapes. University of 
Conneticut College of Agriculture Health and Natural Resources. Available at: 
https://www.greenwichct.gov/DocumentCenter/View/893/UCONN-Water-Conservation-
in-Connecticut-Landscapes-PDF. 

Wang, X., Chen, Y., Yuan, Q., Xing, X., Hu, B., Gan, J., Zheng, Y. & Liu, Y. (2022). Effect of river 
damming on nutrient transport and transformation and its countermeasures. Frontiers in 
Marine Science, 9. 10.3389/fmars.2022.1078216. 

https://doi.org/10.1029/2020WR029316
https://doi.org/10.1016/j.gloenvcha.2010.04.004
https://www.gwpc.org/wp-content/uploads/2020/02/pw_report_2017___final.pdf
https://www.gwpc.org/wp-content/uploads/2020/02/pw_report_2017___final.pdf
https://ucanr.edu/sites/groundwaternitrate/files/138956.pdf
https://www.greenwichct.gov/DocumentCenter/View/893/UCONN-Water-Conservation-in-Connecticut-Landscapes-PDF
https://www.greenwichct.gov/DocumentCenter/View/893/UCONN-Water-Conservation-in-Connecticut-Landscapes-PDF


 

183 
 

Wang, Y., Ying, H., Yin, Y., Zheng, H. & Cui, Z. (2019). Estimating soil nitrate leaching of nitrogen 
fertilizer from global meta-analysis. Science of The Total Environment, 657, 96-102. 
https://doi.org/10.1016/j.scitotenv.2018.12.029. 

Ward, M. H., Jones, R. R., Brender, J. D., de Kok, T. M., Weyer, P. J., Nolan, B. T., Villanueva, C. M. & 
van Breda, S. G. (2018). Drinking Water Nitrate and Human Health: An Updated Review. 
Int J Environ Res Public Health, 15(7). 10.3390/ijerph15071557. 

Ward, N. D., Bianchi, T. S., Medeiros, P. M., Seidel, M., Richey, J. E., Keil, R. G. & Sawakuchi, H. O. 
(2017). Where Carbon Goes When Water Flows: Carbon Cycling across the Aquatic 
Continuum. Frontiers in Marine Science, 4. 10.3389/fmars.2017.00007. 

Warziniack, T., Arabi, M., Brown, T. C., Froemke, P., Ghosh, R., Rasmussen, S. & Swartzentruber, R. 
(2022). Projections of Freshwater Use in the United States Under Climate Change. Earth's 
Future, 10(2), e2021EF002222. 10.1029/2021EF002222. 

Waskom, R. & Neibauer, M. (2014). Water Conservation In and Around the Home. Colorado State 
University Extension. Available at: 
https://extension.colostate.edu/docs/pubs/consumer/09952.pdf. 

Water Research Foundation (2017). Optimization of Phosphorus-Based Corrosion Control 
Chemicals Using a Comprehensive Perspective of Water Quality. Water Research 
Foundation. Available at: https://www.waterrf.org/resource/optimization-phosphorus-
based-corrosion-control-chemicals-using-comprehensive-perspective. 

Water UK (2016). Water resources long term planning framework (2015-2065). 
Watson, S. B., Miller, C., Arhonditsis, G., Boyer, G. L., Carmichael, W., Charlton, M. N., Confesor, R., 

Depew, D. C., Höök, T. O., Ludsin, S. A., Matisoff, G., McElmurry, S. P., Murray, M. W., 
Peter Richards, R., Rao, Y. R., Steffen, M. M. & Wilhelm, S. W. (2016). The re-
eutrophication of Lake Erie: Harmful algal blooms and hypoxia. Harmful Algae, 56, 44-66. 
https://doi.org/10.1016/j.hal.2016.04.010. 

Weigelhofer, G., Hein, T. & Bondar-Kunze, E. (2018). Phosphorus and Nitrogen Dynamics in 
Riverine Systems: Human Impacts and Management Options. In: Schmutz, S. & Sendzimir, 
J. (eds.) Riverine Ecosystem Management: Science for Governing Towards a Sustainable 
Future. Springer International Publishing. Available at: https://doi.org/10.1007/978-3-319-
73250-3_10. 

Whitehead, P. G. & Crossman, J. (2012). Macronutrient cycles and climate change: key science 
areas and an international perspective. Sci Total Environ, 434, 13-7. 
10.1016/j.scitotenv.2011.08.046. 

Wiener, M. J., Moreno, S., Jafvert, C. T. & Nies, L. F. (2020). Time series analysis of water use and 
indirect reuse within a HUC-4 basin (Wabash) over a nine year period. Science of The Total 
Environment, 738, 140221. https://doi.org/10.1016/j.scitotenv.2020.140221. 

Winiwarter, W., Amon, B., Bai, Z., Greinert, A., Kaltenegger, K., Ma, L., Myszograj, S., 
Schneidergruber, M., Suchowski-Kisielewicz, M., Wolf, L., Zhang, L. & Zhou, F. (2020). 
Urban nitrogen budgets: flows and stock changes of potentially polluting nitrogen 
compounds in cities and their surroundings – a review. Journal of Integrative 
Environmental Sciences, 17(1), 57-71. 10.1080/1943815X.2020.1841241. 

Winter, T., Harvey, J., Franke, O. & Alley, W. (1998). Ground water and surface water a single 
resource: U. U.S. Geol. Surv. Circ., 1139. 

Wisser, D., Fekete, B. M., Vörösmarty, C. J. & Schumann, A. H. (2010). Reconstructing 20th century 
global hydrography: a contribution to the Global Terrestrial Network- Hydrology (GTN-H). 
Hydrol. Earth Syst. Sci., 14(1), 1-24. 10.5194/hess-14-1-2010. 

https://doi.org/10.1016/j.scitotenv.2018.12.029
https://extension.colostate.edu/docs/pubs/consumer/09952.pdf
https://www.waterrf.org/resource/optimization-phosphorus-based-corrosion-control-chemicals-using-comprehensive-perspective
https://www.waterrf.org/resource/optimization-phosphorus-based-corrosion-control-chemicals-using-comprehensive-perspective
https://doi.org/10.1016/j.hal.2016.04.010
https://doi.org/10.1007/978-3-319-73250-3_10
https://doi.org/10.1007/978-3-319-73250-3_10
https://doi.org/10.1016/j.scitotenv.2020.140221


 

184 
 

Wood, W. W. & Hyndman, D. W. (2017). Groundwater Depletion: A Significant Unreported Source 
of Atmospheric Carbon Dioxide. Earth's Future, 5(11), 1133-1135. 
doi:10.1002/2017EF000586. 

World Health Organization (1999). Toxic Cyanobacteria in Water - A guide to their public health 
consequences, monitoring and management. Available at: 
https://www.who.int/publications/m/item/toxic-cyanobacteria-in-water-a-guide-to-their-
public-health-consequences-monitoring-and-management. 

World Health Organization (2005). Nutrients in drinking water. World Health Organization. 
Available at: https://apps.who.int/iris/handle/10665/43403. 

Worrall, F., Davies, H., Burt, T., Howden, N. J., Whelan, M. J., Bhogal, A. & Lilly, A. (2012). The flux 
of dissolved nitrogen from the UK--evaluating the role of soils and land use. Sci Total 
Environ, 434, 90-100. 10.1016/j.scitotenv.2012.01.035. 

WQP (2023). Water Quality Portal. Available at: https://www.waterqualitydata.us/ [Accessed 5th 
April 2023]. 

Wu, W. & Ma, B. (2015). Integrated nutrient management (INM) for sustaining crop productivity 
and reducing environmental impact: A review. Science of The Total Environment, 512-513, 
415-427. https://doi.org/10.1016/j.scitotenv.2014.12.101. 

WWAP (2018). The United Nations World Water Development Report 2018: Nature-Based 
Solutions for Water. UNESCO. Available at: 
https://www.unesco.org/en/wwap/wwdr/2018#:~:text=The%20WWDR%202018%2C%20t
itled%20'Nature,all%20aspects%20of%20sustainable%20development. 

Wyatt, A. & Liemberger, R. (2019). Quantifying the global non-revenue water problem. Water 
Supply, 19(3), 831-837. 10.2166/ws.2018.129. 

Xie, H. & Ringler, C. (2017). Agricultural nutrient loadings to the freshwater environment: the role 
of climate change and socioeconomic change. Environmental Research Letters, 12(10), 
104008. 10.1088/1748-9326/aa8148. 

Xu, Q., Liu, R., Chen, Q. & Li, R. (2014). Review on water leakage control in distribution networks 
and the associated environmental benefits. Journal of Environmental Sciences, 26(5), 955-
961. 10.1016/s1001-0742(13)60569-0. 

Yang, H., Piao, S., Huntingford, C., Ciais, P., Li, Y., Wang, T., Peng, S., Yang, Y., Yang, D. & Chang, J. 
(2018a). Changing the retention properties of catchments and their influence on runoff 
under climate change. Environmental Research Letters, 13(9), 094019. 10.1088/1748-
9326/aadd32. 

Yang, X., Xue, L., Li, Y., Han, P., Liu, X., Zhang, L. & Cai, W.-J. (2018b). Treated Wastewater Changes 
the Export of Dissolved Inorganic Carbon and Its Isotopic Composition and Leads to 
Acidification in Coastal Oceans. Environmental Science & Technology, 52(10), 5590-5599. 
10.1021/acs.est.8b00273. 

Yates, E. B., Hamlin, S. N. & McCann, L. H. (1990). Geohydrology, water quality, and water budgets 
of Golden Gate Park and the Lake Merced area in the western part of San Francisco, 
California. U.S. Geological Survey Books. 10.3133/wri904080. 

You, Y., Xie, Z., Jia, B., Wang, Y., Wang, L., Li, R., Yan, H., Tian, Y. & Chen, S. (2023). Impacts of 
anthropogenic water regulation on global riverine dissolved organic carbon transport. 
Earth Syst. Dynam., 14(5), 897-914. 10.5194/esd-14-897-2023. 

Young, M. B., McLaughlin, K., Kendall, C., Stringfellow, W., Rollog, M., Elsbury, K., Donald, E. & 
Paytan, A. (2009). Characterizing the Oxygen Isotopic Composition of Phosphate Sources 
to Aquatic Ecosystems. Environmental Science & Technology, 43(14), 5190-5196. 
10.1021/es900337q. 

https://www.who.int/publications/m/item/toxic-cyanobacteria-in-water-a-guide-to-their-public-health-consequences-monitoring-and-management
https://www.who.int/publications/m/item/toxic-cyanobacteria-in-water-a-guide-to-their-public-health-consequences-monitoring-and-management
https://apps.who.int/iris/handle/10665/43403
https://www.waterqualitydata.us/
https://doi.org/10.1016/j.scitotenv.2014.12.101
https://www.unesco.org/en/wwap/wwdr/2018#:~:text=The%20WWDR%202018%2C%20titled%20'Nature,all%20aspects%20of%20sustainable%20development
https://www.unesco.org/en/wwap/wwdr/2018#:~:text=The%20WWDR%202018%2C%20titled%20'Nature,all%20aspects%20of%20sustainable%20development


 

185 
 

Young, R. & Brozovik, N. (2019). Agricultural Water Transfers in the Western United States. 
Daugherty Water for Food Global Institute and Mammoth Trading. Available at: 
https://waterforfood.nebraska.edu/-/media/projects/dwfi/resource-documents/reports-
and-working-papers/agricultural-water-transfers-in-the-western-united-states.pdf. 

Yuan, Z., Jiang, S., Sheng, H., Liu, X., Hua, H., Liu, X. & Zhang, Y. (2018). Human Perturbation of the 
Global Phosphorus Cycle: Changes and Consequences. Environmental Science & 
Technology, 52(5), 2438-2450. 10.1021/acs.est.7b03910. 

Zeng, Q., Qin, L. & Li, X. (2015). The potential impact of an inter-basin water transfer project on 
nutrients (nitrogen and phosphorous) and chlorophyll a of the receiving water system. Sci 
Total Environ, 536, 675-686. 10.1016/j.scitotenv.2015.07.042. 

Zhang, H., Lauerwald, R., Ciais, P., Van Oost, K., Guenet, B. & Regnier, P. (2022). Global changes 
alter the amount and composition of land carbon deliveries to European rivers and seas. 
Communications Earth & Environment, 3(1), 245. 10.1038/s43247-022-00575-7. 

Zhang, S. & Planavsky, N. J. (2019). Revisiting groundwater carbon fluxes to the ocean with 
implications for the carbon cycle. Geology, 48(1), 67-71. 10.1130/G46408.1. 

Zhang, X., Davidson, E. A., Zou, T., Lassaletta, L., Quan, Z., Li, T. & Zhang, W. (2020). Quantifying 
Nutrient Budgets for Sustainable Nutrient Management. Global Biogeochemical Cycles, 
34(3), e2018GB006060. https://doi.org/10.1029/2018GB006060. 

Zhou, M. & Butterbach-Bahl, K. (2014). Assessment of nitrate leaching loss on a yield-scaled basis 
from maize and wheat cropping systems. Plant and Soil, 374(1), 977-991. 10.1007/s11104-
013-1876-9. 

Zhou, Z. (2015). A Global Assessment of Nitrate Contamination in Groundwater, Internship report. 
International Groundwater Resources Assessment Centre. Available at: https://www.un-
igrac.org/sites/default/files/resources/files/A%20Global%20Assessment%20of%20Nitrate
%20Contamination%20in%20Groundwater.pdf. 

Zhu, B., Huang, M., Cheng, Y., Xie, X., Liu, Y., Zhang, X., Bisht, G., Chen, X., Missik, J. & Liu, H. 
(2020). Effects of Irrigation on Water, Carbon, and Nitrogen Budgets in a Semiarid 
Watershed in the Pacific Northwest: A Modeling Study. Journal of Advances in Modeling 
Earth Systems, 12(9), e2019MS001953. https://doi.org/10.1029/2019MS001953. 

Zhuang, W. (2016). Eco-environmental impact of inter-basin water transfer projects: a review. 
Environmental Science and Pollution Research, 23(13), 12867-12879. 10.1007/s11356-016-
6854-3. 

Zia, A., Schroth, A. W., Hecht, J. S., Isles, P., Clemins, P. J., Turnbull, S., Bitterman, P., Tsai, Y., 
Mohammed, I. N., Bucini, G., Doran, E. M. B., Koliba, C., Bomblies, A., Beckage, B., Winter, 
J., Adair, E. C., Rizzo, D. M., Gibson, W. & Pinder, G. (2022). Climate Change-Legacy 
Phosphorus Synergy Hinders Lake Response to Aggressive Water Policy Targets. Earth's 
Future, 10(5), e2021EF002234. https://doi.org/10.1029/2021EF002234. 

Zib, L., Byrne, D. M., Marston, L. T. & Chini, C. M. (2021). Operational carbon footprint of the U.S. 
water and wastewater sector’s energy consumption. Journal of Cleaner Production, 321, 
128815. 10.1016/j.jclepro.2021.128815. 

 

https://waterforfood.nebraska.edu/-/media/projects/dwfi/resource-documents/reports-and-working-papers/agricultural-water-transfers-in-the-western-united-states.pdf
https://waterforfood.nebraska.edu/-/media/projects/dwfi/resource-documents/reports-and-working-papers/agricultural-water-transfers-in-the-western-united-states.pdf
https://doi.org/10.1029/2018GB006060
https://www.un-igrac.org/sites/default/files/resources/files/A%20Global%20Assessment%20of%20Nitrate%20Contamination%20in%20Groundwater.pdf
https://www.un-igrac.org/sites/default/files/resources/files/A%20Global%20Assessment%20of%20Nitrate%20Contamination%20in%20Groundwater.pdf
https://www.un-igrac.org/sites/default/files/resources/files/A%20Global%20Assessment%20of%20Nitrate%20Contamination%20in%20Groundwater.pdf
https://doi.org/10.1029/2019MS001953
https://doi.org/10.1029/2021EF002234

